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Abstract
• This paper seeks to determine whether N-deposition has a negative impact on the species 

richness of calcareous grasslands at a European wide scale.
• 100 calcareous grasslands across the Atlantic region of Europe were sampled in one season. 

Species composition and richness of vegetation communities were compared to some 
key environmental drivers (climate and N deposition) indirectly estimated via surrogates 
(latitude, longitude, N concentration in bryophyte tissue).

• There are marked differences in species composition across the calcareous grasslands of 
the Atlantic biogeographic zone within Europe. Contrasts in mean species richness between 
regions are also detectable at a European wide scale. These natural gradients may mask any 
footprint of N deposition on vegetation at a European-wide scale.

• For grasslands located along the western range of distribution, there are indications of 
a decline in species richness as N concentration in moss increases. This suggests that N 
deposition may be reducing biodiversity in calcareous grasslands at a wide scale, but that 
this impact can only be detected at the regional, rather than cross-European, level.

• Further research is needed to investigate the impact of N deposition on calcareous grasslands, 
particularly through the direct assessment of potential drivers as well as the characterisation 
of variations in species pools at the European scale.

5.6.1  Introduction
The increase of atmospheric deposition of nitrogen (N) in recent decades, due to fertilizer application 
and fuel consumption, represent nowadays a major threat for biodiversity in ecosystems (Langan 
1999, Phoenix et al., 2006). In Europe, where this trend has been particularly documented, the 
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effects of N deposition have been studied through empirical or experimental approaches (Bobbink 
1998, Stevens et al., 2004). Among several effects, N deposition affects nutrient availability, which 
is a major driver of plant community composition and species richness (Tilman and Pacala, 1993). 
As a consequence, the impact of N deposition is of major concern for those species-rich ecosystems 
which are strictly associated with nutrient-poor soils such as Natura 2000 grasslands and heathlands. 
Recent comparative studies, based on either spatial gradients or on time series analyses, have shown 
clear evidences of an impact of N deposition on acidic grasslands, leading to a decrease of plant 
species richness and a loss of species associated with less fertile conditions (Dupré et al., 2009, 
Stevens et al., 2004). Such evidence is also found, at local or national level, for other species-rich 
habitats such as calcareous grasslands or heathlands (Maskell et al., 2009), or from experimental 
results (Bobbink, 1991, Willems and van Nieuwstadt, 1996). Whether such results are generally 
applicable is of particular importance because calcareous grasslands are of major interest for the 
conservation of biodiversity in Europe as they support communities of exceptional diversity and 
many rare and endangered species of plants, insects and birds (WalliesDeVries et al., 2002).

The lack of knowledge at a broader scale has motivated the BEGIN project (Biodiversity of European 
Grasslands – the Impact of Atmospheric Nitrogen Deposition) which seeks to determine whether 
N-deposition is impacting the species richness of grasslands on a European wide scale . Different 
approaches have been used to assess the loss of biodiversity associated with N deposition in acidic 
grasslands: historical analysis (Dupré et al., 2009), experimental and comparative surveys (Stevens 
et al., 2004, 2010). Another objective of BEGIN was to investigate whether a similar decrease in 
biodiversity is occurring in a contrasting grassland system. The most important grassland type 
across Europe in terms of biodiversity are the calcareous grasslands of the Mesobromion alliance 
(Koch, 1926). Compared to acid grasslands, these habitats have a much greater species richness 
and larger number of rare species, and are also presumed to be sensitive to N deposition through 
increasing nutrient availability. We thus hypothesised that N deposition may be significantly 
impacting these grasslands.

5.6.2  Aims and objectives

• We aim to determine whether any significant variability in plant species richness in 
calcareous grasslands across Western Europe could be detected and related to any regional-
scale evaluation of N atmospheric deposition.

• In 2008, we surveyed 100 calcareous grasslands belonging to the Mesobromion alliance on 
a transect across the Atlantic biogeographic zone of Europe. Site selection was performed 
through a composition criterion (required presence of five species among a predefined list 
of target species) and a management criterion, in order to avoid abandoned grasslands. For 
each site, five 1 m × 1 m replicates were recorded. In each square meter, the cover of all 
occurring plant species (vascular plants and bryophytes) was visually estimated. Each site 
is therefore characterised by a list of species with average abundance (calculated from the 
five quadrats) and an average richness per plot (n=5 replicates).

• In this preliminary study, we only used environmental surrogates to account for the major 
environmental drivers we identified. A major predictor of large scale species richness 
is latitude (Hillebrand, 2004). We used latitude and longitude as aggregate variables 
integrating distinct climate factors i.e. mainly temperature (North-South) and precipitation 
(West-East) gradients. Total nitrogen concentration in bryophytes was used as a surrogate 
to estimate total N deposition at a high resolution (Harmens et al., 2008). Because species-
specific differences are expected, we considered only the sites where the same moss species 
(i.e. Ctenidium molluscum) was collected and analysed. This accounted for about half of the 
sampled sites (51 sites for the 100 sites of this study).
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• We performed a correspondence analysis (CA) and a hierarchical clustering of the [100 
sites x 161 species] data table in order to provide an ordination and classification of plant 
communities. The table was obtained after removal of species occurring in less than 
5 per cent of the records in the initial table [100 sites x 225 spp]. Similar analysis was 
performed on the sub-set of 51 sites where some environmental surrogates were available. 
Simple regressions were performed, after data normality was tested (Shapiro-Wilk test), 
to assess correlations between environmental surrogates and species richness (i.e. mean 
species number for the five replicates) and species composition (floristic gradients from the 
CA). All analyses were performed with R free software (2007).

5.6.3  Results and discussion
The Correspondence Analysis shows that gradients in species composition are well correlated to the 
geographical distribution of the sites (Figure5.8a,b). Latitude and longitude are highly significantly 
correlated with respectively axis one (n=100, r²=0.52, p<0.001), and axis two (r²=0.63, p<0.001) of 
the CA. A hierarchical clustering (Ward method) performed on the output of this CA (Figure 5.8c) 

gives a very similar result to clusters defined on a national basis. Three main types of plant 
communities can be defined (Table 5.3), related to sites from France (FR), United Kingdom and 
Eire (UK+IRL), and Germany (GER). Sites from north central Europe (Belgium, Netherlands, 
Denmark) are distributed within these three clusters, while Norway sites form a specific sub-cluster. 

Looking for pattern of variation of community species richness along these floristic/geographic 
gradients of the CA, we found no evidence of a correlation with species richness for any of the 
CA axes. However, when considering the different clusters from the CA, species richness appear 
significantly different between some regions (Figure 5.9 - one way ANOVA; F= 3.01, df=99, 
p<0.05). As we avoided abandoned sites, these differences could not be due to management 
contrasts but rather to differences in species pool size, depending on regional specificity (soil, 
climate, history).

We analysed the sub-set of 51 sites to test whether species composition gradients and species 
richness variations could be correlated to N deposition, estimated via the N surrogate (N per cent 
in the moss C. molluscum). The 51 sites were distributed in the three main clusters-regions: 27/27 
sites of the South-West (SW) of Europe (CL2), 13/36 sites of the North-West (NW) of Europe 
(CL3) and 11/32 sites of the Est (E) of Europe (CL1). These sites were also regularly distributed 
along CA axes. We then performed a new Correspondence Analysis (CA2) on these 51 sites, to 
built floristic gradients on this specific data set. Patterns were similar to the first CA, the CA2 axes 
being even more correlated to latitude and longitude (n=51, r²=0.56, p<0.001 for axis 1; r²=0.82, 
p<0.001 for axis 2). N per cent in bryophyte tissue was correlated only with the axis three of this 
second correspondence analysis (r²=0.10, p<0.05), suggesting at least that N deposition could be 
correlated to gradient of species composition in this data sub-set. We did not find any correlation 

Table 5.3:

Cluster Region Countries Some differential species

CL1 E GER, (B), (NL) Silene vulgaris, Inula conyza, Poa angustifolia

(CL1bis) E Norway Viola canina, Deschampsia flexuosa, Alchemilla 
filicaulis

CL2 SW FR, (B) Teucrium montanum, Gaudinia fragilis, Seseli 
montanum, Thesium humifusum

CL3 NW UK, IRL, DK, (B), (NL) Carex humilis, Festuca arundinacea, Ranunculus repens



157

5 new science on the effects of nitrogen deposition 

Figure5.8: Correspondence analysis of the [100 relevés x 161 species] data table for the analysis 
of composition gradients in calcareous grasslands. a) Eigenvalues; b) F1×F2 plane showing 
distributions of relevés in the national surveys, c) F1×F2 plane with clusters performed from 
hierarchical clustering (Ward method) on relevés coordinates.

Fig.5.9: Box plots showing species richness (mean SR.m-²; n=5 replicates) variations in the 
four clusters from the CA. see text for details. Boxes sharing the same letter are not statistically 
different (P < 0.05, Tukey’s HSD comparing all clusters).
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between N surrogate and species richness of plant communities at a broad scale (Figure5.10a; 
n=51, p=0.18). However, when we performed regressions at the regional level (Figure 5.10 b,c,d), 
correlation was significant for SW region (Cluster 2, n=27, r²=0.20, p<0.05), while no trend was 
detected for other 

clusters. When significant, correlation shows a decline of species richness at the highest levels of N 
concentration (deposition). The processes responsible for this decline may be found in the effects 
of N enrichment, resulting in changes in vegetation structure and species interactions to the benefit 
of competitive tall grasses (Bobbink, 1991, Liancourt et al., 2005).

From our data, composition gradients in calcareous grasslands are marked at the European scale, 
even though we removed the less frequent species in the data set (i.e. with occurrence less than 
5 per cent) which should attenuate contrasts between countries. This species turn-over is shown in 
phytosociological works (Royer 1985, Willems, 1982). Our survey confirms that climate gradients 
are likely to be the most important drivers of species turn-over in calcareous grasslands in Europe, 
as climate variables such as temperature and rainfall are known to be correlated with latitute and 
longitude (Ozenda 1994, Duckwoth et al., 2000). Similarly, our data suggest that regions in Europe 
could be characterised by species pools of different sizes. However, this has to be confirmed with 
species pool studies (e.g. Dupré, 2000), based on more complete phytosociological datasets. 

Because of the strong climate-driven variation in species composition and richness, it is difficult 
to detect a separate signal of N deposition as a potential driver of calcareous grassland diversity 
on a cross-Europe scale. The use of N concentration in moss as a surrogate for N deposition can 
also introduce some potential artefacts. Besides differing among different species, this relationship 
might also depend on other factors such as N speciation, the ratio of wet/dry deposition in N 
deposition, and local climate (Harmens et al., 2008). Despite these limitations, there are some 
indications of an N-deposition signal on species composition at a European wide scale and on 
species richness for calcareous grasslands located at the western range of their distribution.

Fig.5.10: Regression plots between nitrogen concentration in the moss Ctenidium molluscum 
(N per cent dry weight) and species richness (mean SR.m-²; n=5 replicates) in calcareous 
grasslands according to different geographic ranges: a) subset covering the whole geographic 
range i.e. Atlantic Europe; n=51; b) subset from NW Atlantic Europe i.e. Cluster 3; c) subset from 



159

5 new science on the effects of nitrogen deposition 

5.6.4  Conclusions
• There are strong gradients of species composition in calcareous grasslands in western Europe. 

Contrasts in mean species richness between regions are also detectable at a European-wide 
scale. These gradients and contrasts appear to be driven primarily by climate. 

• Because of these strong environmental responses, it is difficult to detect a clear influence of 
N deposition on species richness and composition at the European scale.

• However, when filtering the data at the regional to national scale, there are indications of an 
N-deposition signal on species richness for grasslands sampled in western regions (Atlantic 
coast). If real, regressions suggest a fairly strong decline in diversity with increasing N 
deposition for these sites

• These intimations of a N impact on calcareous grassland diversity strongly point to a need 
for targeted research, particularly through the direct assessment of potential drivers as well 
as the characterisation of natural variations in species pools at the European scale.

• The above have strong implications for conservation and pollution mitigation actions for 
management of calcareous grasslands (Calciura and Spinelli, 2008). 

References
Bobbink, R. (1991) Effects of nutrient enrichment in Dutch chalk grassland. Journal of Applied 

Ecology, 28, 28-41.
Bobbink, R., Hornung, M. and Roelofs, J.G.M. (1998) The effects of air-borne pollutants on 

species diversity in natural and semi-natural European vegetation. Journal of Ecology, 86, 
717-738.

Calaciura, B. and Spinelli, O. (2008) Management of Natura 2000 habitats. 6210 Semi-natural 
dry grasslands and scrubland facies on calcareous substrates (Festuco-Brometalia). Report 
European Commission. 

Duckworth, J. C., Bunce, R.G.H. and Malloch, A.J.C. (2000) Vegetation-environment 
relationships in Atlantic European calcareous grasslands. Journal of Vegetation Science, 
11,15-22.

Duprè, C. (2000) How to determine a regional species pool : a study in two Swedish regions. 
Oikos, 89, 128-136.

Dupre, C., Stevens, C., Ranke, T., Bleeker, A., Peppler-Lisbach, C., Gowing, D., Dise, N., 
Dorland, E., Bobbink, R. and Diekmann, M. (2009) Changes in species richness and 
composition in European acidic grasslands over the past 70 years: the contribution of 
cumulative atmospheric nitrogen deposition. Global Change Biology, 16, 344-357.

Harmens, H., Norris, D., Cooper, D., Hall, J. and the participants of the moss survey (2008) 
Spatial trends in nitrogen concentrations in mosses across Europe in 2005/2006. Programme 
Coordination Centre for the ICP Vegetation, Centre for Ecology and Hydrology, Bangor, 
United Kingdom (available at: http://icpvegetation.ceh.ac.uk/publications/documents/
FinalNreport2005-6surveyamendmentSwitzerland.pdf).

Langan, S.J. (1999) The impact of nitrogen deposition on natural and semi-natural ecosystems. 
Kluwer Academic Publishers, Netherlands.

Liancourt, P., Corcket, E. and Michalet, R. (2005) Stress tolerance abilities and competitive 
responses in a watering and fertilization field experiment. Journal of Vegetation Science, 16, 
713-722.

Maskell, L.C., Smart, S.M., Bullock, J.M., Thompson, K. and Stevens, C.J. (2010) Nitrogen 
Deposition causes widespread species loss in British Habitats. Global Change Biology, 16, 
671-679.

Ozenda, P. (1994) Végétation du continent européen. Delachaux et Niestlé, Lausanne, 
Switzerland.

Phoenix, G.K., Hicks, W.K., Cinderby, S., Kuylenstierna, J.C.I., Stock, W.D., Deneter, F.J., 
Giller, K.E., Austin, A.T., Lefroy, R.B., Gimeno, B.S., Ashmore, M.R. and Ineson, P. (2006) 



160

nitrogen deposition and natura 2000

Atmospheric nitrogen deposition in world biodiversity hotspots: the need for a greater global 
perspective in assessing N deposition impacts. Global Change Biology, 12, 470–476.

R Development Core Team (2007) R: A language and environment for statistical computing. R 
Foundation for Statistical Computing, Vienna, Austria. ISBN 3-900051-07-0 (available at: 
http://www.R-project.org).

Royer, J. M. (1985) Liens entre chorologie et différenciation de quelques associations du 
Mesobromion erecti d’Europe occidentale et centrale. Vegetatio, 59, 85-96.

Stevens, C.J., Dise, N.B., Mountford, J.O. and Gowing, D.J. (2004) Impact of Nitrogen 
Deposition on the Species Richness of Grasslands. Science, 303, 1876-1879.

Stevens, C.J., Duprè, C., Dorland, E., Gaudnik, C., Gowing, D. J.G., Bleeker, A., Diekmann, M., 
Alard, D., Bobbink, R., Fowler, D., Corcket, E., Mountford, J.O., Vandvik, V., Aarrestad, 
P.A., Muller, S. and Dise, N.B. (2010) Nitrogen deposition threatens species richness of 
grasslands across Europe. Environmental Pollution, 158, 2940-2945. 

Tilman, D. and Pacala S. (1993) The maintenance of species richness in plant communities. In: 
Species diversity in ecological communities (eds. Ricklefs, R. E. and Schluter, D.). Chicago 
University Press, Chicago, USA.

WallisDeVries, M.F., Poschlod P. and Willems, J.H. (2002) Challenges for the conservation of 
calcareous grasslands in northwestern Europe: integrating the requirement of flora and fauna. 
Biological Conservation, 104, 265-273.

Willems, J. H. (1982) Phytosociological and geographical survey of Mesobromion communities 
in Western Europe. Vegetatio, 48, 227-240.

Willems, J.H. and Van Nieuwstadt M.G.L. (1996) Long-term after effects of fertilization on 
above-ground phytomass and species diversity in calcareous grassland. Journal of Vegetation 
Science, 7, 177-184.

Acknowledgements
This project was funded by the European Science Foundation through the EuroDIVERSITY-
programme (www.esf.org). National funds were provided by DfG (Germany), NERC (United 
Kingdom), NWO (Netherlands) and INRA, ADEME and Aquitaine Region (France). We are 
grateful to everyone who assisted with field and laboratory work, and conservation agencies and 
land owners who gave permission for sampling.

5.7 Nitrogen critical load and butterflies

A. Feest
Water and Environmental Management Research Centre, University of Bristol, Queen’s Building 
Bristol, BS8 1TR

Abstract
The biodiversity effect of nitrogen deposition is now well recorded and explored for vegetation but 
the effect on invertebrates representing most of biodiversity (by number of species) is unknown.

Biodiversity is defined and used as the product of a number of qualitative indices of a group of 
organisms (in this case butterflies).

Meta data analysis of seventeen years of survey data of butterflies in a wide range of habitats in the 
Netherlands is analysed along with nitrogen critical load exceedence (CLE) data calculated for the 
same survey sites. 
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Can contrast between forest and adjacent open habitat explain the edge effects on plant
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Abstract: Forest edges are key features in human-dominated landscape. Located between forest and non-forest habitats,
edges induce biotic and abiotic changes, which may have profound consequences on vegetation diversity. Recent studies
suggest the importance of different edge types in the modulation of edge-related responses. However, edge effect on the
spatial dynamic of vegetation, from forest to non-forest habitats, remains unclear. Our aim was to compare the species
richness and diversity of vegetation communities between forest and open habitats with their respective edges, in high-
contrast versus low-contrast situations. The degree of contrast was defined according to the disturbance regimen of non-
forest habitats. We surveyed vascular vegetation along transects in forest and open habitats and in their respective edges,
in three regions of France. We showed that edge effects occur on plant diversity, whatever the region, but asymmetri-
cally. Edge effect tends to be greater on the open side than on the forest side of the border. Species richness and diver-
sity were generally higher in open edge than in open habitat, whereas no significant difference was observed between
forest edge and forest habitat, whatever the contrast situation encountered. This study shows that the edge effects
detected along a forest–edge–exterior habitat gradient may depend in large part on the disturbance regimen in open habi-
tats as well as the vegetation pool size. We highlighted the need to carefully consider the edge types, e.g. their contrast
with adjoining non-forest habitat, in further studies to identify the relevant factors and mechanisms behind edge-related
response patterns of biodiversity in human-dominated landscapes.

Keywords: forest edge; open edge; vegetation; Shannon diversity; richness; disturbance

Introduction

Human-driven changes in land-use patterns have increased
the need to understand how landscape structure and
configuration affect species distribution (Collinge 2009).
Mosaic landscape results from diverse and opposite
dynamics: agricultural intensification, resource extraction
and timber harvesting creating open habitats (Harper et al.
2005), abandonment of grazing or management, tree
plantations leading to the increase in forest habitats. In
such landscapes, interfaces between open habitats and
forests, also called forest edges, became one of the
dominant features. Forest edges may induce gradual
changes from the border in abiotic and biotic conditions,
i.e. “edge effects”, through the modification of organisms,
matter and energy flows (Cadenasso et al. 2003).

Hence, forest edges have a major ecological role,
notably for biodiversity and associated ecological fea-
tures. They can act not only as biodiversity hotspots,
amalgamating species from both forest and open habitats
(Matlack and Litvaitis 1999; Duelli, Obrist, and
Fluckiger 2002), but also as corridors for species circu-
lating in the landscape. Conversely, forest edges may
represent ecological traps for species that select them as
reproduction sites despite the high mortality risk (e.g.

Ries and Fagan 2003). Hence, the response pattern of
species to the forest edge can be positive, negative or
neutral (Ries and Sisk 2004).

The composition and structure of forest edges seem to
be of high relevance for biodiversity aspects because dis-
tribution of species and plant communities is largely
shaped by the edge type, which is determined by the type
of vegetation in adjacent habitat, the age of the forest, and
the time since disturbance (Didham and Lawton 1999;
Mesquita, Delamônica, and Laurance 1999; Harper et al.
2005; Chabrerie et al. 2013; Pellissier et al. 2013). Even
when several factors that influence the spatial extent of the
edge effect into forest patches are standardized, variability
still exists (Hamberg et al. 2008) due to the importance of
the type of edge studied. Edges with high contrast
between forest and adjacent open habitat and edges with
low contrast may have different structural characteristics
and as a consequence, different functional characteristics
(Gehlhausen, Schwartz, and Augspurger 2000; Laurance,
Didham, and Power 2001; Cadenasso et al. 2003; Strayer
et al. 2003; Ries et al. 2004). For example, López-Barrera
et al. (2006) showed that edge effects detected on oak
seedlings along a forest–edge–open habitat gradient in the
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highlands of Chiapas, depend in large part on the fact that
the edge had low or high contrast with adjacent habitat.

Understanding how the edge type may alter the struc-
ture and composition of the vegetation diversity is of
high importance not only for understanding and identify-
ing response patterns to edge effect (Ries et al. 2004;
Harper et al. 2005) but also for predicting vegetation
community composition in human-dominated landscapes.
This knowledge could help to improve the management
of biodiversity in forest edges where the interactions
between forests and agriculture are growing, particularly
through the valuation of ecosystem services, such as pol-
lination and pest regulation. In this study, we investi-
gated the response patterns to edge influence of
vegetation communities, through their species richness
and diversity, according to the contrast between forest
and open habitats, defined here by the frequency of dis-
turbance in open habitats, in three regions of France. A
large part of studies on edge effects focus on the forest
side (e.g. Alignier and Deconchat 2013) and ignored the
adjacent habitat, although theoretical models predict that
edge effects occur on both sides of the edge (Cadenasso
et al. 2003; Ries and Sisk 2004; Ries et al. 2004).

This study compares the richness and diversity of
vegetation communities between a core habitat and its
associated edge. Habitats considered are forests and their
adjacent open habitats (fields, herbaceous communities).
Edges inside the forest (i.e. forest edge) are compared to
forest interior (i.e. forest habitat) and edges outside the
forest (i.e. open edge) are compared to open habitat.
Because the frequency and intensity of disturbance of
the open habitat can be high or moderate, we distinguish
respectively high- and low-contrast edges. Different pat-
terns are expected according to the contrast between for-
est and adjacent open habitats, so-called edge type
(Figure 1). In a high-contrast situation between forest
and adjacent open habitat, a gradual transition is
expected. The edge could play a role as a barrier or a fil-
ter limiting the flow of organisms between habitats: for
example, forest specialist species that grow preferentially

in shade conditions do not come out of the forest interior
and heliophilous species from open habitats do not come
in (Strayer et al. 2003). Assuming that the forest habi-
tat – less disturbed – is richer than the adjacent open
habitat, we hypothesized that vegetation diversity
decreases along the gradient forest–edge–open habitat. In
low-contrast situations, plant species may disperse from
one habitat to another, develop and concentrate along
edges. As a result, the diversity of species may be sub-
stantially greater along edges than within any of the
adjacent habitats (Matlack and Litvaitis 1999).

Material and methods

Study area

The study was conducted in three regions of France
(Figure 2). The Aquitaine region, with almost one million
hectares of maritime pines, has the largest artificial forest in
Europe. The landscape is dominated by a mosaic of mari-
time pine plantations of different ages, clear-cuts, heath-
lands (dominated by Molinia caerulea (L.) Moensch, Erica
cinerea L., Ulex europaeus L.), scattered deciduous forest
patches and herbaceous firebreaks. As a whole, forest cov-
ers 75% of the total area and open areas (25%) are patches
of different sizes disseminated in a forested landscape. The
climate is thermo-Atlantic (mean annual temperature 12°C,
mean annual rainfall 700 mm) and the elevation is low
(c.50 m above sea level). The Midi-Pyrénées region can be
classified as a temperate agro-forested landscape. Forests
are fragmented with patch size between 0.5 and 35 ha and
cover approximately 15% of the total area. The main tree
species are Quercus robur L., Quercus pubescens Willd,
Carpinus betulus L., Prunus avium (L.) L. and Sorbus
torminalis (L.) Crantz. The region is hilly (250–400 m
above sea level) and has a sub-Atlantic climate and slight
Mediterranean influences (mean annual temperature 11°C;
mean annual rainfall 750 mm). The Centre region (Loiret)
is mostly dedicated to intensive crop production. Most for-
ests (patch size between 0.5 ha and > 2200 ha) are
oak–hornbeam coppice with standards used for wood and

Figure 1. Expected theoretical patterns of plant species diver-
sity in high- and low-contrast situations between forest and
open habitats. In low-contrast situation, edge effect is assumed
to be positive, i.e. more species are encountered in the edge
than in the core habitat (in grey), whatever the side (forest or
open). In high-contrast situation, it is assumed to be mixed (see
the text for details).

Figure 2. Location of the three studied regions with type of
open habitat adjoining forests (high/low disturbed habitat
corresponding to high/low contrast situation).
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wood fuel production and cover near 35% of the region.
The region is slightly hilly (110–300 m above sea level)
and has a sub-Atlantic climate with some continental influ-
ence (mean annual temperature 10.5°C, mean annual pre-
cipitation 750 mm).

Sampling design

Twenty forest edges pertaining to different forest patches,
were sampled in each region in May–June 2011 or 2012.
For the Centre region, forest patch size varied between
0.6 ha and 818 ha (mean 71 ha). For the Midi-Pyrénées
region, forest patch size varied between 0.8 and 47 ha
(mean 12 ha), except for one wood of 505 ha. In each
region, we considered 10 forest edges adjoining habitats
with frequent soil disturbance and/or vegetation harvest
(once or more per year). These high-contrast situations
concerned firebreaks in Aquitaine, and oilseed rape in
Midi-Pyrénées and Centre. The other 10 forest edges were
located beside habitats with low disturbance (perennial
communities or one vegetation disturbance per year, i.e.
mowing, representing low-contrast situations) such as
dune in Aquitaine, meadow in Midi-Pyrénées and orchard
in Centre (Figure 2). Vascular vegetation sampling was
conducted in both habitats (forest and open) and their
respective edges. For each forest edge, a transect was
performed perpendicular to the border. The border was
defined as the line formed by mature trees. Along each
transect, we established 2 × 50-m plots parallel to the
border, one beside the border in the edge (forest edge) and
one 50 m into the forest (forest habitat) (Figure 3). If edge
effects can extend up to 1 km (Laurance 2000), they
generally do not exceed 30 m in temperate forests

(e.g. Piessens et al. 2006; Alignier and Deconchat 2013).
We also established two sets of five 2 × 2 m plots placed
parallel to the border, one beside the border (open edge)
and one at least 30 m away from the border in the open
habitat (Figure 3). Vegetation sampling areas were defined
to detect the majority of species in plant communities in
each type of habitat. For that purpose, we estimated
species cover with respect to the minimum sampling area
method using the following standards: 100 m² for the
forest side and 16 m² for the open habitats side (Guinochet
1973). The plots were designed to consider a similar
spatial extent (50 m length) to avoid the larger environ-
mental heterogeneity found in a larger sampling plot. At
each plot, we recorded abundance–dominance of all
vascular plant species pertaining to all strata (trees, shrubs
and herbs) according to the Braun-Blanquet scale
(Braun-Blanquet 1956).

Vegetation surveys in each habitat and its edge gave
species richness (R) and allowed calculation of Shannon
species diversity (H) according to the proportional abun-
dance of each species (pi) as:

H ¼ �
XR

i¼1
pi ln ðpiÞ

In open habitat and open edge, abundance values for
each plant species were averaged over the five 4-m²
plots.

Statistical analyses

First, we compared mean species richness and mean
Shannon species diversity between habitats and their
respective edges in each region using pairwise Student’s
t-tests. Then, similarity in species composition was quan-
tified for each habitat and its edge, in each region. We
used the Bray Curtis similarity index, which is related to
the Sorensen index and which assesses similarity
between two localities based on differences in abundance
of species, and not merely on presence/absence. It ranges
from 0 (no similarity) to 1 (same species in both locali-
ties all, occurring at the same abundance in both sites).
Because this index can only be computed with integers,
abundance data were rounded up before the calculations
were made; this has no effect on the resulting index
values. We compared similarities in species composition
according to contrast (1) for the forest side and (2) for
the open side, using analysis of variance (ANOVA) tests.
Statistical analyses were carried out using R 2.15.1 (R
Development Core Team 2010).

Results

A total of 534 vascular plant species were recorded
through the three regions. In the Aquitaine region, 154
species were recorded with 102 species (on average
18.3 ± 5.9) in high-contrast situations (n = 4 transects;
firebreaks) and 60 (on average 8.7 ± 5.2) in low-contrast

Figure 3. Scheme of the sampling design. Two 100-m² plots
parallel to the border were placed in the forest edge and the
forest habitat, at 0 m and 50 m from the border, respectively.
Two sets of five 4 m² plots were placed within the open edge
and the open habitat, at 0 m and 30 m at least from the border.
The border was defined as the line formed by mature trees
between forest and open habitats.
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situations (n = 16; dunes). The assemblage was dominated
in high-contrast situations by Pinus pinaster Aiton
(present in 50% of surveyed plots), and in low-contrast sit-
uations by Carex arenaria L. (57.8% of surveyed plots),
Cerastium diffusum Pers. (54.7% of surveyed plots) and
Aira praecox L. (53.1% of surveyed plots). In the
Midi-Pyrénées region, 365 species were recorded with
181 species (on average 18 ± 11.2) in high-contrast situa-
tions (n = 10 transects; oilseed rape) and 318 (on average
35.8 ± 9.7) in low-contrast situations (n = 17; meadows).
The assemblage was dominated in high-contrast situations
by Hedera helix L. (present in 60% of surveyed plots),
Crataegus monogyna Jacq. (55% of surveyed plots) and
Ligustrum vulgare L. (52% of surveyed plots) and in
low-contrast situations by Dioscorea (L.) Caddick &
Wilkin communis (present in 94% of surveyed plots).
Rubia peregrina L. (present in 88% of surveyed plots) and

Hedera helix (86% of transects). In the Centre region, 331
species were recorded with 221 species (on average
26.6 ± 13.0) in high-contrast situations (n = 10 transects;
oilseed rape) and 197 (on average 25.7 ± 10.3) in low-
contrast situations (n = 11; orchards). The vegetation
assemblage was dominated by Galium aparine L. (present
in 52% of surveyed plots) in high-contrast situations, and
Hedera helix (79%), Quercus robur (68%) and Rubus
fructicosus s.l. (66% of surveyed plots).

Whatever the contrast situation encountered, a clear
edge effect in terms of species richness and Shannon
species diversity (H) was observed between the open
edge and open habitat, whereas no significant differences
were observed between the forest edge and the forest
habitat for both the Midi-Pyrénées and the Centre
regions (Figure 4; Appendix 1). Higher species richness
and higher H were encountered in open edges. No

Figure 4. Species richness (mean ± SD) and Shannon species diversity (× 10; mean ± SD) in the forest and open habitats and their
respective edges in the three regions of France. Capital letters (lowercase, respectively) indicate significant differences for mean spe-
cies richness (mean Shannon species diversity, respectively) at α = 0.05. Note that forest habitat was compared uniquely to forest
edge and open edge uniquely to open habitat.
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significant differences were observed between habitats
and their respective edges in Aquitaine (Figure 4;
Appendix 1).

Similarities between vegetation communities belong-
ing to the forest side averaged 35% and did not differ
according to the contrast situation or the region
(ANOVA, F = 2.95, p = 0.194; Figure 5A). For the open
side, similarities were lower (average near 25%) than the
forest side. Similarities between vegetation communities
belonging to open habitat and open edge were signifi-
cantly higher for the Aquitaine region (ANOVA,
F = 15.16, p = 2.4 e-09; Figure 5B).

Discussion

Edge effects occur on plant communities in three regions
of France, but in an asymmetrical way. Edge effect on
plant diversity tends to be greater on the open side than
on the forest side of the border. Species richness and
diversity were generally higher in open edge than in
open habitat whatever the contrast situation encountered.
No significant difference was observed between the for-
est edge and the forest habitat. Expected response pat-
terns of vegetation diversity were not all satisfied. With
a view to managing vegetation diversity in the edge so
as to promote ecological services in both adjacent habi-
tats, studies dealing with edge effect according to edge
types and patch contrast in human-dominated landscapes
are still required.

Higher species richness was found in vegetation
communities for the Centre and Midi-Pyrénées regions
than for the Aquitaine region. Indeed, the vegetation pool
size in the Aquitaine region, dominated by pine
plantations, was only about half as important as in the
other regions, dominated by broadleaved forests. Natural
forests are usually more suitable as habitat for a wider
range of native forest species than plantation forests
(Bremer and Farley 2010). But there is growing evidence
that plantation forests can provide valuable habitats, even
for some threatened and endangered species, and may
contribute to the conservation of biodiversity by various

mechanisms (Carnus et al. 2006; Brockerhoff et al. 2008).
Another explanation could be related to local environmen-
tal conditions, especially to available light. The develop-
ment of the forest cover from a quasi-pure pine plantation
to a multi-storeyed mixed forest contributes to attenuation
in radiation beneath the canopy (Porté, Huard, and
Dreyfus 2004). Pine plantations displayed understorey
habitats with more light available than in broadleaved
forest, so the contrast between forest habitat and forest
edge was reduced. In addition, the open edge may be less
influenced by adjacent forest in pine forest, leading to
homogenization between habitats. This may particularly
endanger the rare, often habitat-specific, species that
represent a large part of species richness (Gaston 1994).

Addressing the edge-related response of vegetation
communities, we observed some variability by compari-
son with expected patterns (Figure 1). In high-contrast sit-
uations, species richness tended to decrease according to
the gradient forest–edge–open habitat, in spite of there
being no significant difference between forest edge and
forest habitat. This pattern, in accordance with our
expectations, was confirmed for the Midi-Pyrénées and
Centre regions, but not for the Aquitaine region. Although
edge effects in temperate forests generally do not exceed
30 m (e.g. Piessens et al. 2006; Alignier and Deconchat
2013), the lack of significant difference between forest
edge and forest habitat indicates either that edge effect
was longer than 50 m or that the size of our forest patches
was too small to guarantee the presence of a core habitat
zone. In that sense, forest patches can be considered to be
entirely under the influence of the edge (Laurance and
Yensen 1991) or of multiple edge effects (Fletcher 2005).
Nevertheless, this last assumption is more debatable in the
large forests of the Aquitaine and Centre regions. In
low-contrast situations, the patterns were less clear. Only
species richness in the Centre region was substantially
greater in edges than in adjacent habitats, as expected.
This result tends to demonstrate that although a
low-contrast situation allows more dispersal than a high-
contrast situation, species do not necessarily concentrate
in edges and may ignore them. However, to justify

Figure 5. Bray–Curtis similarity in vegetation community composition between habitats and their respective edges for (A) the forest
side and (B) the open side. Different letters indicate significant differences at α = 0.05.
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labelling a species as insensitive, one should be able to
demonstrate a consistent lack of response at several edge
types (Ries and Sisk 2010). Focusing on Shannon diver-
sity, only patterns observed in high-contrast situations for
the Midi-Pyrénées region and in low-contrast situations
for the Centre region conformed to our expectations. We
have to note that no edge effect was observed in any con-
trast situation for the Aquitaine region. A likely explana-
tion for the absence of vegetation response to edge effect
is that we assumed that the forest habitat was richer than
the open adjacent habitat, but it appears evident that it was
not the case for the Aquitaine region. The dune and some
firebreak habitats were richer than the forest habitat. As
noted previously, stands are composed of intensive and
homogeneous plantations of maritime pines in the Aqui-
taine region that may reduce the habitat heterogeneity and
so impoverish vegetation communities (Bremer and Farley
2010). Conversely, open habitats like permanent grass-
lands could be as rich or even richer than forest habitats
(Łuczaj and Sadowska 1997). Hence, our dichotomy of
edge type, based on disturbance frequency, needs to be
nuanced, as the contrast perceived by the human observer
does not necessarily represent relevant heterogeneity to
vegetation communities. A way to fix this could be to
improve the description of disturbance regimens in each
habitat and to relate them to the evolutionary history of
the different plant communities.

Similarity in vegetation communities between edge
and habitat averaged 35% in the forest side over all
regions. Plant communities were as rich in forest edges
as in forest habitats, but plant assemblages were quite
different. This change in species composition may reflect
the functional response of species. Indeed, forest habitat
specialists are generally shade-tolerant and are known to
avoid edges (Ranney, Bruner, and Levenson 1981)
whereas edges advantage light-tolerant species (Brothers
and Spingarn 1992). Similarity in vegetation communi-
ties between edge and habitat is lower in the open side.
This result would indicate that exchanges – through dis-
persal – between vegetation communities in the open
side were more limited than in the forest side. Similarity
in vegetation communities between habitats and their
respective edges did not differ according to the contrast,
but according to the region. The Aquitaine region
showed a significantly higher similarity between open
edge and open habitat than in other regions. However,
similarity increased where species richness decreased.
So, inter-regional variation in similarity pattern was
probably linked to the vegetation pool size.

This study has found a great variability in the response
patterns of vegetation communities to edge effect. These
patterns did not all correspond to the expected response pat-
terns, depending on the region. The range of edge-related
response patterns observed suggests that the contrast
between forest and open habitats is not uniform and that
vegetation diversity depends mainly on the region – through
pool size – and the disturbance regimen. Taken together,
our results highlight the importance of (1) improving the

description of disturbance regimen of both forest and non-
forest habitats, and (2) additional tests of the effects of dif-
ferent edge types (Ries et al. 2004) or patch contrast
(Harper et al. 2005) on vegetation communities. Consider-
ing species assemblages and their functional traits (e.g.
specialists versus generalists) may provide more accurate
response patterns to edge influence than by considering the
whole species through diversity indices. In addition, vari-
ability observed between regions suggests that these factors
should be addressed more explicitly in further studies. To
develop a comprehensive theory of edge effects and effec-
tive management of vegetation diversity in edges, future
studies should identify the relevant factors and mechanisms
behind edge-related response patterns of biodiversity in
human-dominated landscapes.
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Appendix 1. Values of p for pairwise Student’s t-tests
Pairwise Student’s t-tests were used to compare (1) the species richness and (2) the Shannon species diversity between the forest and
open habitats and their respective edges, in the three regions of France. In bold, significant tests at α = 0.05.

Region

Richness Shannon

Contrast Forest side Open side Forest side Open side

Aquitaine High 0.4222 0.0576 0.0319 0.1201
Low 0.0596 0.4999 0.3329 0.5349

Midi-Pyrénées High 0.7674 0.0008 0.5185 0.0027
Low 0.7441 5.3e-05 0.6428 0.0001

Centre High 0.0580 5.8e-05 0.0385 2.8e-05
Low 0.0005 0.0156 0.0005 0.0065
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Abstract The number of species (species richness) is

certainly the most widely used descriptor of plant

diversity. However, estimating richness is a difficult

task because plant censuses are prone to overlooking

and identification errors that may lead to spurious

interpretations. We used calibration data from the

French ICP-level II plots (RENECOFOR) to assess the

magnitude of the two kinds of errors in large forest

plots. Eleven teams of professional botanists recorded

all plants on the same eight 100-m2 plots in 2004 (four

plots, eights teams) and 2005 (four plots, nine teams

including six from 2004), first independently and then

consensually. On average, 15.5% of the shrubs and

trees above 2 m were overlooked and 2.3% not

identified at the species level or misidentified. On

average, 19.2% of the plant species below 2 m in
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Boulevard de Constance, F-77300 Fontainebleau,

France

e-mail: erwin.ulrich@onf.fr

E. Corcket

UMR1202 BioGeCo, Université Bordeaux 1, Avenue des
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height were overlooked and 5.3% were misidentified

and 1.3% were misidentified at the genus level

(especially bryophytes). The overlooking rate also

varied with plant species, morphological type, plot and

team. It was higher when only one botanist made the

census. It rapidly decreased with species cover and

increased with plot species richness, the recording time

of the census in the tree layer and the number of the

censuses carried out during the day in the ground layer.

Familiarity of the team with the local flora reduced the

risk of overlooking and identification errors, whereas

training had little impact. Differences in species

richness (over space or time) in large plots should be

cautiously interpreted, especially when several bota-

nists participate in the survey. In particular, the quality

of the data needs to be evaluated using calibration

training and, if necessary, may be improved by

involving more experienced botanists working in

teams and by fixing a minimum recording time.

Keywords Calibration � Data quality � Long-term

monitoring � Observer effect � Plant survey

Introduction

Plant communities may be investigated in forest

ecosystems using large plots, in order to assess the

impact of different land uses (e.g. Vellend et al.

2007), the temporal changes in the environment (e.g.

van Tol et al. 1998) or the plant diversity itself (e.g.

Thimonier et al. 1994). If the number of species

(species richness) is certainly the most widely used

descriptor of plant diversity, it has rarely been stated

that the observed number of species might be a

systematically biased, underestimate of true species

richness because some species are unavoidably

missed during the censuses (overlooking errors).

Non-exhaustiveness is a problem for any plant

study; it is still more problematic in the case of

biogeographical and monitoring studies as many

botanists typically carry out the censuses over space

and/or over time. Thus, differences in skill level

among botanists may cause spurious spatial or

temporal trends or may hide true trends. For instance,

resampling of old relevés often shows an increase in

species richness over time (e.g. Grabherr et al. 1994;

Thimonier et al. 1994): this increase may simply

result from a change in botanist, possibly because the

botanists involved in the resampling searched for

species more carefully than the former botanists

(furthermore, they may have already known the list of

past species, while the former botanists were not

aware that their plots would be resampled).

Probably as a result of botanists’ generally low

awareness of this problem and/or willingness to
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accept this fact, relatively few studies have investi-

gated the quality of plant censuses; however, all of

them showed high levels of overlooking errors and

significant differences between botanists (Nilsson and

Nilsson 1985; Lepš and Hadincová 1992; Klimeš

et al. 2001; Scott and Hallam 2002; Kercher et al.

2003; Archaux et al. 2006). Only three studies

quantified the misidentification rate in plant censuses:

Klimeš et al. (2001) found that misidentification was

more important than overlooking, whereas Scott and

Hallam (2002) and Archaux et al. (2006) found the

contrary. However, the procedures used in the three

studies to estimate identification errors are question-

able since the botanists did not go back to the plots

they had sampled to agree together on an accurate

final list of species. Some factors influencing over-

looking and misidentification have been evidenced,

such as plant cover, morphological type and experi-

ence of the botanist (Klimeš et al. 2001; Scott and

Hallam 2002; Archaux et al. 2006). However, some

questions remain. Scott and Hallam (2002) appar-

ently included a non-botanist manager and a student

in their analyses, but we do not know whether

differences between observers still persist among

experienced botanists. Furthermore, many factors

potentially impacting the census quality have never

been investigated such as vertical layer, the number,

training and fatigue of the botanists, although most

botanists would acknowledge that these factors

influence the quality of the plant censuses.

To reduce overlooking as much as possible, some

monitoring programmes have been based on small

plots, subdivided into subplots (e.g. Økland 1995

with 1-m2 plots subdivided in 16 subplots). However,

in temperate forests, only a very few species are

usually found per m2, so that many monitoring

programmes, including the only pan-European one,

the ICP Forests Level II programme (international co-

operative programme on assessment and monitoring

of air pollution effects on forests), as well as many

resampling studies and floristic databases (e.g.

Gégout et al. 2005) are based on larger plots. For

instance, 577 of the 708 ICP Forests Level II plots are

100 m2 or more (de Vries et al. 2003).

In this context, our study aimed at:

1 Estimating the exhaustiveness of plant censuses

carried out on large (100-m2) plots to assess

whether differences in species numbers (over

space or time) can be reliably interpreted using

large plots,

2 Investigating the factors that may impact the

quality of the censuses, such as plant cover-

abundance, plant morphology, vertical layer,

number of botanists, their familiarity with the

flora, fatigue and training. The identification of

impacting factors may help improve sampling

protocols.

Methods

Sampling design and relevés

We used the calibration training data gathered by the

Quality Assurance (QA) procedure of the RENECO-

FOR programme (Camaret et al. 2004). The

RENECOFOR programme is the French part of the

ICP Forests Level II programme and includes 102

permanent plots sampled every 5 years by profes-

sional botanists. Each plot is composed of eight

2 9 50-m subplots (four being fenced to exclude

large herbivores). One of the objectives of the

calibrations is to estimate the overlooking and

misidentification rates for the teams involved in the

monitoring of the permanent plots (11 teams in 1995,

10 in 2000 and 2005, 16 in total).

Calibrations were organised during two successive

years in June. In each year, four 2 9 50 m subplots

were chosen so that they were as heterogeneous as

possible in terms of species richness and composi-

tion: species numbers in the strata below 2 m in

height ranged from 15 to 44 among the four subplots

sampled in 2004 and from 37 to 67 in 2005 (Table 1).

In 2004, calibration training took place near Issoudun

(central France), and involved eight teams. In 2005,

the calibration was located near Nancy (north-eastern

France) and involved nine teams, including six teams

who had participated in the calibration near Issoudun.

The least experienced botanist had sampled plant

communities since 1995, whereas most botanists had

more than 15 years of experience (up to 30 years for

three botanists).

In each team, the number of botanists varied from

one to three (Table 1). On the first day of the

calibration training, each team visited each subplot

according to a random sequence. They walked
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outside the subplots to avoid damaging the vegeta-

tion as much as possible but entered the subplots

whenever necessary for identification. They recorded

all vascular plants and terricolous bryophytes and

estimated their cover-abundance in four vertical

strata using the Braun-Blanquet semi-quantitative

scale (r: cover less than 5%, only one individual; ?:

cover less than 5% and rare; 1: cover less than 5%

and abundant; 2: 5–25% cover; 3: 25–50% cover; 4:

50–75% cover; 5: 75–100% cover). If plant identi-

fication (at the species or genus level) was doubtful,

the teams added the confere (cf.) Latin prefix before

the species or genus name. Time spent doing relevés

was not controlled but was recorded. On the second

day, to produce a consensual list of species in the

subplots, all the teams surveyed the four plots again

and together re-identified all the species they had

individually recorded the day before. During the

second day, very few new species were found (one

in 2004 and two in 2005). Some plants could not be

identified with certainty to the species level (small

vegetative specimens). Teams noted the cause of the

discrepancies between the consensual list and their

own list (e.g. species considered outside the subplot

by the team or the consensus, species overlooked,

species misidentified, inversion of strata). In 2005,

the teams also consensually estimated the plant

cover during the second day. To get a similar

consensual cover estimate for 2004 plant data, for

each plant, we calculated the median of the reported

Braun-Blanquet cover values for all the teams that

recorded it. In the few cases where an equal number

of teams recorded two different cover classes, we

kept the most likely one. We weighted each

observation by the probability that the cover

reported by the team was correct. This probability

was calculated for a given team and a given Braun-

Blanquet class using 2005 data as the ratio between

the number of times the team reported this Braun-

Blanquet class correctly (i.e. the consensus agreed

upon this cover class for the same plant) and the

total number of times the team reported this cover

class (correctly or not). The nomenclature is Flora

Europaea (Tutin et al. 1968–1980, 1993).

Table 1 Location, sampling year, main tree species and

species richness in the ground layer (in italics, species richness

in the tree and shrub layers) of the eight subplots, ground-layer

vegetation overlooking and misidentification (in italics) rates

(%) for the 11 teams (in brackets the number of botanists in the

team; only for team five, botanist number was one in 2004 but

two in 2005)

Location

and year

Main tree species Species

richness

Team’s overlooking and misidentification rates

1

(1)

2

(2)

3

(1)

4

(2)

5 (1/

2)

6

(2)

7

(3)

8

(2)

9

(1)

10

(1)

11

(1)

Issoudun

2004

Quercus petraea, Pinus pinaster 15

4

26.7

0

– – 33.3

20

40

22.2

20

0

13.3

0

20

8.3

26.7

0

– 53.3

0

Q. petraea 28

4

17.9

0

– – 25

9.5

21.4

0

17.9

4.3

21.4

9.1

7.1

0

17.9

0

– 25

0

Q. robur, Carpinus betulus, Sorbus
torminalis

44

12

11.4

7.7

– – 20.5

8.6

11.4

12.8

13.6

10.5

22.7

14.7

2.3

4.7

20.5

5.7

– 25

9.1

Q. petraea 41

8

24.4

3.2

– – 19.5

6.1

17.1

8.8

19.5

3

17.1

14.7

14.6

2.9

26.8

3.3

– 24.4

6.5

Nancy 2005 Tilia cordata, C. betulus, Acer
campestre

64

7

– 14.1

3.6

28.1

6.5

25

8.3

20.3

0

7.8

3.4

– 17.2

1.9

18.8

0

23.4

2

–

Q. petraea, C. betulus, S. aria 50

11

– 10

0

20

10

18

22

24

2.6

14

0

– 6

2.1

10

6.7

26

2.7

–

Q. petraea, C. betulus, A. campestre 67

9

14.9

3.5

11.9

0

28.4

8.3

20.9

13.2

11.9

1.7

7.5

0

– 6

1.6

11.9

6.8

13.4

12.5

–

Fagus sylvatica, Q. petraea,

C. betulus
37

7

29.7

3.8

10.8

6.1

32.4

0

24.3

17.9

24.3

0

10.8

0

– 10.8

3

13.5

12.5

21.6

3.4

–

We included in the misidentifications the cases where a team correctly identified a species but also noted a second, wrong name from

small/atypical specimens belonging to the same species
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Overlooking and misidentification rates

We considered four kinds of error: overlooking,

misidentification at the species level, misidentification

at the genus level and complex misidentification. The

overlooking rate corresponds to the probability of

missing a species during the census. The misidenti-

fication rate at the species level is the probability that

a plant is misidentified (the species name is wrong); or

identified at the genus only (the species name is

lacking). Following Scott and Hallam (2002), we

considered identifications at the genus level (incom-

plete identifications) as misidentifications at the

species level (when the genus was correct), rather

than analysing them separately, because there is a

continuum between incomplete identifications and

true misidentifications (i.e. the species name is

wrong): facing the same seedling of Quercus robur,

different teams could note Quercus sp., Quercus cf.

petraea or Quercus petraea depending naturally on

their level of experience, but also to some extent on

their willingness to note incomplete names. None of

the misidentifications at the species level for the

tree layer were incomplete identifications, whereas

incomplete identifications represented 48% of the

misidentifications at the species level for the ground

layer. The misidentification rate at the genus level is

the probability that a plant is given a wrong genus

name. Complex misidentifications correspond to cases

where a team distinguishes two closely related species

(for instance Tilia cordata and Tilia platyphyllos)

when only one is present (e.g. Tilia cordata); complex

misidentification rate is the probability of committing

such an error.

The overlooking rate for a given team in a given

plot was calculated as the ratio between the number

of species overlooked by this team in this plot and the

number of species consensually agreed by all teams

in the same plot. The misidentification rate for a

given team in a given plot was the ratio between the

number of misidentifications made by this team in

this plot and the number of species the team had

recorded.

The number of cases of misidentification at the

species or genus level in the tree layer (respectively,

10 and 3 out of 442 records) and of complex

misidentification in the ground layer (18 out of

2,357 records) was too low to explore the factors

explaining these errors (thus, only mean values are

reported). Therefore, factors affecting misidentifi-

cation rates at the species and genus level were only

analysed for ground vegetation.

Data selection

We analysed the error rates in two vegetation layers

(ground and tree layers, respectively, below and

above 2 m in height). As data initially comprised four

vegetation layers (plus the bryophyte layer), we

merged records of vascular species found in the two

ground vegetation strata below 2 m and the two tree

strata above 2 m and we kept the highest Braun-

Blanquet cover value in each. The consensual lists of

species retained in 2004 and 2005 are given in

Appendix 1 in Supplementary Material (65% of the

148 species recorded were overlooked at least once

and 40.5% misidentified at least once).

In the consensus list for each plot, we kept only the

taxa that were identified at the species level and

deleted those identified only at the genus level or with

a cf. in the taxon name (on average 3.6 plants per plot

for ground vegetation, representing 9.6% of the total

number of taxa recorded; with a range over the eight

plots of 0–6 plants, 0–21% of the total); thus, all

species kept for analyses could be identified at the

species level. Alternatively, we could have applied

this data selection for the calculation of the misi-

dentification rate only and kept all records for the

overlooking rate but we preferred to use the same

data set in all the analyses. We considered that the

observations with a cf. in the taxon name corre-

sponded to correct identifications if the species name

recorded by the team was the one agreed upon by the

consensus (e.g. team 1 noted Viola cf. riviniana

and the consensus agreed on the presence of

Viola riviniana).

Data analysis

Each observation was a binary variable (species

recorded or overlooked for the overlooking rate;

species identified or not for the misidentification

rate) corresponding to a given species in a given

subplot sampled by a given team. To relate these

variables to sets of explanatory random and fixed

factors, we applied generalised linear mixed-effect

models (GLMEM) with a binomial logit link function

using the lmer function from the R-package lme4
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(Bates et al. 2008; R Development Core Team 2008).

GLMEM estimates P-values for fixed factors but not

for random factors. To get an idea of the precision of

the estimates and thus the magnitude of the random

factors, we generated 1,000 Markov Chain Monte

Carlo random effect estimates from the posterior

distribution of the fitted GLMEM parameters using R

function mcmcsamp; we then calculated the standard

deviation of these 1,000 samples.

Explanatory variables included in the models

were: plant species, morphological type and Braun-

Blanquet class; subplot, subplot species richness,

percentage cover of the ground vegetation in the

subplot and plot/year (both being confounded);

identity of the team (variable hereafter called

‘‘team’’), recording time, order of the subplot survey

in the day, training level of the team and familiarity

with the plant species, difficulty to identify the plant,

proportion of times the species was overlooked in the

subplot. The last variable was naturally not included

to model the overlooking rate. Variables used for the

four error rates studied can be found in Table 2.

Subplot, team and plant species were considered as

random factors, all others as fixed factors. This

allowed us to simultaneously consider (1) a random

team effect and a fixed effect of the number of people

in the team, and (2) a random subplot effect and fixed

effects of the subplot species richness and percentage

cover of the subplot ground vegetation. Plot/Year was

considered to be a fixed factor to test the hypothesis

that error rates were smaller in 2005 thanks to the

2004 calibration training (an informal test as plot and

year were confounded variables).

Morphological type was defined as a four-class

variable: bryophyte, graminoid (grasses and grass-

like plants), other herbaceous species (forbs), ligne-

ous species (lianas, shrubs and trees) and was used

only for ground vegetation (because only ligneous

species were recorded above 2 m). A preliminary

inspection of the data revealed that species whose

Table 2 Mixed-effect models relating the error rates to random and fixed explanatory variables depending on the strata (Ground:

below 2 m, Tree: above 2 m)

Strata Ground Tree

Variables Overlooking Misid. species Misid. genus Overlooking

Random effects

Plant species 1.45 ± 0.14 1.12 ± 0.04 1.91 ± 0.07 1.30 ± 0.24

Team 0.46 ± 0.12 0.48 ± 0.12 0.36 ± 0.02 0.00 ± 0.00

Subplot 0.27 ± 0.03 0.09 ± 0.00 0.00 ± 0.00 0.00 ± 0.00

Fixed effects

Plant cover -2.31 ± 0.17*** -0.33 ± 0.24 -0.88 ± 0.68 -3.92 ± 0.62***

Bryophytes 0.95 ± 0.54 0.07 ± 0.75 2.91 ± 1.69

Forbs -1.27 ± 0.42** 0.31 ± 0.46 1.24 ± 1.41

Trees/Shrubs -0.93 ± 0.43* 0.16 ± 0.52 1.11 ± 1.58

Number of botanists -0.45 ± 0.27 -0.14 ± 0.35 -0.80 ± 0.85 -1.07 ± 0.34**

Order of the census 0.14 ± 0.07 -0.03 ± 0.13 0.12 ± 0.33 0.22 ± 0.17

Recording time -0.01 ± 0.01 -0.00 ± 0.01 -0.03 ± 0.03 -0.03 ± 0.01*

Familiarity -0.35 ± 0.10*** -0.74 ± 0.14*** -1.02 ± 0.34** -0.43 ± 0.50

Training -0.03 ± 0.03 0.14 ± 0.05** 0.13 ± 0.11 0.08 ± 0.05

Species richness 0.03 ± 0.02 0.01 ± 0.02 -0.02 ± 0.05 -0.08 ± 0.02**

Understory cover 0.00 ± 0.01 -0.01 ± 0.01 0.02 ± 0.02

Year/Plot -0.85 ± 0.56 -1.26 ± 0.68* -0.21 ± 1.76 1.06 ± 0.69

Diff. identification -0.37 ± 0.34 1.09 ± 0.37** 1.08 ± 0.98

Freq. detection -0.05 ± 0.84 -0.12 ± 2.02

Coefficients for random effects are standard deviation and their standard deviation calculated from Monte Carlo Markov Chain

sampling. Coefficients for fixed effects are estimates and their standard error. Italics: P \ 0.1, * P \ 0.05, ** P \ 0.01,

*** P \ 0.001. See Method section for explanation about the error rates and explanatory variables
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Braun-Blanquet cover was 2 or more were never

overlooked. Therefore, we merged the Braun-Blan-

quet cover classes from 2 to 5 into a single 2? class

(see Fig. 1 for ground vegetation). This ordinal

variable was coded from 1 to 4 in the models (1 for

the r class, 2 for the ?, 3 for the 1 and 4 for the

classes over 1). We used the same transformation of

Braun-Blanquet cover for the analysis of the misi-

dentification rate since very few plants with Braun-

Blanquet cover 2 or more were misidentified (Fig. 2),

suggesting that the risk of misidentification for a

plant is roughly the same, the plant Braun-Blanquet

cover being 2, 3, 4 or 5.

The recording time increased with plot richness

according to a seemingly log-linear relationship

(R2 = 0.51, Fig. 3). In order to distinguish the effect

of plot richness from the effect of recording time on

the overlooking and misidentification rates, we had to

remove this relationship. Therefore, the recording

time was entered into the models as the residual of

the regression of the recording time on the logarithm

of plot plant richness. By using this transformed

variable, we effectively tested whether a team who

spent more time than expected given the plot

richness, detected and identified a greater proportion

of the plants.

The variable ‘‘order’’ corresponded to the rank of

visit, by each team, of the four plots during the first

day of the calibration training (thus the order varied

from 1 to 4).

The training of the team was defined as the number

of RENECOFOR plots the team had sampled during

the 3 months preceding the calibration exercise.

The familiarity of the team with plant species was

defined as a four-level ordered class variable: (1)

species never encountered before the calibration

training; (2) species encountered very occasionally;

(3) species that the team records in ca 1% of its

censuses (not restricted to the censuses done for the

RENECOFOR monitoring); (4) species that the team

records in ca 5% or more of its censuses. We

considered this variable to be continuous (varying

from 1 for unknown species to 4 for well-known

species). This information was obtained through a

questionnaire filled in by the teams shortly after the

2005 calibration and was lacking for one team (team 5).
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Fig. 1 Relationship between the overlooking rate (%) and the

plant Braun-Blanquet cover value in the ground-layer vegeta-

tion, according to plant morphology (B Bryophyte, G Graminoid,

NG Non-Graminoid herbaceous, L Ligneous species)

0%

5%

10%

15%

20%

25%

r + 1 2+

Braun-Blanquet cover value

M
is

id
en

tif
ic

at
io

n 
ra

te B
G
NG
L

Fig. 2 Relationship between the misidentification rate at the

species level (%) and the plant Braun-Blanquet cover value in

the ground-layer vegetation, according to plant morphology

(B Bryophytes, G Graminoids, NG Non-Graminoid herba-

ceous, L ligneous plants)
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Fig. 3 Relationship between recording time and subplot

species richness (eight subplots, 8–9 teams per plot, regression

line: time = 40.12 ln(richness) - 74.28, R2 = 0.51)
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We defined the difficulty to identify a species in a

plot as a two-state variable depending on whether at

least one team (or no team) used the cf. prefix for the

species in the plot, thus showing they were not sure

they had correctly identified it. As a result, a given

plant species may be ‘‘difficult’’ in some plots and not

in others.

Results

Tree layer

The mean overlooking rate (over the 66 censuses)

was 15.5 ± 2.3% SE. The mean misidentification

rates were 2.3 ± 0.9% SE at the species level and

0.9 ± 0.5% SE at the genus level. The model

indicated high random variation among species and

little variation between teams and subplots. The

overlooking rate decreased with the plant cover, the

number of botanists, the recording time and, surpris-

ingly, the subplot species richness.

Ground vegetation layer

The mean overlooking rate over the 66 censuses was

19.2 ± 1.1% SE. The mean overall misidentification

rate at the species level was 5.3 ± 0.7% (including

complex misidentifications even if the teams reported

the correct species name). Simple confusions—a

species being given a single (wrong or incomplete)

name—accounted for 102/120 = 85% of the mis-

identifications. The mean overall misidentification

rate at the genus level was 1.3 ± 0.4% SE.

The overlooking rate decreased with plant cover

(less rapidly than for species in the tree layer),

morphological type (bryophytes being more often

overlooked than graminoids, graminoids being more

often overlooked than other vascular plants) and

familiarity with the species. More marginally, the

overlooking rate was smaller (1) in plots with fewer

plant species, (2) when teams included at least two

people and (3) for censuses done early in the day.

Important residual random variation was found

among plant species, teams and subplots.

The probabilities of misidentification at the species

and genus level were best explained by familiarity of

the team with the species. Species for which at least

one team reported a cf. in the name were more often

misidentified at the species level. Unexpectedly, the

training increased the risk of misidentification at the

species level. The overall misidentification rate at the

species level tended to be smaller in 2005 than in

2004, while bryophytes tended to be more often

misidentified at the genus level than vascular plants.

Discussion

Sampling errors: mainly overlooking or mainly

identification errors?

Our results show that about one out of five ground-

layer plant species was missed on average. Although

lianas, shrubs and trees in the tree layer were less

often overlooked, about one out of six of these species

was nonetheless overlooked. Such high overlooking

rate values may question either the way we calculated

them, the experience of the professional botanists

who participated in the RENECOFOR programme

and/or the method of survey (large plots, Braun-

Blanquet relevés).

Some of the plants may have been missed during

both the independent and consensual visits, so that

the overlooking rate may actually be slightly higher

than the value we estimated. However, very few

species were found during the consensual visits done

by eight or nine teams suggesting that this effect is

likely to be small. A second potential source of bias

in the data comes from the fact that some of the

plants recorded by some teams could not be found

again during the consensual visits, and were thus

considered to be misidentifications, instead of over-

looking errors. Considering the low level of

misidentification errors, it is also unlikely that this

phenomenon caused a major bias in the two rates. In

addition, most of the botanists who participated in our

study are professional botanists who have been

recognised in their field for many years in France.

Some previous plant studies have quantified observer

effect but using a variety of indices, such as the

pseudo-turnover rate PT (Nilsson and Nilsson 1985;

Lepš and Hadincová 1992; Klimeš et al. 2001;

Kercher et al. 2003), the Sørensen similarity index

SI (Gray and Azuma 2005) and the agreement

rate AR (Kirby et al. 1986; Scott and Hallam 2002.

All these indices are closely related (indeed:

PT = 1 - SI = (1 - AR)/(1 ? AR)), so that the
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results from these studies can be compared to our

study (e.g. using Sørensen similarity index, Table 3).

Although conditions varied greatly among studies (in

terms of geographic region, vegetation types, number

of teams/botanists, quadrat and sample sizes), the SI

values are remarkably consistent among studies (incl.

our study). It seems that higher values were found for

larger plots or equivalently for forest plots (since

larger plots are used in forests).

Our results are slightly lower than those reported

by Klimeš et al. (2001) (ca 30%) and Archaux et al.

(2006) (20–30%), possibly because:

1 Plant species may be more easily detected in the

forest (mainly herbs/forbs) than in grasslands

(mainly grasses),

2 Mean sampling time was 74 min (for 100 m2

quadrats), versus 60 min for 400-m2 quadrats in

Archaux et al. (2006),

3 We deleted all records not consensually identified

at the species level. These records often referred

to low-covering plants (often bryophytes). As

low-covering plants are more often missed, our

overlooking rate values are probably slightly

optimistic.

About 5% of the ground layer species and 2% of

the tree layer shrubs and trees were misidentified at

the species level (ca 1% at the genus level for the

two categories). These figures are very close to the

ones reported in Scott and Hallam (2002) in various

vegetation types where on average 2.7% of the

plants were misidentified at the species level by

experts and 0.2% at the genus level. Archaux et al.

(2006) found a mean misidentification rate of 6.8%

for 400-m2 forest plots. The slightly higher value

reported in the latter study may come from the fact

that experts were less familiar with the local flora

and/or potential misidentifications were inferred by

comparing the team lists without confirmation in the

field.

As found by Scott and Hallam (2002), Archaux

et al. (2006) and suggested by Kirby et al. (1986), the

misidentification rate at the species level was much

lower than the overlooking rate. However, Klimeš

et al. (2001) suggested that the observer discrepan-

cies observed in small grassland quadrats resulted

primarily from the misidentification of small speci-

mens, rather than from overlooking errors. Although

this might be true for very small quadrats where often

only very few specimens per species are available for

identification and/or although the risk of overlooking

a species in small quadrats may be lower, this may

not be true in general. Furthermore, it should be

remembered that misidentifications are conditional on

detection, so that we cannot estimate the misidenti-

fication rate of overlooked species, had they been

detected; we may expect the misidentification rate to

be higher for overlooked species, because these

mostly include low-covering, infertile specimens.

However, the risk of misidentification did not

increase with the number of teams who overlooked

the species in our study. Similarly, plants presenting a

misidentification risk were not more often over-

looked. Thus, the (non-estimatable) misidentification

rate of overlooked species is probably close to the

misidentification rate of detected plants.

Table 3 Sørensen Similarity Index (SI = 2 * number of paired records/total number of records) reported in and calculated from the

literature

Study Vegetation type Number of

botanists

Quadrat

size

Number of

quadrats

SI (%)

Nilsson and Nilsson 1985 Swedish forested islands 2 0.03–2.19 ha 41 88.6 (80.6–95.8)

Kirby et al. 1986 British forests 2 0.20 ha 36 70.7 (55–79.5)

Lepš and Hadincová 1992 Central European open land 2 ca 0.025 40 87

Klimeš et al. 2001 Central European grassland 5 10 cm2–4 m2 7 (60–88)

Scott and Hallam 2002 Range of British vegetation types 2 0.16 m2 10 * 10 76.5

Gray and Azuma 2003 Range of North American vegetation types 2 168 m2 48 * 4 66.6

Kercher et al. 2003 North American herbaceous wetlands 2 1 m2 12 * 10 80.9 (69.5–90.7)

This study French forests 11 100 m2 2 * 4 89.1 (70–97.8)

In brackets, range of SI values between observers and plots. For our study, we calculated the SI by comparing paired raw lists of

species recorded by two teams in the same plot

Plant Ecol (2009) 203:303–315 311

123



Plant and quadrat factors affecting the quality

of the data

Plant cover was the main factor influencing the

overlooking rate (Fig. 1 and 2), a result repeatedly

found in plant studies (Lepš and Hadincová 1992;

Klimeš et al. 2001; Archaux et al. 2006). On the

contrary, the risk of misidentification was not signif-

icantly related to the cover of the plant, although

Fig. 2 suggests this may hold for small, isolated

graminoids. Scott and Hallam (2002) found that both

the overlooking and misidentification rates varied

greatly between species morphological types. In our

study, the probability of missing a species was

effectively greater for bryophytes than for grami-

noids, and greater for graminoids than for forbs and

ligneous species. Bryophytes also tended to be

misidentified at the genus level more often than

vascular plants.

More marginally, species in the ground layer had

a greater probability of being missed in rich plots

(but not of being misidentified), but surprisingly, the

reverse was found for trees and shrubs: botanists

seem to more carefully screen the shrub and tree

layers when the ground layer is species rich. This

last result needs to be confirmed. Nonetheless, a bias

of census exhaustiveness between rich and poor

plots in favour of poor plots, similar to the one we

found in the ground layer, had already been

evidenced in temperate floristic relevés; this bias

tended to vanish with longer censuses (Archaux

et al. 2006).

Team-related factors affecting the quality

of the data

We found strong, complex observer effects on both

the overlooking and misidentification rates; these

effects were related to the identity of the botanists,

the familiarity with the local flora and, to a lesser

extent, to the number of botanists in the team,

training and fatigue. Observer effects were the main

factor affecting the misidentification rates (together

with the difficulty to identify the species for the

probability of simple misidentification at the species

level). Our results (and others) are contrary to the

suggestion by Kirby et al. (1986)’s that overlooking

is mainly a matter of chance and therefore, should be

more or less constant across observers.

Fewer species were missed when teams were

composed of at least two people, certainly because

the plot area effectively sampled increases with the

number of people surveying the plot. The teams with

at least two observers often included one expert plus

one or two less-experienced observer(s): this proba-

bly explains why the number of observers had little

impact on misidentification rates. Klimeš et al.

(2001) recommended that at least three observers

participate in plant censuses to guarantee data quality.

Experience has been repeatedly pointed out as one

of the main factors affecting the quality of vegetation

censuses (Kirby et al. 1986; Klimeš et al. 2001; Scott

and Hallam 2002; Archaux et al. 2006). Scott and

Hallam (2002) give figures showing that experts

misidentify fewer species than less competent observ-

ers (misidentification rate of 2.7% for experts against

4.6% for competent observers and 14.1% for less-

experienced observers). It is not easy to evaluate the

experience of an observer. In our case, we separated

two aspects of experience: the familiarity with the

local flora and the number of censuses carried out

during the three months preceding the calibration

exercises (training). Logically, the teams tended to

more often misidentify the species they were less

familiar with; a less expected result was that the

teams also overlooked them more often: part of the

overlooking errors concerning species teams are not

familiar with are probably misidentifications in

reality. This phenomenon probably explains why

teams who misidentified a greater proportion of

species also tended to miss more species (although

the relationship is weak, Fig. 4). As a result,

increasing the recording time would not necessarily

reduce the differences in observed richness between

teams; Archaux et al. (2006) effectively observed

that differences in observed species richness between

botanists do not decrease as the recording time

increases.

Contrary to our expectation, training did not

improve the quality of the censuses; on the contrary,

we found that teams that carried out more censuses

three months before the calibration trainings misi-

dentified a greater proportion of plants in the ground

layer. This would support the hypothesis that a kind

of routine occurs in the course of a survey, i.e. trained

teams may identify plants too quickly. Similarly,

censuses done late in the day were generally less

exhaustive in the ground layer than censuses done
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early in the day. One explanation may be that the

vegetation is progressively damaged by the visits of

the teams, although the teams mainly stayed outside

the subplots. A more likely explanation is that the

quality of the censuses diminishes as teams become

more tired.

Surprisingly, the recording time reduced only the

overlooking rate in the tree layer, indicating that

recording time essentially limits gross errors. The

limited effect of recording time on the quality of

census results is contrary to Archaux et al. (2006) but

agrees with the statement by Klimeš et al. (2001) that

some observers/teams of observers may be slower or

faster at completing their censuses. However, neither

our work, nor the study by Klimeš et al. (2001)

investigated how recorded species accumulate during

the censuses, contrary to Archaux et al. (2006); this

difference may explain why conclusions differed

between these studies.

Finally, plants for which certain teams expressed

some doubt about identification were indeed more

often misidentified than the average.

Recommendations for plant surveys

The comparison of our results with former stud-

ies shows that a significant and relatively

constant proportion of plant species are missed or

misidentified in vegetation surveys. To our knowl-

edge, however, the study of the magnitude of the

observer effect has been restricted to temperate and

boreal ecosystems and has never been done in

tropical ecosystems. In particular, the overlooking

and misidentification rates in the tree layer are likely

to be higher in tropical forests than in temperate and

boreal forests, due to the far higher diversity in tree

species. In temperate and boreal regions, our results

question the use of large plots to track differences in

species richness over space or time, especially if the

expected differences in richness are small. For

instance, plant communities usually evolve slowly

during the forest succession (except during the

youngest successional stages) (Aubert et al. 2003);

thus long-term monitoring programmes such as ICP

Forests may not allow us to reliably show such slow

dynamics, unless plots are surveyed by a single team

over time and team skills do not change over time

(two options probably not realistic in the long term).

Similarly, biogeographical studies based on large

data sets gathered by different teams of botanists in

different areas may suffer similar biases. For

instance, in 2000, teams participating in RENECO-

FOR were asked to record the presence of browsing

or fraying indices in the plots in addition to the name

and abundance of the plant species: the spatial

distribution of the records of browsing and fraying

exactly matches the spatial distribution of the teams

(Camaret et al. 2004). Since the teams survey groups

of plots, entire regions, sometimes with high abun-

dance of large herbivores, seem erroneously free

from herbivore impact.

There are obvious ways to reduce these errors

such as involving only botanists familiar with the

local flora, making only a few censuses per day

and limiting their number during the vegetation

season, and regularly enhancing team motivation

(as species are much more often missed than

misidentified). In our study, most botanists were

not experts in bryology, which may explain why

many bryophytes were overlooked and/or misiden-

tified: we would recommend sampling vascular

plants and bryophytes separately because (1)

searching for bryophytes on the ground distracts

the attention of the botanist from higher vegetation

layers and vice versa, and (2) botanists often have

different identification skills for the two taxonomic

groups.
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Fig. 4 Relationship between the overlooking rate and the

misidentification rate for ground vegetation in 2004 (open

symbols) and 2005 (closed ones) (Spearman’s r = 0.40,

z = 1.58, P = 0.11). Paired dots correspond to the six teams

who were involved both years
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The overlooking rate could also be reduced using

smaller plots by focusing the attention of the botanists

on a smaller area. However, this may not necessarily

be the case. For instance, Archaux et al. (2007) found

the repeatability of species richness to be similar for 2,

4 or 400-m2 plots (see also Table 3). Increasing the

recording time may be more effective than reducing

the plot size. For instance, on 100-m2 forest plots, it

may be necessary to spend at least 2 or 3 hours to get

more acceptable levels of exhaustiveness (it my also

be sensible to subdivide the plots into smaller

subplots, e.g. 50 1 m 9 2 m subplots). Fixing such

a minimum recording time may also limit the bias of

exhaustiveness we observed between species-rich and

species-poor quadrats (cf Archaux et al. 2006).

A second significant improvement of plant surveys

would be the use of teams of observers, even if all of

them are not experts, as recommended by Klimeš

et al. (2001). Teams composed of one expert in

vascular plants and one bryologist would probably be

an ideal configuration for plant studies. As species

whose identification teams doubted were indeed more

often misidentified, we strongly encourage teams

involved in monitoring programmes to note their

doubt in the field as these records could be more

easily related to previous or future records on the

same plots.

Finally, even though calibration exercises appar-

ently failed to significantly reduce observer effects,

we do think they help convince botanists of the

necessity to spend enough time on the plots to

carefully check all specimens of species prone to

misidentification. Calibrations also have some limits:

bringing all the teams together is costly and team

behaviour during training is likely to be different

from that in the field. Control visits are better adapted

to obtain more realistic estimates of observer errors:

during the survey, each team samples a few plots

shortly after these plots have been sampled by other

teams; observer effects can be estimated from these

pairs of independent censuses done by different teams

on the same plots. However, control visits cannot

be used to distinguish between overlooking and

identification errors (unless the controlled team

accompanies the control team during the control visit

to establish a consensual list). Thus, we recommend

associating calibrations and control visits in plant

surveys in general and in monitoring programmes in

particular.
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Abstract

The calcareous grasslands of the south-western French Alps have been poorly studied, although they provide suitable habitat for rare plant

species and communities. The separate and combined effects on calcareous grassland communities of habitat conditions (lithology, soil

moisture) and management regimes (grazing intensity, cutting regime) were studied using constrained ordination techniques (canonical

correspondence analysis with variance partitioning). Among the explanatory variables considered, the most important factor determining

floristic composition was lithology, which explained 11.9% of floristic variability, followed by grazing intensity (6.0%). Additive effects of

management and lithology explained 23.9% of floristic variability. Species niche amplitude was measured by conditional variances of

samples along main ordination axes, in order to define adequate conservation management for the rarest short-lived species with narrow

niche breadth on both habitat and management gradients.

q 2004 Elsevier Ltd. All rights reserved.

Keywords: Agricultural practices; Biodiversity; Conservation management; Constrained ordination; Grassland ecosystems; Grazing; Mowing; Shrub-clearing;

Niche amplitude; Rare species

1. Introduction

European calcareous grasslands are species-rich com-

munities providing useful examples for the study of

disturbance effects on species a-diversity and the mechan-

isms of species coexistence at the community level (During

and Willems, 1984; Van der Maarel and Sykes, 1993; Gigon

and Leutert, 1996; Thompson et al., 1996; Schläpfer et al.,

1998; Dutoit et al., 1999). Important mechanisms explaining

high levels of species coexistence in calcareous grassland

communities include differences between regeneration

niches of species (rather than differences between habitat

niches of adult plants) (Van der Maarel and Sykes, 1993),

spatio-temporal variations in opportunities for regeneration

(Willems et al., 1993; Thompson et al., 1996) and for

dispersal of species (Poschlod et al., 1998). Management

regimes such as grazing and mowing have a central role in

the establishment and maintenance of small-scale hetero-

geneity in grasslands, through patch dynamics (Gibson and

Brown, 1991; Van der Maarel, 1996), together with

geophysical factors such as geological underground, soil

type and depth, or microtopography (Grime, 1990; Gigon

and Leutert, 1996). Some previous studies focused on the

interactions between stress (e.g. water and nutrient avail-

ability) and disturbance (e.g. farming management)

(Fernandez Ales et al., 1993; Mc Intyre and Lavorel,

1994; Roche et al., 1998), or between several disturbance

regimes (Chaneton and Facelli, 1991; Belsky, 1992; Noy

Meir, 1995; Bergmeier, 1997; Dutoit et al., 1999). They

demonstrated the importance of interactive and cumulative

effects of different management regimes in the maintenance

of species coexistence in grasslands, especially for con-

servation management purposes (Bullock and Pakeman,

1997; Willems, 2001; WallisdeVries et al., 2002).

Southern limestone French Prealps represent hotspots for

the conservation of semi-natural dry calcareous grasslands

due to the exceptionally large extension of those habitats in
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this submediterranean area, compared to northern Europe.

However, calcareous grasslands of this area have received

little attention by plant ecologists, and existing studies focus

mostly on phytosociological classification of communities

(Gaultier, 1989). In contrast with the situation in northern

Europe where most of the remaining calcareous grasslands

are no longer used for agriculture, calcareous grasslands of

the Prealps are still currently used for low-intensity

livestock farming supported by agri-environmental schemes

(Barbaro et al., 2001).

Low-intensity farming systems allow the maintenance of

large patches of calcareous grasslands (.100 ha) where

dispersal of plants and insects is maintained by high habitat

connectivity (Baudry and Merriam, 1988; Mortimer et al.,

1998; Poschlod et al., 1998). An increasing risk of

development towards woody landscapes through shrub

encroachment of grasslands has been reported from several

parts of the southern French and Swiss Prealps where more

than 50% of the dry limestone grasslands have already

disappeared since 1950 (Léouffre and Leclerc, 1996;

Stampfli and Zeiter, 1999). As a result, many species with

particular life traits and high habitat specialisation have

been lost recently in calcareous grasslands of central Europe

due to a decrease in dispersal and establishment opportu-

nities at the landscape level (Fischer and Stöcklin, 1997;

Poschlod and Bonn, 1998).

However, there is a lack of knowledge concerning the

influence of particular management regimes (i.e. current

low-intensity agro-pastoral practices, often the combination

of cutting and grazing) on calcareous grassland dynamics

(Stampfli and Zeiter, 1999). The various grassland manage-

ment regimes controlled by livestock farming in the Vercors

Prealps offer an interesting context for the study of their

effects on the species composition of calcareous grasslands.

Moreover, such management regimes occur in very

particular habitat conditions, due to the biogeography (i.e.

a bioclimatic gradient between submediterranean and

northern prealpine regions), and geomorphology (i.e. the

Urgonian limestone tableland within the study area).

In the present study, the following questions are asked:

(i) What are the respective influence of habitat conditions

and management regimes on the floristic composition of

prealpine calcareous grasslands? (ii) What are their

combined effects, and which combination has the largest

impact on floristic variability? (iii) Is the measurement of

species niche amplitude in the above-defined ecological

gradients a useful tool to identify target species for

conservation?

2. Materials and methods

2.1. Study area and data collection

The Vercors is one of the most western massifs of the

external belt of the Alps. It extends to the northern subalpine

range of the French Alps, which are sedimentary mountains

oriented along a NW–SE direction, with a relief structured

by two deep limestone layers (Debelmas and Kerckhove,

1980). Geomorphological investigations have shown that

the Vercors may be divided into several ‘litho-systems’

(‘landscape units’ sensus Barthès and Bornand, 1987) such

as ‘pure limestone systems’ including the Urgonian table-

land, ‘marly limestone and marl systems’, and ‘slopes below

cliff systems’ which include slope screes and colluvium

(Boissier, 2000).

The Vercors is located at the bioclimatic limit between

the central European and Mediterranean regions (Fig. 1).

Fig. 1. Localisation of the study area (in grey: municipality territories where the 102 calcareous grasslands were sampled).
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The Mediterranean influence is important at the latitude of

Die (400 m, Drôme district, 582200600E, 4484502500N), in the

southern part of the Vercors tableland, with a mean annual

rainfall of 900 mm yr21 and a mean annual temperature of

11 8C. By contrast, the prealpine influence is predominant in

the north-eastern part of the range, in Villard-de-Lans

(1040 m, Isère district, 583300500E, 4580401900N), with a mean

annual rainfall of 1200 mm yr21 and a mean annual

temperature of 7 8C. The soils are mostly shallow

Rendosols, stony Lithosols, Brunisols and Colluviosols

(Corcket, 2000). Decarbonatation occurs above ca. 1000 m

of elevation due to increasing rainfall, and depends strongly

on geological underground and topographical position.

Habitat conditions within the study area range from xeric

conditions (Urgonian limestone of the tableland) to

mesoxeric (marl and marly limestone of hillsides) and

mesic conditions (colluvium and clays of the lower part of

slopes and valleys).

A stratified sampling of 102 calcareous grasslands,

according to the main agro-ecological variables, was

performed after preliminary classifications of Vercors

grasslands (Barbaro and Cozic, 1998). The species compo-

sition of these 102 calcareous grasslands was measured in

1996 and 1997, by the use of a 10-m long line transect which

was established randomly within each grassland in order to

take into account the small-scale heterogeneity of the

vegetation, especially in mosaics of grassland and shrubland

patches. Along this transect, we sampled 50 point-quadrats

separated by 20-cm intervals. In each of these 50 points, we

counted the number of individuals of each taxa touching a

30-cm long needle established perpendicular to the line and

the soil where the transect was established. Daget and

Poissonet (1995) and Sutherland (1996) have stressed that

50 points are enough to characterise the floristic compo-

sition and structure of grassland and meadow vegetation.

Thus, the number of pins of each species is proportional to

the species cover and the species frequency used in the

statistical analyses is the frequency of occurrence of a given

species on 50 points within a given sample.

Lithology and soil moisture were retained as the best

explanatory variables (Table 1) according to their relative

contributions in preliminary multivariate analyses of a table

of 8 habitat condition variables (Barbaro et al., 2000). These

variables included elevation, slope, aspect, topography,

mean annual temperature and decarbonatation level (reac-

tion of top soil horizon to HCl). According to the ordination

axes of a correspondence analysis on floristic data, climatic

variables and elevation ranked third in importance, after

edaphic stress and management, respectively (Barbaro and

Cozic, 1998). This is probably due to the fact that we

restricted our study to grasslands located under 1200 m

a.s.l., where mountain plant species are still scarce

compared to higher elevations. There is also a relationship

between lithology and elevation, since Urgonian limestones

are situated at higher elevations, and marly limestones and

colluvium at lower ones.

A quantitative estimation of soil moisture was calculated

as follows, based on simple measures of thickness,

rockiness and texture from a soil profile description for

each of the 102 grasslands (d’Epenoux, 1992):

SMI ¼
X

SMIðHiÞ

SMIðHiÞ ¼ textðHiÞ £ thickðHiÞ £ ð1 2 rockðHiÞÞ

SMIðHiÞ is soil moisture index of horizon i (in mm), textðHiÞ

is moisture coefficient for a given texture, e.g. 2 for silty

clay texture (in mm per cm of thickness), thickðHiÞ is

thickness of horizon i (in cm) and rockðHiÞ is rockiness of

horizon i (in %).

Management regimes were characterised with several

variables obtained from both farmer inquiries and field

observations during a 6 year period (Barbaro et al., 2001).

As for habitat variables, we retained the two best

explanatory variables (Table 1) to describe management

regimes (i.e. cutting or shrub-clearing frequency and

grazing intensity, in Livestock-Units-days ha21). These

two variables were also retained after preliminary multi-

variate analyses of a table of eight management variables,

which included paddock area, livestock type, grazing season

and duration, number of livestock units per paddock and

instantaneous stocking rate (Alard et al., 1994).

2.2. Data analysis

Direct gradient analysis (i.e. canonical correspondence

analysis (CCA)) was performed on the data set in order to

Table 1

Categories of habitat and management variables

Categories Frequency (%)

Habitat variables

1. Lithology a. Urgonian limestone 22.5

b. Slope scree 14.7

c. Marly limestone 25.5

d. Marl 16.7

e. Colluvium and clay 20.6

2. Soil moisture (mm) a. ,20 34.3

b. 20–40 29.4

c. .40 36.3

Management variables

1. Cutting regime a. Regular cutting (annual) 36.3

b. Irregular cutting (pluriannual) 35.3

c. Uncut 28.4

2. Grazing intensity

(L.U.-days ha21)

a. ,50 23.5

b. 50–200 35.3

c. 200–400 21.6

d. .400 19.6

The percentage frequency of each category in the total sample is given

ðn ¼ 102Þ:
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quantify the relationships between explanatory variables

and the floristic table (118 species-appendix 1 £ 102

samples). This method allows to study simultaneously

complex relations between species, and between species and

their environment (Ter Braak and Prentice, 1988; Økland,

1996; Van der Maarel, 1996). CCA (and its unconstrained

form, correspondence analysis) is the most adequate

ordination method, in accordance with the data table

structure (i.e. unimodal response curves for most of the

species) and because of its modelling properties (Ter Braak

and Prentice, 1988; Prodon and Lebreton, 1994). The basic

principle of CCA is to constrain the ordination axes to be

linear combinations of explanatory variables (Lebreton

et al., 1991).

Moreover, the respective and combined influence of

habitat conditions (i.e. lithology and soil moisture) and

management regimes (i.e. cutting regime and grazing

intensity) can be studied by partial CCA or CCA with

variance partitioning (Ter Braak, 1988; Sabatier et al., 1989;

Lebreton et al., 1991; Økland and Eilertsen, 1994; Roche

et al., 1998; Økland, 1999). It allows to remove statistically

the effect of a predominant factor masking the effects of

secondary factors still interesting to study (Yoccoz and

Chessel, 1988).

Different combinations of the categorical variables were

used to partition the variance in different effects (i.e.

separate, additive and combined effects), based on sample

projections in different orthonormal bases (Sabatier et al.,

1989; Chessel, 1997). Statistical significance of the effect of

each variable or combination of variables was tested

according to a Monte-Carlo permutation test with 2000

permutations (Chessel, 1997). Moreover, the ratio of total

inertia ðIÞ of each separate CCA to total inertia of

unconstrained CA can be considered as a Multiple

Correlation Ratio (MCR, in %) (Sabatier et al., 1989). It

allows to evaluate the percentage of total floristic variation

explained by a given variable or combination of variables

(Lebreton et al., 1991). The ratio of total inertia to the

number of factors (i.e. the number of categories of

explanatory variables), noted I=F; was calculated in order

to compare the explanatory power of variables and

combination of variables with different numbers of

categories (3–5 in this study).

Multivariate analyses were performed in three steps: (i)

analysis of the effect of habitat variables and their combined

effects, (ii) analysis of the effect of management variables

and their combined effects, (iii) analysis of the additive

effect of various combinations of habitat and management

variables, in order to obtain the best possible multivariate

model for predicting floristic composition of calcareous

grasslands (i.e. with both the highest possible MCR and the

lowest number of factors compared to the number of

samples).

Niche amplitude of each species along ordination axes

can be calculated after CA (Chessel et al., 1982; Balent,

1991) or CCA (Mc Intyre and Lavorel, 1994; Alard

and Poudevigne, 2000). It is measured, for each ordination

axis, by the conditional variance of sample scores where a

given species is present (Chessel et al., 1982), and allows to

quantify species response to the main agro-ecological

factors (main CA or CCA ordination axes). All the

multivariate analyses were performed with ADE-4 software

(Thioulouse et al., 1997).

3. Results

3.1. Separate and combined effect of lithology

and soil moisture

Analyses of the separate effects of habitat conditions

showed that lithology was the most determinant factor with

both highest total inertia (0.595), inertia per factor (0.119)

and MCR (11.9%) (Table 2).

The separate effect of soil moisture explained 5.2% of

total floristic variability, and the additive effect of

lithology þ soil moisture 14.5%, both significant at p #

0:001 according to a Monte-Carlo test with 2000 permu-

tations. The combined effect of habitat conditions

(lithology £ soil moisture) was also significant at p #

0:001 and explained 22.9% of the floristic ordination of

samples in unconstrained CA (Fig. 2). As a result, the

structure of floristic composition of prealpine calcareous

grassland communities could be largely predicted by these

soil variables only. This floristic structure was characterised

by an ordination from mesic to xeric communities on axis 1,

and on axis 2, from open short grasslands occurring

preferentially on Urgonian limestone and colluvium, to

grassland-scrub mosaics occurring preferentially on marly

limestone and marl (Fig. 2).

3.2. Separate and combined effect of management regimes

The separate influence of management regimes on

floristic composition was 4.7% for cutting regime and

6.0% for grazing intensity, and the inertia for these factors

was close (0.078 and 0.075, respectively); both were

significant at p # 0:001 (Table 2) The additive effect of

cutting regime þ grazing intensity explained 9.1% of total

floristic variability and the combined effect of cutting

regime £ grazing intensity 14.5%. Management was less

influential than habitat in explaining species composition

but was still important, although partially masked by

distinct habitat conditions (mostly water and nutrient

availability). Axis 1 of the corresponding CCA was a

management intensity gradient combining the influence of

both cutting and grazing regimes (Fig. 3). As a result, taking

only into account the management variables was not

sufficient to predict the floristic composition of calcareous

grassland communities mostly determined by lithology. As

plant species have distinct habitat requirements and occur in

particular grassland types more than others, their response
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to management can be masked by distinct habitat con-

ditions. But even if the part of variance explained by

management alone was less important than that explained

by habitat conditions alone, species were ordinated accord-

ing to their direct response to management irrespective of

habitat conditions.

3.3. Additive effect of habitat conditions and management

regimes

Since CCA remains a robust method as long as the

number of factors is ca 10% of the number of samples

(Prodon and Lebreton, 1994), several combinations of

Fig. 2. Sample ordination by CCA with combined effect of habitat (lithology £ soil moisture). 1a ¼ Urgonian limestones, 1b ¼ Slope screes, 1c ¼ Marly

limestones, 1d ¼ Marls, 1e ¼ Colluvium and clays. 2a ¼ Soil moisture ,20 mm, 2b ¼ 20–40 mm, 2c ¼ .40 mm. Each circle is located at the barycentre of

samples occurring in each category.

Table 2

Variance partitioning of canonical correspondence analysis and partial CCA

I F I=F MCR (%) p

(1) Separate and combined effects of habitat

Lithology 0.595 5 0.119 11.9 ***

Soil moisture 0.258 3 0.086 5.2 ***

Lithology þ soil moisture 0.721 8 0.090 14.5 ***

Habitat ¼ lithology £ soil moisture 1.145 15 0.077 22.9 ***

(2) Separate and combined effects of management

Cutting regime 0.233 3 0.078 4.7 ***

Grazing intensity 0.298 4 0.075 6.0 ***

Cutting regime þ grazing intensity 0.453 7 0.065 9.1 ***

Management ¼ cutting regime £ grazing intensity 0.724 12 0.060 14.5 ***

(3) Additive effects of habitat and management

Cutting regime þ lithology 0.733 8 0.092 14.7 ***

Grazing intensity þ lithology 0.832 9 0.092 16.7 ***

Management þ lithology 1.191 17 0.070 23.9 ***

Cutting regime þ habitat 1.266 18 0.070 25.4 ***

Grazing intensity þ habitat 1.347 19 0.071 27.0 ***

Management þ habitat 1.671 27 0.062 33.5 ***

I is total inertia of CCA, F is the number of factors (i.e. the number of categories per variable), MCR is a multiple correlation ratio measuring the quality of

the prediction of sample scores by explanatory variables (% of total variance explained), it is calculated by the ratio: total inertia of CCA/total inertia of

unconstrained CA, which is 4.99; p is the significance level according to the Monte-Carlo test with 2000 permutations, with ***p # 0:001:
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habitat and management factors were attempted in order to

obtain the best multivariate model of floristic variability (i.e.

with both a high MCR and a low number of factors). Results

showed that the highest percentage of variability (33.5%)

was explained by the additive effects of habitat þ

management (i.e. (lithology £ soil moisture) þ (cutting

regime £ grazing intensity)), but with a high number of

factors compared to the number of samples (27 versus 102).

Thus, the best model was obtained with the additive effects

of management þ lithology, with a MCR of 23.9% and 17

factors (significant at p # 0:001), since the additive effects

of grazing þ habitat and cutting þ habitat did not strongly

increase the MCR (Table 2).

Species ordination by CCA of the additive effect of

management þ lithology (Fig. 4) is very close to that

obtained by unconstrained CA. Thus, it indicated that the

combination of cutting and grazing regimes that allows

the maintenance of open short grassland communities with

low shrub encroachment (Table A2) was found preferen-

tially on colluvium and Urgonian limestones, mainly

because of favourable topographical location. By contrast,

mesoxeric grasslands occurring on marl and marly

limestones were generally characterised by higher shrub

encroachment (mostly with Genista cinerea, Juniperus

communis and Pinus sylvestris), because of lower grazing

intensity and absence or irregularity of mechanical cutting

(Fig. 4; Table A2). The relationship between grazing

intensity and lithology tested by one-factor ANOVA

was significant at p # 0:001 (F-ratio ¼ 5.472, n ¼ 102).

Significant differences between mean grazing intensities

under the different lithologies were tested with a Fischer’s

Least-Square-Difference test (Fig. 5). It indicated that

significantly ðp # 0:002Þ higher grazing intensities occur

on Urgonian limestone (377.8 ^ 51.1 L.U.-days ha21) and

colluvium (379.6 ^ 53.5), whereas significantly lower

ones occur on marly limestone (154.3 ^ 48.1) and marl

(126.9 ^ 59.5).

3.4. Species responses to habitat conditions

and management regimes

We established species niche amplitude along the first

and second axis of the CCA with additive effects of

management þ lithology, i.e. respectively the gradient of

edaphic stress (Fig. 6) and management intensity (Fig. 7).

Species turnover along agro-ecological gradients was

summarised, and it was possible to find indicator species

for each stage of both gradients (i.e. species with both

narrow niche amplitude and high correlation for a given

factor). Thus, the idea of niche-sharing in oligotrophic

grazed communities was illustrated by the high degree of

niche overlap along gradients.

Moreover, species can be classified according to their

response to habitat conditions and management regimes.

On the edaphic stress gradient (Fig. 6), species restricted

to xeric oligotrophic grasslands on very shallow soils had

both isolation at the higher part of the gradient and

narrow niche breadth along this axis (Aira caryophyllea,

Fig. 3. Sample ordination by CCA with combined effect of management (cutting regime £ grazing intensity). 1a ¼ Regular cutting, 1b ¼

Irregular cutting, 1c ¼ No cutting, 2a ¼ Grazing intensity ,50 L.U.-days ha21, 2b ¼ 50–200 L.U.-days ha21, 2c ¼ 200–400 L.U.-days ha21,

2d ¼ .400 L.U.-days ha21.
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Trinia glauca, Bupleurum baldense, Bombycilaena

erecta). By contrast, species widespread and often

dominant under low to intermediate level of water and

nutrient availability (e.g. Thymus serpyllum, Teucrium

chamaedrys, Festuca ovina, Bromus erectus, Carex

hallerana) had a large amplitude on the higher part of

axis 1, as well as rarer species such as Trifolium

scabrum, Petrorhagia prolifera or Argyrolobium zanonii.

Species tolerating oligotrophy but not xericity and

occurring preferably or exclusively on marls and marly

limestones (Hieracium pilosella, Brachypodium pinnatum,

Briza media, Ranunculus bulbosus, Lotus corniculatus)

had a large habitat amplitude on the lower part of this

axis. Species restricted to marly bedstones in the

southern submediterranean part of the study area had a

narrow niche breadth (e.g. Dorycnium pentaphyllum,

Chamaecytisus supinus, Lavandula angustifolia, Psoralea

bituminosa, Catananche caerulea). At the end of this

axis were located species favoured by nutrient enrich-

ment (Achillea millefolium, Dactylis glomerata, Poa

pratensis, Lolium perenne, Bellis perennis, Taraxacum

officinale).

Species of highly disturbed grasslands occurred at

the higher part of the gradient of management intensity,

with narrow niche amplitude (Fig. 7). They had high

tolerance to trampling (L. perenne), grazing (B. erecta,

A. caryophyllea) or cutting disturbance (Sherardia

arvensis), irrespective of their water or nutrient requirements.

Species tolerating regular cutting and high to intermediate

grazing pressure had narrow to large niche in the higher part

of the gradient (e.g. Koeleria pyramidata, T. scabrum, B.

baldense, Dianthus sylvestris, P. prolifera). Species occur-

ring preferably under moderate to low grazing pressure

included typical taxa of meso-acidophilous grasslands

(Dianthus monspessulanus, Carlina acaulis ssp caulescens,

Fig. 4. Species ordination by CCA with additive effect of management þ lithology.

Fig. 5. Mean (^standard deviation) grazing intensities per lithological

categories. 1 ¼ Urgonian limestones, 2 ¼ Slope screes, 3 ¼ Marly lime-

stones, 4 ¼ Marls, 5 ¼ Colluvium and clays. Different letters denote

significant differences between categories according to a pairwise mean

comparison test (Fischer’s L.S.D. test at p # 0:002).
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Danthonia decumbens, Centaurium erythraea), and several

forbs with morphological defences to grazing (e.g. Eryn-

gium campestre, Carlina spp, Cirsium acaule, Ononis

spinosa). Finally, at the end of this gradient were located

typical species of dense undisturbed grasslands which

tolerate very low grazing pressure or total absence of

management, with both large (e.g. B. pinnatum) or narrow

habitat amplitude (e.g. Vincetoxicum hirundinaria, Hier-

acium murorum, Hieracium bifidum, C. supinus).

4. Discussion

4.1. Effects of lithology and soil moisture

Among the explanatory variables considered in the

present study, the most important factor determining

floristic composition of prealpine calcareous grassland

communities was lithology, which was twice as important

a determining factor as the second most important factor,

grazing intensity (respectively 12 and 6%). However, the

two other factors taken into account, soil moisture and

cutting regime, were comparable in rank to grazing (ca. 5%

each). Although the structure of the floristic composition

showed a strong dependence on lithology, with groups of

species restricted to one particular lithology, an important

part of this structure was influenced by other factors,

especially management regimes.

In oligotrophic grassland communities, the effect of

management is often masked by edapho-climatic factors, so

that its influence can be under-evaluated. In this study, the

combined effects of habitat conditions (lithology £ soil

moisture) explained ca. 23% of total floristic variability,

although the combined effect of management still explained

14.5%, which is close to the results obtained by similar

studies (Mc Intyre and Lavorel, 1994). However, the

percentage of variation in floristic composition explained

by the effect of lithology was more important than the one

reported by these authors for Australian grasslands, where

elevation was predominant. In the case of Vercors prealpine

Fig. 6. Species niche amplitude along habitat condition gradient (CCA axis 1). For each species, dots are located at their mean position along the

ordination axis and the size of the dot is proportional to species weight in CCA. Horizontal bars indicate the variance of sample scores where a given

species is present.
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grasslands, this higher influence of lithology can be related

to its important correlations with other geophysical factors,

because of the geomorphological structure of the study area.

As a result, lithology can be considered as the

predominant habitat variable for calcareous grasslands of

the Vercors, at least at the community level, and can be used

as a background for the study of management effects. The

effect of habitat conditions, as measured by the combined

effect of lithology £ soil moisture was more important than

the effect of management regimes. This differs from

Belsky’s conclusions (1992), who suggested a stronger

effect of disturbance than physical stress or competition in

structuring some grassland communities. However, it has

been shown that the patterns of floristic variability observed

are scale-dependent and that the sampling design has a

strong influence on the dominance hierarchy of ecological

factors (Chaneton and Facelli, 1991).

4.2. Effects of management regimes

Lithology is also significantly correlated with manage-

ment variables, and especially grazing, which is a frequent

case in semi-natural grasslands as demonstrated by similar

studies (Alard and Poudevigne, 2000). Regular cutting and

high grazing intensities currently occur mostly on colluvium

and Urgonian limestone of the Vercors tableland, where

mechanical cutting is easier than on the slopes. There are

distinct and complementary influences of ploughing,

mowing, shrub-clearing and grazing on calcareous grass-

land communities (During and Willems, 1984; Dolman and

Sutherland, 1994; Mitchley and Willems, 1995; Schläpfer

et al., 1998; Dutoit et al., 1999). Three main combinations of

grazing and cutting regimes occur in the Vercors: (i)

a combination of irregular, pluri-annual shrub-clearing and

grazing intensity under 50 L.U.-days ha21; (ii)

a combination of regular, annual mowing and/or mechanical

shrub-clearing and grazing intensity above 400 L.U.-days

ha21; (iii) intermediate grazing intensities (between 50 and

400 L.U.-days ha21) with mostly no cutting or shrub-

clearing.

Each combination of management regimes is related

preferentially to one or two lithologies, which determine

for a large part the species pool that may occur on

corresponding grasslands (Gigon and Leutert, 1996). For

example, irregular cutting and low grazing

intensities favour tall grasses and forbs intolerant to

grazing (Ward and Jennings, 1990; Mitchley and

Willems, 1995; Schläpfer et al., 1998). In the Vercors,

Fig. 7. Species niche amplitude along management intensity gradient (CCA axis 2).
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it is the case for Lathyrus pratensis, Vicia cracca,

Arrhenatherum elatius, Pimpinella saxifraga, Viola hirta

or Clinopodium vulgare, occurring mostly on deeper soils

(located on marl and colluvium). By contrast, regular

cutting and high grazing intensities on colluvial soils

favour short graminoids and legumes adapted to frequent

defoliation, such as L. perenne and Trifolium repens

(Bullock et al., 1994; Watt et al., 1996), rosette species

such as B. perennis or Leontodon hispidus (Ward and

Jennings, 1990; Mitchley and Willems, 1995), as well as

annuals (Verkaar et al., 1983; Gibson and Brown, 1991).

On Urgonian limestones, the same management

(especially with autumn and winter grazing) favours

rare annuals such as A. caryophyllea, B. erecta or T.

scabrum, because it increases seedling establishment

within rocky, bare ground or short sward patches

(Bullock et al., 1994; Watt et al., 1996; Bergmeier,

1997). Finally, intermediate grazing intensities without

cutting on slope screes, marly limestones and marls

favour short mediterranean or thermophilic chamephytes

such as D. pentaphyllum, A. zanonii, Genista pilosa ssp

jordani, Coronilla minima or Linum tenuifolium.

4.3. Implications for conservation management

As pointed out by Schläpfer et al. (1998), it is

imperative for calcareous grassland conservation to define

precisely the responses of species to particular manage-

ment regimes in order to avoid any losses of species by

inadequate changes in agro-pastoral management (e.g. by

grazing a long-term mown grassland or mowing a long-

term grazed grassland, see Kahmen et al. (2002)). The

combination of management regimes generally increases

the occurrence of rare species within grassland commu-

nities because of interactive and cumulative effects of

two particular disturbances, e.g. grazing and flooding

(Chaneton and Facelli, 1991), grazing and burning (Noy

Meir, 1995; Bergmeier, 1997), grazing and mowing

(Bullock and Pakeman, 1997), or mowing and ploughing

(Dolman and Sutherland, 1994; Dutoit et al., 1999). By

contrast, the use of mowing without grazing cannot

always restore species-rich calcareous grassland (Stampfli

and Zeiter, 1999), notably in cases where there is a lack

of adjacent seed sources (Poschlod et al., 1998).

In the calcareous grasslands of the Vercors, the

combination of grazing and regular cutting of oligotrophic

xeric grasslands established on Urgonian limestones lead

to both high species richness and rarity, with several

annuals of conservation interest. Small-scale heterogeneity

in sward structure created by the cumulative effect of

cutting and grazing enhances the opportunities for

establishment and regeneration of new species, since it

is a major mechanism of species coexistence in calcareous

grassland communities (Van der Maarel and Sykes, 1993;

Willems et al., 1993; Thompson et al., 1996). Additive

effects of trampling and random dung deposition

throughout large paddocks increase respectively bare

ground patches and ungrazed fertilised patches, in

combination with microtopography variation, so that it

allows coexistence of species with very different light and

nutrient requirements (During and Willems, 1984; Mitch-

ley and Willems, 1995; Schläpfer et al., 1998). For

example, species such as B. erecta and Cynosurus

cristatus can coexist in the same plots within xeric

submediterranean grasslands of southern Vercors (Ono-

nido-Carlinetum, Gaultier, 1989). Moreover, the influence

of grazing animal and grazing season (Bullock et al.,

1994; Watt et al., 1996; Bullock and Pakeman, 1997),

despite their lower importance compared to grazing

intensity and cutting frequency, have to be taken into

account as far as the conservation of a particular target

species is concerned, especially for rare orchids (Willems

and Melser, 1998; Barbaro et al., 2003).

5. Conclusion

The main factors influencing floristic variability within

calcareous grassland communities of the Vercors are the

additive effect of management (cutting regime £ grazing

intensity) and lithology, which is the most important abiotic

factor of variation for the study area. Approximately 25% of

total floristic variability is explained by only three variables

that one can easily obtain from field surveys in large areas

such as the southern French Prealps. Other potential

explanatory factors of the remaining unexplained variation

include the influence of landscape structure on dispersal

processes (Poschlod et al., 1998; Pärtel et al., 1999;

Burnside et al., 2002), and the history of the management

practices (Chaneton and Facelli, 1991; Schläpfer et al.,

1998; Dutoit et al., 1999, 2003).

Changes in landscape structure surrounding calcareous

grasslands are probably crucial to explain current patterns of

rare species occurrence (Poschlod et al., 1998; Pärtel et al.,

1999; Stampfli and Zeiter, 1999), since most mesoxeric

grasslands occurring on marls, slope screes and marly

limestones are now surrounded by woods and dense

shrublands within the study area. When grasslands are

surrounded by wooded areas and isolated from other

grasslands acting as potential seed sources, there is a lack

of species dispersal for re-colonisation of grasslands

restored by shrub-clearing and grazing (Barbaro et al.,

2001). By contrast, mesic and xeric grasslands have been

successfully restored by current management regimes

because these grasslands are surrounded by other grazed

or mown grasslands (Barbaro et al., 2001).

Finally, analysis of the functional responses of species on

the basis of the relationship between species life traits and

environmental factors can be a useful tool for management

(Belsky, 1992; Fernandez Ales et al., 1993; Thompson et al.,

1996; Lavorel et al., 1998; Barbaro et al., 2000). For

example, in the Vercors most of the short-lived rare species
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no longer occur on lithologies other than Urgonian

limestones of the tableland, and to a lesser extent on deeper

colluvial soils when unfertilised. We suggest that measuring

the niche breadth of species along constrained ordination

axes corresponding to habitat and management gradients

allows to hierarchize conservation priorities between

species within a given biogeographic area, and to focus

conservation strategies on species with particular life traits

(Barbaro et al., 2000, 2003). Further research on the

influence of current agro-pastoral practices and landscape

structure on prealpine calcareous grasslands are needed, in

order to define precisely adequate conservation manage-

ment of endangered species and communities, according

to their particular responses to management regimes

(Schläpfer et al., 1998; Willems and Melser, 1998).
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Appendix

Tables A1 and A2.

Table A1

Species list in alphabetical order

Species

Achillea millefolium L. Juniperus communis L.

Agrimonia eupatoria L. Knautia arvensis (L.) Coulter

Agrostis capillaris L. Koeleria pyramidata

(Lam.) P. Beauv.

Aira caryophyllea L. Lathyrus pratensis L.

Anthoxanthum odoratum L. Lavandula angustifolia Mill.

Anthyllis vulneraria L. Leoontodon hispidus L.

Arabis hirsuta (L.) Scop. Leucanthemum vulgare Lam.

Argyrolobium zanonii

(Turra) P.W. Ball.

Linum tenuifolium L.

Arrhenatherum elatius (L.)

J. et C. Presl

Lolium perenne L.

Asperula cynanchica L. Lotus corniculatus L.

Avenula pratensis (L.) Dum. Luzula campestris (L.) DC.

Bellis perennis L. Medicago lupulina L.

Table A1 (continued)

Species

Blackstonia perfoliata

(L.) Hudson

Onobrychis vicifolia Scop.

Bombycilaena erecta

(L.) Smolj.

Ononis repens L.

Brachypodium pinnatum (L.)

P. Beauv.

Ononis spinosa L.

Briza media L. Origanum vulgare L.

Bromus erectus Huds. Petrorhagia prolifera (L.)

Ball et Heywood.

Bupleurum baldense Turra Pimpinella saxifraga L.

Buxus sempervirens L. Plantago lanceolata L.

Campanula rotundifolia L. Plantago media L.

Carex flacca Schreb. Poa bulbosa L.

Carex hallerana Asso Poa compressa L.

Carlina acaulis L. Poa pratensis L.

Carlina acaulis ssp caulescens L. Polygala calcarea

F.W. Schultz

Catananche caerulea L. Polygala vulgaris L.

Centaurea jacea s.l. Potentilla tabernaemontani

Asch.

Centaurium erythraea Rafn Prunella laciniata (L.) L.

Cerastium pumilum Curtis Prunella vulgaris L.

Chamaecytisus supinus

(L.) Link

Psoralea bituminosa L.

Chamaespartium saggitale (L.)

P. Gibbs

Quercus pubescens Wild.

Cirsium acaule (L.) Web Ranunculus acris L.

Clinopodium vulgare L. Ranunculus bulbosus L.

Coronilla minima L. Rhinanthus alectorolophus

(Scop.) Pollich

Coronilla varia L. Rosa canina L.

Crataegus monogyna Jacq. Salvia pratensis L.

Cynosurus cristatus L. Sanguisorba minor Scop.

Dactylis glomerata L. Scabiosa columbaria s.l.

Danthonia decumbens

(L.) DC

Sedum acre L.

Daucus carota L. Sedum album L.

Dianthus monspessulanus Sedum reflexum L.

Dianthus sylvestris Wulf. Sherardia arvensis L.

Dorycnium pentaphyllum s.l. Taraxacum officinale Web.

Eryngium campestre L. Teucrium chamaedrys L.

Festuca arundinacea

Schreb.

Teucrium montanum L.

Festuca glauca s.l. Teucrium polium L.

Festuca ovina s.l. Thesium divaricatum Jan.

Festuca rubra L. Thymus serpyllum s.l.

Galium mollugo L. Trifolium campestre Schreb.

Galium pumilum s.l. Trifolium medium L.

Genista cinerea DC. Trifolium montanum L.

Genista pilosa L. Trifolium pratense L.

Globularia punctata

Lapeyr.

Trifolium repens L.

Helianthemum nummularium

(L.) Mill.

Trifolium scabrum L.

Hieracium bifidum Kit. Trinia glauca (L.) Dum.

Hieracium murorum L. Trisetum flavescens

(L.) Beauv.

Hieracium pilosella L. Verronica chamaedrys L.

Hippocrepis comosa L. Vicia cracca L.

Holcus lanatus L. Vincetoxicum hirundinaria Med.

Hypericum perforatum L. Viola hirta L.
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Table A2

Factorial co-ordinates of species on the first two axes extracted from the canonical correspondence analysis

Species Axis 1 (stress) Species Axis 2 (management)

Trinia glauca 1.82 Lolium perenne 1.59

Buxus sempervirens 1.79 Sedum album 1.54

Aira caryophyllea 1.77 Sherardia arvensis 1.53

Bombycilaena erecta 1.75 Aira caryophyllea 1.49

Bupleurum baldense 1.65 Ranunculus acris 1.28

Teucrium polium 1.60 Bombycilaena erecta 1.24

Koeleria pyramidata 1.58 Holcus lanatus 1.21

Dianthus sylvestris 1.49 Trinia glauca 1.17

Sedum acre 1.45 Koeleria pyramidata 1.03

Sedum album 1.41 Taraxacum officinales 1.02

Festuca glauca 1.40 Festuca glauca 0.96

Anthyllis vulneraria 1.36 Trifolium scabrum 0.91

Teucrium montanum 1.35 Trifolium repens 0.87

Poa bulbosa 1.28 Poa bulbosa 0.81

Genista cinerea 1.26 Bellis perennis 0.79

Petrorhagia prolifera 1.23 Trifolium pratense 0.78

Trifolium scabrum 1.05 Bupleurum baldense 0.72

Campanula rotundifolia 1.03 Veronica chamaedrys 0.69

Potentilla tabernaemontani 1.01 Trifolium campestre 0.68

Arabis hirsuta 1.00 Rhinanthus alectorolophus 0.67

Sherardia arvensis 0.92 Anthyllis vulneraria 0.65

Rhinanthus alectorolophus 0.87 Trisetum flavescens 0.63

Ononis spinosa 0.87 Teucrium polium 0.61

Galium pumilum 0.82 Campanula rotundifolia 0.60

Avenula pratensis 0.81 Genista cinerea 0.60

Danthonia decumbens 0.69 Onobrychis viciifolia 0.58

Sedum reflexum 0.68 Agrimonia eupatoria 0.56

Eryngium campestre 0.68 Sedum acre 0.56

Trifolium campestre 0.64 Agrostis capillaris 0.55

Thesium divaricatum 0.63 Medicago lupulina 0.54

Argyrolobium zanonii 0.62 Lathyrus pratensis 0.54

Teucrium chamaedrys 0.60 Petrorhagia prolifera 0.53

Asperula cynanchica 0.55 Plantago lanceolata 0.51

Thymus serpyllum 0.52 Arabis hirsuta 0.50

Chamaespartium saggitale 0.51 Dianthus sylvestris 0.50

Linum tenuifolium 0.40 Cynosurus cristatus 0.46

Onobrychis viciifolia 0.39 Salvia pratensis 0.46

Helianthemum nummularium 0.39 Luzula campestris 0.45

Cerastium pumilum 0.38 Achillea millefolium 0.42

Festuca ovina 0.37 Avena pratensis 0.40

Globularia punctata 0.26 Leotondon hispidus 0.38

Sanguisorba minor 0.22 Festuca arundinacea 0.37

Luzula campestris 0.21 Buxus sempervirens 0.35

Hypericum perforatum 0.21 Poa compressa 0.35

Dorycnium pentaphyllum 0.18 Sanguisorba minor 0.33

Bromus erectus 0.10 Arrhenatherum elatius 0.32

Carex hallerana 0.10 Poa pratensis 0.31

Coronilla minima 0.09 Prunella vulgaris 0.30

Quercus pubescens 0.06 Teucrium montanum 0.29

Juniperus communis 0.06 Potentilla tabernaemontani 0.28

Carlina acaulis 0.05 Plantago media 0.26

Polygala calcarea 0.03 Lotus corniculatus 0.25

Hippocrepis comosa 0.02 Galium pumilum 0.24

Poa compressa 0.02 Anthoxanthum odoratum 0.19

Blackstonia perfoliata 0.00 Cerastium pumilum 0.18

Hieracium pilosella 20.01 Dactylis glomerata 0.12

Prunella laciniata 20.03 Eryngium campestre 0.11

Dianthus monspessulanus 20.08 Dianthus monspessulanus 0.09

Chamaecytisus supinus 20.11 Daucus carota 0.09

(continued on next page)
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Table A2 (continued)

Species Axis 1 (stress) Species Axis 2 (management)

Briza media 20.11 Thymus serpyllum 0.08

Hieracium murorum 20.11 Asperula cynanchica 0.07

Carex flacca 20.13 Ranunculus bulbosus 0.06

Ranunculus bulbosus 20.13 Festuca rubra 0.06

Knautia arvensis 20.13 Galium mollugo 0.04

Vincetoxicum hirundinaria 20.14 Origanum vulgare 0.04

Pimpinella saxifraga 20.14 Prunella laciniata 0.04

Agrostis cappilaris 20.15 Danthonia decumbens 0.02

Centaurium erythraea 20.15 Knautia arvensis 0.01

Genista pilosa 20.15 Sedum reflexum 20.01

Cirsium acaule 20.16 Polygala vulgaris 20.03

Brachypodium pinnatum 20.16 Ononis repens 20.06

Trifolium pratense 20.20 Chamaespartium sagittale 20.07

Trifolium montanum 20.22 Carlina acaulis ssp caulescens 20.07

Carlina acaulis ssp caulescens 20.22 Bromus erectus 20.08

Catananche caerulea 20.22 Leucanthemum vulgare 20.11

Lavandula angustifolia 20.24 Briza media 20.11

Cynosurus cristatus 20.24 Thesium divaricatum 20.14

Hieracium bifidum 20.26 Trifolium montanum 20.15

Salvia pratensis 20.27 Hieracium pilosella 20.17

Rosa canina 20.28 Ononis spinosa 20.20

Psoralea bituminosa 20.30 Centaurea jacea 20.26

Trifolium medium 20.31 Carex hallerana 20.27

Origanum vulgare 20.32 Genista pilosa 20.30

Scabiosa columbaria 20.33 Centaurium erythraea 20.32

Crataegus monogyna 20.33 Cirsium acaulis 20.33

Polygala vulgaris 20.34 Viola hirta 20.34

Festuca rubra 20.37 Trifolium medium 20.34

Lotus corniculatus 20.37 Helianthemum nummularium 20.34

Medicago lupulina 20.38 Clinopodium vulgare 20.35

Clinopodium vulgare 20.38 Argyrolobium zanonii 20.36

Daucus carota 20.42 Pimpinella saxifraga 20.37

Plantago media 20.44 Coronilla varia 20.39

Leoontodon hispidus 20.44 Rosa canina 20.39

Leucanthemum vulgare 20.44 Carex flacca 20.40

Viola hirta 20.45 Crataegus monogyna 20.41

Vicia cracca 20.46 Hypericum perforatum 20.42

Plantago lanceolata 20.52 Scabiosa columbaria 20.46

Coronilla varia 20.52 Vincetoxicum hirundinaria 20.54

Achillea millefolium 20.54 Vicia cracca 20.56

Ononis repens 20.55 Polygala calcarea 20.56

Anthoxanthum odoratum 20.59 Brachypodium pinnatum 20.57

Dactylis glomerata 20.63 Teucrium chamaedrys 20.58

Centaurea jacea 20.71 Linum tenuifolium 20.67

Galium mollugo 20.72 Globularia punctata 20.68

Prunella vulgaris 20.75 Juniperus communis 20.69

Trifolium repens 20.90 Hieracium bifidum 20.75

Trisetum flavescens 20.91 Hieracium murorum 20.76

Poa pratensis 20.92 Festuca ovina 20.79

Lathyrus pratensis 20.94 Coronilla minima 20.84

Festuca arundinacea 20.96 Hippocrepis comosa 20.89

Verronica chamaedrys 20.98 Carlina acaulis 20.95

Bellis perennis 20.99 Blackstonia perfoliata 20.99

Arrhenatherum elatius 21.09 Chamaecytisus supinus 21.00

Ranunculus acris 21.18 Dorycnium pentaphyllum 21.02

Agrimonia eupatoria 21.34 Catananche caerulea 21.15

Lolium perenne 21.37 Psoralea bituminosa 21.17

Taraxacum officinale 21.37 Lavandula angustifolia 21.51

Holcus lanatus 21.42 Quercus pubescens 21.61
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calcicoles du Vercors (Préalpes, France). Botanica Helvetica 113/1,

63–79.

Barthès, J.P., Bornand, M., 1987. Cartographie des sols en moyenne
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calcicoles de la vallée de la Seine en Haute-Normandie (France).

Canadian Journal of Botany 77, 1–12.

Dutoit, T., Buisson, E., Roche, P., Alard, D., 2003. Land use history and

botanical changes in the calcareous hillsides of Upper-Normandy

(North-western France): new implications for their conservation

management. Biological Conservation 115, 1–19.

d’Epenoux, F., 1992. Relations milieu-production: application au pin noir

d’Autriche dans les Alpes externes méridionales. PhD Thesis,
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Summary

 

1.

 

Once neglected, the role of facilitative interactions in plant communities has received consider-
able attention in the last two decades, and is now widely recognized. It is timely to consider the
progress made by research in this field.

 

2.

 

We review the development of plant facilitation research, focusing on the history of the field, the
relationship between plant–plant interactions and environmental severity gradients, and attempts
to integrate facilitation into mainstream ecological theory. We then consider future directions for
facilitation research.

 

3.

 

With respect to our fundamental understanding of  plant facilitation, clarification of  the
relationship between interactions and environmental gradients is central for further progress, and
necessitates the design and implementation of experiments that move beyond the clear limitations
of previous studies.

 

4.

 

There is substantial scope for exploring indirect facilitative effects in plant communities,
including their impacts on diversity and evolution, and future studies should connect the degree
of  non-transitivity in plant competitive networks to community diversity and facilitative
promotion of  species coexistence, and explore how the role of  indirect facilitation varies with
environmental severity.

 

5.

 

Certain ecological modelling approaches (e.g. individual-based modelling), although thus far
largely neglected, provide highly useful tools for exploring these fundamental processes.

 

6.

 

Evolutionary responses might result from facilitative interactions, and consideration of
facilitation might lead to re-assessment of the evolution of plant growth forms.
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7.

 

Improved understanding of facilitation processes has direct relevance for the development of
tools for ecosystem restoration, and for improving our understanding of  the response of  plant
species and communities to environmental change drivers.

 

8.

 

Attempts to apply our developing ecological knowledge would benefit from explicit recognition
of the potential role of facilitative plant–plant interactions in the design and interpretation of studies
from the fields of restoration and global change ecology.

 

9.

 

Synthesis: Plant facilitation research provides new insights into classic ecological theory and
pressing environmental issues. Awareness and understanding of facilitation should be part of the
basic ecological knowledge of all plant ecologists.

 

Key-words

 

:

 

competition, disturbance, ecological theory, environmental change, environmental
gradients, facilitation, plant communities, positive plant interactions, review, stress

 

Introduction

 

‘He grew low palms, for their spreading leaves shaded his
plants from the sun which otherwise might in that stark
valley wither them.’ 

– T. E. Lawrence

Plants interact in many different ways, both negative and positive.
They compete for light, nutrients, space, pollinators and water,
but at the same time protect one another from the impacts of
herbivores, potential competitors or extremes of climate, and
provide additional resources through canopy leaching, micro-
bial enhancement, mycorrhizal networks and hydraulic lift.

There has been a particular resurgence of interest in those
positive, non-trophic interactions that occur between physi-
ologically independent plants and that are mediated through
changes in the abiotic environment or through other organisms
(both plant and animal; for reviews see Hunter & Aarssen
1988; Callaway 1995; Bruno 

 

et al

 

. 2003; Flores & Jurado
2003). Substantial recent research has examined such inter-
actions, exploring in detail the mechanisms by which they
take place (Holzapfel & Mahall 1999; Maestre 

 

et al

 

. 2003a),
the way in which they control the structure and function of
communities (Tirado & Pugnaire 2003; Kikvidze 

 

et al

 

. 2005),
and their implications for classic ecological theory (Bruno

 

et al

 

. 2003; Lortie 

 

et al

 

. 2004). Furthermore, plant facilitation
research is making links to some of  the most important
current ecological issues, including the relationship between
biodiversity and ecosystem function, and the impacts of global
change (Hooper 

 

et al

 

. 2005; Brooker 2006).
It is perhaps a suitable time for reviewing progress. Has the

recent research effort taken this field forward? Given our
current understanding, what gaps in our knowledge of facil-
itative interactions most urgently need to be addressed? Can
we understand their role in mediating the impact of environ-
mental change drivers or use this knowledge to mitigate such
impacts? This paper will attempt to answer these questions.

As a necessary starting point we provide a brief  overview of
some key papers (several of which are themselves reviews)
that helped to revitalize interest in plant facilitation. We
also discuss how their conclusions have been the impetus
for recent developments in facilitation research (examples in

Table 1; see also Table S1 in Supplementary Material). We
then suggest areas where we consider there to be substantial
opportunities for future research, and the approaches that
might be used. We focus our review in particular on inter-
actions between vascular plants, as they have been the focus of
the bulk of plant facilitation studies.

 

Recent developments in plant facilitation 

research

 

Until recently, many ecologists only encountered facilitative
plant–plant interactions within a particular context: facilita-
tion of one successional stage by the preceding stage was a
recognized, albeit underestimated, component of  some
theories of succession (Clements 1916; Connell & Slatyer 1977)
and had been demonstrated in a number of ecosystems, for
example in the classic studies of plant succession in Glacier
Bay (Crocker & Major 1955; Chapin 

 

et al

 

. 1994; for a review
of the role of facilitation in primary succession see Walker &
del Moral 2003).

However, in the late 1980s and throughout the 1990s a
number of papers (e.g. Hunter & Aarssen 1988; Bertness &
Callaway 1994; Callaway 1995, 1997; Brooker & Callaghan
1998) pointed out that facilitative interactions operated to
regulate plant success and community composition in stable,
non-successional communities, and were not merely impor-
tant during successional change. Although some of these
reviews (e.g. Hunter & Aarssen 1988) considered relatively
well-recognized types of positive interactions, e.g. the attrac-
tion of pollinators (Thomson 1978), the positive impact of
shrub species on soil nitrogen availability (García-Moya &
McKell 1970), the capacity for resource sharing through
common mycorrhizal networks (Chiariello 

 

et al

 

. 1982), and
classic nurse plant effects (Went 1942; Fig. 1), they also dis-
cussed a developing body of research examining non-trophic
interactions between neighbouring plants that either did not
fit into these well-recognized categories, or that demonstrated
that some facilitative effects (e.g. the nurse plant effect) were
more widespread than was previously thought.

From these papers some common themes emerged. Evid-
ence of  facilitative effects between plants tended to come
from severe environments, such as deserts, arctic or alpine
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Table 1.

 

Advances in facilitation research since the publication of Bertness & Callaway (1994) and Callaway (1995), and examples of papers that
have addressed these issues including their author(s), topics, and key development or finding. For a more extensive list of studies see Table S1

Author(s) Topic of paper Key development or finding

 

Integrating facilitation into mainstream ecological theory

 

Bruno 

 

et al

 

. (2003) The need to include facilitation into 
mainstream ecological theory and 
the proposition that this process will 
‘challenge some of our most cherished 
paradigms’.

Revision of theory to include: potential for 
expansion of the realized niche by facilitation, 
positive density-dependence at high population 
densities, inclusion of facilitation in the 
diversity–invasibility paradigm, the role of 
dominant species in regulating local diversity.

Michalet 

 

et al

 

. (2006) Revision of Grime’s (1973) model to 
incorporate facilitative interactions in 
plant communities.

Explicit consideration of facilitation in one of the 
central theories of plant community ecology.

 

Facilitation and environmental gradients

 

Tielbörger & Kadmon (2000a) Temporal environmental variation 
between competition and facilitation 
in desert plants.

Increasing annual rainfall produced varying 
responses in impact of desert shrubs on annuals. 
Increased rainfall changed the effect of shrubs 
from negative to neutral, or neutral to positive 
depending on the species. Findings contradict 
prediction of increased facilitation with 
increased environmental severity.

Choler 

 

et al

 

. (2001) Examination of the relative importance 
of competitive and facilitative interactions 
along elevational and topographical 
gradients in alpine environments.

Facilitation increases with increasing altitude or 
exposure, but particularly strong for species at 
their upper altitudinal or physiological limit. 
Facilitation may therefore be promoting niche 
expansion into severe environments.

Callaway 

 

et al

 

. (2002) Multi-site examination of relationship 
between environmental severity and 
plant–plant interactions in arctic–alpine 
environments.

General shift from competition to facilitation as 
average community interaction with increasing 
altitude, and demonstration of large-scale 
relationship between dominant type of 
interaction and environmental severity.

Maestre & Cortina (2004) Test of stress gradient hypothesis in 
semi-arid steppe environment.

Hump-backed relationship between interactions 
and accumulated rainfall (environmental 
severity) – competitive interactions dominate at 
both extremes of the severity gradient.

Maestre 

 

et al

 

. (2005) Meta-analysis of field and common garden 
experiments evaluating the effect of abiotic 
stress on the net outcome of plant–plant 
interactions in arid and semi-arid 
environments.

The measure of plant performance and 
experimental approach strongly influence 
the observed relationship between stress and 
net plant–plant interactions. Conclude that 
the role of facilitation does not increase with 
abiotic stress.

Cavieres 

 

et al

 

. (2006) Examination of the relative frequency of 
facilitative interactions at the community 
level along elevational gradients in 
Mediterranean-type alpine environments

Facilitative interactions did not increase with 
elevation. They were more frequent at lower 
elevations where environmental stress is higher 
due to water limitation, thus supporting the 
SGH. Stress-tolerant species (e.g. annuals, 
shrubs) were not facilitated.

Lortie & Callaway (2006) Critique of Maestre 

 

et al

 

.’s (2005) 
meta-analysis.

Conclude that study selection for Maestre 

 

et al

 

.’s 
analysis was not rigorous, and that differences in 
stress gradient lengths between studies could 
have a considerable impact on results.

 

Indirect interactions and facilitation

 

Levine (1999) Experimental study of indirect facilitation 
in a riparian community.

Experimental demonstration of indirect 
facilitation. Proposition of a general hypothesis 
that indirect facilitation among competitors will 
be important in assemblages where species vary 
in competitive mechanism.
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Development of ecological models incorporating plant facilitation

 

Travis

 

 et al

 

. (2005, 2006) Development of a simple patch occupancy 
model to simulate the dynamics of two 
species, a mutualist and cheater, along 
an imposed environmental gradient.

Use of simulation modelling to explore changes 
in the role of plant–plant interactions along 
environmental gradients and their impact on 
the spatial distribution of species.

Brooker 

 

et al

 

. (2006) Development of patch-occupancy model 
from Travis 

 

et al

 

. (2005, 2006) to simulate 
impacts of climate change on a simple model 
system including two main plant strategies.

Demonstration that species distributions along 
environmental gradients, as determined by 
facilitative and competitive interactions, interact 
with dispersal ability to determine range shifting 
dynamics and species survival.

 

Connecting facilitation to evolution

 

Scheffer & van Nes (2006) Examination of the evolutionary processes 
involved in self-organized similarity.

Indirect facilitation may be one of the processes 
driving the evolution of niche convergence.

Valiente-Banuet 

 

et al

 

. (2006) Facilitation of Tertiary plant lineages in 
Mediterranean-climate ecosystems by 
modern Quaternary species.

A large number of ancient Tertiary plant 
lineages, which evolved under wetter climatic 
conditions than found currently, are preserved 
by facilitative nurse plant effects from modern 
Quaternary species. Facilitation is a source of 
stabilizing selection for the regeneration niches 
of Tertiary species.

 

Facilitation and ecosystem restoration

 

Maestre 

 

et al

 

. (2001) Potential for using nurse plant effect of 
grasses to promote shrub establishment 
in degraded semiarid steppe ecosystems.

Facilitative effect of dominant grass on 
introduced shrubs, related to improved water 
potential. Evidence of potential use of facilitative 
interactions for the restoration of semi-arid 
steppes.

Castro 

 

et al

 

. (2004) Use of shrubs as nurse plants to promote 
reforestation in Mediterranean-type 
mountain ecosystems.

Technique proven – proposed to have the added 
advantage of utilizing natural successional 
processes, and thus reducing impact on the 
studied community.

Gómez-Aparicio 

 

et al

 

. (2004) Meta-analysis of the use of shrubs as nurse 
plants for reforestation.

Consistent evidence of facilitative effect but 
strength varied between environment and 
species. Pioneer shrubs can positively influence 
restoration efforts in Mediterranean mountains.

Author(s) Topic of paper Key development or finding

 

Table 1.

 

continued

 

tundra systems, or salt marshes. It was even suggested that
‘fascination with competition has focused attention on com-
munities where competition is conspicuous’ (Bertness &
Callaway 1994). These reviews also proposed that the severity
of the environment influenced the balance of the numerous
positive and negative interactions that occur between inter-
acting plants. For example, plants that compete for nutrients
can have simultaneous positive effects through the provision
of shelter or protection from herbivory. Increased environ-
mental severity appeared to increase either the potential for,
or strength of, positive interactions, relative to negative inter-
actions, thus shifting the observable net interactions toward
facilitation in extreme environments (Hunter & Aarssen
1988; Bertness & Callaway 1994; Callaway & Walker 1997;
Brooker & Callaghan 1998).

Competition still dominates consideration of plant–plant
interactions within the ecological literature (Fig. 2). How-
ever, since these earlier papers, recent studies have helped to
deal with ‘the mistaken notion that positive interactions are

not well demonstrated with field experiments’ (Callaway
1995), and have explored the issues raised in detail (Table 1).
One topic in particular has received considerable recent atten-
tion: the relationship between plant–plant interactions and
environmental severity.

Although Hunter & Aarssen (1988) discussed the balance
between positive and negative plant–plant interactions, they
did not suggest any generic relationships between this balance
and environmental gradients. Bertness & Callaway’s (1994)
paper took such a step, proposing that increases in either the
degree of physical stress or consumer pressure would increase
the frequency of positive interactions. Callaway & Walker
(1997) discussed the possible regulatory effects of climatic
conditions and life-history stage (see also Callaway 1995) on
the balance between positive and negative interactions.
Brooker & Callaghan (1998) explicitly framed their model
within the context of Grime’s (1974, 1977, 1979) definitions of
stress and disturbance, concentrating on changes in inter-
actions along gradients of disturbance because of unresolved
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debate concerning gradients of stress (Tilman 1988; Grace
1991, 1993; Reader 

 

et al

 

. 1994; Brooker 

 

et al

 

. 2005), although
their approach was not without criticism (Bertness 1998).

Overall, an amalgam of these models has become known as
the stress gradient hypothesis (SGH) – something of  a
misnomer considering that the commonly cited model of
Bertness & Callaway (1994) included both stress and consumer
pressure. Many recent studies have attempted to test the
SGH, and have taken a ‘high vs. low’ approach, i.e. they con-
sider two or perhaps three levels of environmental severity
(disturbance and/or stress), and have frequently found that
with increasing severity the beneficial impacts of neighbours
increase (e.g. Greenlee & Callaway 1996; Pugnaire & Luque
2001; Maestre 

 

et al

 

. 2003a; Gómez-Aparicio 

 

et al

 

. 2004;
Brooker 

 

et al

 

. 2006; Kikvidze 

 

et al

 

. 2006b; Callaway 2007).
However, such studies often focus on interactions that are

clearly facilitative, and examine one particular species pairing
(but see Cavieres 

 

et al

 

. 2002, 2006 for community-level studies).
A few studies have taken a broader approach, examining

patterns across gradients. Choler 

 

et al

 

. (2001) found that
increasing altitude was associated with increasing frequency
of facilitative interactions. They also found that facilitation
depended on species identity – facilitated species were com-
monly at the extreme ends of their environmental tolerance
(see also Liancourt 

 

et al

 

. 2005) – and led to range expansion
(as discussed by Bruno 

 

et al

 

. (2003) with respect to niche theory).
Callaway 

 

et al

 

. (2002) found a generic shift in the average
type of interaction along a large-scale climatic gradient, with
facilitative interactions in colder environments and increas-
ingly competitive interactions in warmer environments. In an
aridity gradient study, Holzapfel 

 

et al

 

. (2006) found a steady
and consistent shift from net positive or neutral effects to net

Fig. 1. Examples of mechanisms of plant–
plant facilitation. (a) Buffered substrate and
air temperature, enhanced soil moisture and
nutrient content. Cushion of Azorella
monantha harbouring native and invasive
species (e.g. the Andean cauliflower
Nastanthus agglomeratus and the field
chickweed Cerastium arvense, respectively) at
the upper limit of vegetation (3600 m a.s.l) in
the high Andes of central Chile. Photo:
Lohengrin A. Cavieres (see Cavieres et al.
2005, 2007). (b) Protection from drought.
Adult individual of the tussock grass Stipa
tenacissima facilitating a sapling of Pinus
halepensis in a semi-arid steppe, south-east
Spain. Photo: Fernando T. Maestre (see
Maestre et al. 2001, 2003a). (c) Protection
from browsing. Quercus pubescens seedling
within unpalatable Buxus sempervirens shrubs,
southern France. Photo: Georges Kunstler
(see Kunstler et al. 2006). (d) Protection
from browsing and drought. Facilitation by
Gymnocarpos decander of  annual vegetation
in a semi-arid environment, Jordan. Photo:
Pierre Liancourt.
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negative effects of desert shrubs on annual species with
increasing water availability. In contrast, but in a study
conducted on only one species pair, Maestre & Cortina (2004)
found a switch from competition to facilitation and back to
competition along a gradient of decreasing rainfall in a semi-
arid steppe system. Similarly, Tielbörger & Kadmon (2000a)
found that the effect of desert shrubs on annuals shifted from
negative to neutral or neutral to positive (depending on the
species) with increasing annual rainfall. Pennings et al. (2003)
failed to find support for predictions from the SGH in a study
conducted over a large-scale geographical gradient in salt
marshes.

Simple individual-based models have also been used to
examine the SGH. Travis et al. (2005) found that facilitative
interactions were restricted to the most severe environmental
conditions when the stress gradient acted upon reproduction,

but competitive interactions were again prevalent in severe
conditions when it acted upon mortality (Travis et al. 2006).
These results match the conclusions of Goldberg et al.’s
(1999) review of field studies that the observed relationship
between environmental severity and success depends on the
measure of plant performance used. However, Goldberg et al.’s
review (and studies therein) may themselves be biased by use
of inappropriate indices to test the hypotheses examined
(Brooker et al. 2005; Gaucherand et al. 2006).

A number of factors have been proposed to influence the
outcome of studies testing predictions from the SGH. These
include relatively short-term experiments, a lack of adequate
control for the occurrence of multiple stress factors or onto-
genetic effects (but see Armas & Pugnaire 2005; Miriti 2006;
Schiffers & Tielbörger 2006), or the effects of resource vs.
non-resource stress factors (Michalet 2007). Maestre et al.

Fig. 1. continued
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(2005), in a meta-analysis of experiments from arid environ-
ments, concluded that there was no generic relationship
between environmental severity and plant interactions, and
that the approach used – e.g. experiments vs. observational
studies – had a substantial impact on interpretation of the
relationship (see also Dormann & Brooker 2002; Michalet
2006). Maestre et al.’s (2005) study led to considerable debate;
Lortie & Callaway (2006) concluded that study selection for
the analysis was not rigorous, and that differences in stress
gradient lengths between studies could have a considerable
impact on results – criticisms that have been disputed by
Maestre et al. (2006). It is therefore difficult to conclude
whether the current uncertainty surrounding the SGH is the
result of the analytical approach used (either in the field or
statistically), the scale at which processes are examined (i.e.
within a community through time, or across a local- or con-
tinental-scale environmental gradient) or the type of severity
gradient used (resource vs. non-resource or temporal vs. spatial).

Progress in understanding this relationship is crucial as it
underlies key theories within plant ecology and is central to
integrating facilitation into mainstream ecological theory.
When interactions have been addressed in theories of plant
community or population ecology (e.g. Grime 1977; Tilman
1988) they have tended to be negative, competitive inter-
actions (except for the handful of well-recognized examples
mentioned above). However, given that facilitative inter-
actions are widespread and can regulate the success of indi-
viduals and the composition of communities, there is a clear
need to explore how facilitation might fit within or modify
these classic theories. Bruno et al. (2003) discussed revision of
niche theory to include the potential for expansion of the realized
niche by facilitation (as empirically demonstrated by Hacker
& Gaines 1997; Choler et al. 2001), positive density-dependence
at high population densities, inclusion of facilitation in the
diversity–invasibility paradigm, and the role of dominant
species in regulating local diversity.

However, Bruno et al. (2003) did not discuss in detail one of
the classic theories of plant community ecology to which the
SGH is directly relevant – the hump-backed diversity model

(Grime 1973; Huston 1979). One of the first attempts to
explore the relevance of facilitation to this model was that of
Hacker & Gaines (1997), who suggested a conceptual scheme
in which the positive effects of facilitation on biodiversity
(species richness) increase from intermediate to very high
environmental severity, in line with predictions from the
SGH. Hacker & Bertness (1999) demonstrated the impor-
tance of facilitation for increasing diversity at intermediate
levels of environmental severity. Michalet et al. (2006) further
developed these ideas, suggesting that facilitation promotes
diversity at medium to high environmental severity by
expanding the range of stress-intolerant competitive species
into harsh physical conditions (as discussed by Bruno et al.
2003 and demonstrated by Choler et al. 2001), but that when
environmental conditions become extremely severe the posi-
tive effects of the benefactors wane and diversity is reduced,
indicating that biotic interactions shape both sides of the
humped-back curve of diversity. Perhaps one of the most
striking examples of the potential importance of facilitation
for the maintenance of biodiversity is that described by
Valiente-Banuet et al. (2006). They found that a large number
of ancient Tertiary plant lineages, which evolved under much
wetter climatic conditions than found in the Mediterranean-
climate ecosystems where they now live, have been preserved
by facilitative nurse plant effects from modern Quaternary
species. In the absence of such interactions the flora of these
regions would be significantly altered, and facilitative inter-
actions have therefore played ‘a central role in the preservation
of global biodiversity’ (Valiente-Banuet et al. 2006).

Looking to the future

Recent research has clearly built upon the synthesis papers
that reignited interest in plant facilitation. This research, as
well as continuing to explore in detail the mechanisms of indi-
vidual facilitative interactions (see Table S1), has attempted
to test the broader scale synthetic predictions and models
derived from these classic papers. The accuracy of these
broader syntheses has become a topic of considerable debate,

Fig. 2. The number of papers examining
facilitation (open bars) and competition
(closed bars) as a percentage of the total
number of papers published in five leading
plant ecology journals (American Naturalist,
Ecology, Journal of Ecology, Oikos and
Oecologia) between 1995 and 2006. Data
obtained from ISI Web of  Knowledge
(http://portal.isiknowledge.com/; 1 March
2007) using the search strings [(‘positive
interaction*’ OR facilitation) AND plant*]
or alternatively [(‘negative interaction*’ OR
competition) AND plant*], specifying English
language articles only. After Dormann &
Brooker (2002).

http://portal.isiknowledge.com/
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but it has also become clear that resolving such debate is
directly relevant to a number of ecological issues, not least the
integration of facilitation into mainstream ecological theory.
Our review therefore highlights the significant potential for
future research into plant facilitation. In addition, there are a
number of research fields that have, perhaps surprisingly, so
far failed to make links to facilitation research, despite their
clear relevance. In this section we thus discuss what we con-
sider to be some of the most interesting topics for future
research and, where possible, the approaches by which they
could be taken forward.

IMPROVING OUR UNDERSTANDING

Facilitation and environmental gradients

One important step to understanding the shifting balance
between positive and negative interactions along environ-
mental gradients is the design and implementation of experi-
ments that move beyond the limitations of previous studies.
These should, whenever possible, include at least one of the
following aspects: (i) several co-occurring stress factors (e.g.
temperature and water availability in arid areas and Mediter-
ranean mountains), (ii) several levels within each stress factor,
ideally accounting for a wide range in the variation of each
factor, and (iii) an appropriate control of species-specific
responses in competitive and facilitative ability and tolerance
to stress (e.g. Tielbörger & Kadmon 1995; Callaway 1998;
Choler et al. 2001; Gómez-Aparicio et al. 2004; Liancourt
et al. 2005). Of particular interest in testing the SGH are
experiments conducted in situations where benefactors may
themselves be limited, such as at the extreme end of severity
gradients. Experiments should also attempt to isolate the
environmental factors affected by potential benefactors (to
provide a mechanistic understanding of severity interaction
relationships, e.g. Holmgren et al. (1997), Holmgren (2000)),
evaluate different performance variables (e.g. survival,
growth, physiological status and fitness), attempt to account
for factors such as initial biomass effects (Gibson et al. 1999;
Goldberg et al. 1999; Kikvidze et al. 2006a), provide a fine
characterization of abiotic conditions, and be conducted over
time periods long enough to cover different life stages in the
studied species (e.g. Gómez-Aparicio et al. 2004; Miriti 2006;
Schiffers & Tielbörger 2006). Taking into account these issues
will be challenging and (comparatively) costly. However, we
also recommend complementing them with observational
studies conducted at the community level in multiple sites.
When combined with appropriate statistical tools – such as
structural equation models – these studies would allow us to
assess multi-species interactions over broad geographical
gradients, and to tease out the relative influence of different
stress factors on them (Kikvidze et al. 2005).

In parallel with this rejuvenated research effort, we must
also address the issue of the importance of facilitative inter-
actions. A detectable process may not necessarily play a pre-
dominant role. Community composition is commonly seen as
being regulated by filters, including chance biogeographical

events, local abiotic conditions and interactions with other
species (Grime 1998; Diaz et al. 1999; Lortie et al. 2004). The
relative impact of each filter is not fixed, and there is a general
assumption that filters operate to regulate distribution at dif-
ferent scales, e.g. chance biogeographical events and biotic
interactions are considered most important for regulating
distributions at the regional and local scales, respectively (but
see Callaway & Ridenour 2004 and Valiente-Banuet et al.
2006 for examples of  interactions determining ranges at a
global scale). Central to these discussions, but frequently
ignored, are the issues of the importance and intensity of
interactions (Welden & Slauson 1986; Grace 1991; Corcket
et al. 2003a; Brooker et al. 2005; Gaucherand et al. 2006;
Grime 2007). Although the intensity of plant–plant interac-
tions may remain unaltered along an environmental gradient,
their impact relative to other processes (i.e. their importance)
may vary. When and where, therefore, are facilitative inter-
actions not only detectable but playing a key role, and does
the importance of their role vary depending upon whether we
are considering (for example) community composition or
evolutionary processes?

The few studies to have considered the response of both the
importance and the intensity of interactions demonstrate that
they might not change in parallel along environmental gradi-
ents (Brooker et al. 2005; Gaucherand et al. 2006), and that a
detectable effect on biomass need not necessarily translate
into a fitness effect (Goldberg et al. 1999). Evaluating the
effects of facilitation on the survival and fitness of individuals
is therefore crucial if  we want to understand when and where
facilitation acts as a filtering process in plant communities.
We predict that facilitation is likely to be important relative to
other filters when climate stress (e.g. aridity) or disturbance
(e.g. grazing) is high but not excessive so that well-fitted ben-
efactor species (e.g. ‘nurses’) are able to grow and significantly
ameliorate stress or provide protection from disturbances.
Important facilitation would be indicated when these inter-
actions enable a considerable number of beneficiary species to
survive and reproduce when growing adjacent to the bene-
factor species (see Development of models incorporating plant
facilitation for discussion of the related concept of a plant’s
interaction ‘kernel’). Low or extremely high environmental
severity would prevent facilitation from having a significant
role, either in regulating the composition of  the community
or as a selective force. Field studies need to test these simple
predictions by considering explicitly the importance of inter-
actions along environmental gradients (e.g. Gaucherand
et al. 2006).

Indirect interactions and facilitation

Interest in the effects of indirect interactions among species
that occupy different trophic levels has been ongoing and has
increased in recent years (Root 1973; Menge 1976; Hay 1986;
Wooton 1994; Rousset & Lepart 2000; Corcket et al. 2003b;
Seifan & Kadmon 2006). However, complex indirect inter-
actions within a trophic level, or among competitors (Aarssen
1992; Miller 1994; Levine 1999; Callaway & Pennings 2000;
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Tielbörger & Kadmon 2000b; Callaway 2007) have received
much less attention. The outcomes of pair-wise interactions
therefore shape our thinking and thus community theory
(Connolly et al. 2001), with pair-wise studies of competitive
interactions leading to the perspective that competitive hier-
archies in plant communities are transitive, or linear, with
each species out-competing all those that are lower in the hier-
archy. From this we might conclude that the only outcome of
strong competition in communities at equilibrium is the
exclusion of some or most members. However, this overlooks
potential positive effects that occur in multi-species com-
munities due to non-transitive ‘networks’ of interactions
(Aarssen 1992). When interactions take place among many
species at the same time, the competitive suppression of one
species (B) by another (A) can decrease the latter’s competi-
tive effect on a third species (C) (Fig. 3a), thus leading to the
phenomenon of indirect facilitation.

Few studies have considered that the occurrence of indirect
facilitation may depend on complementarities in the inter-
actions between species and therefore the identities or traits of
the organisms involved (Huisman & Weissing 1999; Huisman
et al. 2001). For example, in our model system (Fig. 3) indi-
rect facilitation is most likely when pairs of plants (A–B, B–C)
compete for different resources, for example light for the first
species pair, and water or nutrients for the second (Levine
1999; Pagès & Michalet 2003; Siemann & Rogers 2003;
Kunstler et al. 2006). Plant characteristics other than resource
uptake ability (such as the production of allelopathic chem-
icals) may create such species-specific interactions, and thus
non-transitive interaction networks and indirect interactions
(Pagès et al. 2003; Callaway & Howard 2006; Kunstler et al.
2006; Callaway 2007). If  the existence of multiple interaction
mechanisms among coexisting species increases the potential
for strong indirect interactions, indirect facilitation should be
more common in communities where several limiting factors
co-occur with similar strengths. In contrast, in environments
with one dominant limiting factor, such as xeric, N-poor or low
light conditions, indirect facilitation should be less important.

Surprisingly few studies have analysed how gradients of
diversity will influence, and be influenced by, indirect facili-

tative interactions. Indirect facilitation should be more com-
mon in species-rich communities (Miller 1994; Dodds 1997).
Indeed, it may have the potential to sustain the coexistence of
high species diversity by reducing the potential for competi-
tive exclusion (Czaran et al. 2002; Laird & Schamp 2006) and
may be the dominant facilitative process in more productive
environments (given the predicted reduction in direct facili-
tative effects). Indirect facilitation among competitors there-
fore challenges assumptions about competition consistently
leading to exclusion.

There is therefore a notable dearth of studies exploring the
role of indirect facilitative effects in plant communities,
including their impacts on diversity and evolution. Future
studies, using artificial manipulations of diversity or model-
ling approaches (see Development of models incorporating
plant facilitation), should: (i) attempt to assess the conditions
under which we might expect the greatest level of non-transi-
tivity within plant communities; (ii) connect the degree of
non-transitivity in plant competitive networks to community
diversity and facilitative promotion of species coexistence;
(iii) explore how the role of  non-transitivity and indirect
facilitation varies along gradients both of diversity and of system
productivity, and in relation to direct facilitative effects;
and (iv) explore, through multi-species evolutionary modelling,
the potential for indirect facilitative effects to drive or limit
niche differentiation.

Development of ecological models incorporating plant 
facilitation

Although a broad suite of modelling approaches is available,
and despite their likely relevance and utility, they have not yet
been widely employed in furthering our understanding of the
role of facilitative plant interactions. This represents a signi-
ficant missed opportunity for promoting the development of
theory in this field.

Recent work illustrates the potential for relatively simple
models to provide generic insights into the dynamics of com-
munities structured with a mixture of positive and negative
interactions. For example, Yamamura et al. (2004) used a

Fig. 3. Indirect (dotted line) and direct (solid line) interactions in a complex system. (a) Species A suppresses species B, which affects the
potential negative effect of species B on C. As suggested by Levine (1976), if  the benefit from suppression is higher than the direct negative effects,
indirect facilitation occurs in the community. However, the benefit from suppression can be outweighed by direct negative effects, resulting in
no net indirect facilitation (Levine 1999; Pagès et al. 2003). (b) Non-transitive interactions (A > B, B > C, C > A). The suppression of species
B by A causes an indirect facilitation of species C, which increases its negative effect on A. In such a system the species ameliorate each other’s
effects and contribute to long-term coexistence (Czaran et al. 2002; Callaway & Howard 2006).
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spatially explicit patch occupancy model to study the evolu-
tion of  mutualisms, highlighting the importance of  local
spatial structure in determining the outcome of interactions.
Their modelling approach represented space as a regular
grid, each cell of which can be in one of two states, occupied
or unoccupied. Rules determine the way in which neighbour-
ing plants interact, reproduce, disperse their propagules,
evolve and die. Yamamura et al. highlighted the importance
of local spatial structure in determining the outcome of
interactions among a mutualistic and a cheater species.
Although having great potential, spatially explicit simula-
tion models of  this type have only recently been applied to
facilitation.

Travis et al. (2005) extended the model of Yamamura et al.
to consider plant facilitation specifically, demonstrating that
positive interactions are most likely towards the harsh end of
environmental gradients (although this depends on whether
the gradient primarily influences reproduction or survival;
Travis et al. 2006). Such models can therefore readily provide
hypotheses suitable for testing with field experiments. In addi-
tion they can also be used to run experiments. Brooker et al.
(2007) used the spatial model of Travis et al. (2005, 2006) to
explore the impact of interactions on the capacity of species to
track a moving ‘climate envelope’. They found that the spatial
arrangement of species with particular traits (as determined
initially by interactions), along with the rate of climate change
and level of long-distance dispersal, interacted to regulate the
capacity of species to track their climate envelope.

Such developments in facilitation modelling are at an early
stage. Although these spatially explicit models are a move in
the right direction, they do not yet properly represent facili-
tation as most empirical plant ecologists have described it. In
the mutualism models adapted for facilitation research the
interaction term is commonly +/+ (Odum 1968), i.e. reci-
procal benefit. However, although mutualistic interactions
between neighbouring plants are possible, and may be more
common than currently expected (Pugnaire et al. 1996), the
impact of the beneficiary on the benefactor may range from
positive to zero (+/0 commensalism), and some interactions
might even be classified as parasitic (+/–). Future modelling
should therefore start to distinguish clearly between mutual-
ism and facilitation. Such a distinction would, for example,
be important in determining the outcome of evolutionary
modelling studies – facilitative interactions may have very
different evolutionary impacts from mutualistic interactions,
and may also evolve under different circumstances.

There is also a need for modelling approaches that accom-
modate variation in the role of facilitative interactions along
environmental gradients, both in space and time, and at a
local as well as landscape scale. If  the spatial extents of posi-
tive and negative effects differ, the net outcome of interactions
will be highly dependent on the spatial relation of the indi-
vidual plants. Appropriate models would include the key
elements of neighbourhood models (currently used to examine
competitive plant interactions), i.e. individuals with an
explicit location and basal extension where no other plant can
exist, and a zone of competitive influence in which negative

interactions occur (Stoll & Weiner 2000). Facilitation could
be included through a zone of facilitation, although such
zones of influence typically assume that all neighbours within
a certain distance of a focal plant experience the same nega-
tive impact from competition. This is clearly unrealistic.
More sophisticated approaches using interaction kernels,
which describe the relationship between the distance of a
neighbour from a focal individual and the competitive impact
of that individual, have recently been developed (e.g. Murrell
& Law 2003). However, few, if  any, experiments in the litera-
ture provide the parameters necessary for such models.

Models thus extended to incorporate facilitation have
the potential for a wide range of  applications. For example,
by allowing evolution of competition and facilitation kernels
we may systematically test under which circumstances
(frequency of interactions, gene flow, etc.) facilitation might
evolve as an evolutionary stable strategy. Modelling could
also explore the potential for different life-history character-
istics (such as dispersal, dormancy, time to first reproduction,
self-compatibility) to evolve in response to the balance
between facilitation and competition present within a local
community. Furthermore, the need to investigate interactions
in multi-species assemblages is increasingly being recognized
(e.g. Weigelt et al. 2007) and two-species models (Travis et al.
2006; Brooker et al. 2007) could readily be extended to multi-
species models. This would enable, for example, the dynamics
of indirect interactions to be examined in detail, including
predicting the conditions under which this type of effect is
likely to be observed in natural systems, and how its com-
munity and evolutionary impacts might compare with those
of direct facilitative effects.

Connecting facilitation to evolution

Recent studies indicate that facilitation may act as an evolu-
tionary force: Scheffer & van Nes (2006) predicted that indi-
rect facilitation may drive convergence of species’ niches, and
Valiente-Banuet et al. (2006) suggested that facilitation is a
source of  stabilizing selection for the regeneration niches
of ancient Tertiary species within Mediterranean-climate
ecosystems. However, although the possible relationships
between facilitation and evolution have been discussed pre-
viously (Hunter & Aarssen 1988; Brooker & Callaghan 1998;
Callaway 2007), an evolutionary focus is absent from almost
all recent work in the facilitation field.

We can readily visualize the ‘competitor’ syndrome that
might evolve in response to strong and consistent negative
interactions in productive environments: a high, dense can-
opy of wide-spreading leaves, rapid potential RGR (relative
growth rate), high morphological plasticity, etc. (a classic
C-strategy species; Grime 1977). However, it may not be
straightforward to predict the evolutionary response to
facilitative interactions, as both facilitative and competitive
mechanisms may evolve in response to facilitation. For example,
if  species A is facilitated by species B, any negative effects of
species A could select for those B individuals that are weaker
facilitators (either by selecting against the key facilitation



28 R.W. Brooker et al. 

© 2007 The Authors. Journal compilation © 2007 British Ecological Society, Journal of Ecology, 96, 18–34

trait or in favour of an avoidance mechanism in species B).
However, an alternative second selective force might favour
individuals of species A with lower negative impacts on their
benefactor.

One key trait that may come under such selection within
the context of an assemblage comprising facilitators and
facilitated is dispersal. Selection might favour dispersal
kernels in the facilitated species that map onto those of the
facilitator, for example through the convergence of dispersal
agents. Conversely, selection of the facilitator might favour
dispersal kernels enabling escape from the negative con-
sequences of competition (unless the level of competition is
itself  reduced). Similarly, selection acting on characteristics
such as the balance between reproduction by clones and seed
may vary depending on the nature or balance of interactions
– reproduction by seed may aid dispersal and be favoured by
avoidance of competition, whereas clonal growth may be
selected for by facilitation in the immediate vicinity of  the
parent plant. It is interesting to speculate that the reduced
competitive effect or enhanced clonality of stress-tolerant
species may in part result from selection in favour of enhanced
facilitation. As stated by Brooker & Callaghan (1998) ‘It may
be the case that we already have evidence of the evolutionary
impact of positive plant–plant interactions, but have never
examined it in the light of this possible interpretation’.

The outcome of the selective process will depend not only
upon the frequency and relative strength of the interactions,
but also upon evolutionary constraints on specific traits – is
evolution of an avoidance mechanism more likely than
reduced competitive impact? The evolution of life-history
traits will play an important role in determining the spatial
dynamics of an assemblage, resulting in a continuous inter-
action between evolutionary dynamics related to the inter-
actions and the spatial ecology of the system. The extension of
relatively simple evolutionary models (e.g. Travis & Dytham
1999; Travis 2003), similar to the individual-based models dis-
cussed above, could explore the interplay between ecological
and evolutionary dynamics that might result from these types
of effects. However, given the potential complexity involved,
including variability in the two-way nature of facilitation, a
simple starting point for evolutionary studies might be to ask
whether all facilitative interactions provide common selective
forces, from this predicting patterns of traits, and then to
explore whether traits vary in the expected manner along
environmental gradients in association with quantification of
the importance and intensity of interactions. With current
rapid technological advances in genetic methodologies capa-
ble of looking at quantitative traits (e.g. Barton & Keightley
2002), we should ultimately aim to develop evolutionary
models that explicitly incorporate the genetic architectures
involved and are able to separate out the heritable from the
environmental components of the traits concerned. An
improved understanding of  their genetic basis would also
permit robust estimation of the strength and direction of
selection on the suites of traits involved, and would provide
insights into correlations and potential pleiotropic effects
between these traits.

APPLYING OUR UNDERSTANDING

Facilitation and ecosystem restoration

In the face of  current rapid degradation of  terrestrial eco-
systems worldwide, there is an increasing need for the
development of  novel, low-cost and efficient restoration
techniques for maintaining ecosystem function and services
(e.g. Ormerod et al. 2003; Hobbs et al. 2006). Because facilitation
has been recognized as an important structuring force in natural
plant communities, it is being increasingly discussed as an
ecological mechanism which could be exploited for develop-
ing vegetation restoration tools, particularly for severe and
highly disturbed environments (see reviews by Young et al.
2005; Padilla & Pugnaire 2006; Halpern et al. 2007).

Yet, except for arid environments, the role of positive plant
interactions in terrestrial restoration is almost always over-
looked. This is despite studies reporting strong facilitative
effects during restoration in high mountain environments
(Walker & Powell 1999; Aerts et al. 2007), tropical forests
(Parrotta et al. 1997) or highly disturbed sites such as mine
spoils (Densmore 2005; Frérot et al. 2006), and a range of
examples from aquatic and intertidal ecosystems (reviewed
by Bruno et al. 2003; Halpern et al. 2007).

Studies examining plant facilitation in terrestrial ecosys-
tem restoration usually focus on the positive effects of nurse
plants. Water-limited ecosystems offer one of the best oppor-
tunities for exploring these effects, as well illustrated by the
study of Gómez-Aparicio et al. (2004). They investigated the
use of naturally occurring shrubs as nurse plants for reforest-
ation in a Mediterranean environment, and found that shrubs
had a consistent beneficial effect on tree seedling survival and
growth during four consecutive years. Such results directly
contradict traditional reforestation management practice,
where shrubs are removed prior to tree planting due to their
presumed competitive effects on tree seedlings (see also
Castro et al. 2004). Unfortunately, most studies addressing the
use of nurse plants for restoration in arid systems have usually
been conducted over shorter time frames, i.e. fewer than three
growing seasons (e.g. Maestre et al. 2001, 2003b, 2004; Bar-
chuk et al. 2005). Given the temporal variability in facilitative
interactions in these systems (Tielbörger & Kadmon 2000a;
Miriti 2006), this may be an insufficient period over which to
assess whether nurse plants have a net beneficial effect, and
longer-term studies are clearly needed. Furthermore, these
studies commonly plant beneficiary species under existing
nurse plants. However, in extremely degraded ecosystems
nurse plants may themselves be lost (Gibson & Brown 1991).
In such cases management for nurse plant re-establishment
may be necessary as a first step, although it is also important
to consider whether the restoration of nurse plant cover
would be the most effective way of driving beneficiary re-
establishment.

Novel techniques currently being developed in agro-
ecosystems and polluted areas demonstrate the wide range of
possible uses of facilitative interactions for environmental
management. Facilitation can operate via increased pollinator
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visits, which lead to greater crop yields (Ricketts et al. 2004),
enhanced water status of crops growing with species capable
of hydraulic lift (Pate & Dawson 1999; Sekiya & Yano 2004),
the transfer of  symbiotically fixed nitrogen from legume to
non-legume species (Jensen 1996; see also Hauggaard-Nielsen
& Jensen 2005 for a review of  facilitative root interactions
in agro-ecosystems), or phytostabilization by metallicolous
nurse plants in heavy-metal-polluted environments (Frérot
et al. 2006). Transgressive over-yielding has been reported for
multi-species mixtures in intensively managed grassland
systems, although the precise mechanism is unclear (Kirwan
et al. 2007). There may therefore be a wide range of facilitative
mechanisms, in addition to the classic nurse plant effect, that
could act as the basis for restoration tools.

As strikingly illustrated by the work of Gómez-Aparicio
et al. (2004) discussed above, Sutherland et al. (2004) pro-
posed that ‘Much of current conservation practice is based
upon anecdote and myth’. The acknowledgement of facilitation
in studies of restoration, particularly within environments
that are difficult to restore, would help to raise facilitation’s
profile as a tool for natural resource conservation and
management. Furthermore, applied facilitation research also
has significant unexploited potential for advancing the science
of restoration ecology in general. The explicit consideration
of  facilitation when exploring key topics in this research
area, such as stable alternative states (Suding et al. 2004),
succession (Walker et al. 2007) or the links between eco-
system structure/function and restoration success (Young et al.
2005; Cortina et al. 2006), are likely further to help managers
and practitioners to develop effective tools to achieve the
desired restoration targets.

Facilitation and global change

Climate change, nitrogen deposition, biological invasions
and land-use change have been suggested as the current major
threats to global biodiversity (Sala et al. 2000; CBD 2003),
and significant evidence is accumulating that interactions,
including facilitative ones, play a role in mediating the impact
on natural communities of these environmental change drivers
(Brooker 2006; Maestre & Reynolds 2006, 2007). However,
the exact nature of that role, and how it will alter in response
to environmental change, remains unclear.

Several studies have demonstrated the importance of facil-
itation for the maintenance of biodiversity in arctic and alpine
habitats (e.g. Choler et al. 2001; Callaway et al. 2002), and
these habitats are predicted to be amongst the most sensitive
to global warming (Guisan & Theurillat 2000; ACIA 2004).
Based on the original SGH, some authors have predicted a
general shift in species interactions from more strongly posi-
tive to more strongly negative as these environments warm
(e.g. Klanderud & Totland 2005; Klanderud 2005). In
support, experiments that evaluated the impact of enhanced
nitrogen availability in these ecosystems (simulating the
expected effect of climate change on nutrient mineralization
rates) mostly reported increased competitive interactions
(e.g. Chapin et al. 1995; Bret-Harte et al. 2004; Klanderud &

Totland 2005). Similarly, in a North American arctic tundra
system, where artificially advanced snowmelt (a phenomenon
expected under global warming) created a more severe
environment through increased early-season frost events,
neighbours increasingly facilitated the survival, growth and
reproduction of Empetrum nigrum (Wipf et al. 2006). How-
ever, Shevtsova et al. (1997) reported that the positive effects
of elevated temperature on the growth and reproduction of
Vaccinium vitis-idaea and Empetrum nigrum in subarctic
Finland were amplified by the presence of neighbours – in this
instance a reduced level of environmental severity (warming)
led to an increased impact of facilitative interactions.

These findings support the argument that the relationship
between gradients of environmental severity and the relative
role of interactions is more complicated than set out in the
original SGH (e.g. Bertness & Ewanchuk 2002). At first
glance we might conclude that such a pattern supports the
recently proposed humped-back relationship (Michalet et al.
2006). However, it is notable that the increased role of facili-
tation with decreasing severity found by Shevtsova et al.
(1997) occurs within an environment that is apparently less
severe than, for example, the open tundra systems studied by
Chapin et al. (1995) and Wipf et al. (2006), and in which the
opposite pattern was observed. Such apparently contradic-
tory findings indicate that the perception of environmental
severity is to some extent species-specific, and that the
response of interactions at the individual species level may
not reflect the trend of average interactions within a com-
munity. Improving our knowledge of the variation in inter-
actions under different environmental conditions between
different species, growth-forms or strategies (e.g. competitive
vs. stress-tolerant strategies), and how these differ from
trends at the community level, will help in the development of
general theory and in explaining such apparently contradic-
tory results.

Invasive species are another critical global change driver.
In the study of biological invasions, interactions are con-
sidered crucial in determining the success of exotics (e.g. Daehler
2003; Simberloff  et al. 2003; Vilà et al. 2004). Although most
studies have focused on negative interactions as the main
drivers of invasive success (e.g. Callaway & Aschehoug 2000;
Colautti et al. 2004; Mitchell et al. 2006), a sizable number
have also reported that facilitation by other exotics (Simber-
loff  & Von Holle 1999) or by natives (Maron & Connors 1996;
Richardson et al. 2000; Lenz & Facelli 2003; Cavieres et al.
2005, 2007) can promote exotic invasion. For instance,
Maron & Connors (1996) reported that the nitrogen-fixing
native shrub Lupinus arboreus facilitates the establishment of
exotic species by ameliorating soil nutrient shortage. Cavieres
et al. (2005) found that the cushion plant Azorella monantha
facilitates the establishment of the exotic species Taraxacum
officinale in the high-alpine zone of the Andes of central Chile
by providing microsites with milder microclimatic conditions
(see also Cavieres et al. 2007). Reinhart et al. (2006) showed
how seedlings of the invasive tree Acer platanoides had higher
densities, recruitment and survival, and less photoinhibition
and water stress when beneath conspecific canopies than
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when growing under adjacent native Pseudotsuga menziesii
trees; they related these differences to the environmental
modification created by the invaders. When exotic species
facilitate the establishment of  other exotics, accelerated
invasion can occur. Simberloff  & Von Holle (1999) coined
the term ‘invasional meltdown’ to describe such a process.
Invasional meltdown demonstrates that facilitation can be an
important driver of plant invasion (Simberloff  2006) but,
interestingly, invasion can also be ‘resisted’ by greater diver-
sity of native species (e.g. Zavaleta & Hulvey 2004; Fargione
& Tilman 2005), a mechanism by which facilitation of natives
may help limit the influx of invasives.

Improving our understanding of facilitative interactions is
therefore of direct relevance to understanding the impacts of
environmental change drivers on biodiversity (Callaway 2007).
Resolving the debate concerning the SGH (difficult though
this may be) may, for example, enable us more accurately to
predict changes in the role of  interactions in response to
environmental change, or the conditions under which inter-
actions might restrict or enhance biodiversity change, for
example through the influx of invasives. However, it is not
necessarily the case that radical new experiments are needed
to explore these issues. As with restoration ecology, simply
recognizing the potential role of facilitation, and including it
within both experimental designs and the interpretation of
ecosystem responses, could provide us with valuable insights
into facilitation both as a mediator of global change and as a
fundamental ecological process.

Conclusions

Our coverage cannot hope to be fully comprehensive in an
essay review such as this. Other relevant topics which we have
touched upon at best only briefly include: the possible
impacts of facilitation on ecosystem function (Hector et al.
1999); the concept of ecosystem engineering (Jones et al.

1997; Crain & Bertness 2006; Hastings et al. 2007); the use of
indices in plant interaction studies (as hotly debated with
respect to competition indices; Markham & Chanway 1996;
Freckleton & Watkinson 1997a,b, 1999; Markham 1997;
Weigelt & Jolliffe 2003; Armas et al. 2004; Wilson 2007);
and the possible contrasting consequences of  diffuse and
species-specific facilitation (e.g. the general facilitative effects
of neighbours compared with the specific one-on-one facilita-
tive impacts of nurse plants). However, we have covered what
are widely recognized as some of  the central current issues
for plant facilitation research, as well as highlighting what
we believe to be some novel future directions for this field and
a number of testable hypotheses (Table 2).

We should perhaps now answer the questions posed at the
outset of this review. First, has the recent substantial research
effort taken this field forward? Yes, undoubtedly, both in
terms of  developing general models and in exploring some
of their underlying complexity, and also in raising general
awareness of the widespread and important role of facilitative
interactions in plant communities.

Secondly, what gaps in our knowledge of facilitative inter-
actions need to be addressed? Clarification of the relationship
between interactions and environmental gradients is central
for further progress, and necessitates implementation of
experiments specifically designed to address this issue. There
is also substantial scope for exploring indirect facilitative
effects, including their impacts on diversity and evolution,
and future studies should attempt to connect the degree of
non-transitivity in plant competitive networks to community
diversity and facilitative promotion of species coexistence,
perhaps exploring how the role of indirect facilitation varies
with community productivity and the number of limiting
resources. Certain ecological modelling approaches could
provide highly useful tools for exploring these fundamental
processes, and also clearly lend themselves to studying the
evolutionary responses that might result from facilitative

Table 2. Some testable hypotheses that might be addressed by future plant facilitation research projects, organized by research theme (as used
in this paper)

Research theme Hypothesis

Facilitation and environmental gradients Facilitation will be important when environmental severity is high but 
not extreme.
High importance will be indicated by the dependence of a large 
proportion of species within a community on facilitative interactions.

Indirect facilitation Indirect facilitative interactions will be more likely when the cause of 
competition varies between species pairs within a community.
Indirect facilitation will be more likely in communities where there are 
several co-occurring limiting factors.
Indirect facilitation will be more frequent in species-rich communities.
Indirect facilitation may be the principal mode of facilitation in 
productive environments.

Ecological modelling The relationship between environmental severity and positive or 
negative plant interactions depends upon the factor being influenced by 
the environment (e.g. reproduction or survival).
Facultative positive interactions may not lead to the same evolutionary 
responses as obligate mutualistic interactions
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interactions, including possible re-assessment of the evolu-
tion of plant growth forms.

Thirdly, do we know enough about facilitative interactions
to understand their role in mediating the impact of environ-
mental change drivers, or to use this knowledge to mitigate
such impacts? The answer to this question is probably no. We
know enough to recognize that improved understanding of
facilitation processes is directly relevant to both ecosystem
restoration (and may form the basis of restoration manage-
ment tools), and to understanding the response of  plant
species and communities to key environmental change drivers
such as invasive alien species and global change. However,
attempts to apply our developing ecological knowledge to
these fields are at an early stage, and would benefit from
explicit recognition of the potential role of facilitative plant–
plant interactions in the design and interpretation of studies
of restoration and global change ecology.

It is clear therefore that considerable research challenges
exist, but that expanding our fundamental understanding of
facilitation, applying that knowledge to key ecological prob-
lems and attempting to further integrate our developing
knowledge of facilitation into mainstream ecological theory
will undoubtedly bring an improved understanding of both
plant facilitation and community ecology in general.
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Abstract
Question: What is the most appropriate combination of treat-
ments to reintroduce Nassella pulchra, a perennial bunchgrass, 
into degraded mediterranean coastal grasslands?
Location: Central coast of California, USA.
Methods: N. pulchra was sown from seeds and transplanted 
into a degraded grassland in a multi-factorial experiment test-
ing the effects of (1) two grazing intensities (lightly grazed by 
native mammal species or ungrazed); (2) topsoil removal and 
(3) reduction of plant neighbours. The experiment was carried 
out on two types of surrounding vegetation (exotic annual 
grasses and exotic forbs). 
Results: Topsoil removal greatly enhanced establishment 
from seeds and transplant survival, mainly because it reduced 
the exotic vegetation and thus reduced competition. While 
removing neighbours was essential when topsoil was left in-
tact, it had a negative effect on N. pulchra when surrounding 
species included exotic forbs (Brassica spec. and Asteraceae) 
at low density (after topsoil removal). Moderate grazing by 
native mammals (deer, rabbits and gophers) did not affect N. 
pulchra.
Conclusion: Our results suggest that seeding after topsoil 
has been removed is a promising method to reintroduce N. 
pulchra to highly degraded sites where there is little to no 
native seed bank.

Keywords: Competition; Exotic annual species; Native peren-
nial bunchgrass; Nitrogen reduction; Weeding.

Nomenclature: Hickman 1993.
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Introduction

Natural and semi-natural grasslands were once wide-
spread, species-rich ecosystems worldwide and are now 
threatened by development, agricultural intensification 
and altered disturbance regimes (e.g. Heady et al. 1988; 
Jacobs et al. 1999; Hoekstra et al. 2005). In California, 
grasslands evolved with a number of disturbances, 
including intentional high frequency burning by native 
Americans (Anderson 2006), seasonal grazing by native 
ungulates, soil disturbance and grazing by burrowing 
mammals and periodic drought stress (Heady et al. 
1988). They are important habitats for wildlife and are 
hot-spots of plant species diversity (Stromberg et al. 
2001). In the late 18th century, Europeans limited fires 
and introduced year round, intensive cattle grazing, along 
with numerous exotic forage grasses. These grasslands 
are now dominated by annual exotic grasses and forbs 
of mediterranean origin (Heady et al. 1988; Stromberg 
et al. 2001; Hayes & Holl 2003a, b). 

While restoration can sometimes be easily promoted 
by re-establishing historical abiotic conditions, it can 
often be much harder to achieve when feedbacks have 
developed, in which case a severely degraded ecosystem 
may have shifted to an alternative state (Suding et al. 
2004). When grasslands have been severely degraded, 
recovery is unlikely (Stromberg & Griffin 1996; Ham-
ilton et al. 2002) and single treatment restoration strate-
gies have not been successful (for review see Corbin et 
al. 2004). 

In these conditions, restoration can be initiated by re-
introducing some perennial species to improve habitats 
by enhancing soil and micro-environmental conditions 
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(Whisenant et al. 1995). To enhance environmental 
conditions in degraded grasslands for native species to 
establish, the influence of exotic plant species has to 
be reduced. Various exotic plant reduction techniques 
have been tested (for review see Corbin et al. 2004), 
including lowering plant available nitrogen to reduce 
all plant growth during the establishment phase and 
thus favour slow growing native species (Huenneke 
et al. 1990; Corbin et al. 2004). Whereas biomass re-
moval (Maron & Jefferies 2001) and carbon addition 
(Wilson & Gerry 1995; Reever Morghan & Seastedt 
1999; Alpert & Maron 2000; Török et al. 2000; Corbin 
& D’Antonio 2004) have had limited positive effects 
on native species (Wilson 2002; Corbin et al. 2004), 
topsoil removal has shown promising results in reduc-
ing nitrogen concentrations in grasslands in Europe and 
in the midwestern US (e.g. Peeters & Janssens 1998; 
Marrs 2002; Wilson 2002), but has not been tested in 
Californian grasslands.

Topsoil removal can simultaneously address two ob-
stacles to recovery of native grasses in exotic dominated 
grasslands. First, it may serve to reduce the abundant 
exotic plant species seed bank (Marrs 2002; Wilson 
2002). Second, it can serve to reduce N availability 
(Aerts et al. 1995; Walker et al. 2007) which tends to 
favor exotic species. 

Two additional techniques to reduce the influence 
of exotic plant species on native grasses and provide 
native seeds with suitable safe sites to germinate are 
neighbour removal and grazing. Neighbour removal of 
mainly exotic species will further reduce exotic plant 
cover and may be beneficial for native species (Corbin 
et al. 2004), but should be tested in combination with 
other treatments. Since the effect of cattle and sheep 
(Dyer et al. 1996; Dyer & Rice 1997; Dyer 2003; Fe-
hmi & Bartolome 2003; Bartolome et al. 2004; Corbin 
et al. 2004; Marty et al. 2005) has already been widely 
studied and results have shown mixed effects on native 
coastal prairie vegetation (Hatch et al. 1999; Hayes & 
Holl 2003a; Corbin et al. 2004), we tested the effect of 
native fauna grazing (deer, ground-squirrels and other 
small mammals) on the establishment of a native peren-
nial species. We tested these effects in a factorial design 
as they may interact with one another.

The aim of this experiment was to test the efficacy 
of various combinations of grazing (moderately grazed 
by native mammals/ungrazed), topsoil removal or intact 
topsoil and two neighbour removal intensities (neighbour 
removal/neighbour intact) to enhance establishment 
from seeds and survival and growth of planted seedlings 
(transplants) of a native perennial species. We tested all 
these combinations of treatments in areas dominated by 
two types of exotic vegetation (exotic annual grasses or 
exotic forbs). 

Specifically, we hypothesized that: (1) moderate graz-
ing by native mammals would benefit native perennial 
species establishment by reducing exotic plant biomass 
without inducing too much trampling; (2) topsoil removal 
would benefit native perennial species establishment, 
as topsoil removal generally reduces soil nitrogen and 
the exotic plant seed bank and (3) neighbour removal 
would benefit native perennial species establishment by 
reducing exotic plant competition.

Methods

Site description

We conducted experiments on a coastal grassland 
of the Stanford foothills, located 25 km from the ocean 
(Stanford University campus, Palo Alto, California, 
37°18'N, 122°9'W). The site is a small hill (max. 3% 
slope) with a few large Quercus trees and herbaceous 
vegetation comprised of large patches of annual exotic 
grasses (Avena barbata, A. fatua, Brachypodium dis-
tachyon, Bromus diandrus, B. hordeaceus, B. madriten-
sis, Lolium multiflorum and Vulpia microstachys) and 
large patches of exotic forbs (Brassica nigra and vari-
ous Asteraceae such as Carduus pycnocephalus, Picris 
echioides, Silybum marianum and Sonchus asper). N. 
pulchra represents < 0.5% springtime biomass and < 
0.02% of the seeds in the seed bank (S. Anderson un-
publ. data). The area was moderately grazed by cattle 
from the early 19th century until 1984 and appears to 
have been a popular cattle resting area. As with other 
such landscapes in California where Quercus cover is 
low or discontinuous (due either to natural distribution 
or ranchers reducing tree abundance to boost grass 
productivity), cattle typically take refuge in the warm 
spring and summer months under focal shade trees. The 
resulting cattle trampling around this hill apex likely 
represented a significant disturbance independent of the 
treatments. The extremely clay-rich soils of this site are 
not subject to extensive compression from trampling 
(as more loamy soils would be), but such continual 
disturbance tends to shift the surrounding herbaceous 
community away from grass to a more forb-dominated 
community (especially favouring Asteraceae and Bras-
sicaceae). In summary, the area is moderately disturbed 
compared to most remnant coastal California grasslands, 
but heavily transformed from the native grass and native 
forb-dominated coastal grasslands that were present prior 
to European colonization.

We compiled precipitation and air temperature data 
from the closest weather station (Anon. 2005a). The 
site received 515 mm of rainfall in 2002, which is simi-
lar to the mean over the 50 previous years (516 mm), 
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whereas rainfall was lower in 2003 (420 mm). Mean air 
temperatures in 2002 (15.2°C) and 2003 (15.7°C) were 
comparable to the 50 previous years (15.1°C). 

In 2004 we collected ten soil samples in areas where 
the topsoil had not been removed in order to confirm that 
the surface soil had more total N than at the beginning. 
We randomly collected five samples from the soil surface 
and five samples from <10 cm deep, and analysed them 
for Kjeldahl total N.

Experimental design

Initially, we set out 24 experimental units, each com-
posed of two 3 m × 1.5 m plots, in order to encompass an 
equal number of units on north and south facing slopes. 
As aspect did not appear to strongly influence results, 
we did not consider it any further. However, the 24 units 
were also arranged to encompass an equal number of units 
on exotic forb patches and exotic grass patches and this 
factor appeared to influence the outcome of treatment 
effects. In each experimental unit, we experimentally 
manipulated grazing, topsoil and plant interactions in 
a split-split plot design: each plot (grazed or ungrazed) 
was split into two 1.5 m × 1.5 m plots, allocated to intact 
topsoil or topsoil removal. Each subplot was further split 
into two 0.75 m × 1.5 m split plots and allocated to intact 
neighbour or neighbour removal. 

The ungrazed treatment consisted of installing a 
cage around one of each pair of plots during the winter 
of 2002-2003 to exclude mammalian grazers. During 
the experiment, the uncaged plots were grazed by deer, 
ground squirrels and other small mammals.

We removed the topsoil layer (0 - 10 cm: litter layer 
and part of the A horizon) in one 1.5 m × 1.5 m split plot 
in each plot in August 2002 by tilling and then scraping. 
Topsoil removal also eliminated neighbours and the top 
layer of the seed bank (Marrs 2002). In January 2003, 
at transplanting, 25-35% of the ground cover was re-
colonized by plant species and in March 2003 ground 
cover was > 70% on split plots with topsoil removed vs. 
90-100% on plots with intact topsoil. 

To test the effect of plant neighbour interactions on 
seedlings and transplants, we allocated one half of each 
split plot to neighbour removal and we left neighbours 
intact in the other half. Neighbour removal was performed 
by hand-pulling all small seedlings (native and exotic) 
and clipping all larger plants to the ground within a 25 cm 
diameter area surrounding the target plants (see below); 
we chose a 25 cm diameter as Davies et al. (1999) showed 
that some grassland plants responded to neighbour re-
moval in areas greater than 15 cm diameter. We removed 
neighbours before sowing and transplanting, twice in 
spring 2003 and twice in winter 2003-2004.

Seeding and transplanting

The selected perennial species was Nassella pulchra 
as it is a widely available native bunchgrass, it has a broad 
habitat tolerance and it can create ecological resistance 
against various weeds (Dukes 2001; Reever-Morghan 
& Rice 2005). Once established it can live a long time 
(Hamilton et al. 1999), it was propbably an abundant 
species in portions of the coastal range grasslands and 
it is present around the study site. 

In each 0.75 m × 1.5 m split-split plot, we allocated a 
0.75 m × 0.75 area to a seeding experiment and a 0.75 m 
× 0.75 m area to a transplanting experiment. We sowed 
25 N. pulchra seeds in each of the 24 experimental units 
for each grazing × topsoil × neighbour treatment at the 
end of October 2002, before the first autumn rain, which 
occurred on 31 October 2002 (total of 4800 seeds). 
Seeds were sown 6.25 cm apart in 5 × 5 seed grids and 
pushed into the soil to a depth approximately equal to 
their length. N. pulchra seeds were collected the previous 
spring from Russian Ridge Open Space Preserve, ca. 10 
km from the experimental location but within the same 
watershed. Seed germination was also measured in the 
laboratory at 20°C, 16 h day light: 8 h darkness.

In January 2003, we transplanted four N. pulchra 
plants into each of the 24 experimental units for each 
grazing × topsoil × neighbour treatment. These plants 
had been grown outdoors in individual containers for 
two months, watered as required and not fertilized. The 
four transplants were planted 50 cm apart to minimize 
interactions and were watered once when planted out. 
Transplants that died within the first month were re-
placed. 

Data collection

We recorded the number of seedlings that germi-
nated and survived until 17 weeks after the first rain 
on 05/06.03.2003. All seedlings (out of 25 seeds) were 
summed in each split-split plot to carry out statistical 
analyses – hereafter this value is referred to as ‘percent 
establishment from seed’. 

We monitored transplanted N. pulchra survival and 
growth over 1.5 years. We measured survival in March 
2003, June 2003, December 2003 and to June 2004, after 
which we collected the above- and below-ground biomass 
of all the transplants by sampling the same volume of 
soil around each plant (500 cm3), reaching the end of 
most major roots which comprise most of the biomass. 
We washed the roots and dried them at 70 °C to a con-
stant mass and weighed the above- and below-ground 
biomass, and calculated a mean biomass for each set of 
four transplants.
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Statistical analyses

Soil sample data were analysed with a t-test. We 
conducted ANOVA for split-split plot design on all data 
(emergence from seeds, transplant survival and biomass) 
using two separate models: one for each of the surround-
ing vegetation (forb-dominated and grass-dominated 
patches) (Anon. 2005b). Grazing, topsoil removal and 
neighbour removal were treated as categorical explana-
tory variables with grazing as the whole plot treatment, 
topsoil removal as the first split plot and neighbour 
removal as the second split plot, p < 0.05 was consid-
ered significant and p < 0.10 marginally significant. 
For transplant survival and biomass, only results 1.5 
years after planting (June 2004) are presented here as 
analyses from other sampling dates were similar. Arcsine 
square-root transformations were applied to emergence 
and survival data and log transformations to biomass 
measurements (Sokal & Rohlf 1998). A few cages were 
destroyed during the experiment resulting in the loss of 
those plots, so the degrees of freedom varied slightly 
for some analyses. 

Results

Soil nitrogen

Soil samples taken in the top 10 cm of unscraped areas 
had higher N (0.34 mg-N.g–1) than samples taken > 10 
cm deep (0.20 mg-N.g–1, F = 45.7, p < 0.001); topsoil 
removal thus removed most of the N-rich topsoil layer.

Establishment from seed 

Percent establishment from seed in the field was 37 
± 2% (1793 seeds germinated and survived to 17 weeks 
out of 4800 planted) whereas the value in the laboratory 
reached 74 ± 3%. Overall, establishment from seed was 
40 ± 2% in exotic forb patches and 35 ± 2% in exotic 
grass patches. In both types of vegetation, topsoil removal 
substantially increased establishment from seed (up to 55 
%) compared with intact topsoil (up to 35% only; Table 
1; Fig. 1). In exotic forb patches, neighbour removal 
resulted in a marginal increase in establishment from 
seed (neighbour removal 42% versus intact neighbours 
37%; Table 1, Fig. 1). In exotic grass patches, there 
was a significant topsoil removal × neighbour removal 
interaction term as neighbour removal also increased 
establishment; establishment was by far the lowest (12%) 
in plots with both intact neighbours and intact topsoil 
(Table 1, Fig. 1). 

Fig. 1. Establishment of Nassella pulchra from 
seeds after 17 weeks. See Table 1 for ANOVA 
results. Ti = Intact topsoil; Tr = Topsoil removal; 
Dark bars = Neighbours intact; White bars = 
Neighbour removal. Values are means ± SE.
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Transplant survival and biomass 1.5 years after planting

At the end of the experiment, transplant survival 
was similar in both surrounding vegetation types (exotic 
grasses: 15.0 ± 0.2%; exotic forbs: 15.3 ± 0.2%). In exotic 
grass patches, topsoil removal and neighbour removal 
as separate treatments increased transplant survival 
with topsoil removal having a stronger effect (Table 2, 
Fig. 2). In exotic forb patches, topsoil removal × intact 

Table 1. ANOVA for treatment effects on establishment of Nassella pulchra from seed 17 weeks after seeding in the two types of 
surrounding vegetation. Values in bold are significant (p < 0.05), underlined values are marginally significant (p < 0.10).

Surrounding vegetation  Exotic grass patches   Exotic forb patches
 df F p df F p

Replication 10   12  
Grazing 1 1.1 0.320 1 2.5 0.142
Error (whole plot) 10   12  
Topsoil removal 1 46.1 <0.001 1 24.9 <0.001
Grazing × topsoil  1 0.2 0.627 1 1.9 0.182
Error (subplot) 20   24  
Neighbour removal 1 47.2 <0.001 1 3.0 0.091
Grazing × neighbour 1 <0.1 0.992 1 0.2 0.663
Topsoil × neighbour 1 25.2 <0.001 1 1.0 0.317
Grazing × topsoil × neighbour 1 1.9 0.174 1 0.1 0.830
Error (split-plot) 40   48  

Table 2. ANOVA for treatment effects on survival of Nassella pulchra transplants 1.5 years after transplanting in the two types of 
surrounding vegetation. Values in bold are significant (p < 0.05), underlined values are marginally significant (p < 0.10).

Surrounding vegetation  Exotic grass patches   Exotic forb patches
 df F p df F p

Replication 9   9  
Grazing 1 0.2 0.693 1 0.8 0.406
Error (whole plot) 9   9  
Topsoil removal 1 12.8 0.002 1 0.9 0.354
Grazing × topsoil  1 <0.1 0.845 1 2.2 0.159
Error (subplot) 18   18  
Neighbour removal 1 3.4 0.075 1 1.8 0.191
Grazing × neighbour 1 0.3 0.586 1 <0.1 0.930
Topsoil × neighbour 1 0.8 0.365 1 5.8 0.022
Grazing × topsoil × neighbour 1 0.5 0.468 1 0.4 0.538
Error (split-plot) 36   36  

Fig. 2. Survival of transplanted Nassella pulchra 
seedlings after 1.5 years. See Table 2 for ANOVA 
results. Ti = intact Topsoil. Tr = Topsoil removal; 
dark bars = Neighbours intact. white bars = Neigh-
bour removal. Values are means ± SE.

neighbours maximized transplant survival (Table 2): 
28% vs 11% in other treatments (Fig. 2). 

In exotic grass patches, neighbour removal had a sig-
nificant positive effect on transplant biomass (neighbour 
removal 1.24 g vs. intact neighbours 0.30 g; Table 3, 
Fig. 3). In exotic forb patches, topsoil removal × intact 
neighbours resulted in a marginal increase in transplant 
biomass (0.9 g vs. 0.2 g for other treatments; Table 3; 
Fig. 3).
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provide germination cues for N. pulchra to reduce its time 
of emergence (Dyer et al. 2000). Exotic annual grasses 
also reduce water availability (Eliason & Allen 1997; 
Holmes & Rice 1997; Dyer & Rice 1999; Hamilton et al. 
1999; Clarke & Davison 2004). The competition of exotic 
annual grasses at the emergence stage was slightly greater 
than that of exotic forbs. While these plants remained low 
growing rosettes in early stages, annual exotic grasses 
emerged quickly which can greatly reduce the amount of 
light reaching the ground and decrease water availability 
through high transpiration (Moyes et al. 2005). Annual 
exotic grasses and the small seedlings of our experiment 
have the same requirements: they have similar root depth 
and leaf height, and they compete for the same resources. 
Whatever the surrounding vegetation, topsoil removal 
led to the highest N. pulchra emergence and additional 
exotic species removal was not necessary.

N. pulchra transplants on subplots with intact top-
soil and neighbours survived six months after planting 
(data not shown), but they grew little above-ground or 

Discussion

This study showed that topsoil removal maximized 
Nassella pulchra establishment from seed and transplant 
survival. This is consistent with another study on the 
effect of topsoil removal on a sown native perennial 
grass in Australia (Cole et al. 2005). Topsoil removal 
changes both available nutrients (this study; Aerts et al. 
1995; Buisson et al. 2006), can reduce the exotic seed 
bank (Marrs 2002; Wilson 2002) and reduces cover of 
the surrounding vegetation (Buisson et al. 2006). Only 
ca. 30% of the ground was covered with exotics in Janu-
ary 2003 and ca. 70% in March 2003 vs 90% - 100% at 
all times on plots with intact topsoil. It appears that this 
reduced cover contributed to N. pulchra establishment 
by decreasing competition. Previous studies have shown 
that perennial species suffer from competition of exotic 
species (Lenz et al. 2003; Cole & Lunt 2005; Prober & 
Thiele 2005) because exotics germinate earlier (Barto-
lome & Gemmill 1981; Chiariello 1989), even when they 

Fig. 3. Biomass of transplanted N. pulchra seed-
lings after 1.5 years. See Table 3 for ANOVA 
results. Ti = Intact topsoil; Tr = Topsoil removal; 
Dark bars = Neighbours intact; White bars = 
Neighbour removal. Values are means ± SE.

Table 3. ANOVA for treatment effects on the biomass of Nassella pulchra transplants 1.5 years after transplanting in the two types 
of surrounding vegetation. Values in bold are significant (p < 0.05), underlined values are marginally significant (p < 0.10).

Surrounding vegetation  Exotic grass patches   Exotic forb patches
 df F p df F p

Replication 9   9  
Grazing 1 <0.1 0.907 1 2.1 0.186
Error (whole plot) 9   9  
Topsoil removal 1 1.2 0.286 1 1.5 0.234
Grazing × topsoil  1 <0.1 0.872 1 0.2 0.658
Error (subplot) 18   18  
Neighbour removal 1 14.0 <0.001 1 0.7 0.394
Grazing × neighbour 1 <0.1 0.971 1 0.7 0.414
Topsoil × neighbour 1 0.4 0.542 1 3.3 0.078
Grazing × topsoil × neighbour 1 0.1 0.767 1 1.5 0.225
Error (split-plot) 36   36  
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below-ground biomass before summer and may not 
have been able to withstand summer water stress. Past 
research concurs that perennial grasses cannot survive 
dry conditions when grown with exotic annual grasses 
because annuals out compete young perennials for light 
and perennials are thus unable to develop sufficient 
root biomass before summer to use deep soil moisture 
(Bartolome 1981; Dyer & Rice 1997, 1999; Hamilton 
et al. 1999; Buisson et al. 2006). Here we show that 
when competition was not reduced by topsoil removal, 
neighbour removal had a positive effect on N. pulchra 
survival. We showed that this was also true in dense 
exotic forb patches. This is consistent with studies car-
ried out on Centaurea solstitialis (Enloe et al. 2004) and 
Brassica nigra (Moyes et al. 2005), which showed that 
these two species depleted soil moisture. 

However, at low density, in the treatment combining 
topsoil removal and intact neighbours, exotic forbs had a 
positive effect on N. pulchra survival and biomass. This 
may be because a low density of forbs shaded N. puchra 
compared to the otherwise harsh condition plots: either 
bare and dry (topsoil and neighbour removal) or highly 
competitive (intact topsoil). Another explanation may 
be that, contrary to exotic annual grasses, the forbs had 
taproots and, at that stage, N. pulchra seedlings had short 
roots. These species may therefore not be in competition 
for water, and N. pulchra may even benefit from hydraulic 
lift of the forbs (Callaway et al. 2003), although this is 
speculative as we do not have soil moisture data from 
this system. The functional type of plant neighbours 
therefore determines the type of plant interactions, as 
grass neighbours showed greater competitive effects than 
forbs. This means that N. pulchra is affected by competi-
tive interactions by species with similar functional traits 
(grasses), whereas plants with different functional traits 
may help species to persist (complementarity hypothesis 
among functional groups; Loreau et al. 2001).

While native mammal grazing did not have any 
detrimental effect on the reintroduced perennial native 
species, it did not have any direct or indirect positive 
effects either. While excluding grazing by native mam-
mals did not indirectly affect N. pulchra through the 
reduction of the surrounding exotic plant biomass, the 
direct effect of exclosures on these exotic species was not 
measured. The low impact of grazing in our experiment 
compared with other similar experiments (Buisson et al. 
2006) may be explained by the nature of the herbivory; 
domestic mammals in Buisson et al. (2006) and non-
domestic native mammals in this study. Cattle and native 
grazers may have very different impacts on vegetation: 
domestic grazing is usually a disturbance relatively more 
intensive and frequent than wild herbivory which is 
much more stochastic and extensive, following animal 
demographic oscillations. Even if a large amount of 

evidence suggests an impact of wild herbivores on veg-
etation in a given ecosystem; for a given stocking rate, 
the direct or indirect consequences of wild herbivory on 
plant performances are questionable. This is the case in 
this study, since direct observations of native mammals 
and of their grazing impacts on vegetation are common 
on the Stanford foothills: the primary grazers are deer 
and small mammals (in particular rabbits); and while 
no quantitative grazer counts were conducted, rabbits 
were seen in and around the site nearly every visit and 
deer were often seen in the vicinity.

This result is not consistent with another study focus-
ing on non-herbaceous targets in highly degraded riparian 
habitats (Opperman & Merenlender 2000), where deer 
grazing substantially reduces the establishment of sap-
lings. However, it is consistent with a study on another 
native browser, the tule elk (Cervus elaphus nannodes) 
(Johnson & Cushman 2007) and on cattle (Hayes & Holl 
2003a) which showed that these large herbivores had 
no effect on the abundance or cover of native perennial 
grasses. The impact of grazing is therefore most probably 
linked with native mammal density, cattle grazing rate 
and rotation and the type of plant targets. Further studies 
should measure grazing intensity of native mammals in 
order to compare these results to other grazing systems 
(other species, seasonal grazing, stocking rates etc.).

Conclusions

Our study suggests that, at the highly degraded Cali-
fornia coastal grassland site studied, the best treatment 
to restore N. pulchra is to remove topsoil to provide a 
suitable establishment environment. Topsoil removal is 
a resource intensive restoration treatment (Buisson et al. 
2006) that has already been carried out on large areas 
(Patzelt et al. 2001; Verhagen et al. 2001; Grootjans et 
al. 2002). Once removed, topsoil can be sold and this 
income used toward restoration (Marrs 1985, 2002). Top-
soil removal is an intensive restoration technique which 
should be considered carefully, (1) as it may alter other 
soil physical and chemical characteristics (e.g. moisture, 
exchangeable magnesium) and microbial community 
composition (Steenwerth et al. 2002); (2) as it may change 
nutrient availability and mycorrhizae composition and 
(3) only in highly degraded grasslands and only after 
testing the seed bank for native seeds (Grootjans et al. 
2002; Marrs 2002).

Our results suggest that removing exotic annual grass 
neighbours is not necessary if topsoil is removed but the 
two techniques combined will increase early survival 
and ensure maximum growth, but this is dependent on 
the composition of the surrounding vegetation. Later 
growth of N. pulchra should not be a problem as large 
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N. pulchra have been shown to outcompete Centau-
rea solstitialis, a deep-rooted invasive thistle (Reever 
Morghan & Rice 2005).

At our site, moderate grazing by native mammals 
did not influence N. pulchra establishment. Fencing is 
therefore unnecessary in similar conditions.

Our and other studies (Corbin & D’Antonio 2004) 
suggest that N. pulchra can be successfully sown from 
seeds into exotic grasslands particularly if other treat-
ments are applied (e.g. topsoil removal in this study; 
ploughing in Seabloom et al. 2003). Even with low 
establishment, N. pulchra can be seeded in large quan-
tity because seeds are affordable (Pacific Coast Seed, 
Livermore, CA, US, 2005), to produce densities of sur-
viving grasses similar to those achieved by more costly 
seedling transplanting. 

Acknowledgements. Financial support for this research was 
provided by Stanford University’s Center for Conservation 
Biology, the French Department of Research and the ‘Académie 
d’Agriculture de France’. We appreciate the assistance of L. 
Locatelli, J. Velzy, J. Leap, P. Oliveira, J. Schinske, C. Philips, 
A. Saatkamp and a number of other volunteers.

References

Anon. 2005a. Weather data and products. California Depart-
ment of Water Resources. url: http://www.ipm.ucdavis.
edu/WEATHER/wxretrieve.html [September 2006; last 
checked May 2007].

Anon. 2005b. The R Project for Statistical Computing. [html 
pages]. http://www.r-project.org/ [April 2005; last checked 
May 2007].

Aerts, R., Huiszoon, A., van Oostrum, J.H.A., van De Vijver , 
C.A.D.M. & Willems, J.H. 1995. The potential for 
heathland restoration on formerly arable land at a site in 
Drenthe, The Netherlands. Journal of Applied Ecology 
32: 827-835. 

Alpert, P. & Maron, J.L. 2000. Carbon addition as a counter-
measure against biological invasion by plants. Biological 
Invasions 2: 33-40 

Anderson, M.K. 2006. Tending the wild: Native American 
knowledge and the management of California’s natural 
resources. University of California Press, Berkeley, CA, 
US.

Bartolome, J.W. 1981. Stipa pulchra, a survivor from the 
pristine past. Fremontia 9: 3-6.

Bartolome, J. & Gemmill, B. 1981. The ecological status 
of Stipa pulchra (Poaceae) in California. Madroño 28: 
172-184.

Bartolome, J.W., Fehmi, J.S., Jackson, R.D. & Allen-Diaz, B. 
2004. Response of a native perennial grass stand to dis-
turbance in California’s coast range grassland. Restoration 
Ecology 12: 279-289.

Buisson, E., Holl, K.D., Anderson, S., Corcket, E., Hayes, 

G.F., Torre, F., Peteers, A. & Dutoit, T. 2006. Effect of 
seed source, topsoil removal, and plant neighbor removal 
on restoring California coastal prairies. Restoration Ecol-
ogy 14: 569-577.

Callaway, R.M., Pennings, S.C. & Richards, C.L. 2003. Phe-
notypic plasticity and interaction among plants. Ecology 
84: 1115-1128.

Chiariello, N.R. 1989. Phenology of California grasslands. In: 
Huenneke, L.F. & Mooney, H. (eds.) Grassland structure 
and function: California annual grassland, pp. 47-58. 
Kluwer Academic, Dordrecht, NL.

Clarke, P.J. & Davison, E.A. 2004. Emergence and survival 
of herbaceous seedlings in temperate grassy woodlands: 
recruitment limitations and regeneration niche. Austral 
Ecology 29: 320-331

Cole, I. & Lunt, I.D. 2005. Restoring Kangaroo Grass (Themeda 
triandra) to grassland and woodland understoreys: a review 
of establishment requirements and restoration exercises in 
south-east Australia. Ecological Management and Restora-
tion 6: 28-33.

Cole, I., Lunt, I.D. & Koen, T. 2005. Effects of sowing treatment 
and landscape position on establishment of the perennial 
tussock grass Themeda triandra (Poaceae) in degraded 
Eucalyptus woodlands in Southeastern Australia. Restora-
tion Ecology 13: 552-561.

Corbin, J.D. & D’Antonio, C.M. 2004. Competition between 
native perennial and exotic annual grasses: implications for 
an historical invasion. Ecology 85: 1273-1283.

Corbin, J.D., D’Antonio, C.M. & Bainbridge, S. 2004. Tipping 
the balance in the restoration of native plants: Experimental 
approaches to changing the exotic:native ratio in California 
grassland. In: Gordon, M. & Bartol, S. (eds.) Experimental 
approaches to conservation biology, pp. 154-179. Univer-
sity of California Press, Berkeley, CA, US.

Davies, A., Dunnett, N.P. & Kendel, T. 1999. The importance 
of transplant size and gap with in the botanical enrichment 
of species-poor grasslands in Britain. Restoration Ecology 
7: 271-280.

Dukes, J.S. 2001. Biodiversity and invasibility in grassland 
microcosms. Oecologia 126: 563-568.

Dyer, A.R. 2003. Burning and grazing management in a 
California grassland: growth, mortality, and recruitment of 
Nassella pulchra. Restoration Ecology 11: 291-296.

Dyer, A.R. & Rice, J.R. 1997. Intraspecific and diffuse com-
petition: the response of Nassella pulchra in a California 
grassland. Ecological Applications 7: 484-492.

Dyer, A.R. & Rice, J.R. 1999. Effects of competition on re-
source availability and growth of a California bunchgrass. 
Ecology 80: 2697-2716.

Dyer, A.R., Fossum, H.C. & Menke, J.W. 1996. Emergence 
and survival of Nassella pulchra in a California grassland. 
Madroño 43: 316-333.

Dyer, A.R., Fenech, A. & Rice, J.R. 2000. Accelerated seedling 
emergence in interspecific competitive neighbourhoods. 
Ecology Letters 3: 523-529.

Eliason, S.A. & Allen, E.B. 1997. Exotic grass competition in 
suppressing native shrubland re-establishment. Restoration 
Ecology 5: 245–255.

Enloe, S.F., DiTomaso, J.M., Orloff, S.B. & Drake, D.J. 2004. 

http://www.ipm.ucdavis.edu/WEATHER/wxretrieve.html 
http://www.ipm.ucdavis.edu/WEATHER/wxretrieve.html 
http://www.r-project.org/ 


- ReintRoduction of nassella pulchRa in calfoRnia coastal gRasslands - 203

Soil water dynamics differ among rangeland plant commu-
nities by yellow starthistle (Centaurea solstitialis), annual 
grasses, or perennial grasses. Weed Science 52: 248-254.

Fehmi, J.S. &. Bartolome, J.W. 2003. Impacts of livestock 
and burning on the spatial patterns of the grass Nassella 
pulchra (Poaceae). Madroño 50: 8-14.

Grootjans, A.P., Bakker, J.P., Jansen, A.J.M. & Kemmers, 
R.H. 2002. Restoration of brook valley meadows in the 
Netherlands. Hydrobiologia 478: 149-170.

Hamilton, J.G., Holzapfel, C. & Mahall, B.E. 1999. Coexist-
ence and interference between a native perennial grass 
and non-native annual grasses in California. Oecologia 
121: 518-526.

Hamilton, J.G., Griffin, J.R. & Stromberg, M.R. 2002. Long-
term population dynamics of native Nassella (Poaceae) 
bunchgrasses in Central California. Madroño 49: 274-
284.

Hatch, D.A., Bartolome, J.W., Fehmi, J.S. & Hillyard, D.S. 
1999. Effects of burning and grazing on a coastal California 
grassland. Restoration Ecology 7: 376-381.

Hayes, G.F. & Holl, K.D. 2003a. Cattle grazing impacts on an-
nual forbs and vegetation composition of mesic grasslands 
in California. Conservation Biology 17: 1694-1702.

Hayes, G.F. & Holl, K.D. 2003b. Site-specific responses of 
native and exotic species to clipping frequency, litter 
accumulation and soil disturbance in a mesic grassland 
community. Applied Vegetation Science 6: 235-244.

Heady, J.H., Foin, T.C., Hektner, M.M., Barbour, M.G., Taylor, 
D.W. & Barry, W.J. 1988. Coastal prairies and northern 
coastal scrub. In: Barbour, M.G. & Major, J. (eds.) Ter-
restrial vegetation of California, pp. 733-760. Wiley, New 
York, NY, US.

Hickman, J. (ed.) 1993. The Jepson Manual: Higher plants of 
California. University of California, Berkeley, CA, US.

Hoekstra, J.M., Boucher, T.M., Ricketts, T. H. & Roberts, C. 
2005. Confronting a biome crisis: global disparities of 
habitat loss and protection. Ecology Letters 8: 23-29.

Holmes, T.H. & Rice, K.J. 1996. Patterns of growth and 
soil-water utilization in some exotic annuals and native 
perennial bunchgrasses of California. Annals of Botany 
78: 233-243.

Huenneke, L.F., Hamburg, S.P., Koide, R., Mooney, H.A. & 
Vitousek, P.M. 1990. Effects of soil resources on plant 
invasion and community structure in Californian serpentine 
grassland. Ecology 71: 478-491.

Jacobs, B.F., Kingston, J. & Jacobs, L.L. 1999. Origin of grass-
dominated ecosystems. Annals of the Missouri Botanical 
Garden 86: 590-643.

Johnson, B.E. & Cushman, J.H. 2007. Influence of a large 
herbivore reintroduction on plant invasions and commu-
nity composition in a California grassland. Conservation 
Biology 21: 515-526.

Lenz, T.I., Moyle-Croft, J.L. & Facelli, J.M. 2003. Direct 
and indirect effects of exotic annual grasses on species 
composition of South Australian grassland. Austral Ecol-
ogy 28: 23-32.

Loreau, M., Naeem, S., Inchausti, P., Bengtsson, J., Grime, 
J.P., Hector, A., Hooper, D.U., Huston, M.A., Raffaelli, D., 
Schmid, B., Tilman, D. & Wardle, D.A. 2001. Biodiversity 

and ecosystem functioning: current knowledge and future 
challenges. Science 294: 804-808. 

Maron, J.L. & Jefferies, R.L. 2001. Restoring enriched grass-
lands: Effects of mowing on species richness, productiv-
ity, and nitrogen retention. Ecological Applications 11: 
1088-1100

Marrs, R.H. 1985. Techniques for reducing soil fertility for 
nature conservation purposes: A review in relation to 
research at Roper’s Heath, Suffolk, England. Biological 
Conservation 34: 307-332. 

Marrs, R.H. 2002. Manipulating the chemical environment of 
the soil. In: Perrow, M.R. & Davy, A.J. (eds.) Handbook 
of restoration ecology: 2. Restoration in practice, pp. 155-
183. Cambridge University Press, Cambridge, UK.

Marty, J.T., Collinge, S.K. & Rice, K.J. 2005. Responses of 
a remnant California native bunchgrass population to 
grazing, burning and climatic variation. Plant Ecology 
181: 101-112.

Moyes, A.B., Witter, M.S. & Gamon, J.A. 2005. Restoration 
of native perennials in a California annual grassland after 
prescribed spring burning and solarization. Restoration 
Ecology 13: 659-666.

Opperman, J.J. & Merenlender, A.M. 2000. Deer herbivory as 
an ecological constraint to restoration of degraded riparian 
corridors. Restoration Ecology 8: 41-47.

Pakeman, R.J. & Small, J.L. 2005. The role of the seed bank, 
seed rain and the timing of disturbance in gap regeneration. 
Journal of Vegetation Science 16: 121-130.

Patzelt, A., Wild, U. & Pfadenhauer, J. 2001. Restoration of 
wet fen meadow by topsoil removal: vegetation develop-
ment and germination biology of fen species. Restoration 
Ecology 9: 127-136.

Peeters, A. & Janssens, F. 1998. Species-rich grasslands: diag-
nostic, restoration and use in intensive livestock production 
systems. Grassland Science in Europe 3: 375-393. 

Prober, S.M. & Thiele, K.R. 2005. Restoring Australia’s 
temperate grasslands and grassy woodlands: integrating 
function and diversity. Ecological Management & Res-
toration 6: 16-27.

Reever Morghan, K.J., & Rice, K.J.. 2005. Centaurea solstitialis 
invasion success is influenced by Nassella pulchra size. 
Restoration Ecology 13: 524-528.

Reever Morghan, K.J. & Seastedt, T.R. 1999. Effects of soil 
nitrogen reduction on nonnative plants in restored grass-
lands. Restoration Ecology 7: 51–55.

Seabloom, E.W., Harpole, W.S., Reichman, O.J. & Tilman, 
D. 2003. Invasion, competitive dominance, and resource 
use by exotic and native California grassland species. 
Proceedings of the National Academy of Sciences of the 
United States of America 100: 13384-13389.

Sokal, R.R. & Rohlf, F.J. 1998. Biometry: the principles and 
practice of statistics in biological research. 3rd. ed. Free-
man, New York, NY, US. 

Steenwerth, K.L., Jackson, L.E., Calderon, F.J., Stromberg, 
M.R. & Scow, K.M. 2002. Soil microbial community 
composition and land use history in cultivated and grass-
land ecosystems of coastal California. Soil Biology and 
Biochemistry 34: 1599-1611.

Stromberg, M.R. & Griffin, J.R. 1996. Long-term patterns 



204 Buisson, e.  et al.

in coastal California grasslands in relation to cultiva-
tion, gophers, and grazing. Ecological Applications 6: 
1189-1211.

Stromberg, M.R., Kephart, P. & Yadon, V. 2001. Composition, 
invasibility, and diversity in coastal California grasslands. 
Madroño 48: 236-252.

Suding, K.N., Gross, K.L. & Houseman, G.R. 2004. Alterna-
tive states and positive feedbacks in restoration ecology. 
Trends in Ecology and Evolution 19: 46-53.

Török, K., Szili-Kovàcs, T., Halassy, M., Toth, T., Hayek, Zs. 
& Paschke, M.K. 2000. Immobilization of soil nitrogen as 
a possible method for the restoration of sandy grassland. 
Applied Vegetation Science 3: 7-14.

Verhagen, R., Klooker, J., Bakker, J.P. & van Diggelen, R. 2001. 
Restoration success of low-production plant communities 

on former agricultural soils after topsoil removal. Applied 
Vegetation Science 4: 75-82.

Walker, K.J., Warman, E.A., Bhogal, A., Cross, R.B., Pywell, 
R.F., Meek, W.R., Chambers, B.J. & Pakeman, R.J. 2007. 
Recreation of lowland heathland on ex-arable land: as-
sessing the limiting processes on two sites with contrast-
ing soil fertility and pH. Journal of Applied Ecology 44: 
573-582.

Whisenant, S.G., Thurow, T.L. & Maranz, S.J. 1995. Initiating 
autogenic restoration on shallow semiarid sites. Restoration 
Ecology 3: 61-67.

Wilson, S.D. 2002. Prairies. In: Perrow, M.R. & Davy, A.J. 
(eds.) Handbook of restoration ecology: 2. Restoration 
in practice, pp. 443-465. Cambridge University Press, 
Cambridge, UK.

Wilson, S.D. & Gerry, A.K. 1995. Strategies for mixed-grass 
prairie restoration: herbicide, tilling, and nitrogen manipu-
lation. Restoration Ecology 3: 290-298.

Received 22 November 2006;
Accepted 5 July 2007;

Co-ordinating Editor: R.J. Pakeman.



R E S E A R C H A R T I C L E

Limiting processes for perennial plant reintroduction
to restore dry grasslands
Elise Buisson1,2, Emmanuel Corcket3,4, Thierry Dutoit1

In restored grasslands of southern Europe, perennial plants remain highly underrepresented compared with the reference
ecosystems. We tested various treatments to reintroduce common perennial plant species (Brachypodium retusum, Poaceae,
and Thymus vulgaris, Lamiaceae), which are usually not or poorly reintroduced via soil and hay transfer. Treatments included
microenvironmental manipulations (rock cover and plant interactions) and two grazing intensities. Target perennial species
were transplanted in 2002 in the reference grassland ecosystem (intact grassland area used as a control) and in two abandoned
fields. Survival was assessed in June 2003 and June 2004. Target species shoot and root biomass were measured in June 2004.
Grazing greatly reduced the survival and biomass of both target species and its effects were reinforced by summer drought:
plants that did not establish well enough during the autumn and spring did not survive summer. The restored rock cover
had a mild positive effect, particularly on B. retusum. There were no negative or positive plant neighbor interactions in the
steppe, while there was competition in both abandoned fields. Competition was particularly intense in the abandoned melon
field, composed of a dense sward of annual grasses (Bromus sp.). In order to reintroduce perennial species to dry grasslands,
the ideal combination of treatments is to exclude or reduce grazing during the first year to allow seedlings to establish and to
recreate adequate microenvironmental conditions. Reducing competition from arable weeds may help but is not essential in
such dry grasslands.

Key words: Brachypodium retusum, competition, grazing, Mediterranean steppe, plant interactions, rock, stone, Thymus
vulgaris

Implications for Practice

• In order to reintroduce perennial species to Mediterranean
dry grasslands, grazing should be excluded or reduced the
first growing season after outplanting to allow seedlings
to establish better. This was especially true for the studied
chamaephyte Thymus vulgaris.

• Dense arable weed swards (Bromus sp.) significantly
reduced the survival and growth of perennial species;
the cost of removing arable weeds may however be pro-
hibitive.

• In the Mediterranean climate, being well known for its
strong interannual variations, improving microenviron-
mental conditions, such as restoring rock cover, may help
to increase Brachypodium retusum (Poaceae) survival.

Introduction

Since the beginning of the twentieth century, both globally and
in Europe, many pristine natural and seminatural grasslands
have been lost or degraded by agricultural intensification:
plowing, fertilization, drainage, liming, and overgrazing (White
et al. 2000). Low resilience of grassland ecosystems after such
disturbances can be due to (1) the lack of propagules in the seed
bank and in the landscape (Perrow & Davy 2002; Römermann
et al. 2005); (2) limited long-distance seed dispersal of herba-
ceous species (Perrow & Davy 2002; Buisson et al. 2006a);

(3) degraded habitat quality, such as eutrophication (Fenn et al.
2010); and/or (4) competition through the presence of non-
target species like arable weeds or exotic species (D’Antonio
& Meyerson 2002). Grasslands around the Mediterranean
Basin suffer the same types of degradation and their resilience
is particularly low (Römermann et al. 2005; Buisson et al.
2006a; Coiffait-Gombault et al. 2012a). The restoration of such
grasslands is of increasing interest, particularly in southeastern
France where several large-scale projects have been imple-
mented (Coiffait-Gombault et al. 2012b; Dutoit et al. 2013a,
2013b; Bulot et al. 2014; Jaunatre et al. 2014a, 2014b). In these
projects, soil and hay transfer have led to positive results on
plant species richness and composition, but some perennial
species remain highly underrepresented in restored plots as
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compared to the reference ecosystem (Coiffait-Gombault et al.
2012b; Jaunatre et al. 2014a, 2014b).

The aim of this study was to reintroduce two perennial
plant species, Thymus vulgaris (Lamiaceae, chamaephyte)
and Brachypodium retusum (Poaceae, hemicryptophyte) to
degraded abandoned fields as a first step toward the restoration
of Mediterranean grasslands. We chose these two perennial
species because (1) they are common species in the western
Mediterranean Basin, (2) they are dominant in the reference
ecosystem (Buisson & Dutoit 2006), (3) they may improve
habitat quality for other species (Buisson & Dutoit 2004;
Coiffait-Gombault et al. 2012b) and (4) they are usually not
reintroduced via soil and hay transfer (Coiffait-Gombault
et al. 2011; Jaunatre et al. 2014a, 2014b). The main objective
of this study was therefore to test the main limiting factors
to reintroduce these perennial species by manipulating the
microenvironment (rock cover) and biotic interactions (directly
or via grazing).

Concerning the microenvironment treatment, we aimed to
restore the original rock cover in abandoned fields to what it
was in the reference grassland ecosystem before its cultivation.
Rocks (>15 to 30 cm diameter) cover about 50% of the ground
in the reference grassland ecosystem and had been removed for
cultivation (Buisson & Dutoit 2006). Such rocks can provide
physical nurse effects to plants, such as (1) enhanced soil
moisture by increasing shade and thus reducing concomi-
tant evaporation (Fowler 1988; Noy-Meir 2001; Elmarsdottir
et al. 2003) or by increasing water condensation (Lahav &
Steinberger 2001; Peters et al. 2008); (2) increased microbial
activity under rocks due to increased soil moisture (Lahav
& Steinberger 2001); (3) root protection from the heat, thus
favoring perennials over annuals (Blumler 1992); (4) source of
nutrients (Ugolini et al. 2001; Lopez et al. 2012); (5) wind shel-
tering, and (6) trapping fine sediments (Haussmann et al. 2010).

Concerning the biotic interactions, two treatments should
be compared in our study: direct removal of plant neighbors
and grazing. When competitive invasive or weedy plant species
are found in a restoration site, their vigor and/or density has
to be reduced because they may have a competitive advantage
over target species (Perrow & Davy 2002; Gómez-Aparicio
2009). Some grassland restoration projects have used grazing
in an effort to reduce competition of annual plant species over
establishing perennials (Stahlheber & D’Antonio 2013), but this
review was inconclusive overall because of site specificities.
In this study, we tested whether grazing improved perennial
species establishment in abandoned fields because our refer-
ence grassland ecosystem is traditionally grazed by sheep from
February to June every year (Buisson & Dutoit 2006). In an
effort to reduce competition of nontarget plant species, removal
(cutting, mowing, herbicide application) of the aboveground
biomass of standing vegetation is also used in restoration
(Perrow & Davy 2002; Buisson et al. 2006b; Buisson et al.
2008). We therefore also tested the effects of hand removal of
all plant neighbors in the vicinity of reintroduced perennials.

Plant interaction intensity can change with the level of abiotic
constraint (Corcket et al. 2003) and plant strategies (Liancourt
et al. 2005) in dry grasslands. Positive interactions between

plants are expected in harsh environments (Bertness & Callaway
1994) and may be an ecological force for ecosystem restoration
(Brooker et al. 2008). In order to determine whether site agri-
cultural history and soil fertility had an influence on perennial
species establishment, we used three sites with various levels
of nutrient availability: the reference grassland ecosystem (an
intact grassland area, with low nutrient availability, considered
as a control) and two abandoned fields (with higher fertility).

Altogether, the goal of this experiment was thus to test
the effect of manipulating grazing (grazed or ungrazed), the
microenvironment (rock cover), and plant neighbor interac-
tions (neighbor removal or intact neighbors) on the survival
and growth of two common Mediterranean perennial grassland
species T. vulgaris and B. retusum in the reference grassland
ecosystem (intact grassland area used as a control) and two
abandoned fields.

Methods

Site Description

The studied area is located in the plain of La Crau, in south-
eastern France (43∘33′E 4∘50′N; 10 m a.s.l.). The reference
grassland ecosystem composed of intact dry grasslands
or pseudo-steppe of La Crau (phytosociological associ-
ation: Asphodeletum fistulosi Molin. et Tallon—class:
Stipo-Trachynietea distachyae Brullo), hereafter referred to
as steppe, is species-rich with a unique set of common Mediter-
ranean species that evolved with grazing as well as edaphic
and climatic aridity (Buisson & Dutoit 2006). Parts of this area
have been degraded through cultivation. The abiotic conditions
of the fields are still altered 20–40 years after abandonment.
In addition, the plant community is composed of arable weeds
instead of steppe species although the traditional disturbance
regime, grazing, was reestablished just after cultivation aban-
donment (Römermann et al. 2005; Sauguet 2013). Moreover,
remnant intact patches of original steppe habitat have a limited
role in supplying propagules to abandoned fields due to limited
seed dispersal (Buisson & Dutoit 2004; Buisson et al. 2006a).

Soils (Haplic Cambisols) are less than 40 cm deep and are
composed of 50% of 15–30 cm rocks (Buisson & Dutoit 2006).
Typical for the Mediterranean climate, rainfall occurs mainly in
autumn. Mean precipitation is 541 mm/year, varying between
350 and 800 mm depending on the year, and mean annual tem-
perature is 15.3∘C (data from 1997 to 2006; Wolff et al. 2013).
Mean temperatures in 2003 were only slightly higher than dur-
ing the previous year (15.7± 0.4∘C in 2003 vs. 15.4± 0.3∘C in
2002). However, June temperatures were much higher in 2003
(Tmean in 2003: 25.5± 0.4∘C vs. 22.5± 0.5∘C from 2002 to
2004). The area received 683 mm of rainfall in 2003, which was
less than that in 2002 (763 mm) (Istres weather station, 14 km
from the study area). Shifting sheep flocks have been grazing
the steppe and the cultivated sites before and after cultivation,
from February to June (stocking rate of 4.6 animals ha yr−1).

The first study site was a remnant patch of the reference
grassland ecosystem or intact steppe (35 ha), representative of
the remaining 10,500 ha, used as a control. The composition
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of the intact steppe plant community was assessed by visually
estimating all species % cover in forty-eight 40 cm× 40 cm
quadrats. It was composed of 44 species and was dominated by
the perennial grass Brachypodium retusum (20% cover) as well
as Dactylis glomerata (6% cover), Aegilops ovata (5% cover),
Bellis sylvestris (5% cover), and Euphorbia cyparissias (5%
cover) (Buisson 2005; Table S1, Supporting Information). Plant
community biomass and mean plant height were 179.6 g/m2 and
3 cm, respectively.

The second site (a 12 ha abandoned cereal field) was intact
steppe until 1960, cultivated with cereals between 1960 and
1966 and then abandoned. The disturbance involved chisel
plowing, and some rock removal. The plant community
(assessed in forty-eight 40 cm× 40 cm quadrats) at the time of
this experiment, 38 years after cultivation abandonment, was
composed of 49 species and was dominated by the annual grass
A. ovata (29%) and the annual forb Trifolium subterraneum
(11%) (Buisson 2005; Table S1). Plant community biomass
and mean plant height were 178.8 g/m2 and 2 cm, respectively.
Soil samples taken in this site had significantly higher total N
(0.22 mg/g of soil) than the two other sites (0.17 mg/g of soil)
(Buisson 2005; Table S2).

The third site (a 5 ha abandoned melon field) was intact
steppe until 1971, cultivated with melons between 1971 and
1975 and then abandoned. The disturbance involved moldboard
plowing, watering, fertilizing, and rock removal (see Römer-
mann et al. 2005 and Buisson & Dutoit 2004 for site history).
The plant community (assessed in forty-eight 40 cm× 40 cm
quadrats) at the time of this experiment, 29 years after cultiva-
tion abandonment was composed of 25 species, mainly annual
grasses, such as Bromus sp. (26% cover), Avena barbata (10%
cover), and Vulpia ciliata (6% cover) (Buisson 2005; Table
S1). Plant community biomass and mean plant height were
112.8 g/m2 and 4.8 cm, respectively. Soil concentrations of P2O5
and K2O were significantly higher in this site (2.3 mg/100 g of
soil and 17.3 mg/100 g of soil, respectively) than in the cereal
field (1.3 mg/100 g of soil and 13.9 mg/100 g of soil, respec-
tively) and the steppe (0.6 mg/100 g of soil and 9.5 mg/100 g of
soil, respectively) (Buisson 2005; Table S2).

Experimental Design

Brachypodium retusum seeds were collected in June 2001
and Thymus vulgaris seeds were purchased locally. Seedlings
were grown outdoors, in individual containers for 9 months,
in 2/3 sand—1/3 soil from each site (steppe, abandoned
cereal field, or abandoned melon field depending on where
seedling were to be planted), watered as needed and not
fertilized.

We used a split–split plot design where we manipulated graz-
ing, rock cover, and competition (Fig. 1). At each site, we ran-
domly set 12 experimental units in autumn 2002. Each unit
was composed of two 3 m× 1.5 m plots. These two plots were
located 3 m away from each other to avoid edge effects: one plot
was fenced (ungrazed treatment) and the other was not fenced
(grazed treatment). In the steppe, the effect of the presence of
rocks was tested by removing rocks (>15 cm diameter) from

Figure 1. Experimental design layout. Each site had 12 experimental units
composed of two 3 m× 1.5 m plots, one fenced plot (ungrazed treatment),
and one nonfenced plot (grazed treatment). Each plot was split in to two
1.5 m× 1.5 m subplots allocated to low rock cover (white) or 50% rock
cover (shaded). Two Thymus vulgaris (stars) and two Brachypodium
retusum (triangles) were planted in each subplot. Neighbor removal
(dashed circle) was applied around one randomly chosen individual of
each species.

one of each of the 1.5 m× 1.5 m subplots within a grazed treat-
ment as well as within the ungrazed treatment. Conversely, in
the abandoned fields, the effect of the presence of rocks was
tested by restoring the 50% rock cover in one of each of the
1.5 m× 1.5 m subplots within a grazed treatment as well as
within the ungrazed treatment. In October 2002, we transplanted
two T. vulgaris and two B. retusum seedlings (randomly chosen
among the seedlings grown on the soil corresponding to each
planting site) in each subplot. The seedlings were watered only
once when outplanted as plugs. To test the effect of the plant
community (neighbors) on planted seedling, we hand-pulled
all small seedlings and clipped all larger plants to the ground
within a 25-cm diameter area surrounding one randomly cho-
sen individual of each plant species in a subplot (n= 12 indi-
viduals/species/treatment combination× 3 sites; total number of
plants of each species= 288). We removed neighbors in fall
2002, in spring 2003 and winter 2003–2004. Only seedlings that
died within the first month were replaced.

Monitoring

Plant survival monitoring was carried out over a few contiguous
days (1) in June 2003 and (2) in June 2004 (Fig. 2). In June
2004, we also collected shoot and root biomass of all outplanted
T. vulgaris and B. retusum plants by sampling the same volume
of soil (approximately 2 L) around each plant. Shoot and root
were washed, dried (70∘C) to a constant mass, and weighted.

Statistical Analyses

Analyses were performed using the program R (R Core Team
2015) and made use of the “coin” R package (Hothorn et al.
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Figure 2. Plant survival monitoring was carried out over a few contiguous
days (1) in June 2003, after one growing season and one grazing cycle, and
before the 2003 summer drought; and (2) in June 2004, after two growing
seasons, two grazing cycles and the particularly dry summer 2003 (Gobron
et al. 2005). Planting occurred in October 2002.

2008). Permutation tests were used to analyze both survival and
growth data. These tests (which are also called exact tests) are
a modern and powerful alternative to tests based on statistics
tables for which the assumptions are rarely verified in ecology
(e.g. Mestre et al. 2013). Permutation tests are a type of statis-
tical significance tests in which the population distribution is
obtained by calculating the sample statistics under every possi-
ble permutation of the observed data points, and such tests are
appropriate for small sample sizes.

For each species and for each site, the effects of the three
treatments (starting by the interactions of the three treatments,
then, if not significant by interactions of two treatments, and if
not significant by treatments separately) on survival rate in 2003,
survival rate in 2004, and shoot and root biomass were analyzed
using permutation tests (Hothorn et al. 2008). When permuta-
tion tests were significant, multiple comparison tests were run
and p-values recalculated with the Benjamini–Hochberg adjust-
ment (Benjamini & Hochberg, 1995). The biomass data were
unbalanced due to mortality, but the “coin” package does not
require balanced designs (Hothorn et al. 2008).

Results

Transplant Survival in 2003

In 2003, survival of both species was relatively high, although
that of Brachypodium retusum (84.7%) was lower than that of
Thymus vulgaris (92.7%). Considered together, both species
survival was significantly higher in the steppe (93.2%) than in
the two other sites (melon field= 85.9%, cereal field= 87.0%).

The two species showed different survival patterns in the
steppe: while treatments did not influence B. retusum (overall
survival 92.7%), T. vulgaris had a higher survival rate either
when not grazed or if grazed when neighbors were left intact
(98.6 vs. 79.2%; Table 1).

The two species also showed different survival patterns in the
former cultivated fields. In the melon field, treatments did not
influence B. retusum (overall survival 83.3%), whereas grazing
with restored rock cover reduced T. vulgaris survival (79.2 vs.
88.2%; Table 1). In the cereal field, treatment did not influence
T. vulgaris (overall survival 95.8%), whereas grazing reduced
B. retusum survival (68.8 vs. 87.5%; Table 1).

Table 1. Results of the permutation tests showing the effects of the treat-
ments on the survival of transplanted Brachypodium retusum and Thymus
vulgaris at each site in June 2003 and June 2004. The calculated statistic
of the permutation tests is: (1) z when one explanatory variable (treatment)
was tested or (2) max T when two or three explanatory variables (treatments)
were tested.

B. retusum T. vulgaris

June 2003
Steppe n.s. Grazing× Stones×

Neighbors
max T = 4.1, p= 0.017

Cereal field Grazing
z=−2.2, p= 0.046

n.s.

Melon field n.s. Grazing× Stones
max T = 3.1, p= 0.015

June 2004

Steppe n.s. Grazing
z=−2.4, p= 0.032

Cereal field Grazing×Stones×
Neighbors

max T = 3.6, p= 0.011

Grazing× Stones×
Neighbors

max T = 5.5, p< 0.001
Melon field Grazing×Stones

max T = 2.6, p= 0.042
Grazing×Neighbors
max T = 2.6, p= 0.049
Stones×Neighbors
max T = 3.1, p= 0.016

Grazing× Stones×
Neighbors

max T = 3.2, p= 0.008

Transplant Survival in 2004

In 2004, both species survival was low, although that of B.
retusum (22.6%) was slightly lower than that of T. vulgaris
(28.1%). Considered together, both species survival was signif-
icantly higher in the melon field (48.4%), intermediate in the
cereal field (18.8%), and lower in the steppe (8.9%).

The two species showed different survival patterns in the
steppe: while treatments did not influence B. retusum (overall
survival 8.3%), grazing had a tremendous negative impact on T.
vulgaris (2.1% vs. 16.7%; Table 1, Fig. 3).

Although the two species showed different survival patterns
in the fields, they both were negatively impacted by grazing (e.g.
in the melon field 25% of grazed T. vulgaris survived vs. 89.6%
when not grazed). While rock cover restoration had significantly
positive effects on B. retusum survival whatever the fields or
the grazing treatment (e.g. in the cereal field 35.4% with rocks
vs. 4.2% without rock; Fig. 3), it only had significantly posi-
tive effects on T. vulgaris survival when grazing was applied (in
the melon field 33.3 vs. 16.1%; Table 1, Fig. 3). Plant neighbors
mainly had a significant negative effect on B. retusum survival in
the melon field (29.2% survived with neighbors vs. 50% without
neighbors). In the melon field, rocks and neighbors significantly
increased T. vulgaris survival when grazed, whereas they signif-
icantly decreased it when not grazed (Table 1, Fig. 3).

Transplant Biomass

Overall, B. retusum root biomass was much higher than that of T.
vulgaris (B. retusum= 533.4 g and T. vulgaris= 2.1 g), whereas
T. vulgaris shoot biomass was higher than that of B. retusum
(B. retusum= 1.5 g and T. vulgaris= 11.0 g). Root and shoot
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Figure 3. Mean (+SE) percent survival of transplanted Brachypodium retusum and Thymus vulgaris at each site in June 2004. Low R, rocks removed in the
steppe or rocks intact in the fields; R, rocks intact in the steppe or rock cover restored in the fields; Ni, neighbors intact; Nr, neighbor removal. No bar for a
particular treatment (e.g. B. retusum, in the steppe, grazed, low rock cover, with plant neighbors) means that all plants were dead 1.5 years after planting (0%
survival; see Table 1 for all permutation test results). As we could not show the results of multiple comparison tests for all permutation tests, the tests selected
to be presented are written above each of the six graphs (G, grazing; N, neighbors; n.s.= nonsignificant permutation tests; R, rocks). Within each of the
graphs, bars showing similar letters did not differ significantly according to multiple comparison tests with Benjamini–Hochberg p adjustment. Treatments
tested together were linked to common letters by plain lines.

biomass of both species were lower in the steppe than in the
two fields. The potential effects of treatments on plant growth
could not be analyzed because of low survival: for both species
in the steppe and for T. vulgaris in the cereal field (Table 2).

Grazing had a negative effect on both species growth at all
sites, but T. vulgaris was more sensitive to grazing than B.
retusum (Fig. 4). Grazing significantly reduced B. retusum shoot
and root biomass in the cereal field (e.g. root biomass= 370.7 g
when grazed vs. 766.0 g when not grazed), whereas it signifi-
cantly reduced T. vulgaris shoot and root biomass in the melon
field (e.g. shoot biomass= 0.7 g when grazed vs. 13.0 g when
not grazed) (Table 2; Fig. 4).

High rock cover had a positive effect on B. retusum growth
only, stimulating both root and shoot biomass in the cereal field
(e.g. root biomass= 327.4 g with high rock cover vs. 70.8 g with
low rock cover) (Table 2; Fig. 4).

When significant, the effects of neighbors were negative sug-
gesting the occurrence of competition. Brachypodium retusum
shoot and root biomass were stimulated when plant neigh-
bors were removed in cereal field, whereas both B. retusum
(shoot biomass) and T. vulgaris (shoot and root biomass) were
stimulated when plant neighbor were removed in the melon field
(Table 2).

Table 2. Results of the permutation tests showing the effects of the
treatments on the shoot and root biomass of transplanted Brachypodium
retusum and Thymus vulgaris at each site in June 2004. For abbreviations
and further explanation, see caption of Table 1.

B. retusum T. vulgaris

Shoot Biomass
Steppe n.s. n.s.
Cereal field Grazing×Stones×Neighbors

max T = 2.84, p= 0.03
n.s.

Melon field Neighbors
z=−2.04, p= 0.032

Grazing×Stones
max T = 2.79, p= 0.023
Grazing×Neighbors
max T = 3.69, p< 0.001

Root biomass
Steppe n.s. n.s.
Cereal field Grazing×Stones×Neighbors

max T = 2.96, p= 0.027
n.s.

Melon field n.s. Grazing×Stones
max T = 3.06, p= 0.005
Grazing×Neighbors
max T = 3.63, p< 0.001

Discussion

Establishment and survival in Mediterranean dry grasslands is
a challenge even for stress-tolerant species: during the 2003
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Figure 4. Mean (+SE) shoot biomass of transplanted Brachypodium retusum and Thymus vulgaris in abandoned fields in June 2004. low R, low rock cover;
R, rock cover ∼50%; Ni, neighbors intact; Nr, neighbor removal. No bar for a particular treatment (e.g. T. vulgaris, in the cereal field, grazed) means that all
plants were dead 1.5 years after planting and no biomass could be weighed (see Table 2 for all permutation test results). For abbreviations and further
explanation, see caption of Fig. 3.

summer drought, even some large greater than 10-year-old
well-established Thymus vulgaris did not survive (E. Buisson
2003, IMBE—Université d’Avignon, personal observation).
The Mediterranean climate is well known for its strong inter-
annual variations and recruitment of perennial species likely
occurs only under periodically favorable climatic conditions
(i.e. in wetter/cooler years). The fact that this study was carried
out over the particularly dry summer 2003 (Gobron et al. 2005)
explains why so many plants died. Hence our plant biomass
data can only be interpreted in the light of these high levels of
mortality.

Differences Between Sites

In 2003, after the first grazing cycle and before the first summer
drought, plant survival was slightly higher in the intact steppe
than in the two other sites. This may be due to the fact that
the intact steppe is composed at 20% by the perennial grass
Brachypodium retusum, which is less palatable than the annual
grasses and forbs of both abandoned fields. The sheep might
actually eat less in the intact steppe although it was grazed by
the same flock at the same pace. In 2004, after two growing
seasons, two grazing cycles, and a particularly hot and dry 2003
summer (Gobron et al. 2005), root and shoot biomasses were
lower in the steppe as a consequence of a poorer establishment
probably due to lower soil nutrient availability (Römermann
et al. 2005). This led to a final lower survival at this site and a
higher survival in the fields.

Effects of Treatments in the Two Target Species

Grazing had a negative effect on survival and biomass of
both species. This negative effect was lower on B. retusum

than on T. vulgaris. While the latter produces unpleasant sec-
ondary metabolites, B. retusum combines low palatability and
digestibility (Cingolani et al. 2005), with high root production
and tolerance to defoliation (i.e. hemicryptophyte with meris-
tems at the soil surface; Briske 1996) so that plants of B.
retusum were probably not harmed as much by the animals as
plants of T. vulgaris. In the melon field, grazing was shown to
have a negative effect on survival and on both shoot and root
biomass of T. vulgaris. In this particular case, rocks and neigh-
bors increased survival probably because (1) rocks partly pro-
tected plants against livestock grazing and (2) because the cover
of the plant community in the melon field was composed of more
than 40% of highly palatable annual grasses, which may have
diluted the uptake on T. vulgaris.

In this study, in most cases, rocks had a positive effect on
B. retusum survival and growth. Although we did not measure
environmental parameters around and under rocks, Bourrelly
(1984) showed that rocks create a microclimate and allow root
biomass development in the steppe of La Crau. We can hypoth-
esize that rocks allow B. retusum to protect roots from extreme
heat during summer or/and to produce more roots (Ingelmo
et al. 1994), which usually allow species to better cope with
summer drought (Julander 1945). This would explain why rock
nurse effect on survival of B. retusum was observed only after
the first summer drought. Better root growth can be due to
increased soil moisture (Fowler 1988; Lahav & Steinberger
2001; Noy-Meir 2001; Elmarsdottir et al. 2003; Peters et al.
2008). In addition, rocks might protect seedlings from total pre-
dation. Although sheep can turn pebbles over by kicking them
to better reach their favorite plant food, they cannot displace
larger rocks (E. Buisson 2003, IMBE—Université d’Avignon,
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personal observation); this type of feeding behavior is common
and has been observed in other rangelands (M. Meuret 2015,
INRA, personal communication).

In the steppe, neighboring plants actually had a positive effect
on T. vulgaris survival in 2003 when grazing was applied.
Although 20% of the cover of plant community of the steppe
is composed by B. retusum, more than 23% of it is composed of
highly palatable species, such as Dactylis glomerata (5.6%), and
annual species, such as Brachypodium distachyon (7.7%), Bellis
sylvestris (5.1%), and Aegilops ovata (4.9%), which have been
the sheep’s main source of food (Meuret et al. 2013). As sheep
are able to feed very selectively, the chamaephyte T. vulgaris
was less preferred by the sheep and hence indirectly favored by
neighboring plants.

When not grazed, neighbors in the melon field had a negative
effect on both shoot and root biomass of both target species.
The plant community of the melon field was composed of a
dense sward of annual grasses (e.g. Bromus sp.) boosted by
high nutrient concentrations. In other Mediterranean ecosys-
tems, annual or biennial species have also been found to com-
pete for resources with perennial species depending on their
density and the season (Coiffait-Gombault 2011). Competition
can be due to better soil water uptake (Clary et al. 2004; Moyes
et al. 2005), light interception (Fehmi et al. 2004; Moyes et al.
2005), or litter interference (Lenz et al. 2003). In the ungrazed
cereal field, T. vulgaris survival was lower when the rock cover
was restored. After abandonment, this site was colonized by var-
ious legumes, such as Trifolium subterraneum, T. stellatum, T.
scabrum, Trigonella monspellica, and Medicago minima. Rocks
took the space that could have been colonized by these species
and may have indirectly reduced the positive effect of these
low-growing nitrogen-fixing neighbors on T. vulgaris.
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Effect of Seed Source, Topsoil Removal,
and Plant Neighbor Removal on Restoring
California Coastal Prairies
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Abstract

Grasslands are hot spots of biodiversity but are now
widely threatened by changes in patterns of disturbances,
such as grazing and fire regimes, exotic species invasions,
and cultivation. The goal of this experiment was to find
the most appropriate combination of treatments to rein-
troduce Danthonia californica, a formerly dominant
perennial bunchgrass, into degraded California coastal
prairies. Danthonia californica was sown from seed and
transplanted at two sites and at two grazing intensities
(grazed/ungrazed) in a multifactorial experiment testing
the effects of (1) local versus nonlocal seed sources; (2)
topsoil removal; and (3) reduction of plant neighbors.
Seed emergence was very low, suggesting that transplant-
ing may be a better option to reintroduce D. californica.
Although transplants grown from nonlocal seeds survived

better initially at both sites, transplants from local seeds
had higher survival after 1.5 year at one site. This suggests
that short-term plant establishment studies may be mis-
leading. Topsoil removal greatly enhanced transplant
survival, and neighbor removal primarily increased
transplant growth. Our results suggest that removing
topsoil prior to transplanting seedlings grown from local
seeds is the most promising method to reintroduce D. cal-
ifornica. However, the benefits of removing topsoil to
provide safe sites for plant establishment should be
weighed carefully against potential negative effects on the
native seed bank and microbial communities on a site-
specific basis.

Key words: competition, Danthonia californica, exotic
annual species, grazing, nitrogen reduction, weeding.

Introduction

Grasslands were once widespread, species-rich ecosys-
tems, representing more than 25% of the vegetation cover
of the world (Henwood 1998) and approximately 25%
of California’s natural vegetation (Barbour & Major
1977). Both globally (Jacobs et al. 1999) and in California
(Heady et al. 1988), primary grassland cover has drasti-
cally decreased due to development, agricultural intensifi-
cation, and altered disturbance regimes (Hoekstra et al.
2005); the remaining primary grasslands are fragmented
and degraded. This loss and degradation of grasslands has
significant impacts on the conservation of biodiversity,

particularly in California where primary grasslands are
important habitats for wildlife and hot spots of plant
diversity (Stromberg et al. 2001).

California grasslands evolved with a number of distur-
bances, including intentional high-frequency burning by
Native Americans, seasonal grazing by native ungulates,
soil disturbance and grazing by burrowing mammals, and
periodic drought stress (Heady et al. 1988). In the late
eighteenth century, after European settlement, year-round,
intensive cattle grazing was introduced along with numer-
ous exotic forage grasses, and fire intervals increased.
These systems are now dominated by annual exotic
grasses and forbs of Mediterranean origin (Heady et al.
1988; Stromberg et al. 2001; Hayes & Holl 2003a, 2003b).
Some of these ecosystems have been affected not only by
changes in disturbance regimes but also by cultivation
and/or native N-fixing plant invasion (Maron & Jefferies
1999), both of which lead to soil nitrogen enrichment.
Such areas support even fewer native species than those
that have never been cultivated or invaded (Stromberg &
Griffin 1996; Hamilton et al. 2002).

California coastal prairies, which have received much
less study than inland California grasslands, have been
sufficiently affected by humans that their recovery is
extremely slow (Hamilton et al. 2002) or even unlikely
(Stromberg & Griffin 1996), and will require human
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intervention. The restoration of coastal prairies may
require a combination of treatments on varying time
scales because these areas evolved with several endoge-
nous disturbances and because single-management strate-
gies, including reintroducing fire or grazing (Bartolome &
Gemmill 1981; Dyer & Rice 1997; Hatch et al. 1999), sow-
ing native plant seeds (Wilson & Gerry 1995), or reducing
soil N (Corbin & D’Antonio 2004), have not been demon-
strated to be successful methods by themselves (for
review, see Corbin et al. 2004).

When ecosystems have been severely degraded, Whi-
senant et al. (1995) proposed that restoration be initiated
by enhancing soil and microenvironmental conditions and
by reintroducing some species to improve habitats. We
propose the reintroduction of California oatgrass (Dan-
thonia californica) to degraded coastal prairies as a first
step in restoring the habitat. Although little is known
about the composition and cover of these herbaceous eco-
systems before degradation, it is likely that original coastal
prairies had a greater cover of native perennial grasses,
such as D. californica or California hairgrass (Deschamp-
sia cespitosa) on the coast and Purple needlegrass (Nas-
sella pulchra) further inland. Most studies have focused on
restoring N. pulchra, although a number of authors have
noted the need for information on other perennial grass
species (Hatch et al. 1999; Hayes & Holl 2003a).

We tested topsoil removal as a restoration technique
to reduce both competition from the exotic seed bank
and soil nitrogen (Peeters & Janssens 1998; Marrs 2002;
Wilson 2002). Indeed, the restoration of ecosystems
invaded by annual exotic grasses and forbs without reduc-
ing exotic cover often has limited success (Corbin et al.
2004). Removing the soil surface seed bank may be
expected to reduce competition because most of the exotic
species in California grasslands are annuals. Reduced soil
N in the establishment phase, while diminishing all plant
growth, should favor slower growing native species that
are adapted to low nutrient conditions as compared with
faster growing exotics (Huenneke et al. 1990; Corbin et al.
2004). Other methods aiming at reducing soil nutrients,
such as mowing and removing the cut biomass (Maron &
Jefferies 2001) or carbon amendment (sawdust, sucrose,
starch, cellulose: Wilson & Gerry 1995; Reever Morghan
& Seastedt 1999; Alpert & Maron 2000; Török et al. 2000;
Corbin & D’Antonio 2004), have shown limited positive
effects on native species richness or biomass (Wilson 2002;
Corbin et al. 2004). Moreover, topsoil removal has been
shown to provide habitat for the endangered Ohlone
Tiger Beetle (Cicindela ohlone), which is only found in
coastal prairie (Knisley & Arnold 2004), but may also
alter hydrology, soil texture, and microbial communities.

We propose an additional treatment, neighbor removal
(mainly exotic annuals), to reduce exotic plants because
reducing the seed bank may not be sufficient to overcome
the competitive advantage of exotic annuals. Previous
studies have shown that weeding (Dyer & Rice 1997)
and late winter application of broad-leaved herbicide

(Stromberg & Kephart 1996) early in the restoration can
reduce exotic cover. A variety of other approaches have
been proposed to reduce exotic cover and provide native
seeds with suitable safe sites to germinate, including burn-
ing (Menke 1992; Dyer et al. 1996), or combining summer
burning and intensive short-duration grazing or mowing
in early spring (Menke 1992; Stromberg & Kephart 1996).
Although these approaches frequently reduce cover of
exotic species (Corbin et al. 2004), some studies show that
they have limited value for prairie restoration (Dyer et al.
1996; Hatch et al. 1999), and prescribed burn permits can
be hard to obtain (Edwards 1992) due to air quality and
fire risk concerns (ARB 2002).

A major question facing restorationists is how locally
seeds should be collected (McKay et al. 2005). This is
a particularly important question for grass seeds because
they have high genetic variation (Knapp & Rice 1996;
Wilson 2002). It is commonly proposed to use local propa-
gules because other ecotypes may be genetically unsuited
to the local context and because commercial ecotypes may
reduce local genetic biodiversity (Knapp & Rice 1994).
However, local propagules are often hard to obtain. Few
field studies on grassland species have tested the home-
field advantage hypothesis (Wilson 2002), although it has
been demonstrated in some species (e.g., Deerweed
[Lotus scoparius] in California coastal sage scrub, Mon-
talvo & Ellstrand 2000).

The goal of this experiment was to test the efficacy of
various combinations of two levels of these treatments to
enhance emergence of sown seeds (seedlings) and survival
and growth of planted seedlings (transplants) of D. cali-
fornica. Treatments included two seed sources (local or
nonlocal), topsoil removal (topsoil removal or intact top-
soil), and two neighbor removal intensities (neighbor
removal or neighbors intact). We tested all combinations
of the levels of these treatments at two sites and for two
grazing intensities (moderately grazed or ungrazed)
because grazing has showed mixed effects on native and
exotic coastal prairie vegetation cover (Hatch et al. 1999;
Hayes & Holl 2003a; Corbin et al. 2004).

Methods

Site Description

We conducted experiments at two coastal prairies in cen-
tral California near Santa Cruz: Elkhorn (near Elkhorn
Slough, South of Watsonville, lat 36�5294.30N, long
121�44923.80W, 7 km from the coast) and UCSC (on the
University of California Santa Cruz campus, lat 36�5995.50N
long 122�390.90W, 3 km from the coast). Coastal prairies
are found at less than 1,000-m elevation and within the
area influenced by coastal fog (Heady et al. 1988). At both
sites, the vegetation is dominated by annual European
grasses (69% cover at Elkhorn and 63% cover at UCSC),
such as Brome (Bromus spp.), Barley (Hordeum spp.),
Italian ryegrass (Lolium multiflorum) and Vulpia spp.,
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and by annual European forbs (15% cover at Elkhorn and
26% cover at UCSC), such as Plantain (Plantago lanceo-
lata) and storksbill (Erodium spp.) (Hayes & Holl 2003b).
There are also patches of native perennial grasses: 9%
cover at Elkhorn and 2% cover at UCSC. Both sites have
slopes of less than 10% facing South and sandy loam soil
greater than 1 m deep (pH 4.9; sand 60%; silt 28%; clay
17%; see Hayes & Holl 2003b for details). Pre-European
vegetation is not known, and cattle have grazed the sites
at least since the beginning of the nineteenth century.
Elkhorn was partly cultivated before 1931, when the first
aerial photograph was taken, and has been grazed since
the 1950s. Hay was cultivated at UCSC from at least the
early 1940s and possibly prior to this time. Cultivation
ceased between 1957 and 1962. This site has been grazed
with variable intensity since then, except for a few year
abandonment in the early 1990s (Hayes & Holl 2003b).

We compiled weather data (precipitation, air and soil
temperature, relative humidity, evapotranspiration, and
duration of summer drought and of drought after the first
rain in autumn) from the closest (<5 km) weather station
to each site (CDWR 2005). Mean annual air temperature
was approximately 13.5�C at both sites. Elkhorn received
less rainfall over the study period from January 2002 to
June 2004 (901 mm) than UCSC (1,314 mm), with the
majority of precipitation falling between November and
March. During the experiment, both sites received rela-
tively less rainfall and had higher evapotranspiration than
during the 20 previous years in average.

In 2004, we collected 24 soil samples at both sites, 12 inside
and 12 outside the exclosure, half with topsoil removal and

half with intact topsoil. Each sample consisted of three 10-cm-
diameter, 2-cm-deep soil cores on four 1.5 3 1.5–m plots;
soil was analyzed for total Kjeldahl N at the Laboratory
of Ecology of Louvain, Belgium (Baize 2000), and a one-
way analysis of variance (ANOVA) was run on the data.

Main Experimental Design

At each site, a 52 3 52–m cattle exclosure was installed in
fall 1998 (Hayes & Holl 2003b). The areas outside the
exclosure were grazed and inside the exclosure were
mowed twice a year, once in spring and once in fall, until
the start of the current study in 2002. This did not induce
differences in community composition between the plots
inside and outside the exclosure (Hayes & Holl 2003b).

We randomly allocated 12 plots inside (ungrazed) and
12 plots outside (grazed) the exclosure (see Fig. 1 for
details). In each plot, we experimentally manipulated seed
sources, topsoil, and plant interactions in a split–split plot
design. Grazed plots were located in an area similar in size
adjacent to the exclosure. During the experiment, cattle
grazed Elkhorn at a stocking rate of six animals/ha for
approximately four days at 45- to 60-day intervals from
December to June and UCSC at a stocking rate of three
animals/ha continuously from March to May.

Two seed sources were tested: local seeds collected in
June 2002 in the hills around Santa Cruz, 40 km from
Elkhorn and 15 km from UCSC, and seeds purchased
from S&S Seeds, Inc. (Carpinteria, CA, U.S.A.), grown
from source populations located at Fern Ridge Reservoir
near Eugene, Oregon, and harvested in summer 2002, as

Figure 1. Experimental design layout. Each site had 12 paired 3 3 1.5 m–plots inside and outside the exclosure, with one plot from each pair

allocated to one seed source (local, nonlocal). Each plot was split in two 1.5 3 1.5–m topsoil plots: topsoil intact (white) and topsoil removal

(shaded). Each subplot was split in two 0.75 3 1.5–m neighbor subplots (separated by dashed line). Four transplanted plants are indicated with

four large dots. Solid squares correspond to plant neighbor removal and dashed squares to intact neighbors. Only nonlocal seeds were sown at

UCSC in the remaining space.
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well. Seeds were stored dry at room temperature in paper
bags until used.

We removed the topsoil layer (0–10 cm: litter layer and
part of the Ah horizon) in one 1.5 3 1.5–m split plot in
each plot in August 2002 by tilling and then scraping
(Fig. 1). Topsoil removal also eliminated neighbors and
the top layer of the seed bank. In January 2003, at trans-
planting, 25–35% of the ground cover was recolonized by
plant species, and in March 2003 ground cover was greater
than 70% on split plots with topsoil removal versus 90–
100% on plots with intact topsoil.

To test the effect of plant neighbor interactions on seed-
lings and transplants, we allocated one half of each split
plot to neighbor removal and we left neighbors intact in the
other half (Fig. 1). Neighbor removal was performed by
hand-pulling all small seedlings (native and exotic) and
clipping all larger plants to the ground within a 25-cm-
diameter area surrounding the four Danthonia californica
transplants; we chose a 25-cm diameter because Davies
et al. (1999) showed that some grassland plants responded
to neighbor removal in areas greater than 15-cm diameter.
We removed neighbors before sowing and transplanting,
twice in spring 2003 and twice in winter 2003–2004.

Transplanting

In January 2003, we transplanted four D. californica plants
into each of the 12 replicates (Fig. 1) of each seed source 3

topsoil 3 neighbor treatment (total of 1,536 transplants).
These plants had been grown outdoors in individual con-
tainers for four months, watered as needed, and not fertil-
ized. The four transplants were planted 50 cm apart to
minimize interactions and were watered once when out-
planted. Transplants that died within the first month were
replaced.

Seeding Experimental Design

Using the same experimental design as in the main experi-
ment described above, we seeded D. californica at UCSC
only because there were patches of D. californica at Elk-
horn that would have made it difficult to distinguish natural
recruits from seedlings emerging from seeds we sowed. We
only sowed purchased seeds because they are sorted
through a machine to select seeds with embryos, whereas
local seeds contained a sufficiently large number of seeds
without embryos that we did not have enough apparently
viable seeds for seeding experiments. In the nonlocal seed
split plots, we sowed 25 purchased D. californica seeds, on
12 and 13 October 2002, before the first autumn rain, which
occurred on 31 October 2002 (total of 2,400 seeds). Seeds
were sown 6.25 cm apart in 5 3 5 seed grid, and pushed into
the soil to a depth about equal to their size (Laude 1949).

Data Collection

We recorded seedling emergence by replacing grids on 12
and 13 December 2002, 6 and 7 January 2003, and 26 and

27 February 2003, 6, 10, and 17 weeks after the first rain.
All seedlings (out of 25 seeds) recorded as emerged on
any of the three sampling dates and alive at the last sam-
ple date were summed in each split plot to obtain the com-
bined emergence and survival of the seedlings over 17
weeks. We monitored transplanted D. californica survival
and growth over 1.5 years, which included one complete
growth season and two grazing cycles. We measured
survival in March 2003, June 2003, December 2003, and
June 2004, after which we collected the aboveground and
belowground biomass of all the transplants by sampling
the same volume of soil around each plant. We washed
the roots very carefully by holding them at the base of the
stem, below the soil line. We dried the aboveground
and belowground biomass at 70�C to a constant mass,
weighed, and calculated an average biomass for each set
of four transplants.

Statistical Analyses

For survival and biomass data, we conducted ANOVA for
split–split plot design on four separate models: one for
each site 3 grazing treatment combination (R Statistical
Computing version 2.0.1 2005). Seed source, topsoil
removal, and neighbor removal were treated as categori-
cal explanatory variables, with seed source as the whole-
plot treatment, topsoil removal the first split plot, and
neighbor removal the second split plot (Fig. 1). Only
results of survival three months after transplanting (March
2003) and of survival and biomass 1.5 years after trans-
planting (June 2004) are presented here because analyses
from other sampling dates were similar. Arcsine square
root transformations were applied to survival data and log
transformations to biomass measurements (Sokal & Rohlf
1998). Because grazing was not replicated within site, we
could not evaluate grazing effects statistically. The num-
ber of seedlings that emerged in the field at UCSC was
extremely low (<1%) although seed viability reached 96%
(tetrazolium test). We thus could not carry out statistical
analyses on emergence data.

Results

Soil Nitrogen

Overall, topsoil removal decreased soil N at both sites
(topsoil removal: 0.21 ± 0.01 mg N/g of soil vs. intact top-
soil: 0.25 ± 0.01 mg N/g of soil) although this effect was
significant only on the Elkhorn grazed plots (topsoil
removal: 0.23 ± 0.02 mg N/g of soil vs. intact topsoil:
0.31 ± 0.02 mg N/g of soil).

Survival Three Months after Transplanting

Topsoil removal increased three-month survival substan-
tially in all grazed plots at UCSC (topsoil removal: 88.5% vs.
intact topsoil: 72.9%; Table 1) and in intact neighbor plots
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that were grazed at Elkhorn (94.8% on topsoil removal 3

intact neighbors vs. 84.4% on intact topsoil 3 intact neigh-
bors; Table 1).

Topsoil removal did not affect three-month survival in
ungrazed areas (Table 1). In ungrazed areas, however,
transplants grown from nonlocal seed survived slightly
better than transplants grown from local seeds (Elkhorn:
nonlocal seeds 99.5% vs. local seeds 95.31%; UCSC: non-
local seeds 91.7% vs. local seeds 76.6%; Table 1). No other
factors studied affected three-month survival (Table 1).

Survival 1.5 Years after Transplanting

Topsoil removal strongly increased Danthonia californica
survival after 1.5 years whatever the site or grazing treat-
ment (topsoil removed: 38.5% vs. topsoil intact: 12.1%;
Table 2; Fig. 2). Neighbor removal significantly increased
survival only at Elkhorn in both grazed (Table 2) and
ungrazed areas (Table 2; Fig. 2) (neighbor removal: 42.7%
vs. neighbor intact: 23.2%; Fig. 2). In the grazed area, once
topsoil was removed, neighbor removal did not increase
survival anymore (Table 2; Fig. 2).

After 1.5 year, seed source influenced survival only at
Elkhorn, but contrary to earlier data, transplants grown
from local seeds survived substantially better (Table 2;
Fig. 2). On the grazed plots, survival of transplants grown
from local seeds was 41.2% as compared with 25.5% for
nonlocal seed; on the ungrazed plots, survival of trans-
plants grown from local seeds 3 neighbor removal
reached 55.2% versus 31.3% on nonlocal seeds 3 neigh-
bor removal.

Biomass

Overall, neighbor removal greatly increased the biomass
of transplants whatever the site or grazing treatment (e.g.,
at Elkhorn in the grazed area; neighbor removal: 1.18 g vs.
neighbor intact: 0.11 g; Table 3; Fig. 3). Topsoil removal
slightly increased the biomass of transplants (Table 3;

Fig. 3). Seed source had a minimal effect on biomass of
surviving transplants (e.g., at Elkhorn in the grazed area;
local: 0.78 g vs. nonlocal: 0.52 g; Table 3; Fig. 3).

Discussion

Our results indicated that topsoil removal served to maxi-
mize Danthonia californica transplant survival and to
slightly increase their biomass. Topsoil removal simulta-
neously manipulates available nutrients and biotic rela-
tions through the reduction of both the large exotic
annual seed bank and the sparse perennial aboveground
vegetation. The decrease in soil N may not have played
a large role in our study. The fact that topsoil removal had
no negative effect on D. californica biomass suggests that
low N availability did not affect D. californica either
because it is adapted to low nutrient availability or
because our topsoil removal treatment did not remove
enough N. The direct effects of available N, N dynamics,
and other nutrient availability, as well as the effects of
changes in hydrology, on both establishment and peren-
nial/annual species interactions should be further investi-
gated to understand the effects of topsoil manipulation.

In addition, topsoil removal had a slight positive effect
on D. californica biomass, suggesting that topsoil removal
mainly contributed to D. californica establishment by
decreasing competition. This was consistent with the
effect of neighbor removal, which also reduced competi-
tion, although topsoil removal was more efficient. The effi-
cacy of topsoil removal versus an herbicide treatment
(Stromberg & Kephart 1996), to lower the exotic seed
bank prior to planting, should be compared, including the
potential negative/positive impacts of both these restora-
tion techniques on soil microbial communities, soil tex-
ture, and other native grasses and forbs.

Danthonia californica transplants on subplots with
intact topsoil and neighbors survived three months after
planting, but they grew little aboveground or belowground

Table 1. ANOVA of treatment effects on survival of D. californica plants three months after transplanting in grazed and ungrazed areas at two sites.

Elkhorn UCSC

Grazed Ungrazed Grazed Ungrazed

df F p df F p df F p df F p

Replication 11 11 11 11
Seed source 1 0.2 0.701 1 9.3 0.011 1 <0.1 1.000 1 15.3 0.002
Error (whole plot) 11 11 11 11
Topsoil removal 1 0.2 0.651 1 1.3 0.267 1 8.5 0.008 1 1.0 0.319
Seed source 3 topsoil 1 1.9 0.182 1 0.2 0.630 1 0.4 0.532 1 0.6 0.463
Error (subplot) 22 22 22 22
Neighbor removal 1 3.7 0.061 1 0.3 0.616 1 <0.1 0.889 1 0.1 0.817
Seed source 3 neighbor 1 0.1 0.803 1 <0.1 0.867 1 0.2 0.676 1 0.7 0.399
Topsoil 3 neighbor 1 4.4 0.042 1 <0.1 0.867 1 2.8 0.099 1 <0.1 0.939
Seed source 3 topsoil 3 neighbor 1 <0.1 0.933 1 0.7 0.404 1 0.7 0.404 1 1.0 0.319
Error (split subplot) 44 44 44 44
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biomass before summer and may not have been able to
withstand summer drought. Past research concurred that
perennial grasses cannot survive dry conditions when
grown with exotic annual grasses because annuals outcom-
pete perennials for light and perennials are thus unable to
develop sufficient root biomass before summer to use
deep soil moisture (Bartolome 1981; Dyer & Rice 1997,
1999). Hamilton et al. (1999) suggested that exotics and
native perennial grasses compete for water at all stages.
Therefore, in our study, when the annual seed bank, the
main potential source of competition, was not reduced,
neighbor removal has a positive effect on D. californica

survival. The small scale at which this project was carried
out, and particularly the modest size of areas from which
neighbors and topsoil were removed, did not prevent
exotic annuals from rapidly recolonizing inwards from
edges. Neighbor removal may thus be useful when topsoil
has been removed but when there is no grazing to reduce
annual biomass. If the project was carried out on a larger
scale, surrounding exotic annual seeds would likely recolo-
nize the area more slowly and neighbor removal may thus
not be necessary.

Topsoil removal is a resource-intensive restoration
project that has been carried out elsewhere: in Europe,

Table 2. ANOVA of treatment effects on survival of D. californica plants 1.5 years after transplanting in grazed and ungrazed areas at two sites.

Elkhorn UCSC

Grazed Ungrazed Grazed Ungrazed

df F p df F p df F p df F p

Replication 11 11 11 11
Seed source 1 8.8 0.013 1 8.7 0.013 1 0.9 0.368 1 <0.1 0.905
Error (whole plot) 11 11 11 11
Topsoil removal 1 22.1 <0.001 1 66.7 <0.001 1 16.3 <0.001 1 30.7 <0.001
Seed source 3 topsoil 1 0.1 0.797 1 0.3 0.567 1 1.1 0.307 1 0.2 0.674
Error (subplot) 22 22 22 22
Neighbor removal 1 11.9 0.001 1 23.5 <0.001 1 0.4 0.542 1 <0.1 1.000
Seed source 3 neighbor 1 0.1 0.792 1 6.5 0.014 1 2.4 0.131 1 0.6 0.462
Topsoil 3 neighbor 1 7.0 0.011 1 0.6 0.432 1 3.4 0.072 1 4.2 0.047
Seed source 3 topsoil 3 neighbor 1 4.5 0.040 1 0.2 0.662 1 1.5 0.225 1 1.7 0.201
Error (split subplot) 44 44 44 44

Figure 2. Survival of D. californica transplants after 1.5 years (see Table 2 for ANOVA results). Ti ¼ topsoil intact, Tr ¼ topsoil removal,

Ni ¼ neighbors intact, Nr ¼ neighbor removal. Values are medians ± quartiles.
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topsoil is removed from areas covering between 2 and 30 ha
for published work only (Verhagen et al. 2001; Grootjans
et al. 2002). Once removed, topsoil can be sold and
this income used toward restoration (Marrs 1985, 2002).
As topsoil removal is an intensive restoration technique,
it should be considered carefully, in highly degraded
prairies and only after testing the seed bank for native
seeds (Grootjans et al. 2002; Marrs 2002). Another alter-
native for large-scale projects would be to remove
topsoil in patches instead of throughout a site or in combi-
nation with other methods for reducing rapid reinvasion
of exotic seeds, such as herbiciding or carefully timed
mowing.

Interestingly, early survival of transplants grown from
nonlocal seeds was slightly higher than that of transplants
grown from local seeds for both sites. Ultimately, how-
ever, transplants grown from local seed survived better at
one site, whereas there was no difference at the other site.
Although the use of locally adapted seeds for this species
could not be confirmed in this study, it may not be the case
over its entire range. Danthonia californica is distributed
throughout western Canada and the western United
States; within California, it can be found in bioregions as
varied as the North Coast, the Sierra Nevada Foothills,
the High Sierra Nevada, the Central Coast, or San Fran-
cisco Bay (Hickman 1993). Although California-based

Table 3. ANOVA of treatment effects on biomass of D. californica plants 1.5 years after transplanting in grazed and ungrazed areas at two sites.

Elkhorn UCSC

Grazed Ungrazed Grazed Ungrazed

df F p df F p df F p df F p

Replication 11 11 11 11
Seed source 1 6.1 0.031 1 4.2 0.065 1 <0.1 0.869 1 0.4 0.520
Error (whole plot) 11 11 11 11
Topsoil removal 1 5.1 0.034 1 35.5 <0.001 1 4.8 0.040 1 16.8 <0.001
Seed source 3 topsoil 1 1.0 0.336 1 1.6 0.227 1 0.1 0.728 1 0.5 0.474
Error (subplot) 22 22 22 22
Neighbor removal 1 65.8 <0.001 1 67.6 <0.001 1 32.7 <0.001 1 9.1 0.004
Seed source 3 neighbor 1 3.3 0.075 1 3.0 0.092 1 <0.1 0.934 1 0.3 0.601
Topsoil 3 neighbor 1 <0.1 0.872 1 7.1 0.011 1 0.1 0.732 1 0.3 0.595
Seed source 3 topsoil 3 neighbor 1 3.3 0.077 1 3.5 0.069 1 0.6 0.461 1 4.9 0.033
Error (split subplot) 44 44 44 44

Figure 3. Biomass of D. californica transplants after 1.5 years (see Table 3 for ANOVA results). Ti ¼ topsoil intact, Tr ¼ topsoil removal,

Ni ¼ neighbors intact, Nr ¼ neighbor removal. Values are medians ± quartiles.

Effect of Seed Source, Topsoil Removal, and Plant Neighbor Removal

DECEMBER 2006 Restoration Ecology 575



seed companies often grow plants from California, seeds
may be locally adapted at much smaller scales. Nassella
pulchra has been shown to be locally adapted across
a coastal to interior climatic gradient (Knapp & Dyer
1998). Our purchased seeds came from southern Oregon,
a location with a generally less severe summer drought
than the central coast of California. This result suggests
that studies on plant establishment that are carried out on
short periods may be misleading.

Seedling emergence in the field was very low, and seed-
ing D. californica may not be the most appropriate resto-
ration technique. Our results should be treated tentatively
because we only have emergence data from one site and
the year of the experiment was drier than average. Studies
of other native perennial California grasses showed that
they could be restored by seeding (Seabloom et al. 2003);
even in cases with low establishment (<1%), some grass
species, such as N. pulchra (Dyer et al. 1996), could be
seeded in large quantity because they are affordable ($79/
kg; Pacific Coast Seed 2005) to produce densities of sur-
viving grasses similar to those achieved by more costly
transplanting seedlings. However, ours was one of the few
studies of reintroducing D. californica, which seemed to
have much lower emergence than N. pulchra and for
which seeds are much more expensive ($331/kg; Pacific
Coast Seed 2005). Therefore, transplanting D. californica
may be a better option, but additional work on the emer-
gence requirements of this species is needed.

Implications for Practice

This study suggests that restoring D. californica to
highly degraded California coastal prairie will be chal-
lenging. The ideal combination of treatments to plant
D. californica is

d to remove topsoil from degraded prairies to provide
a suitable establishment environment for D. californica
seedlings

d to transplant D. californica
d to collect seeds locally because it may help to increase

survival, although more field research is needed
d to remove neighbors to increase survival and ensure

maximum growth, if necessary
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Abstract

Nutrient pollution presents a serious threat to biodiversity conservation. In terrestrial ecosystems, the deleterious

effects of nitrogen pollution are increasingly understood and several mitigating environmental policies have been

developed. Compared to nitrogen, the effects of increased phosphorus have received far less attention, although some

studies have indicated that phosphorus pollution may be detrimental for biodiversity as well. On the basis of a data-

set covering 501 grassland plots throughout Europe, we demonstrate that, independent of the level of atmospheric

nitrogen deposition and soil acidity, plant species richness was consistently negatively related to soil phosphorus. We

also identified thresholds in soil phosphorus above which biodiversity appears to remain at a constant low level. Our

results indicate that nutrient management policies biased toward reducing nitrogen pollution will fail to preserve bio-

diversity. As soil phosphorus is known to be extremely persistent and we found no evidence for a critical threshold

below which no environmental harm is expected, we suggest that agro-environmental schemes should include grass-

lands that are permanently free from phosphorus fertilization.

Keywords: atmospheric nitrogen deposition, environmental policy, grassland, nutrient enrichment, phosphorus
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Introduction

Since the beginning of the industrial revolution, anthro-

pogenic activities have caused an unprecedented input

of nitrogen (N) and phosphorus (P) in the biosphere

(from 15.3 to 259 Tg N yr�1 and <0.3 to 16 Tg P yr�1;

Pe~nuelas et al., 2012). Increased nitrogen flows originate

primarily from the combustion of fossil fuels and the

use of industrial fertilizers manufactured from air-

borne N2 via the Haber-Bosh procedure. Increased

phosphorus flows on the other hand, originate mainly

from the application of mineral fertilizers from mined

rock-reserves and the use of livestock slurry and man-

ure (Vance et al., 2002; Pe~nuelas et al., 2012, 2013).

Excess agricultural fertilizer can subsequently be redis-

tributed into adjacent ecosystems via runoff or trans-

port via freshwater bodies. Atmospheric deposition of

volatilized nitrogenous compounds and, to a lesser

extent, mineral aerosols of dust from phosphorus fertil-

izers, further contribute to nutrient pollution of natural

ecosystems (Newman, 1995; Pe~nuelas et al., 2013).

Finally, anthropogenic changes to the soil biogeochemi-

cal conditions that affect soil phosphorus sequestration,

such as sulfurous pollution, can disrupt natural phos-

phorus balances leading to increased soil phosphorus
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availability (Addiscot and Thomas 2000, Hinsinger

2001, Turner & Haygarth, 2001).

The consequences of increased nutrient flows in the

biosphere have become one of the major components of

global environmental change (Sala et al. 2000, Foley

et al., 2005; Galloway et al., 2008). Indeed, a large num-

ber of studies identify increased nitrogen inputs, partic-

ularly via atmospheric nitrogen deposition, as a major

culprit of biodiversity loss in both terrestrial and aqua-

tic ecosystems worldwide (e.g., Stevens et al., 2004;

Phoenix et al., 2006; Clark & Tilman, 2008; Conley et al.,

2009; Cleland & Harpole, 2010). Particular attention has

been paid to the industrialized parts of the world, as

the atmospheric nitrogen deposition here may exceed

more than a 10-fold of the expected natural background

deposition (~5 kg N ha�1 yr�1; Galloway et al., 2008).

To mitigate the deleterious impact of nitrogen pollu-

tion, a suite of nitrogen management policies have been

developed and attempts have been made to identify

critical loads of nitrogen deposition, below which there

should be no adverse effects on biodiversity (Bobbink

et al., 2010; Sutton et al., 2011; Payne et al., 2012).

Similar to nitrogen, there is a risk of phosphorus pol-

lution in the industrialized countries, owing to the high

agricultural application of phosphorus fertilizer, fre-

quently associated with intensive livestock production

(Reijneveld et al., 2010; Obersteiner et al., 2013). For

instance, 47% of the tested agricultural soils in New

York state and over 50% of agricultural soils in the

Netherlands, Sweden and Belgium showed soil phos-

phorus levels well above the recommended ranges

(Djodjic et al., 2004; BDB, 2005; Ketterings et al., 2005;

Reijneveld et al., 2010). Compared to nitrogen pollution,

the environmental consequences of increased phospho-

rus have received far less attention (Elser & Bennet,

2011). Furthermore, environmental policies aimed at

mitigating phosphorus pollution have mainly targeted

aquatic ecosystems (e.g. Schindler et al., 2008; Conley

et al., 2009). Nevertheless, some studies have indicated

that phosphorus pollution may be at least equally detri-

mental for biodiversity in terrestrial ecosystems, inde-

pendent of the level of nitrogen pollution (Wassen

et al., 2005; Ceulemans et al., 2013; Fujita et al., 2013). To

develop appropriate environmental policies with

respect to nutrient enrichment in terrestrial ecosystems,

there is a need to disentangle the contribution of nitro-

gen and phosphorus pollution to biodiversity loss.

In this study, we aimed at identifying the relation-

ships between nitrogen and phosphorus on the one

hand and plant species richness in European grasslands

on the other. It has been established that European

grasslands are susceptible to increased nitrogen deposi-

tion (e.g., Stevens et al., 2010), but owing to agricultural

intensification, particularly live stock production

(Reijneveld et al., 2010), they may also be at risk of

phosphorus enrichment. This is one of the first large

scale studies that directly and simultaneously takes

indicators of both nitrogen and phosphorus pollution

into account when investigating species diversity. Fur-

thermore, we tested whether the observed relationships

differ between different grassland types or could be

generalized. Finally, to provide tools for developing

environmental policies, we aimed at identifying possi-

ble critical thresholds in soil phosphorus levels with

respect to biodiversity.

Materials and methods

Data collection

We surveyed three common grassland types in Europe (314

Nardus grasslands in 10 European countries and 105 lowland

hay meadows and 82 calcareous grasslands spread across five

European countries; Fig. 1). These grasslands are often com-

ponents of agricultural landscapes, providing grazing areas

for cattle and sheep (Veen et al. 2009). Species rich examples

of these three grassland communities are protected by the

European Habitat Directive, the European legislative

Fig. 1 Map of the European regions where grassland quadrats

were surveyed (N = 501). Nardus grasslands: green, N = 314;

lowland hay meadows: blue, N = 105 and calcareous grass-

lands: red, N = 82.
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instrument for the conservation of wild animal and plant spe-

cies and natural habitats of community importance (Nardus

grasslands: Habitat type 6230, lowland hay meadows: Habitat

type 6510 and calcareous grasslands, Habitat types 6210 and

2130). For the purposes of this research, we compiled a dataset

consisting of two methodologically similar datasets collected

to investigate the effects of nutrient pollution on species com-

position and richness of Nardus grasslands (Stevens et al. 2011,

N = 153 and Ceulemans et al., 2011, N = 132). Using the same

methodology, we additionally surveyed 29 Nardus grasslands,

105 lowland hay meadows and 82 calcareous grasslands. As

Nardus grasslands were subject of two previous studies with a

larger time span, sampling of lowland hay meadows and cal-

careous grasslands did not cover the same spatial range as

Nardus grasslands. Based on their high similarity in species

composition, calcareous Atlantic dune grasslands were

lumped with inland calcareous grasslands. Access permission

for all the sites was gained through landowners and responsi-

ble agencies for protected areas. Grasslands were surveyed

from late May to early August, between 2002 and 2013.

To ensure consistent habitat selection, surveyed grasslands

needed to meet three main criteria. Firstly, we drew up lists of

indicative plant species for all three grassland types, based on

the Interpretation Manual of European Union Habitats (Euro-

pean Commission, 2007). We only sampled grasslands meet-

ing the general description of the habitat type and containing

at least four indicative species (Table S1). Secondly, to avoid

extinction debt, we only surveyed grasslands that did not

receive direct agricultural fertilizer application in the recent

past. Nevertheless, nutrient enrichment of these grasslands

may still occur through inflow from adjacent arable land (Nar-

dus and calcareous grasslands on slopes), via polluted fresh-

water bodies (lowland hay meadows in valleys) or via

redistribution by livestock. Finally, to minimize possible

effects of agricultural intensification on biodiversity other than

nutrient enrichment, surveyed grassland were not ploughed

or reseeded and received continuous extensive management

by cutting or cutting and grazing. To control for the latter two

criteria, we inquired for site management history dating back

at least 17 years prior to sampling. We then selected areas in

Europe in a stratified manner to cover as much of the typical

range of atmospheric nitrogen deposition as possible (Fig. 1).

Based on information from national datasets, vegetation maps

and local conservation agencies, we randomly chose grassland

sites in these areas meeting the above mentioned selection

criteria.

Each grassland site was surveyed for plant species presence

before establishing a quadrat of 2 m by 2 m containing as

much of the observed dominant and characteristic plant spe-

cies of the site as possible. For a subset of the data (Nardus

grasslands N = 153 and lowland hay meadows N = 105),

between three and five randomly placed replicate quadrats

within a 1-ha sampling area of the desired grassland type

were placed. To give one record per site, the median species

richness and mean of the environmental variables were calcu-

lated. In each quadrat, we recorded plant species richness and

then took between two and ten top-soil samples (0–10 cm, on

shallower soils as deep as possible) with an auger (2–5 cm

diameter). These samples were then air-dried, stones and

roots were removed, and the samples were thoroughly

homogenized prior to soil analyses.

Soil phosphorus was determined using the Olsen-P extrac-

tion and subsequent colorimetrical analysis using the molyb-

denum blue method (Robertson et al., 1999). Although this

method has been identified as the most suitable extraction

method to assess plant available phosphorus (Gilbert et al.,

2009), we also performed soil phosphorus extraction on a sub-

set of the quadrats with anion exchange membranes and oxa-

lic acid extraction to compare the results (N = 84 and N = 36

respectively; Robertson et al., 1999). We found very high Pear-

son correlations across the entire pH range and similar rela-

tionships with plant species richness across all three

phosphorus extraction methods (Figure S1). Although we

used soil extractable phosphorus as indicator for phosphorus

enrichment in this study, some of the observed variation in

soil phosphorus levels may be attributed to inherent and natu-

ral differences in soil mineralogy. Nevertheless, reports of soil

phosphorus levels in unfertilized or unimproved similar

grassland communities vary from 4 mg P kg�1 to 25 mg

P kg�1 (Olsen-P method; Critchley et al., 2002; Silvertown

et al., 2006; Gilbert et al., 2009), and levels above 20–30 mg

P kg�1 are considered to be an indication of anthropogenic

phosphorus enrichment (Critchley et al., 2002). It is therefore

likely that most of these elevated levels of soil phosphorus in

our study represent a gradient in phosphorus enrichment.

As indicator for nitrogen pollution, we obtained data on

total atmospheric nitrogen deposition, consisting of wet and

dry deposition of oxidized and reduced nitrogen, from the

best available local estimation model. National models were

used for Germany (Gauger, 2002), the Netherlands (Asman &

van Jaarsveld, 2002), Great Britain (NEGTAP, 2001) and the

northern part of Belgium (Flanders, VMM, 2010). For all other

countries the EMEP-based IDEM models were used (Pieterse

et al., 2007). The different models use similar approaches to

model nitrogen deposition. For all of the models, deposition

was calculated as a three-year average to provide a more

robust estimate of long-term nitrogen inputs (years 2000–

2002). We did not determine soil nitrogen for all quadrats, as

it does not always provide a good approximation of plant

available nitrogen (1 M KCl method, Robertson et al., 1999). It

proved unfeasible to determine nitrogen mineralization rates,

which provides a better measure, on all 501 grasslands. Never-

theless, we report the results including soil nitrogen for a sub-

set of the data in supplementary information indicating no

significant relationships with soil phosphorus or plant species

richness (Table S2; N = 283).

Finally, we also determined soil acidity using a pH glass

electrode in a soil-water mix that was shaken for 30 min (soil/

distilled water: 1/2.5).

Statistical analyses

First we calculated Pearson correlations between soil phos-

phorus, soil pH and total nitrogen deposition to check for pos-

sible relationships between the explanatory variables. Next, as

species richness is a count variable, Poisson regression models

© 2014 John Wiley & Sons Ltd, Global Change Biology, 20, 3814–3822
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were used to investigate the relationship between soil

phosphorus, soil pH and total nitrogen deposition on the one

side and species richness on the other. To account for differ-

ences in geography and climate, we also included longitude

and latitude of each quadrat as explanatory variables. Grass-

land type was used as a categorical variable to account for dif-

ferences in species pools and species composition between the

grassland types. We included all first order interactions

between the explanatory variables in a first full factorial

model. Next, the interaction factors were one by one removed

to build a suite of reduced models (the fully reduced model

contained the six main variables mentioned above). Out of the

models whit all possible combinations of interaction factors,

we selected the most parsimonious model using the Akaike

Information Criterion (AIC). As grassland quadrats were sam-

pled over a long time period, we also checked whether year of

sampling may influence our analyses. We found no significant

effect of year of sampling on plant species richness and

including year of sampling as variable did not change any of

the other relationships we found in this study (Table S3).

To identify possible critical thresholds in soil phosphorus,

piecewise Poisson regression analyses were performed for

each grassland type separately, with soil phosphorus as

explanatory variable and species richness as response vari-

able. In these analyses, possible thresholds were identified

based on a significant nonlinear change in the response of

plant species richness to soil phosphorus and were estimated

by a ‘breakpoint’ or ‘knot’ connecting two regression lines

(Toms & Lesperance, 2003). We built three different piecewise

regression models to allow for different possible responses of

species richness to soil phosphorus. In the first model, both

regressions were allowed to follow a linear path according to

the equations (a):

ðiÞLnðPlant species richnessÞ ¼ b0 þ b1
�soilP

for soilP�knot ðintercept¼ b0;slope¼ b1Þ
ðiiÞLnðPlant species richnessÞ ¼ ðb0 � b2

�knotÞþðb1 þ b2Þ�soilP
for soilP�knot ðintercept¼ b0 � b2

�knot;slope¼ b1 þ b2Þ

in the second model, the first regression was modeled as a

constant and the second regression was allowed a linear path

according to the equations (b):

ðiÞLnðPlant species richnessÞ ¼ b0
for soilP� knot ðintercept ¼ b0; slope ¼ 0Þ

ðiiÞLnðPlant species richnessÞ ¼ b0 þ b1
�ðsoilP� knotÞ

for soilP� knot ðintercept ¼ b0; slope ¼ b1Þ

and in the third model the first regression was allowed a lin-

ear path and the second regression was modeled as a constant

according to the equations (c):

ðiÞLnðPlant species richnessÞ ¼ b0 þ b1
�soilP

for soilP� knot ðintercept ¼ b0; slope ¼ b1Þ
ðiiÞLnðPlant species richnessÞ ¼ b0 þ b1

�knot

for soilP� knot ðintercept ¼ b0 þ b1
�knot; slope ¼ 0Þ

Note that the latter two sets of equations are special cases of

the first set where b0 equals 0 and �b1 respectively. All regres-

sion models calculated the results based on maximizing the

likelihood of all parameters (two possible slopes and a break

point). Out of the three piecewise regression models and a

single linear Poisson regression (without a breakpoint), the

model that best described the data was selected based on

the lowest AIC value. The SAS programs used to perform the

piecewise regression analyses are included in supporting

information.

Results

A total of 571 plant species were found in the 501 grass-

land quadrats. Frequent species in Nardus grasslands

were Agrostis capillaris, Danthonia decumbens, Nardus

stricta, Molinia caerulea, Potentilla erecta, Succisa pratensis

and Galium saxatile. In lowland hay meadows frequent

species were Holcus lanatus, Alopecurus pratensis,

Cynosurus cristatus, Cardamine pratensis and Sanguisorba of-

ficinalis. Frequent species in calcareous grasslands

included Brachypodium pinnatum, Bromus erectus, Koeleria

pyramidata s.l., Carex flacca, Sanguisorba minor, Teucrium

chamaedrys, Ononis repens and Helianthemum nummulari-

um. Details of the environmental variables used in the

Poisson regression models can be found in Table 1.

Invariably, the highest species richness occurred at

lower levels of soil phosphorus. Maximum observed

species richness did not exceed 20 species per 4 m2

beyond 80 mg P kg�1, compared to more than 40 spe-

cies below 40 mg P kg�1 (Fig. 2). The Poisson regres-

sion analysis with the lowest AIC showed a highly

significant negative relationship between soil phospho-

rus and species richness across all grassland types

(Wald v2 = 208.36, P < 0.0001, Table 2). This negative

relationship was independent of nitrogen deposition

and soil pH as we found no significant Pearson correla-

tions between soil phosphorus and nitrogen deposition

or soil pH (r = �0.02, P = 0.63; r = 0.01, P = 0.77

respectively, Figure S2) and no significant interactions

with soil phosphorus (Table 2). Nitrogen deposition

and soil pH were also significantly negatively related to

species richness, reflected by the only remaining inter-

action term in the model showing a gradually stronger

negative relationship between nitrogen deposition and

species richness in more acidic sites (Wald v2 = 57.48,

P < 0.0001, Table 2). In addition, we found that low-

land hay meadows had significantly lower species rich-

ness than calcareous grasslands and Nardus grasslands

(Wald v2 = 83.7, P < 0.0001, Table 2). Geographical

location was not significantly related to species richness

(Table 2).

Piecewise regression analyses with the lowest AIC’s

invariably showed that the relationship between soil

phosphorus and plant species richness was best

described by an initial log-linear decrease in species

richness until a ‘threshold’ in soil phosphorus has been

© 2014 John Wiley & Sons Ltd, Global Change Biology, 20, 3814–3822
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reached, after which species richness remained at a

constant level (Fig. 2). In Nardus grasslands, no further

decreases in species richness were observed beyond

127.6 mg P kg�1, remaining at an average of 12.5 spe-

cies per quadrat. In calcareous grasslands, species rich-

ness stabilized at 17.2 species beyond 104.9 mg P kg�1

and in lowland hay meadows at 9.8 species beyond

124.3 mg P kg�1 (Fig. 2; Table 3).

Discussion

Our results suggest that, independent of the environ-

mental impacts of nitrogen pollution, soil phosphorus

constrains plant species richness in European grass-

lands. Indeed, we found no relationship between soil

phosphorus on the one hand and nitrogen deposition

on the other. Furthermore, at any level of nitrogen

deposition or soil pH, quadrats with high soil phospho-

rus consistently showed lower species richness. This

was not restricted to a specific grassland community, as

average species richness dropped at similar rates across

all three grassland types. Although we cannot infer a

direct causal relationship, our observations are consis-

tent with grassland fertilization experiments indicating

long-lasting negative effects of phosphorus amendment

on plant species richness and characteristic plant

Table 1 Details of variables used in the Poisson regression models. Unit for species number is: count 4 m�2; soil phosphorus

(Olsen method): mg kg�1 and total nitrogen deposition: kg ha�1 yr�1

Variable

Mean Range Mean Range

All grasslands (N = 501) Hay meadows (N = 105)

Species number 21.57 4–49 17.28 5–31

Soil P 31.82 0–305.45 28.17 0–266.48

Soil pH 5.44 3.69–8.27 5.58 4.26–7.93

Total N deposition 18.50 2.3–43.5 21.50 10.9–27.8

Calc. grasslands (N = 82) Nardus grasslands (N = 314)

Mean Range Mean Range

Species number 24.44 12–40 22.25 4–49

Soil P 38.01 0.22–200.33 31.45 0–305.45

Soil pH 6.90 4.83–8.27 5.01 3.69–7.37

Total N deposition 18.02 10.19–25 17.6 2.3–43.5

Fig. 2 Relationship between soil phosphorus and plant species richness across three types of European grasslands (N = 501). Nardus

grasslands: green, N = 314; lowland hay meadows: blue, N = 105 and calcareous grasslands: red, N = 82. The inset depicts the piece-

wise Poisson regression models with breakpoints (vertical reference lines depict the breakpoints, see Table 3).

© 2014 John Wiley & Sons Ltd, Global Change Biology, 20, 3814–3822
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species (Crawley et al., 2005; Hejcman et al., 2005, 2010);

as well as with local observations of lower species rich-

ness in grasslands with higher phosphorus availability

(Janssens et al., 1998; H€ardtle et al., 2006; Kleijn &

M€uller-Sch€arer, 2006). Nevertheless, the results of this

study do not contradict findings of negative effects of

nitrogen pollution on biodiversity, particularly through

high rates of atmospheric nitrogen deposition (e.g.,

Stevens et al., 2004; Cleland & Harpole, 2010). Indeed,

we found a clear negative relationship between atmo-

spheric nitrogen deposition and plant species richness,

mediated by soil pH, suggesting a gradually higher loss

of plant species richness in more acidic grasslands. This

supports a suite of studies demonstrating that the

negative effects of nitrogen deposition on biodiversity

are primarily connected with soil acidification (e.g.

Horswill et al., 2008; Stevens et al., 2010).

According to our results, we can expect that current

nutrient management policies in terrestrial ecosystems,

primarily biased toward reducing nitrogen pollution,

will fail to preserve biodiversity. A key policy tool for

mitigating nitrogen pollution has been the critical load

of nitrogen input, calculated based on fertilization

experiments and observations along gradients of nitro-

gen pollution (Sutton et al., 2011; Payne et al., 2012). A

critical load indicates the level of pollution that can be

tolerated by an ecosystem without harmful effects. In

this study, we aimed at identifying similar critical loads

for levels of soil phosphorus. We found indications that

loss of plant species richness following phosphorus pol-

lution may only occur below certain soil phosphorus

levels. Indeed, average species richness in all three

grassland types remained at a constant low level in

quadrats with soil phosphorus exceeding 104-130 mg

P kg�1 (Fig. 2, Table 3). However, these thresholds do

not show a critical level below which no harm on biodi-

versity is to be expected, but indicate that the least

harm to biodiversity can be expected when no phos-

phorus pollution takes place. A drawback of our data-

set is the relatively poor representation of grasslands

with high soil phosphorus levels. This is due to site

selection criteria demanding no sites under direct fertil-

ization and which is based on the presence of character-

istic plant species that may already have been lost at

these levels of soil phosphorus (e.g. Ceulemans et al.,

2011). Nevertheless, combined with the general log-lin-

ear relationship between soil phosphorus and plant

species richness, these thresholds suggest that the larg-

est loss of biodiversity may already occur at small rates

of phosphorus enrichment. Therefore, and consistent

with recent suggestions regarding nitrogen pollution

(Payne et al., 2012), it seems necessary that environmen-

tal policy decisions are based on a sliding scale of phos-

phorus pollution, rather than on critical loads that

assume no harm below certain levels of pollution.

The strong negative relationship between soil phos-

phorus and plant species richness, similar across the

three different grassland types, suggests particular eco-

logical mechanisms determining this plant species loss.

Loss of plant diversity following nutrient enrichment

may be caused by increased productivity and subse-

quent competitive exclusion of species (Hautier et al.,

2009). However, the impact of increased productivity is

likely to be weak as previous work on a subset of our

grasslands showed only a small effect on species

richness, and enhanced productivity following

increased soil phosphorus was primarily restricted to

phosphorus limited grasslands (Ceulemans et al., 2013).

Alternatively, it has been hypothesized that the large

Table 2 Detailed results of the Poisson regression model

with lowest AIC examining the relationships between soil

phosphorus, soil pH, total nitrogen deposition, longitude, lati-

tude and grassland type and plant species richness (N = 501).

For interpretation of the interaction between nitrogen deposi-

tion and soil pH, estimated slopes at shifted intercepts of

nitrogen deposition and soil pH are included. Shifted inter-

cepts are: 1pHobserved-3,
2pHobserved-5,

3pHobserved-6.5 and
aNdepobserved-10,

bNdepobserved-20,
cNdepobserved-30. We

shifted the intercepts by subtracting 3, 5 and 6.5 respectively

from all observed pH values and then recalculated the esti-

mated slopes of total N deposition (vice versa for Ndep). This

was necessary as the default intercept corresponds to pH = 0

or Ndep = 0, which is ecologically senseless. Unit for species

number is: ln(count) 4 m�2; soil phosphorus: mg kg�1 and

total nitrogen deposition: kg ha�1 yr�1. dAIC compared with

the fully reduced model without interaction factor is 56.6

Estimate

Standard

Error Wald v2 P-value

Intercept 4.570 0.255 322.29 <0.0001
Soil phosphorus �0.004 0.000 208.36 <0.0001
Total N deposition

*Soil pH
0.012 0.002 57.48 <0.0001

Total N deposition �0.075 0.008 85.51 <0.0001
Soil pH �0.148 0.031 22.53 <0.0001
Latitude �0.006 0.003 3.80 0.05

Longitude 0.001 0.002 0.24 0.67

type = Lowland

hay meadows

�0.288 0.032 83.70 <0.0001

type = Calcareous

grasslands

�0.004 0.038 0.01 0.92

type = Nardus

grasslands

0 0 . .

Total N deposition1 �0.040 0.004 116.96 <0.0001
Total N deposition2 �0.016 0.002 22.53 <0.0001
Total N deposition3 0.002 0.003 0.53 0.47

Soil pHa �0.029 0.019 2.35 0.13

Soil pHb 0.090 0.015 34.90 <0.0001
Soil pHc 0.209 0.025 72.58 <0.0001
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variety of chemical phosphorus compounds in the soil

(complexes with Ca, Fe, Mg, Al or organic compounds)

may facilitate high resource partitioning for phospho-

rus uptake and subsequently promote species coexis-

tence in phosphorus poor soils (Turner, 2008; Olde

Venterink, 2011). In this context, it is also noteworthy

that mycotrophic species, which are able to tap into

phosphorus pools otherwise unavailable for plant

uptake through their mycorrhizal partner, appear sus-

ceptible to increased soil phosphorus (Ceulemans et al.,

2011). However, although resource partitioning has

been demonstrated for uptake of nitrogen compounds

(McKane et al., 2002), ecologists have yet to demon-

strate this with respect to phosphorus uptake.

Based on this study, it appears that both nutrients

may contribute to biodiversity loss in terrestrial ecosys-

tems. However, anthropogenic nutrient enrichment

tends to fertilize the biosphere with phosphorus more

locally and at a smaller rate than nitrogen (Pe~nuelas

et al., 2012). Indeed, nitrogen pollution originates

mainly from seemingly unlimited sources (fossil fuels,

industrial fertilizers manufactured from airborne N2

via the Haber-Bosh procedure), whereas phosphorus

pollution originates mainly from the application of fer-

tilizer manufactured from dwindling rock-reserves

(Vance et al., 2002; Pe~nuelas et al., 2012, 2013). Further-

more, both airborne nitrogenous compounds and soil

nitrogen are more mobile than soil phosphorus

compounds or mineral phosphorus aerosols (Gough &

Marrs, 1990; Newman, 1995; Pe~nuelas et al., 2012).

Therefore, terrestrial ecosystems in or near agricultural

areas are the most likely to suffer from phosphorus pol-

lution, indirectly through runoff from nearby arable

land or mineral aerosol deposition or directly through

phosphorus fertilization (Newman, 1995; Pe~nuelas

et al., 2012). Important in this context is that phospho-

rus fertilizer recommendations for grasslands used to

produce live stock frequently exceed the apparent

phosphorus thresholds we identified (~100–130 mg

P kg�1; e.g., Reijneveld et al., 2010). In addition, phos-

phorus fertilization causes chronically enhanced soil

phosphorus owing to tight sequestration in the soil

(Sattari et al., 2012). Consequently, even low levels of

phosphorus inputs can be damaging in the long term

through cumulative effects. Therefore, high biodiver-

sity cannot be expected in fertilized sites in the foresee-

able future, even after implementing agro-

environmental schemes reducing phosphorus fertiliza-

tion in favor of nature conservation.

To conclude, and despite our support for efforts to

reduce nitrogen pollution (e.g. Phoenix et al., 2006), we

highlight the need to develop a global perspective

regarding the effects of phosphorus pollution on terres-

trial biodiversity. Noteworthy in this context is that the

negative impact of soil phosphorus on biodiversity,

may not be exclusively restricted to Europe. Indeed,

two studies indicated that plant species richness and

the occurrence of characteristic plant species is

restricted by high soil phosphorus in both Australian

savanna and in Northeast American pastures (Tracy &

Sanderson 2000, Dorrough & Scroggie, 2008). Finally,

based on the long term enhanced soil phosphorus fol-

lowing fertilization and the lack of a critical threshold

below which no environmental harm is expected, we

strongly advocate that agro-environmental schemes

should include grasslands permanently free from phos-

phorus fertilization.
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Supporting Information

Additional Supporting Information may be found in the online version of this article:

Figure S1. Relationships between the different phosphorus extraction methods and plant species richness (N = 84 for Olson-P and
AEM-P, N = 36 for Oxalic acid-P). Red triangles represent grassland quadrats with pH < 5.5, blue circles 5.5 < pH < 7, green
squares pH > 7. Respective Pearson correlation coefficients are from top left to top right: r = �0.56, P < 0.001; r = �0.59, P < 0.001;
r = �0.60, P < 0.001 and from bottom left to bottom right: r = 0.81, P < 0.001; r = 0.78, P < 0.001; r = 0.80, P < 0.001.
Figure S2. Relationship between plant species richness, soil phosphorus and total nitrogen deposition across three types of Euro-
pean grasslands. Plane equation: ln(Plant species richness) = 3.53 � 0.004(soil P) � 0.022(N deposition). Nardus grasslands: green,
N = 314; lowland hay meadows: blue, N = 105 and calcareous grasslands: red, N = 82. We found no significant Pearson correlation
between soil phosphorus and nitrogen deposition (r = �0.02, P = 0.63).
Table S1. List of the indicative species that were used to identify the surveyed grassland types.
Table S2. Detailed results of the Poisson regression model examining the relationships between soil phosphorus, soil pH, total
nitrogen deposition, longitude, latitude, grassland type and soil nitrogen (1 M KCl extraction, NH4

+ + NO3
�) and plant species rich-

ness (N = 293). Including soil nitrogen did not change the results of our general analyses (Table 2) and had no significant effect on
plant species richness. Soil nitrogen showed significant Pearson correlation coefficients with total nitrogen deposition (r = 0.18,
P = 0.02) and soil pH (r = �0.35, P < 0.001) but not with soil phosphorus (r = �0.1, P = 0.09).
Table S3. Detailed results of the Poisson regression model examining the relationships between soil phosphorus, soil pH, total
nitrogen deposition, longitude, latitude, grassland type and year of sampling and plant species richness (N = 490). Year of sampling
did not change the results of our general analyses (Table 2) and had no significant effect on plant species richness. For 11 quadrats
we had no data on the year of sampling.
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Abstract

We compared the effects of herbivory by grasshoppers and neighbourhood competition on two dominant grasses,Bromus erectus and
Brachypodium pinnatum, in a calcareous grassland in the French Alps. In a fully factorial design, herbivory was reduced by insecticide
spraying and competition was reduced by removal of neighbouring plants. The effects of herbivory and competition were species-dependent.
Bromus, a stress-tolerant species, was strongly affected by competition, but not by herbivory. In contrast, the more competitive species,
Brachypodium, was negatively affected by herbivory, but only when neighbouring vegetation was removed. The greatest herbivory pressure on
isolated targets ofBrachypodium is likely to be due to the indirect effects of experimental gaps, i.e. more favourable microclimatic and
foraging conditions for grasshoppers. This suggests that herbivory by insects may be a confounding factor in many plant removal experiments.
Field experiments designed to study the combined effects of competition and herbivory should take into account the indirect effects induced
by experimental gaps.

© 2003 Éditions scientifiques et médicales Elsevier SAS. All rights reserved.
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1. Introduction

The effects of insect herbivory on ecosystem processes
and plant community structure have been widely docu-
mented and include increased nutrient turnover (Blumer and
Diemer, 1996; Mulder et al., 1999; Belovsky and Slade,
2000), shifts in community composition and altered plant
performances (Brown, 1985; Olff and Ritchie, 1998; Escarré
et al., 1999). The course of plant succession may also be
altered by insect herbivory (McBrien et al., 1983; Brown,
1984; Brown and Gange, 1992) due to the preference of
particular insect types for habitats of different successional
stages (Brown, 1984) or to the successional status of target
plants (Leps et al., 2001).

Competition is also a major force in plant communities,
determining vegetation composition (Grime, 1973; Reader et
al., 1994), plant performance (Goldberg, 1987), and patterns
of succession in many habitats (Tilman, 1990). The most

common manner to measure the intensity of competition in
the field is to perform neighbour removal experiments (Gold-
berg and Scheiner, 1993; Markham and Chanway, 1996), i.e.
to compare responses of target individuals with or without
neighbouring vegetation. Some experimental studies have
combined the effects of herbivory and plant competition
(Rodriguez and Brown, 1998; Van et al., 1998), and typically
use a factorial design of competitor removal and herbivory
exclusion with cages or insecticide (Rees and Brown, 1992;
Thébaud et al., 1996; Dormann et al., 2000; Fowler, 2002;
Olofsson et al., 2002). The comparative importance of her-
bivory and competition has been shown to vary among study
systems, particular target plant species, and the species of
herbivore investigated (Dormann et al., 2000; Corcket et al.,
2002). Very few studies have focused specifically on insect
herbivory and competition among grass species (Clay et al.,
1993).

In an abandoned pasture in Canada, Reader (1992) dem-
onstrated that herbivory by slugs may confound measure-
ments of competition intensity determined by removal ex-
periments. In that study, plant survival was reduced by
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herbivory when the plant was surrounded by its neighbours,
suggesting that removing a plant’s neighbours may reduce
food and shelter for slugs. In this case, herbivory mimicked
the effects of competition since it decreased the performance
of targets with neighbours, which may be described as “ap-
parent competition” (Holt, 1977). This may create serious
bias in studies assessing plant interactions using removal
experiments. Even so, few competition studies have explic-
itly considered this confounding effect (Van der Wal et al.,
2000).

The purpose of our study was to compare the effects of
foliar herbivory by insects and the effects of plant competi-
tion on two target grasses which are dominant in calcareous
grasslands of the French Alps. We tested the responses of the
dominant grasses to herbivory and competition with plants
neighbouring, and whether herbivory might be a confound-
ing factor in our experiment. Finally, we attempted to assess
the long-term effects of insect herbivory and plant competi-
tion on plant dominance in calcareous grasslands.

2. Materials and methods

The field site, “Liche Petet” (45°10’N, 5°50’E, 700 m
a.s.l.), is a calcareous grassland located near Grenoble, in the
foothills of the French Alps. The vegetation structure is
typical of prairies classed as Mesobromion communities in
phytosociological classifications (Braun-Blanquet and
Moor, 1938); this vegetation type is widespread in Western
Europe (Willems, 1982; Royer, 1985). At Liche Petet, veg-
etation is dominated by Bromus erectus and Brachypodium
pinnatum (respectively, 54% and 14% of vegetation density;
see data in Corcket et al., 2002). Although these two peren-
nial grasses may co-exist in the same habitat, B. erectus is an
early-successional species in comparison to B. pinnatum
(Royer, 1972; Barbaro and Cozic, 1998; Fekete et al., 2000).
The impact of grazing mammals in the grasslands at Liche
Petet is minimal, with only several days of sheep grazing
permitted per year. Grasshoppers are often abundant in Me-
sobromion grasslands (Voisin, 1986), and when they are they
cause significant damage to plants (Voisin, 1995; Corcket et
al., 2002). This is the case in Liche Petet, where the dominant
grasshopper species are Euchorthippus declivus Brisout and
Chortippus biguttulus Linné (Corcket et al., 2002). Grass-
hoppers are “edge-eaters” and leave rounded, scalloped-
marks on the edge of the grass blades they eat. Herbivory
marks from grasshoppers are unlikely to be confused with
marks from other herbivores such as small mammals or
gastropods, which were not detected at the experimental site.
Herbivory by large mammals, particularly sheep, was pre-
vented by erecting fences around the experimental area. No
evidence of herbivory by other invertebrates (snails or slugs)
or vertebrates (rodents) was detected in the experimental site.

The loss of leaf tissue to herbivores may lead to a loss of
photosynthetic production. If the incision is deep enough
(more than half of the width of the blade), the leaf is greatly
weakened and the top end of the blade may be cut. Herbivory

damage may also increase water loss at the edge of the
herbivory marks. Overall, we assumed that an increase in the
number of marks of herbivory on an individual plant may
lead to reduced fitness and decreased growth, especially in
stressful environments. For each dominant grass, B. erectus
and B. pinnatum, 60 target individuals were randomly
sampled. When a randomly chosen target was close to an-
other conspecific clump, we checked to be sure that the
individual was not connected to the clump, especially for B.
pinnatum, which is a clonal species. Each target individual
was randomly assigned to an experimental treatment, which
included two levels of competition and two levels of her-
bivory. Each treatment combination was replicated 15 times.
Target individuals were at least 30 cm from other targets.

Competition intensity was assessed through neighbour
removals. For half of the targets, we clipped all aboveground
vegetation at the ground level within a radius of 15 cm. We
clipped all regrowth as often as necessary. In such field
experiments, we were able to measure diffuse competition
experienced by target species, i.e. summed intra-and inter-
specific effects of neighbourhood. When the growth of target
species without neighbours is significantly greater than the
growth of target species with neighbours, competitive effects
are assumed.

To decrease herbivory, we sprayed insecticide on indi-
vidual target grasses (15 with neighbours and 15 without
neighbours for each species). We did not spray both targets
and neighbours in order to avoid confounding indirect effects
of herbivory which could have masked the direct effect of
herbivory on our targets (Crawley, 1989; Escarré et al.,
1999). Shoots were included inside a plastic bottle with the
bottom removed, 9-cm in width, and insecticide was sprayed
through the bottleneck. Every 10–15 days from June to
October 1999, treated target individuals received five sprays
of a 0.5 ml/l water solution of insecticide (Decis™; active
ingredient: Deltamethrin dosed 25 g/l). This treatment pro-
vided a negligible amount of water to target plants (0.2 ml per
spray), in comparison to natural rainfall (ca. 605 mm during
the course of the experiment; Météo-France, 1999).

Measurements of the intensity of leaf damage experienced
by the grasses were conducted using a relative scale gradu-
ated from 0 to 5 (described in Corcket et al., 2002). This
subjective non-linear scale was especially developed to as-
sess herbivory non-destructively in the field. The level “0”
indicated no damage, “1” indicated very few marks on the
blades, and “5” indicated that more than half of the estimated
foliar area was eaten. Levels “2–4” were assigned as interme-
diate levels of herbivory, according to the number and the
width of herbivory marks on the blades. We recorded the
damage experienced by Bromus and Brachypodium in June,
August, and October 1999. These data did not meet the
assumptions of normality and were square root transformed
prior to analysis.

We quantified the growth of target individuals by counting
the number of leaves with at least half of their blade area
remaining green. This non-destructive measurement allowed
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us to collect data on the growth of our target individuals at the
different dates throughout the season. Previous studies have
shown that, for B. erectus and B. pinnatum, leaf number is
significantly related to total biomass (Corcket et al., 2003).
These data were not normally distributed (Shapiro-Wilk
tests), and therefore, were also square root-transformed.

We tested the effects of insecticide and neighbourhood
removal on damage and leaf numbers using two-way ANO-
VAs (neighbour × insecticide). Six models of analysis were
designed, combining each species (B. erectus, B. pinnatum)
and each date (June, i.e. before the experimental treatments;
August; October). Tukey tests were also performed within
each model.

Microclimate at the ground level was measured within
clumps of Bromus and Brachypodium and on bare soil, where
vegetation was removed within a 30 cm diameter to simulate
removal conditions. Hobo® H8 Pro Series climatic sensors
(Onset Computer Corporation, Bourne, MA, USA) were
placed 2 cm above the ground, with two replications for each
microsite. Air temperature and vapour pressure deficit (VPD)
were recorded each hour for 22 days from late June to late
July 1999. We used data at 16:00 h, which corresponded to
mean maximal temperature and VPD during the period of
record. Data of the two replicates per microsite (Bromus,
Brachypodium, bare soil) were plotted. Results were ex-
pressed as mean ± 1 standard error (S.E.) for these 22 days.

Phytotoxic or stimulatory effects of insecticide (Crawley,
1989) on Bromus and Brachypodium were tested in a com-
mon garden experiment. Thirty individuals of each species
were grown from local seeds and transplanted into pots. For
each species, half of the target individuals were sprayed with
insecticide, as described above. Shoot length and leaf num-
ber were measured in July (before spraying) and September
1999, and differences in plant performances between Sep-
tember and July were calculated. Shoot length and leaf num-
ber variations were normal without any transformation (Sha-
piro–Wilk test), allowing us to perform a two-way
MANOVA (species × insecticide, with shoot length and leaf
number as dependent variables).

3. Results

In the common garden experiment, neither shoot length
nor leaf number of the target grasses were affected by insec-

ticide treatments (P > 0.4), indicating that the insecticide did
not have phytotoxic or stimulatory effects on Bromus and
Brachypodium. In the field, insecticide decreased herbivory
levels on treated plants, but was not sufficient to completely
exclude herbivory on targets. Damage measured on targets
sprayed with insecticide decreased during the course of the
experiment (from 1.15 ± 0.14 in June to 0.47 ± 0.11 in
October, Z = –3.80, P < 0.001, Wilcoxon signed ranks test),
whereas no significant changes were observed for targets not
sprayed (from 0.85 ± 0.11 in June to 0.83 ± 0.15 in October,
Z = –0.60, P = 0.952, Wilcoxon signed ranks test).

Leaf numbers of target species were very similar in June
1999, before the experimental treatments were applied
(Table 1 and Fig. 1A). For Bromus, leaf number was not
affected by experimental treatments in August, but increased
significantly in October in the neighbour removal treatment.
There was no effect of insecticide on Bromus leaf number,
neither as main effect nor first order interaction (Table 1 and
Fig. 1B,C). In contrast, leaf number of Brachypodium in-
creased significantly in August for targets sprayed by insec-
ticide (Table 1 and Fig. 1B) and in October for Brachypo-
dium individuals without neighbours and sprayed with
insecticide (Table 1 and Fig. 1C).

Prior to initiation of the experiment, Bromus targets
showed differences in herbivory damage among the treat-
ment groups. Specifically, the targets, which were randomly
assigned to the neighbourhood removal treatment, had sig-
nificantly more herbivory marks than the others (Table 2 and
Fig. 2A). Nevertheless, this difference disappeared when
experimental treatments were performed, suggesting that
leaf damage was not affected by experimental treatments
over the course of the experiment (Table 2 and Fig. 2B,C).
Prior to initiation of the experiment, targets of Brachypodium
were very similar among treatments (Table 2 and Fig. 2A).
The insecticide treatment significantly decreased damage to
Brachypodium at the end of the experiment. In October,
damage experienced by Brachypodium increased with the
neighbour removal treatment but the interaction neighbour ×
insecticide was not significant (Table 2 and Fig. 2C). Damage
increased to a maximum intensity in August for both species
(Fig. 2).

Mean maximal aboveground temperatures were
35.0 ± 0.9 °C on bare soil, 33.4 ± 0.7 °C in Bromus swards,
and 33.3 ± 0.8 °C in Brachypodium swards. Mean maximal
VPDs were 2.67 ± 0.20 kPa on bare soil, 1.78 ± 0.14 kPa in

Table 1
Results of two-way ANOVAs (neighbour × insecticide) on the growth (square root of the number of leaves) of Bromus and Brachypodium, in June, August and
October 1999. *, * *, * * * denote significance at P level <0.05, <0.01 and 0.001, respectively

Species Source d.f. F-value
June August October

Bromus Neighbour 1 1.6 3.1 16.7 * * *
Insecticide 1 0.2 0.5 0.2
Neighbour × insecticide 1 0.0 0.0 0.0

Brachypodium Neighbour 1 0.7 2.2 2.7
Insecticide 1 2.2 4.2 * 8.7 * *
Neighbour × insecticide 1 0.7 0.7 4.6 *
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Bromus swards, and 2.24 ± 0.19 kPa in Brachypodium
swards. Summarised, temperature was 1.5 °C warmer and
VPD was at least 0.43 kPa higher at the bare site than within
the grasses. VPD was 0.46 kPa higher within Brachypodium
than within Bromus swards.

4. Discussion

4.1. Species-dependent responses

Each species responded differently to the experimental
treatments. B. erectus was strongly affected by plant neigh-

bourhood removal but not by insecticide treatment, whereas
B. pinnatum was above all affected by insecticide spraying in
combination with neighbour removal. These results contrast
with those of other field experiments, which found that
neighbour removal affected all species while the effects of
reducing herbivory treatments were specific to only a few
species (Dormann et al., 2000; Greiling and Kichanan,
2002).

The greater sensitivity of Brachypodium to herbivory sug-
gests that these grasshoppers may be somewhat specific in
their host choice, as documented in several studies (Joern and
Lawlor, 1980; Cottam, 1985; Le Gall, 1989; Corcket et al.,

Fig. 1. Means (±1 S.E.) of leaf number for B. erectus and B. pinnatum in June (A), August (B), and October (C) 1999 for control and sprayed individuals, with
(black bars ") and without (white barsh) neighbours.

Table 2
Results of two-way ANOVAs (neighbour × insecticide) on the intensity of herbivory (square root of damage) of Bromus and Brachypodium, in June, August and
October 1999. *, * *, * * * denote significance at P level <0.05, <0.01 and 0.001, respectively

Species Source d.f. F-value
June August October

Bromus Neighbour 1 8.7 * * 3.1 0.1
Insecticide 1 1.5 2.9 0.1
Neighbour × insecticide 1 2.2 2.1 0.2

Brachypodium Neighbour 1 0.0 1.1 4.4 *
Insecticide 1 0.7 1.7 4.7 *
Neighbour × insecticide 1 0.3 1.9 1.8
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2002). The presence of defence chemicals in target plants
(Szentesi, 2002), and particularly trade-offs between second-
ary metabolites and nutrient contents of leaves (Behmer et
al., 2002) may determine the foraging decisions of herbi-
vores. Therefore, stress-tolerant species are often grazed less
than fast growing species because they generally allocate
more to defence (Grime, 1977; Taylor et al., 1990; Fraser and
Grime, 1999; Le Gall, 1989; Jones and Coleman, 1991). This
perspective is consistent with our results: B. erectus has been
shown to be more stress-tolerant than B. pinnatum (Barbaro
and Cozic, 1998; Corcket et al., 2003). In arctic tundra,
McGraw and Chapin (1989) found that a more competitive
Eriophorum species was more frequently eaten than a less
competitive congener. Convergence between stress tolerance
and resistance to herbivory was also emphasised by Oksanen
and Ranta (1992), who found a consistent relationship be-
tween traits for stress tolerance and those involved in grazing

tolerance. The overall positive effect of neighbour removal
on leaf number was only significant for B. erectus. This is
consistent with previous results, which emphasised the im-
portant effects of plant competition on the growth of B.
erectus in Mesobromion grasslands (Corcket et al., 2003). In
contrast, the response of B. pinnatum to neighbourhood
competition was not strong and depended on whether or not
herbivory was manipulated.

4.2. Herbivory and plant removal: two related factors

The increase in leaf number for B. pinnatum when the
effects of neighbours and grasshoppers were reduced ap-
peared to be caused by the indirect effects of vegetation
removal.

Typically, plant interactions are evaluated in the field by
removing neighbouring species or all surrounding vegeta-

Fig. 2. Means (±1 S.E.) of damage for B. erectus and B. pinnatum in June (A), August (B), and October (C) 1999 for control and sprayed individuals, with (black
bars ") and without (white barsh) neighbours.
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tion. We found that grasshopper herbivory was higher on
isolated plants than on plants surrounded by neighbours. The
reduced growth of Brachypodium without neighbours in the
high herbivory treatment is consistent with general density-
dependent hypotheses of herbivory intensity in which plants
with neighbours’ experience less herbivory than isolated in-
dividuals. Several studies have shown that the effects of
invertebrate herbivores are stronger in low-density vegeta-
tion (Solomon, 1981; Parmesan, 2000). For grasshoppers,
this may be explained in part by their use of visual and
olfactory signals to locate their primary resource (Le Gall,
1989; Szentesi, 2002). Grasshoppers may preferentially eat
isolated plants (our results) or more common plant species
(Cottam, 1985) simply because preferred species are easier
to locate.

Total removal of vegetation may also induce important
changes in microclimate (Reader, 1992; our results), which
may directly affect herbivore populations. Several studies
have shown that grasshoppers are favoured by an increase in
VPD and air temperature (Chopard, 1951; Ritchie, 2000;
Corcket et al., 2002).

Our results are consistent with Reader’s (Reader, 1992)
statement that herbivory may be a confounding factor in
plant removal experiments, but Reader found that predation
was higher on plants surrounded by neighbours than in the
openings and concluded that herbivory established condi-
tions of “apparent competition” . In his system, the herbivores
were slugs, which are animals requiring mesic habitats and
shelter from predators. In our study, we found that Brachy-
podium individuals without neighbours experienced signifi-
cantly higher herbivory rates. Such a confounding effect in
competition studies will overestimate the intensity of compe-
tition, and should be avoided or alleviated by minimising the
strong indirect effects due to large areas without vegetation.
Ideally, targets should be protected against herbivory by
caging and/or insecticide spraying, depending on the herbi-
vore involved, or experimental designs should apply interme-
diate levels of plant removal, such as performed by Goldberg
(1987) and Parmesan (2000).

4.3. Herbivory damage and plant growth

The only differences in herbivory damage among our
experimental treatments were recorded for Brachypodium in
October. The significant decrease in damage in the insecti-
cide treatment led to an increase in leaf number for Brachy-
podium targets, but only those without neighbours. This
suggests that the negative effects of plant neighbourhood on
Brachypodium growth were stronger than the positive effects
of neighbourhood in reducing herbivory. In contrast, the
significant increase in damage without neighbours is consis-
tent with a significant decrease of plant leaf number in these
conditions, as compared with insecticide conditions. This
indicates that our insecticide treatment was not sufficient to
reduce the increase in damage experienced by isolated Brac-
hypodium targets, which as mentioned were preferentially

eaten by grasshoppers. However, these data also suggest that
measurable, but low levels of herbivory will not significantly
reduce Brachypodium growth. When we examined the level
of damage in relation to differences in plant growth re-
sponses, we found that an increase in plant damage from
“ level 1” (for example, Brachypodium sprayed with insecti-
cide and without neighbours in October) to 1.5 (Brachypo-
dium without neighbours in October, but not sprayed with
insecticide) led to a significant decrease in leaf number. This
suggests that the “crucial level” of herbivory, i.e. the level of
herbivory, which is necessary to induce significant damage
on plants, is between a level of 1 and a level of 1.5 in our
relative scale of damage.

4.4. Relationships with other grassland processes

In our study the species, which was negatively affected by
herbivory, B. pinnatum, is a late successional species in
Mesobromion communities (Bobbink and Willems, 1993;
Barbaro and Cozic, 1998). Therefore, our results are consis-
tent with field approaches showing that herbivory by foliar
feeding insects may slow the rate of plant succession
(McBrien et al., 1983; Brown, 1985). In contrast, other stud-
ies involving belowground invertebrate herbivores (Brown
and Gange, 1992; Verschoor et al., 2002) or artificial groups
of phytometers (Fraser and Grime, 1999), have shown a
converse effect of herbivory on plant secondary succession.
In a literature survey, Davidson (1993) found a general effect
of herbivores slowing secondary succession in old-fields
dominated by grass species.

In our experiment, we excluded sheep from the experi-
mental area and focused on the effects of grasshoppers.
However, sheep grazing may strongly interact with grasshop-
pers. In particular, sheep grazing may dramatically reduce
grasshopper populations by increasing larval mortality
(Guéguen-Genest and Guéguen, 1987). Sheep and grasshop-
per herbivory may also have opposite effects, depending on
the identity of perennial grasses (Gibson et al., 1987). This
may be the case in our study, because grasshoppers eat
preferentially B. pinnatum, which is usually less preferred by
cattle in comparison to B. erectus (Delescaille, 1999; Bar-
baro et al., 2000). Although rarely compared directly, when
both types of herbivores co-exist the overall effect will likely
be determined by large vertebrate grazers (Gibson et al.,
1987).
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Abstract – Species-dependence and environmental changes in grasshoppers herbivory. The aim of this study is
1°) to quantify environmental changes in herbivory due toOrthoptera on two perennial grasses and 2°) to assess the
processes involved in the control of herbivory. Herbivory varies strongly according to shade, drought and mowing,
and is positively related to vapour pressure deficit and temperature. Besides the hypothesis of a trophic control of
herbivory, our results are consistent with a microclimatic control of herbivory byOrthoptera. The coexistence of
different hypothesis of herbivory control may depend on the studied system and specifically on the type of herbivore
involved. To cite this article: E. Corcket et al., C. R. Biologies 325 (2002) 155–164. © 2002 Académie des
sciences / Éditions scientifiques et médicales Elsevier SAS

bottom-up control / Bromus erectus / Brachypodium pinnatum / environmental gradients / Grasshopper /
herbivory / microclimate

Résumé – L’objet de cette étude est de 1°) quantifier les variations environnementales de l’herbivorie causée par les
Orthoptères sur deux graminées pérennes et 2°) d’appréhender les mécanismes de régulation de l’herbivorie.
L’herbivorie varie fortement en fonction de l’ombrage, la sécheresse et la fauche, et est positivement corrélée avec
le déficit en vapeur saturante et la température. Nos résultats sont partiellement cohérents avec les hypothèses de
régulation trophique de l’herbivorie et suggèrent en outre une régulation microclimatique de l’herbivorie due aux
Orthoptères. Une claire distinction entre les différents types d’herbivores permet d’expliquer la coexistence de
différentes hypothèses de régulation de l’herbivorie.Pour citer cet article : E. Corcket et al., C. R. Biologies 325
(2002) 155–164. © 2002 Académie des sciences / Éditions scientifiques et médicales Elsevier SAS

Bromus erectus / Brachypodium pinnatum / gradients environnementaux / herbivorie / microclimat /
Orthoptère / régulation ascendante

. Abridged version

Herbivory in ecosystems is not a static phenomenon,
but varies over space and time. Variation in herbivory
intensity has generally been studied along natural

gradients such as those created by variation in soil
fertility, biomass, or productivity. These gradients are
complex, i.e. they include changes in several compo-
nents of ecosystems (such as soil and vegetation) and
numerous abiotic factors (such as temperature and soil
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moisture) at the same time. Studies performed along
complex gradients have improved our knowledge of
how the intensity of herbivory varies, but the large
number of correlated factors incorporated in natural
gradients does not allow a clear mechanistic manipu-
lations of processes driving herbivory. Studies along
complex gradients have led to conflicting results,
making generalisations about the patterns of herbivory
variation difficult. However, some general models sug-
gest that the intensity of herbivory along natural gra-
dients (especially biomass) may be somewhat predic-
table. According to food web theory , herbivory should
be limited in productive habitats by ‘ top-down’ control,
i.e. by predation on herbivores, and in low productive
habitats by ‘bottom-up’ control, i.e. by a shortage in the
primary resource supporting herbivores. In addition to
studies involving complex gradients, other investiga-
tions have focused on changes in the intensity of
herbivory with simple experimental factors, such as
CO2 enrichment or nutrient addition. These studies
have yielded insight into the influence of particular
factors on herbivory, but our understanding of the
relative importance of various factors in combination
remains. We established three treatments in the field
(shade, drought and mowing), by which particular
abiotic factors were varied in order to create a complex
experimental gradient of biomass. The aim of our work
is to study variation in the intensity herbivory caused
by grasshoppers (Orthoptera) on two perennial grasses,
Bromus erectus and Brachypodium pinnatum. Specifi-
cally, we have 1) quantified herbivory experienced by
Bromus and Brachypodium, 2) compared the intensity
of herbivory in different treatments of shade, drought,
mowing, 3) compared the intensity of herbivory with
variation in plant biomass, and 4) considered our results
in the context of the dominant hypotheses for how the
importance of herbivory varies in natural communities.
Shade, drought and mowing were manipulated in a
calcareous grassland to simulate canopy effects of
encroaching trees in grasslands, drought, and manage-
ment for hay. These treatments were performed on
eight 32-m2 plots (Control; Shade; Drought; Mowing;
Shade and Drought; Shade and Mowing; Drought and
Mowing; Shade, Drought and Mowing), following a
fully factorial design. In each plot, we recorded a range
of abiotic environmental changes that occurred with
experimental treatments: vapour pressure deficit (VPD),
air and soil temperature, soil moisture, soil nitrogen
content. We also recorded variation in biotic factors
among the treatment plots including the total density of
all vegetation, and the density of Bromus erectus,
Brachypodium pinnatum, and the main functional types
of plants. Herbivory experienced by Bromus erectus

and Brachypodium pinnatum was measured using a
relative scale of damage graduated from 0 (no damage)
to 5 (more than 50% of the leaf area were eaten). To
assess mechanisms driving grasshopper herbivory in
calcareous grasslands, damage by herbivory on target
species were correlated with abiotic and biotic condi-
tions that occurred in the different experimental plots.

Herbivory was selective and Brachypodium was 2–4
times more eaten than Bromus. Shade sharply decreased
herbivory experience by both species (F-values > 7).
Drought showed contrasting effects, increasing herbi-
vory on Bromus in July but decreasing herbivory on
Brachypodium in August. Herbivory experienced by
Brachypodium decreased substantially with mowing
(P < 0.001), whereas herbivory experienced by Bromus
was not affected by mowing. When plots were not
mowed, herbivory was positively related to VPD and
temperature, and negatively related to soil nitrogen
availability, density of Brachypodium, and density of
other grasses (e.g. Dactylis glomerata, Holcus lanatus).
After mowing, herbivory was only weakly related to
total density of vegetation density and not correlated
with any other environmental measurements.

The preference of grasshoppers for Brachypodium
was not consistent with the frequency-dependence of
herbivory by grasshoppers which states that the domi-
nant plant species in communities is the more eaten, but
suggest chemical or physical defences of the studied
grasses. Unlike grasshoppers, cattle preferentially eat
Bromus, especially when plants are mature, which may
be due to silica inclusions in the leaves of Brachypo-
dium.

The positive correlation between herbivory and
microclimate is consistent with the ecological require-
ments of grasshoppers, which prefer warm and dry
habitats. The decrease in herbivory in shaded plots may
be explained by the decrease in VPD and temperature
under the shade cloth, leading to an unfavourable
microclimate for grasshoppers. However, the increase
in herbivory with drought in July occurred with an
increase in VPD. The decrease in herbivory in mowed
and dry plots in August corresponds with the ‘bottom-
up’ hypothesis for herbivory. Mowing, and the long
drought in August, may have led to a decrease in the
quality and quantity of vegetation available for herbi-
vores.

Besides the trophic control hypothesis of herbivory,
alternative hypothesis such as control of herbivory by
microclimate or herbivores foraging have to be consi-
der. These conflicting hypotheses for the importance of
herbivory in plant communities may be explained by
differences among herbivore species involved in stu-
dies. Large herbivores are not highly restricted by
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microclimate and damage large amounts of vegetation
in a relatively indiscriminate manner. In contrast, small
ectothermic herbivores such as grasshoppers are highly
constrained by microclimate, and sometimes in oppo-
site ways depending on the species: grasshoppers prefer
warm, dry habitats, whereas slugs prefer wet habitats.
Microclimate effects and species-specific effects may
create conditions where herbivory is highly selective,
therefore have great consequences on community com-
position. This perspective is apparent in the literature
on herbivory intensity and hypotheses for how herbi-

vory affects the composition of plant communities. In
general, trophic hypotheses for herbivory are based on
studies of large vertebrates herbivores, microclimate
hypotheses are based on studies involving arthropods,
and support for the importance of foraging strategies
are based on studies of small vertebrate herbivores.
Specific comparisons of herbivore identity and the
functional traits of herbivores may help to explain
contradictions in literature for how herbivory may
control community structure and ecosystem
function.

1. Introduction

L’herbivorie n’est pas une composante stable des
l’écosystèmes, comme le suggèrerait une lecture stati-
que des réseaux trophiques, mais elle varie de façon
spatiale et temporelle [1]. Ces variations ont souvent
été étudiées le long de gradients complexes de l’envi-
ronnement, c’est-à-dire de gradients le long desquels de
nombreux facteurs directs (qualité et quantité de res-
source végétale pour l’herbivore, teneur du sol en
azote, température de l’air, etc.) varient de façon
concomitante. Ce sont en général des gradients naturels
qui intègrent différentes communautés végétales se
succédant sur le terrain. L’approche par gradients
complexes apporte une meilleure connaissance des
variations d’herbivorie qui se produisent dans le milieu
naturel, mais le grand nombre de facteurs impliqués
dans ces gradients ne permet pas d’avoir une approche
déterministe fine de l’herbivorie. Les gradients comple-
xes les plus étudiés sont les gradients de succession
végétale [2–4], de fertilité des sols [5,6] ou la conjonc-
tion des deux [7–9]. Ils sont assimilables aux gradients
de biomasse végétale étudiés par Oksanen et al. [10],
Belsky [11] et Bonser et Reader [12]. D’autres gra-
dients complexes tels que des gradients de stress
végétal [13,14], de microstructures de végétation [14]
ou de topographie [15] ont également servi de base à
des études de variations d’herbivorie.

Des conclusions parfois contradictoires émergent de
ces études. Rand [14] trouve une intensité d’herbivorie
maximale à faible niveau de biomasse végétale alors
que Bonser et Reader [12] ainsi que Fraser et Grime [9]
montrent l’ inverse. Par ailleurs, Oksanen et al. [10] ont
proposé un modèle selon lequel l’ intensité d’herbivorie
est maximale à un niveau intermédiaire de biomasse
végétale. Ce modèle est basésur les réseaux trophiques,
et plus particulièrement sur le contrôle ascendant ou
descendant des populations d’herbivores [16,17]. Le
contrôle ascendant des populations d’herbivores a lieu
lorsque la ressource primaire, c’est-à-dire la biomasse

végétale, est trop limitée pour entretenir une population
suffisante d’herbivores. Le contrôle descendant des
populations d’herbivores intervient lorsque la quantité
d’herbivores est suffisante pour entretenir une popula-
tion de prédateurs susceptible de réguler, en rétro-
action, le nombre d’herbivores. Par extension, le modèle
d’Oksanen et al. [10] prédit une baisse d’herbivorie
dans les faibles niveaux de biomasse due à un manque
de ressource végétale, et une baisse d’herbivorie dans
les forts niveaux de biomasse due à une forte pression
de prédation sur les herbivores.

D’autres études se sont focalisées sur l’ influence de
facteurs directs, tels que la concentration en CO2

atmosphérique [18,19] ou la quantité de nutriments du
sol [20,21], sur l’herbivorie. Ces approches expérimen-
tales permettent une meilleure compréhension des méca-
nismes déterminant l’herbivorie, mais la prédiction des
variations d’herbivorie dans les milieux naturels néces-
site de relativiser l’ importance de ces facteurs directs
dans le fonctionnement de l’écosystème. Une troisième
approche, qui à notre connaissance a été peu ou pas
explorée, consisterait àscinder des gradients complexes
en une gamme étendue de facteurs directs abiotiques et
biotiques et de les corréler aux variations d’herbivorie
observées dans le milieu naturel.

Lors d’une expérimentation en pelouse calcicole
[22], trois traitements expérimentaux simulant le fonc-
tionnement de l’écosystème ont été appliqués
(l’ombrage, la sécheresse et la fauche) et ont induit un
gradient complexe de biomasse. Ces milieux de pelou-
ses sèches collinéennes sont inféodés à de fortes
pressions d’herbivorie de la part du bétail, de rongeurs,
de mollusques ou d’ insectes [18,19,23–25]. Les popu-
lations d’Orthoptères, notamment, sont bien représen-
tées [26] et sont susceptibles d’ infliger des pertes
importantes à la végétation [27]. A partir de ce système
modèle, l’objectif est alors de 1) évaluer la pression
d’herbivorie exercée par la guilde des Orthoptères
phytophages sur les espèces dominantes de la pelouse
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calcicole, 2) de mesurer les variations d’herbivorie de
ce groupe d’espèces en fonction de l’ombrage, de la
sécheresse, de la fauche, 3) de caractériser ces varia-
tions d’herbivorie le long d’un gradient de biomasse
végétale, et 4) de relier nos résultats avec les principa-
les hypothèses de régulation de l’herbivorie.

2. Matériel et méthodes

2.1. Site d’étude et espèces dominantes

La pelouse étudiée, Liche Petet (45°10’ N, 5°50’ E,
700 m d’altitude), se situe à 15 km à l’est de Grenoble,
sur les balcons de Belledonne (chaîne montagneuse des
Alpes externes du nord françaises). Les précipitation
annuelles à Grenoble (210 m d’altitude) sont importan-
tes (1000 mm environ) et réparties régulièrement tout
au long de l’année. La température annuelle moyenne y
est de 10,9 °C [28]. La pelouse se rattache au Meso-
bromion [29] : elle est caractérisée par la dominance de
deux Poacées pérennes, Bromus erectus et Brachypo-
dium pinnatum (respectivement 55% et 15% de la
densité végétale totale), et par la présence d’espèces
telles que Plantago media, Salvia pratensis (Tableau 1).
Le Brome érigé présente des feuilles plus appétentes
pour le bétail que celles du Brachypode penné [25,30].
La dynamique du Mesobromion est guidée par trois
processus principaux [31] : la colonisation par les
ligneux (ici : Rosa sp., Juniperus communis, Pinus
silvestris, Fraxinus excelsior), la sécheresse (due ici à
une exposition sud-sud-ouest, une pente assez impor-
tante et un sol drainant contenant 38% de sable) et le
pâturage extensif par les ovins (depuis 15 à 50 ans).

La caractérisation du peuplement d’Orthoptères phy-
tophages de la pelouse (Acrididae, Tettigoniidae) a été
réalisée lors de 9 journées de prélèvement en août 1999
au filet fauchoir sur six placettes de 1 m2 situées
aléatoirement dans les lots de notre dispositif expéri-
mental. En l’absence de traitements expérimentaux, le
peuplement est fortement dominé par Euchorthippus
declivus (50% des imago) et Chorthippus biguttulus
(33% des imago). Chorthippus brunneus est plus rare
(10% des imago) tandis que Metrioptera bicolor, Omo-
cestus haemorrhoidalis, O. ventralis sont occasionnels
(2,5% des imago pour chaque espèce). À Liche Petet,
les dégâts d’herbivorie sur le Brome et le Brachypode
sont attribués essentiellement aux Orthoptères : ceux-ci
constituent la population d’ insectes phytophages domi-
nante et les seules observations directes d’herbivorie
sur les espèces cibles qui ont pu être faites ont concerné
des Orthoptères (observations personnelles). De plus,
les dégâts d’herbivorie sur le Brome et le Brachypode
sont significativement corrélés à la densité d’Orthoptè-
res dans les différentes lots expérimentaux (r = 0,92,

P = 0,001 pour le Brome et r = 0,68, P = 0,031 pour le
Brachypode ; test de corrélation de Pearson, n = 8).
Contrairement à des études menées en Suisse ou en
Angleterre sur des milieux similaires [18,19], aucun
Gastéropode n’a été détecté.

2.2. Dispositif expérimental

Au milieu de la pelouse, un enclos de 30 × 30 m a été
mis en place, à l’ intérieur duquel huit lots de 32 m2 ont
étédélimités. Trois types de traitements expérimentaux,
étroitement liés au fonctionnement de la pelouse, ont
été combinés et appliqués pendant 2 saisons de végé-
tation (1998 et 1999) sur les lots : l’ombrage simulant
l’embroussaillement, la sécheresse simulant les aléas
climatiques, et la fauche simulant la gestion. La dispo-
sition des traitements au sein des lots a été étudiée afin
d’éviter toute interférence entre les traitements (Fig. 1).
L’ombrage a été réalisé du côté de la chaîne de
Belledonne (à l’est) qui capte la lumière rasante du
matin et évite ainsi de projeter l’ombrage expérimental
sur des lots voisins ne devant pas être ombrés. La
sécheresse a été réalisée sur les lots les plus bas afin de
ne pas affecter l’hydrologie des lots non asséchés.

Un filet d’ombrage d’environ 350 m2 a été installé à
1,70 m du sol, de fin avril à fin octobre 1998 et 1999,
pour simuler une canopée décidue. Les mailles du filet
captaient 50% de rayonnement lumineux et permet-
taient le passage de l’eau de pluie. Le filet était

Tableau 1. Composition floristique et pourcentage de recouvre-
ment des principales espèces du site d’étude en l’absence de
traitements expérimentaux (relevé linéaire 100 points)

Espèces
dominantes :

Bromus erectus Huds 54,3%
Brachypodium pinnatum (L.) P. Beauv. 14,5%

Espèces
fréquentes :

Carex flacca Schreb. 7,3%
Origanum vulgare L. 4,2%
Medicago sativa L. 3,6%
Carex caryophyllea Latour. 3,4%

Espèces peu
fréquentes :

Potentilla tabernaemontani Asch. 2,3%
Dactylis glomerata L. 1,8%
Teucrium chamaedrys L. 1,3%
Thymus serpillum L. 1,3%

Espèces rares : Clinopodium vulgare L. 0,8%
Daucus carota L. 0,8%
Linum catharticum L. 0,8%
Lotus corniculatus L. 0,8%
Plantago media L. 0,8%
Festuca gr. ovina L. 0,5%
Arrhenatherum elatius (L.) P. Beauv. 0,3%
Hippocrepis comosa L. 0,3%
Poa pratensis L. 0,3%
Salvia pratensis L. 0,3%
Sanguisorba minor Scop. 0,3%
Verbena offıcinalis L. 0,3%
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interrompu à 50 cm au dessus du sol pour permettre la
circulation d’air et d’animaux de petite taille (dont les
Orthoptères) entre l’extérieur et l’ intérieur de l’ombrage.
La sécheresse a été créée en déployant au dessus de la
végétation une bâche plastique transparente de
15 × 13 m avant chaque averse. La bâche était repliée
après l’averse pour éviter les effets d’échauffement
avec le soleil. La sécheresse expérimentale a été appli-
quée de fin avril à fin juin 1998, et de début mai à fin
septembre 1999. Des tranchées de 1 m de profondeur
ont été creusées en amont des lots asséchés afin
d’ intercepter les eaux de ruissellement (Fig. 1). L’étroi-
tesse des tranchées (50 cm) permettait le passage des
Orthoptères. Enfin, la fauche a été réalisée fin avril
1998 et mi-juillet 1999, réduisant la longueur de
l’appareil végétatif aérien des plantes cibles à environ
5 cm.

2.3. Paramètres environnementaux

Les effets des traitements expérimentaux sur les
composantes abiotiques (microclimat, sol) et biotiques
(végétation) de l’environnement ont été mesurés pour
chaque lot expérimental.

Au milieu de chaque lot, la température de l’air, du
sol, et l’humiditéatmosphérique ont étémesurées heure
par heure grâce à une station de mesure (Hydroemac,
Seyssinet-Pariset, Isère, France) de mai àaoût 1999. Le
capteur aérien a étéplacé à30 cm au dessus du sol alors
que le capteur thermique souterrain a été enterré à
10 cm de profondeur. Les données climatiques ont été
moyennées sur toute la période de mesure au pas de
temps horaire, et seuls les maxima ont été retenus pour
les analyses (16 h pour l’humidité et la température de
l’air, 19 h pour la température du sol). L’humidité de
l’air a été transformée en déficit de vapeur saturante

[32]. Les teneurs en eau et en azote disponible (NO3
– et

NH4
+) ont été quantifiées en juin 1999 à partir de 3

échantillons de 250 g de terre prélevés à 10–15 cm de
profondeur [22]. Les moyennes d’humidité de sol et
d’azote total disponible ont été calculées à partir des
trois échantillons prélevés.

Les densités de végétation ont été déterminées à
l’aide de relevés linéaires positionnés diagonalement au
sein de chaque lot. Tous les 10 cm, le long de 88 à 93
points d’échantillonnage, le nombre de contacts avec
les parties vivantes des différentes espèces végétales a
été relevé. La densité de végétation a été calculée
comme le nombre de contacts ramené à 100 points
d’échantillonnage.

2.4. Biométries

Les mesures d’ intensité d’herbivorie ont été effec-
tuées sur des plantes en place au sein de chaque lot
expérimental. 12 individus de chaque espèce par lot ont
été suivis.

Les Orthoptères consomment le bord des limbes [33]
et y laissent des impacts plus ou moins ovales ou
allongés. Les traces les plus profondes peuvent dépas-
ser la nervure centrale du limbe d’une graminée, et les
plus longues peuvent excéder 1 cm de longueur sur le
bord du limbe. Les impacts d’herbivorie sur les feuilles
ont été mesurés l’été 1999, avant et après la fauche
expérimentale (respectivement début juillet et mi-août).
Pour quantifier ces impacts variés, nous avons mis au
point une échelle relative d’herbivorie, graduée de 0 à
5 en fonction des conséquences prévisibles sur les
plantes (Tableau 2). Quand les impacts d’herbivorie sur
une feuille sont suffisamment nombreux et quand le
limbe est entaillé suffisamment profondément ou sur
une longueur suffisante, les feuilles deviennent fragiles
et peuvent se casser.

2.5. Analyses statistiques

Des analyses de variance à une voie sur les dégâts en
juillet et en août permettent de tester les différences
d’herbivorie subie par le Brome et le Brachypode (effet
espèce). Ensuite, des analyses de variance à 3 voies
(ombrage × sécheresse × fauche) ont été réalisées sur
les dégâts en juillet et en août pour chacune des deux
espèces. La relation entre l’ intensité d’herbivorie et les
facteurs environnementaux a été analysée par corréla-
tions (coefficient de Pearson) entre la moyenne des
dégâts d’herbivorie et les paramètres environnemen-
taux des huit lots expérimentaux (déficit en vapeur
saturante, températures de l’air et du sol, humidité du
sol, teneur en azote du sol, densité de végétation, de
Brome, de Brachypode, d’autres graminoïdes, de légu-
mineuses et d’autres Dicotylédones).

Fig. 1. Schéma du dispositif expérimental.
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3. Résultats

L’herbivorie par les Orthoptères affecte d’avantage le
Brachypode que le Brome, avec des dégâts deux à trois
fois supérieurs en juillet (F = 17,6, P < 0,001) et trois à
quatre fois supérieurs en août (F = 31,0, P < 0,001)
dans le cas du Brachypode.

L’herbivorie est fortement influencée par l’ombrage
et de manière négative, que ce soit pour le Brome
(F > 7) ou pour le Brachypode (F > 13 ; Tableaux 3 et
4). Quasiment aucune trace d’herbivorie n’est visible
sur le Brome lorsqu’ il est ombré, et l’ intensité d’her-
bivorie mesurée sur le Brachypode par notre échelle
relative diminue en général d’au moins de moitié avec
l’ombrage (Figs. 2 et 3). La sécheresse influence aussi
l’herbivorie subit par les deux espèces (Tableaux 3 et
4), mais de façon plus différenciée que dans le cas de
l’ombre ; l’herbivorie subie par le Brome augmente en
juillet alors qu’elle diminue pour le Brachypode en août
(Figs. 2 et 3). Le fauche n’ influence pas le niveau
d’herbivorie subie par le Brome (Tableau 3) alors
qu’elle entraîne une diminution d’herbivorie très signi-
ficative pour le Brachypode, surtout au mois d’août
(Faoût = 18,8 ; Tableau 4, Fig. 3). Lorsqu’elle est appli-
quée sous l’ombrage, la fauche entraîne une diminution
d’herbivorie significativement plus importante que
lorsqu’elle est appliquée en dehors de l’ombrage (inte-
ractions ombrage × fauche et ombrage × sécheresse ×
fauche significatives, Tableau 4), ce qui se traduit par
une absence complète d’herbivorie en août sur le
Brachypode dans les lots Ombré – Fauché et Ombré –
Asséché – Fauché (Fig. 3). La sécheresse en juillet
augmente significativement l’herbivorie subie par le
Brachypode sous l’ombrage (ce qui corrobore l’aug-

mentation d’herbivorie constatée pour le Brome assé-
ché en juillet) mais pas à l’extérieur de l’ombrage
(interaction ombrage × sécheresse × fauche significa-
tive ; Tableau 4, Fig. 3). Les espèces d’Orthoptères
phytophages dominantes en situations témoin, séchée et
fauchée sont avant tout Euchorthippus declivus et
Chorthippus biguttulus. Seul l’ombrage engendre une
composition différente avec la dominance secondaire
de Homorocoryphus nitidulus.

Les corrélations entre herbivorie et facteurs environ-
nementaux sont très similaires pour les deux espèces,
que ce soit au mois de juillet ou au mois d’août
(Tableau 5). En juillet, les dégâts sur le Brome et le
Brachypode sont positivement corrélés au microclimat
(D.V.S., températures de l’air et du sol) et négativement
corrélés à la fois aux ressources du sol (eau et azote), à
la densité de Brachypode et à la densité d’autres
graminoïdes (telles que Dactylis glomerata, Holcus
lanatus). En août, après la fauche, seule la densité de
végétation est négativement corrélée aux dommages
subis par le Brome. Aucune corrélation significative
entre facteurs environnementaux et herbivorie n’appa

Tableau 2. Echelle relative utilisée pour quantifier les dégâts
causés par les Orthoptères sur les graminées

Graduation Dégâts associés

0 Aucun.
1 Quelques impacts sur l’ensemble de la plante.
2 1 impact par feuille en moyenne,

ou 1–2 impacts de 1,5 cm de long,
ou 1–2 impacts entaillant la feuille sur ¼ à la
moitié de sa largeur.

3 2–4 impacts par feuille en moyenne,
ou plus de 3 impacts de 1,5 cm de long,
ou plus de 3 impacts entaillant la feuille sur ¼ àla
moitié de sa largeur,
ou 1–2 impacts entaillant la feuille sur plus de la
moitié de sa largeur.

4 plus de 5 impacts par feuille en moyenne,
ou plus de 3 impacts entaillant la feuille sur plus
de la moitié de sa largeur.

5 Plus de la moitié de la surface foliaire estimée a
été broutée.

Tableau 3. Résultats des analyses de variance à3 voies (ombrage,
sécheresse, fauche) effectuées sur les dégâts mesurées en juillet
et août 1999 sur le Brome

Juillet Août

Effets dl Valeurs de F Valeurs de F

Ombrage 1 12,18 ** 7,17 **
Sécheresse 1 5,50 * 1,12
Fauche 1 1,25 1,63
Ombrage × sécheresse 1 1,80 1,12
Ombrage × fauche 1 0,01 1,63
Sécheresse × fauche 1 0,18 0,54
Ombrage × sécheresse × fauche 1 2,03 0,54

***, **, * significativités aux seuils respectifs de P < 0,001 ; 0,01 et
0,05.

Tableau 4. Résultats des analyses de variances à 3 voies
(ombrage, sécheresse, fauche) effectuées sur les dégâts mesurées
en juillet et août 1999 sur le Brachypode

Juillet Août

Effets dl Valeurs de F Valeurs de F

Ombrage 1 13,93 *** 14,29 ***
Sécheresse 1 0,56 4,60 *
Fauche 1 4,88 * 18,82 ***
Ombrage × sécheresse 1 2,21 0,63
Ombrage × fauche 1 1,46 4,36 *
Sécheresse × fauche 1 2,90 2,06
Ombrage × sécheresse × fauche 1 5,15 * 0,01

***, **, * significativités aux seuils respectifs de P < 0,001 ; 0,01 et
0,05.
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raît au mois d’août (Tableau 5), à l’exception de la
densité de végétation.

4. Discussion

4.1. Sélectivité de l’herbivorie

Les Orthoptères consomment avant tout le Brachy-
pode et montrent ainsi une préférence alimentaire, en

cohérence avec Joern et Lawlor [34], Cottam [35] et Le
Gall [36]. La préférence alimentaire chez les Orthop-
tères peut être liée à la dominance de l’espèce végétale
dans le milieu : Cottam [35] a montré que le criquet
Omocestus viridulus consommait de préférence la plante
la plus abondante. Dans notre étude, l’herbivorie n’est
pas fréquence-dépendante puisque la pression d’herbi-
vorie est maximale sur la graminée la moins dominante.
La sélectivitéalimentaire des Orthoptères pourrait alors
s’expliquer soit par le développement de défenses
physiques chez le Brome, soit par la présence de
composés chimiques (métabolites secondaires, sucres,
nutriments) susceptibles d’altérer l’appétence du Brome
voire d’augmenter celle du Brachypode [36–39]. Quoi-
que plus consommé par les Orthoptères, le Brachypode
présente une appétence pour le bétail inférieure à celle
du Brome [25,30]. Toutes les espèces du genre Brachy-
podium [40] ainsi que d’autres graminées parmi les-
quelles ne figure pas le Brome érigé [41], possèdent des
grains de silice dans leurs tissus foliaires, ce qui est
souvent interprété comme une adaptation des plantes à
l’herbivorie, notamment par les ongulés [42]. Contrai-
rement au bétail, les Orthoptères sont peu affectés par la
teneur des feuilles en silice du fait de leurs mandibules
coriaces et des adaptations de leur tractus digestif ; ils
consomment en outre préférentiellement les pousses de
graminées matures c’est-à-dire les plus riches en silice
[36].

4.2. Déterminisme de l’herbivorie

Les dégâts d’herbivorie diminuent fortement avec
l’ombrage pour les deux espèces, et avec la fauche pour
le Brachypode. La sécheresse engendre une réponse en
deux temps : l’herbivorie augmente en juillet sur le
Brome mais diminue en août sur le Brachypode. Les
dégâts d’herbivorie sont, pour les deux espèces, posi-
tivement corrélés au microclimat (D.V.S., températures
de l’air et du sol) mais négativement à la fertilité du sol
et à la densité de Brachypode et d’autres graminoïdes.

La relation entre herbivorie et microclimat a déjà été
mentionnée, notamment par Coll et Bottrell [43] et
Schoonhoven et al. [44], mais à notre connaissance,
aucune étude ne l’avait quantifiée à la suite de mani-
pulations environnementales en conditions naturelles.
Nos résultats sont cohérents avec le fait que les
Orthoptères soient habituellement associés à des envi-
ronnements secs et chauds [45,46]. Sous l’ombrage, la
diminution du déficit en vapeur saturante et de la
température [22] engendre un microclimat défavorable
aux Orthoptères, ce qui pourrait expliquer la diminution
d’herbivorie. Cette diminution d’herbivorie avec

Fig. 2. Dégâts moyens d’herbivorie (± erreur standard) sur
Bromus erectus en juillet et août 1999 sur les différents lots
expérimentaux. T : lot témoin, O : lot ombré, S : lot asséché, F :
lot fauché, OS : lot ombré et asséché, OF : lot ombré et fauché,
SF : lot asséché et fauché, OSF : lot ombré, asséché et fauché.

Fig. 3. Dégâts moyens d’herbivorie (± erreur standard) sur
Brachypodium pinnatum en juillet et août 1999 sur les différents
lots expérimentaux. T : lot témoin, O : lot ombré, S : lot asséché,
F : lot fauché, OS : lot ombré et asséché, OF : lot ombré et
fauché, SF : lot asséché et fauché, OSF : lot ombré, asséché et
fauché.
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l’ombrage est confirmé par Murcia [47], mais Meiners
et al. [48] mettent en évidence une variation non
linéaire de l’herbivorie par les insectes sur Acer rubrum
en fonction de l’ouverture forestière. Ainsi, l’herbivorie
augmente fortement de la forêt vers la lisière forestière,
confirmant les résultats de Murcia [47], mais diminue
de la lisière à la prairie. La forte herbivorie en lisière
semble être davantage liée à un ‘effet bordure’ qu’à
l’effet propre de la différence d’ouverture des milieux
[48]. Ces deux études mentionnent l’ importance des
modifications microclimatiques engendrées par l’ouver-
ture mais ne les relient pas explicitement aux variations
d’herbivorie observées. L’amélioration des conditions
microclimatiques pour les Orthoptères, avec l’augmen-
tation du déficit en vapeur saturante [22], permet
également d’expliquer l’augmentation d’herbivorie sur
le Brome au mois de juillet dans les lots asséchés.

Le modèle de variation d’herbivorie proposé par
Oksanen et al. [10] est avant tout basé sur la ressource
primaire de l’écosystème. Les herbivores ne peuvent se
maintenir que si la biomasse végétale est suffisamment
abondante (contrôle ascendant de l’herbivorie), et
l’abondance de ressource primaire permet la présence
de fortes populations d’herbivores qui favorisent les
prédateurs, responsables du contrôle descendant de
l’herbivorie. Dans notre étude, la diminution d’herbi-
vorie du Brachypode dans les lots fauchés et asséchés
peut s’expliquer par une régulation ascendante de
l’herbivorie et s’ intègrent donc dans le modèle d’Oksa-
nen et al. [10]. La fauche réduit fortement la ressource
pour les herbivores et la diminution d’herbivorie qui en
découle est particulièrement sensible sur le Brachypode

car c’est l’espèce dominante la plus appétente pour les
Orthoptères. L’ influence de la fauche sur l’ intensité
d’herbivorie est d’autre part suggérée par la disparition
des corrélations entre herbivorie et microclimat au mois
d’août 1999 (c’est-à-dire après la fauche). L’effet néga-
tif de la sécheresse au mois d’août sur l’herbivorie
pourrait s’expliquer par une diminution qualitative et
quantitative de la biomasse végétale due au déficit
hydrique prolongé (depuis début mai). Cependant, la
corrélation négative de l’herbivorie avec la densité de
Brachypode, qui est pourtant la ressource préférentielle
des Orthoptères, nous indique que la régulation trophi-
que ne serait pas l’unique déterminisme des variations
d’herbivorie. Dans le milieu le plus productif (lots
ombrés), la prédation est plausible de par la présence
importante d’araignées, susceptibles de causer de fortes
mortalités dans les populations d’Orthoptères [49,50].
Mais la prédation n’est pas exclusive des lots ombrés
puisque des prédateurs potentiels pour les Orthoptères,
comme par exemple les oiseaux [46,51], agissent en
dehors du voile d’ombrage. Des alternatives à l’hypo-
thèse trophique de régulation de l’herbivorie sont à
considérer. Notre étude suggère une régulation micro-
climatique de l’herbivorie, s’appuyant sur la corrélation
positive de l’herbivorie avec le déficit en vapeur
saturante et la température. D’autres investigations [7]
expliquent la diminution d’herbivorie dans les milieux
productifs par une faible efficacité de prospection de
petit vertébrés tels que les lièvres, les lapins et les oies
sauvages et ne retiennent pas la prédation comme un
élément régulateur de l’herbivorie dans les milieux à
végétation haute.

Tableau 5. Relations entre herbivorie et facteurs environnementaux en juillet et août 1999. Résultats des corrélations (coefficient de
Pearson) entre les dégâts subits par les plantes étudiées (Brome, Brachypode) et les facteurs abiotiques (a) ou biotiques (b)

Juillet Août

Bromus Brachypodium Bromus Brachypodium

n r r r r

a. Facteurs abiotiques
Déficit en vapeur saturante 8 0,82 * 0,82 * 0,61 0,43
Température de l’air 8 0,85 ** 0,87 ** 0,65 0,54
Température du sol 8 0,79 * 0,85 ** 0,62 0,46
Humidité du sol 8 –0,87 ** –0,76 * –0,06 0,05
Azote total disponible 8 –0,81 * –0,93 ** –0,47 –0,26

b. Facteurs biotiques
Densité de végétation 8 –0,62 –0,62 –0,71 * –0,60
Densité de Brome 8 0,27 0,34 –0,43 –0,42
Densité de Brachypode 8 –0,79 * –0,81 * –0,53 –0,37
Densité d’autres graminoïdes 8 –0,81 * –0,84 ** –0,63 –0,49
Densité de légumineuses 8 0,15 0,02 –0,01 –0,06
Densité d’autres dicotylédones 8 –0,31 –0,33 0,12 0,01

***, **, * significativités aux seuils respectifs de P < 0,001 ; 0,01 et 0,05.
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4.3. Vers une approche plus fonctionnelle
de l’herbivorie

Dans la présentation de leur modèle, Oksanen et al.
[10] reconnaissent une alternative à la régulation tro-
phique de l’herbivorie en invoquant la sensibilité des
Arthropodes à la température. Ceci est confirmé par la
corrélation positive de l’herbivorie par les Orthoptères
vis-à-vis de la température mais aussi du déficit en
vapeur saturante qui ressort de notre étude et d’autres
travaux faisant état des exigences écologiques des
populations d’Orthoptères [45,46]. Par ailleurs, Coll et
Bottrell [43] ont souligné l’hétérogénéité des résultats
des études portant sur les interactions plante-herbivore
qui semblent liés à la large gamme d’herbivores impli-
qués dans les études. L’assimilation du niveau trophi-
que « herbivore » àune entité écologique à part entière
est sans doute trop réductionniste (Oksanen et al. [10]).
Une approche fonctionnelle de l’herbivorie, tenant
compte des traits biologiques des espèces d’herbivores,
serait de nature à résoudre un certain nombre de
contradictions apparentes. Ainsi, deux grands types
d’herbivores peuvent être distingués, en fonction de
leur taille et de leur métabolisme énergétique. Les
herbivores vertébrés, tels que le bétail [52–54], les
grands mammifères sauvages [11,55] et les micromam-
mifères [6,56–58] sont de plutôt de grande taille et sont
homéothermes, alors que les herbivores invertébrés tels
que les limaces [9,18,35,59] ou les insectes [18,60,61]
sont de petite taille et sont ectothermes.

La grande taille des vertébrés implique un fort
prélèvement de végétation, une sélectivité relativement
faible (à l’échelle de la touffe d’herbe) et des pertes de
biomasse importante pour les plantes. L’herbivorie par
les vertébrés dépend fortement de la quantité de bio-
masse végétale présente dans le milieu pour subvenir
aux besoins de l’herbivore. Ce type d’herbivorie est
susceptible d’être dirigé ou au moins d’être fortement

influencée par les activités humaines (conduite de
troupeaux, parcage de bétail, chasse). A l’ intérieur du
type « vertébrés », les herbivores tels que les rongeurs
ou les oies doivent être distingués du fait de leur petite
taille, réduisant leur efficacité dans les milieux produc-
tifs, et de leur plus grande spécialisation par rapport aux
ongulés et au bétail [62].

La petite taille des invertébrés permet une herbivorie
plus sélective (à l’échelle du brin d’herbe), plus discrète
et qui se manifeste par une quantité importante
d’ impacts sur la végétation. Les herbivores invertébrés
sont relativement indépendants des activités humaines
et constituent une des seules populations non domesti-
ques agissant dans les milieux anthropisés, comme par
exemple les pâtures. Les invertébrés sont essentielle-
ment ectothermes et leur activité est particulièrement
dépendante du microclimat, parfois de manière oppo-
sée : ainsi, les Acrididés sont liés aux habitats chauds et
surtout secs et les mollusques terrestres (limaces, escar-
gots) aux milieux humides.

Cette distinction entre types d’herbivores permet
d’expliquer les différents modèles de régulation d’her-
bivorie et certains résultats contradictoires. Ainsi,
l’hypothèse de régulation descendante de l’herbivorie
développée par Oksanen et al. [10] s’appuie essentiel-
lement sur les vertébrés, notre hypothèse de régulation
microclimatique sur les Arthropodes, et l’hypothèse de
régulation par efficacité de prospection sur de petits
vertébrés. En outre, l’herbivorie due aux Arthropodes
décroît lorsque la biomasse augmente ([14,63], nos
résultats), alors que l’herbivorie causée par les grands
vertébrés augmente avec la biomasse [20]. Malgré leur
faible prélèvement, en comparaison des grands mam-
mifères, les Arthropodes peuvent cependant avoir de
fortes répercussions sur la structure et la dynamique des
communautés végétales de par leur sélectivité et les
variabilités démographiques qui les affectent [27].
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Croissance compensatoire et stimulation de croissance chez Elytrigia juncea soumis à différents
régimes de défoliation

Growth stimulation and compensatory growth on Elytrigia juncea experiencing different
defoliation regimes

Emmanuel Corcketa,b* and Julien Mouliniera,c

aUniversité de Bordeaux, UMR1202 BioGeCo, avenue des Facultés, F-33405 Talence, Bordeaux, France; bINRA, UMR1202
BioGeCo, F-33405 Talence, Bordeaux, France; cUniversité du Québec en Abitibi-Témiscamingue, 445 Boulevard de l’Université,
Rouyn-Noranda, J9X 5E4, Québec, Canada

Résumé: La compensation de la croissance chez les plantes soumises à une défoliation (herbivorie, fauche) reste un
phénomène controversé, dont la mise en évidence est problématique et les modalités d’occurrence mal connues. Nous avons
appliqué expérimentalement différentes combinaisons d’intensité et de fréquence de défoliations sur Elytrigia juncea, une
Poacée dominante des dunes embryonnaires atlantiques. Les biomasses finales ainsi que les taux de croissance relatifs en
hauteur et en nombre de feuilles ont été quantifiés. Une importante stimulation de croissance en hauteur a été mise en
évidence dans les deux semaines suivant la coupe de plus forte intensité. Bien que cette stimulation ait été observée pendant
toute la durée de l’expérimentation, aucune surcompensation finale de croissance n’a été relevée. Une compensation de
croissance a été mise en évidence lorsque les tissus défoliés au cours de l’expérimentation étaient pris en compte.

Mots clés: croissance compensatoire; dune; Elytrigia juncea; herbivorie; perturbation

Abstract: Compensatory growth for defoliated plants is an issue still debated in literature, due to methodological
weakness and lack of knowledge about its occurrence. In a green-house experiment, we applied three types of
defoliation on Elytrigia juncea, a Poaceae species dominating costal foredunes. Responses to the different combinations
of intensity and frequency of defoliation were assessed by measurements of final biomass of target species. Relative
growth rates in height and number of leaves were also calculated, enable us to assess more accurately compensatory
growth. An important growth stimulation was pointed out two weeks after a severe cut, and was still visible over the
course of the experimentation without being able to induce overcompensation of growth. The occurrence of
compensatory growth was pointed out only when plant tissues removed by cutting were added.

Keywords: compensatory growth; disturbance; dune; Elytrigia juncea; herbivory

Introduction

La défoliation des plantes constitue une source de
perturbation majeure dans les communautés végétales.
Elle est généralement appréhendée aux niveaux théorique
et expérimental via l’action des herbivores, sauvages ou
domestiques, qui consomment des feuilles et parfois aussi
des tiges d’espèces herbacées ou ligneuses. Une autre
cause majeure de défoliation dans les écosystèmes est la
gestion mécanique des milieux, en particulier la gestion
par la fauche des milieux herbacés. Ces régimes de
défoliations sont très variables en intensité et en
fréquence du fait de la dynamique des populations
d’herbivores et des spécificités de gestion par l’homme.

Les conséquences de la défoliation pour les plantes ont
généralement été considérées comme négatives,
accréditant l’idée par exemple que les herbivores ne

puissent être que des antagonistes pour les plantes.
Cependant, certains auteurs (voir McNaughton 1983) ont
suggéré une relativisation des effets négatifs de
l’herbivorie, voire une stimulation de la croissance
végétale suite à l’herbivorie. Cette « croissance
compensatoire » a été et reste encore fort débattue, car
insuffisamment caractérisée au niveau expérimental
(Belsky 1986, 1987 ; Trumble, Kolodny-Hirsch & Ting
1993) bien que des cas aient été documentés (Paige &
Whittam 1987). Les mécanismes physiologiques de
tolérance des plantes à la défoliation sont pourtant bien
identifiés (Belsky 1986 ; Trumble, Kolodny-Hirsch & Ting
1993; Tiffin, 2000) : activation de méristèmes dormants,
augmentation de l’efficacité photosynthétique des tissus
restants, migration accrue de photosynthétats dans les
nouvelles feuilles, réallocation de ressources vers l’appareil
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végétatif aérien, perte de tissus âgés photosynthétiquement
moins actifs, augmentation de l’intensité lumineuse dans les
tissus bas, perte de la dominance apicale, augmentation de
l’efficacité d’utilisation en eau par la réduction des
surfaces de transpiration. Certains auteurs suggèrent que la
meilleure tolérance à la défoliation ne correspond pas à
une croissance compensatoire maximale, mais plutôt
sub-maximale (Tiffin 2000).

La notion de croissance compensatoire inclut en fait
plusieurs types de réponses à la défoliation. Une
« sous-compensation » indique que la biomasse totale
des plantes défoliées est inférieure à celle des plantes
témoins non défoliées. On observe dans ce cas soit une
« compensation partielle » si la croissance de l’espèce
défoliée a été stimulée et engendre un rattrapage partiel
de biomasse après défoliation, soit des effets négatifs de
la défoliation sur la plante si la croissance de l’espèce
défoliée diminue après la coupe ou si la plante meurt
après la défoliation. Une « surcompensation » représente
un effet positif de la défoliation (Belsky 1986). Bien
qu’âprement discutée, la notion de surcompensation est
séduisante, notamment au niveau évolutif, car elle
suggère que les interactions plantes-herbivores puissent
être mutualistes et non plus antagonistes (Agrawal 2000).

Ces types de croissance compensatoire sont
théoriquement calculés en comparant la biomasse finale du
témoin non défolié (BFTem) avec la biomasse finale du
plant défolié (BFDéf) à laquelle on rajoute la biomasse qui
a été supprimée par défoliation (BSup ; Belsky 1986).
Ainsi, si (BFDéf+BSup)/BFTém > 1, alors on observe une
surcompensation et si (BFDéf+BSup)/BFTém < 1 on observe
une sous-compensation de croissance (Belsky 1986). En
pratique, la croissance compensatoire est fréquemment
déterminée en comparant les biomasses finales des deux
modalités, sans tenir compte de la biomasse défoliée, ce
qui engendre une sous-estimation de l’ampleur de la
croissance compensatoire. Cette pratique est inévitable
lorsque la défoliation n’est pas directement contrôlée par
l’expérimentateur mais qu’elle résulte par exemple du
prélèvement par un herbivore. Cependant, même dans les
expérimentations en conditions contrôlées, la biomasse
défoliée est souvent omise (Callaway et al. 2001;
Callaway, Kim & Mahall 2006 ; Moser & Schütz 2006).
Les calculs de croissance compensatoire peuvent porter
sur d’autres variables que les biomasses, comme la hauteur,
le nombre de feuilles, des caractéristiques foliaires et de
l’architecture des plantes (Trumble, Kolodny-Hirsch &
Ting 1993 ; Gonzalez-Teuber & Gianoli 2007), ou encore
le nombre d’inflorescences ou de fruits qui renseignent sur
les conséquences en terme de valeur adaptative
(Parra-Tabla, Rico-Gray & Carbajal 2004). Supportant
l’idée que la tolérance des plantes à la défoliation est
directement liée à la maximisation de leur taux de
croissance (Alward & Joern 1993), nous nous proposons à
travers ce travail de développer une méthode originale
permettant d’appréhender la croissance compensatoire par
le calcul des taux de croissance des espèces et par la prise
en compte de leur variation temporelle.

Les milieux dunaires littoraux sont caractérisés par une
variété de perturbations physiques et biotiques
susceptibles d’engendrer des pertes de surface foliaire. La
dune embryonnaire, qui constitue le premier cordon
dunaire à partir de l’océan, est particulièrement exposée à
l’ensablement (Forey et al. 2008). Cet ensablement
provoque un recouvrement du système aérien de la
végétation et donc une diminution de la surface foliaire
des plantes sans pour autant qu’il y ait d’exportation de
biomasse. La persistance des feuilles, même enterrées,
pourrait alors favoriser la croissance compensatoire en
réallouant les nutriments des feuilles enfouies vers les
feuilles non enfouies (Bach 2000 ; Gilbert & Ripley 2008).
Par ailleurs, l’herbivorie est un phénomène important dans
les dunes (Zeevalking & Fresco 1977 ; Harris & Davy
1986 ; Wallage-Drees & Michielsen 1989). Celle-ci
engendre une exportation de biomasse par défoliation,
dont les conséquences sur la végétation sont incertaines.
Les principaux herbivores concernés sont les
lagomorphes, et notamment le lapin Orictolagus cuniculus
(L.) (Zeevalking & Fresco 1977 ; Harris & Davy 1986;
Wallage-Drees & Michielsen 1989). Les chevreuils
(Capreolus capreolus (L.)) peuvent également avoir un
effet non négligeable : dans la forêt landaise contiguë aux
dunes aquitaines, ils consomment les Poacées de manière
fréquente mais en faible quantité du fait du manque relatif
d’appétence de celles-ci. Cependant, ils montrent une
adaptation potentiellement importante de leur régime
alimentaire en fonction de la ressource, et les Poacées
peuvent représenter localement jusqu’à 80% du poids de
leur contenu stomacal (Maizeret & Tran Manh Sung 1984).

L’objectif de cette étude est de tester l’impact de
différents régimes de défoliation sur la croissance du
chiendent à feuilles de jonc (Elytrigia juncea (L.) Nevski
= Elymus farctus

(Viv.) Runemark ex Melderis subsp. boreoatlanticus
(Simonet & Guinochet) Melderis). Cette Poacée clonale et
rhizomateuse, dominante dans les dunes embryonnaires
européennes atlantiques des Ammophiletalia arenariae
(Macedo et al. 2010), appartient au groupe fonctionnel des
plantes dunaires de haute stature, avec des organes
souterrains développés (García-Mora, Gallego-Fernández
& García-Novo 1999). Elle est adaptée au stress, mais se
distingue surtout par sa résistance à la perturbation
(Macedo et al. 2010). E. juncea peut subir des dégâts
importants par herbivorie dans les milieux naturels (Harris
& Davy 1986). Nous testerons plus particulièrement dans
cette étude 1°) l’occurrence de la surcompensation suite à
la défoliation d’E. juncea, 2°) les effets différentiels de
l’intensité et de fréquence de défoliation, ainsi que 3°)
l’évolution temporelle de la croissance compensatoire
grâce aux calculs des taux de croissance relatifs.

Matériel et méthodes

Matériel végétal et mise en culture

Des rhizomes d’E. juncea ont été prélevés en avril 2005
dans les dunes sableuses embryonnaires atlantiques du
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nord de la presqu’île de Lège-Cap Ferret (44°44′N, 01°
14′W, Crohot noir, Gironde, Aquitaine, France). Ces
rhizomes ont ensuite été conditionnés en fragments non
feuillés de 2 cm environ portant un bourgeon végétatif et
un faisceau racinaire. Ces fragments ont ensuite été
placés dans des pots cubiques de 11 cm de côté, remplis
d’un mélange de 7 volumes de sable prélevé sur les
dunes du Crohot noir pour un volume de terreau.
Pendant deux mois, les pots ont été placés en salle de
germination à température ambiante (15-20 °C) et
arrosés à raison de deux à trois fois par semaine sans
aucun traitement de fertilisation.

Traitements expérimentaux

L’expérimentation en conditions contrôlées a été réalisée
dans les serres climatisées de l’École nationale
d’ingénieurs des travaux agricoles de Bordeaux (Bordeaux
Sciences Agro, Gradignan, Gironde, France), à une
température d’environ 18 °C et une hygrométrie supérieure
à 60%. La défoliation par les herbivores vertébrés a été
simulée en juin et juillet 2005, par une coupe (aux ciseaux)
de l’appareil végétatif aérien. Quatre traitements ont été
appliqués : un témoin non défolié (T), une coupe modérée à
6 cm de hauteur (1C6), une coupe sévère à 2 cm de hauteur
(1C2) et deux coupes à 6 cm de hauteur et à 12 jours
d’intervalle (2C6). Les traitements expérimentaux ont été
appliqués sur vingt individus par modalité de coupe, et sur
quinze individus en condition témoin. Les 75 pots ont été
mélangés aléatoirement sur les plateaux de la serre.

Mesures, pesées et analyses

La hauteur (H) et le nombre de feuilles (F) ont été mesurés
juste avant la première défoliation (H0, F0 : le 10 juin), 12
jours après la première défoliation (H2, F2 : le 22 juin,
juste avant la seconde défoliation), 12 jours après la
seconde défoliation (H4, F4 : le 4 juillet) et enfin le 25
juillet 2005 (H5, F5 ; Figure 1). Les hauteurs H1 et H3
correspondent respectivement aux hauteurs
immédiatement après la première et la seconde défoliation,

soit 2 ou 6 cm pour les individus défoliés en fonction de la
sévérité du traitement, voire exceptionnellement aux
hauteurs H0 et H2 pour les rares individus qui devaient
être défoliés et avaient une taille inférieure à la hauteur de
coupe. La hauteur a été mesurée en étirant les feuilles vers
le haut et en mesurant la distance entre le collet de la
plante et la pointe foliaire la plus haute. Les nombres de
feuilles F1 et F3 restent généralement égaux à ceux de F0
et F2. La hauteur finale globale (HGlob) correspond à la
hauteur H5 à laquelle ont été rajoutées les hauteurs
défoliées ; HGlob correspond donc à la hauteur globale de
biomasse ayant été produite par la plante au cours de
l’expérimentation, et pas simplement à la hauteur observée
en fin d’expérimentation. Nous n’avons pas calculé de
nombre de feuilles finales globales, puisque les coupes
engendraient rarement des différences de nombre de feuilles.

Les taux de croissance relatifs en hauteur (TCRH) ou en
nombre de feuilles (TCRF) des phytomètres ont été calculés.
Ils représentent la différence entre mesure finale et mesure
initiale rapportée à la mesure initiale (pour la hauteur,
TCRHf-i = [Hfin-Hini]/Hini). Les taux de croissance relatifs
ont été calculés sur toute la durée de l’expérimentation
(TCRH5-0, TCRF5-0), entre la première coupe et la fin de
l’expérimentation (TCRH5-1, TCRF5-1) et pour des périodes
de douze jours immédiatement après chaque défoliation
(TCRH2-1, TCRF2-1 et TCRH4-3, TCRF4-3 ; Figure 1).

Les TCR permettent d’estimer la stimulation de
croissance lorsqu’ils sont calculés sur une période suivant
immédiatement la défoliation (stimulation globale pour la
période 5-1, suite à la première défoliation pour la période
2-1 et suite à la seconde défoliation pour la période 4-3).
Les TCR permettent d’estimer la croissance compensatoire
(CC) lorsqu’ils sont calculés sur des périodes incluant la
mesure avant défoliation (CC globale pour la période 5-0,
suite à la première défoliation pour la période 2-0 et suite à
la seconde défoliation pour la période 4-2).

Les biomasses aériennes et souterraines de chacune
des 75 plantes ont été déterminées le 29 juillet 2005,
après passage des échantillons végétaux à l’étuve (65 °C
pendant 72 heures).

Les données ont été analysées sous «R » (version
2.6.1, R Development Core Team 2007) par analyse de
variance à une voie (fonction « aov »), avec comme
unique facteur le régime de défoliation. Lorsque l’effet du
facteur « régime de défoliation » était significatif, des tests
de Tukey ont été effectués afin d’identifier les différences
entre les quatre modalités expérimentales. Les relations
existant entre nos variables non destructives (hauteur,
nombre de feuilles) et la biomasse (aérienne, racinaire et
totale) ont été évaluées en effectuant des corrélations
linéaires entre ces variables prises au temps final
(fonctions « cor » et « cor.test », coefficient de Pearson).

Résultats

Biomasses finales

À la fin de l’expérimentation, la biomasse totale
(BIOTOT) est significativement plus élevée dans la

temps

12 jours 12 jours

C C

H0
F0

H1
F1

H2
F2

H3
F3

H4
F4

H5
F5TCR

2-1
TCR

4-3

TCR
5-1

TCR
5-0

Figure 1. Calendrier d’application des traitements
expérimentaux (C : coupes aux ciseaux), des mesures effectuées
(hauteurs H et nombre de feuilles F) et des périodes retenues
pour le calcul des taux de croissance relatifs (TCR).
Figure 1. Schedule of experimental treatments (C: scissors
cutting), measurements (height H and leaf numbers F), and
periods used to the calculation of relative growth rates (TCR).

Acta Botanica Gallica: Botany Letters 365

D
ow

nl
oa

de
d 

by
 [

E
m

m
an

ue
l C

or
ck

et
] 

at
 0

8:
39

 2
6 

N
ov

em
be

r 
20

12
 



modalité témoin que dans les modalités défoliées. Ceci est
dû aux variations de biomasses aériennes (BIOAER)
consécutives aux défoliations, puisque les biomasses
souterraines (BIOSOU) ne varient pas significativement
(Tableau 1 ; Figure 2).

Hauteurs

Les hauteurs finales brutes (H5) des modalités de
défoliation sévères en intensité (1C2) ou en fréquence (2C6)
sont significativement inférieures aux modalités non
défoliées (T) ou à défoliation modérée (1C6). Par contre,

plus aucune différence significative n’est décelable lorsque
l’on inclut les parties défoliées (Hglob ; Tableau 1 ; Figure 3).

Les taux de croissance relatifs en hauteur varient
de manière importante en fonction de la période
considérée et en fonction de la prise en compte ou non
des parties défoliées. Sur toute la période de
l’expérimentation, en incluant les mesures avant
traitements expérimentaux (période 5-0), les TCRH5-0

des individus témoins non défoliés (T) sont supérieurs
à ceux des individus défoliés deux fois (2C6) mais ne
diffèrent pas des individus défoliés une seule fois
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Figure 2. Biomasses totales et aériennes à la fin de l’expérimentation en fonction des modalités expérimentales (T : témoin sans
défoliations, 1C2 : une coupe à 2 cm de hauteur, 1C6 : une coupe à 6 cm de hauteur, 2C6 : deux coupes à 6 cm de hauteur) ± erreur
standard.
Figure 2. Total and aboveground biomasses at the end of the experiment according to experimental treatments (T : control without
any defoliation, 1C2 : one cut at 2 cm height, 1C6 : one cut at 6 cm height, 2C6 : two cuts at 6 cm height) ± standard error.

Tableau 1. Analyses de variances à un facteur (défoliation) effectuées sur les biomasses totales (BIOTOT), aériennes (BIOAER),
souterraines (BIOSOU), les hauteurs brutes en fin d’expérimentation (H5) ou en tenant compte des parties défoliées (Hglob), les taux
de croissance relatifs en hauteur (TCRH), les nombre de feuilles en fin d’expérimentation (F5), les taux de croissance relatifs en
nombre de feuilles (TCRF). N.s. : non significatif au seuil de 5% ; ⁄ : 0,01 � p � 0,05 ; ⁄⁄ : 0,001 � p < 0,01 ; ⁄⁄⁄ : p < 0,001.
Table 1. One ways analysis of variance performed on total (BIOTOT), aboveground (BIOAER), belowground (BIOSOU) biomasses,
gross heights at the end of the experiment (H5) or height taking into account defoliated tissues (Hglob), height relative growth rates
(TCRH), leaf numbers at the end of the experiment (F5), leaf numbers at the end of the experiment (F5), leaf numbers relative
growth height (TCRF). N.s.: non significant at 5% level; ⁄: 0,01 � p � 0,05; ⁄⁄: 0,001 � p < 0,01; ⁄⁄⁄: p < 0,001.

Variables d.l. Carrés moyens F p

Biomasses
BIOTOT 3 12210,0 4,41 0,007 ⁄⁄

BIOAER 3 5940,0 12,80 <0,001 ⁄⁄⁄

BIOSOU 3 1656,0 1,05 0,375 n.s.
Hauteur
H5 3 534,5 8,4 <0,001 ⁄⁄⁄

HGlob 3 185,1 1,02 0,390 n.s.
TCR Hauteurs
TCRH5-0 3 12,4 3,33 0,024 ⁄

TCRHGlob-0 3 4,8 1,43 0,241 n.s.
TCRH5-1 3 119,7 15,16 <0,001 ⁄⁄⁄

TCRH2-1 3 28,2 8,90 <0,001 ⁄⁄⁄

TCRH4-3 3 0,1 0,81 0,492 n.s.
Nombre de feuilles
F5 3 11,5 8,35 <0,001 ⁄⁄⁄

TCR Nombres de feuilles
TCRF5-0 3 2,3 4,27 0,008 ⁄⁄

TCRF5-1 3 2,3 4,27 0,008 ⁄⁄

TCRF2-1 3 2,5 9,31 <0,001 ⁄⁄⁄

TCRF4-3 3 0,3 1,26 0,295 n.s.
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Figure 3. Hauteurs en fin d’expérimentation, brute (H5) ou en tenant compte des parties défoliées (hauteur globale Hglob ; T : témoin
sans défoliations, 1C2 : une coupe à 2 cm de hauteur, 1C6 : une coupe à 6 cm de hauteur, 2C6 : deux coupes à 6 cm de hauteur) ±
erreur standard.
Figure 3. Gross height at the end of the experiment (H5) or height taking into account defoliated tissues (global height Hglob; T:
control without any defoliation, 1C2: one cut at 2 cm height, 1C6: one cut at 6 cm height, 2C6: two cuts at 6 cm height) ± standard
error.
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Figure 4. Taux de croissance relatifs en hauteur sur toute la durée de l’expérimentation prenant en compte les hauteurs brutes (5-0)
ou les parties défoliées (glob-0), entre la fin de l’expérimentation et après la première coupe (5-1), ou lors de la première période de
repousse de 12 jours (2-1). T : témoin sans défoliations, 1C2 : une coupe à 2 cm de hauteur, 1C6 : une coupe à 6 cm de hauteur,
2C6 : deux coupes à 6 cm de hauteur ; ± erreur standard.
Figure 4. Height gross relative growth rates along the whole experiment taking into account gross height (5-0) or defoliated tissues
(glob-0), between the end of the experiment and after the first cut (5-1), or during the first 12-days period of regrowth (2-1). T :
control without any defoliation, 1C2 : one cut at 2 cm height, 1C6 : one cut at 6 cm height, 2C6 : two cuts at 6 cm height) ±
standard error.
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(1C2, 1C6 ; Tableau 1 ; Figure 4). Ces résultats
suggèrent une compensation de croissance pour les
modalités 1C2 et 1C6 et une compensation partielle
pour 2C6. Si l’on tient compte de la hauteur des
parties défoliées (hauteurs globales), il n’existe plus de
différence significative entre les TCRHglob-0 des
diverses modalités de défoliation, suggérant une
croissance compensatoire quels que soit le régime et
l’intensité de défoliations subies (Tableau 1 ; Figure 4).
Si l’on considère par contre la période immédiatement
après la première défoliation (TCRH5-1), la modalité
défoliation sévère en intensité (1C2) montre un TCRH

significativement plus important que toutes les autres
modalités (Tableau 1 ; Figure 4). Ceci reflète un TCRH

particulièrement élevé pour 1C2, donc une stimulation
de croissance qui a en fait lieu pendant la douzaine de
jours suivant la première défoliation (TCRH2-1) et dont
les effets perdurent jusqu’à la fin de l’expérimentation
(Tableau 1 ; Figure 4). Pendant la seconde douzaine de
jours de croissance (TCRH4-3), il n’y a plus de
différences significatives de TCRH entre les différentes
modalités de défoliation (Tableau 1).

Nombre de feuilles

Le nombre de feuilles d’E. juncea en fin
d’expérimentation (F5) est significativement plus faible
pour le traitement d’une coupe à 2 cm (1C2) que pour
tous les autres traitements (Tableau 1 ; Figure 5).

Les taux de croissance relatifs foliaires (TCRF)
réagissent de manières très différentes par rapport aux
TCRH. Les TCRF des individus témoins sont
significativement supérieurs aux TCRF des modalités
défoliées quelle que soit la période considérée (TCRF5-0,
TCRF5-1, TCRF2-1 ; Tableau 1 ; Figure 5), à l’exception de
la seconde douzaine de jours (TCRF4-3) pour laquelle, à
l’instar des TCRH4-3, aucune différence significative n’est
visible (Tableau 1).

Corrélations entre biomasses et variables non
destructives

La hauteur des plantes au temps final est très
significativement corrélée avec les biomasses aérienne et
totale (r > 0,62 ; p < 0,0001) et dans une moindre
mesure avec la biomasse racinaire (r = 0,37 ; p =
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Figure 5. Nombre de feuilles en fin d’expérimentation (F5), taux de croissance relatifs pour les nombres de feuilles sur la durée
totale de l’expérimentation (5-0), entre la fin de l’expérimentation et après la première coupe (5-1), ou lors de la première période de
repousse de 12 jours (2-1). T : témoin sans défoliations, 1C2 : une coupe à 2 cm de hauteur, 1C6 : une coupe à 6 cm de hauteur,
2C6 : deux coupes à 6 cm de hauteur ; ± erreur standard.
Figure 5. Leaf numbers at the end of the experiment (F5), leaf numbers relative growth rates along the whole experiment (5-0),
between the end of the experiment and after the first cut (5-1), or during the first 12-days period of regrowth (2-1). T : control
without any defoliation, 1C2 : one cut at 2 cm height, 1C6 : one cut at 6 cm height, 2C6 : two cuts at 6 cm height) ± standard error.
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0,0011). Le nombre de feuilles est lui aussi
significativement corrélé avec les biomasses aérienne et
totale (r > 0,39 ; p < 0,0005) ; sa corrélation à la
biomasse racinaire est marginalement significative (r =
0,21 ; p = 0,0678).

Discussion

La réponse d’E. juncea à la défoliation dépend donc à la
fois des fréquences et intensités des défoliations
appliquées, de la période temporelle par rapport à la
défoliation et des types de variables biologiques
mesurées.

Effet des régimes de défoliation

Il existe théoriquement un optimum de défoliation pour
lequel la production de biomasse à l’échelle de la
communauté végétale est maximale. Cette théorie de
l’optimisation par le pâturage correspond à des niveaux
d’herbivorie intermédiaires et l’optimisation de
production végétale est difficile à atteindre à des
intensités ou des fréquences de défoliations importantes
(Hilbert et al. 1981). De manière convergente, plusieurs
résultats prédisent une compensation maximale de la
croissance pour des niveaux de perturbation relativement
faible (McNaughton 1983 ; Zhao, Chen & Lin 2008).
Même s’il est difficile d’interclasser formellement la
sévérité de nos traitements de défoliation (une coupe à
2 cm est-elle plus sévère que deux coupes à 6 cm?), la
modalité « une coupe à 6 cm» (1C6) paraît être la plus
modérée. Or, aucun de nos résultats ne suggère de
compensation de croissance plus élevée pour cette
modalité. Nos traitements de défoliation peuvent apparaître
comme relativement faibles : une expérience de terrain sur
une Poacée stolonifère (Puccinellia phryganodes) montre
une augmentation de biomasse aérienne après trois et
quatre défoliations successives, chacune séparée de douze
jours (Hik, Sadul & Jefferies 1991).

L’influence respective de la fréquence et de l’intensité
de défoliation sur des espèces cibles isolées en pots est
peu testée dans la littérature. Nos résultats indiquent que
la coupe la plus sévère en intensité (à 2 cm) déclenche
une vigoureuse stimulation de la croissance en hauteur.
Des coupes répétées (deux fois par an, correspondant à la
modalité 2C6 de notre expérimentation) altèrent les
potentialités de réponses à la défoliation, mais cet effet
semble être dépendant de l’espèce et ne semble pas
survenir chez les Dicotylédones et les Cypéracées (Moser
& Schütz 2006).

Importance de la période de défoliation

L’importance de la croissance compensatoire est
fortement sous-estimée par l’absence de prise en
compte du facteur temps, notamment dans les milieux
naturels (Paige 1999). La date de défoliation peut avoir
des conséquences très différentes selon le stade
phénologique auquel elle intervient, et même selon
l’année (Lennartsson, Nilsson & Tuomi 1998) ou le

stade de développement de la plante (Trumble,
Kolodny-Hirsch & Ting 1993). Une différence d’une à
trois semaines dans la date de défoliation peut affecter
de manière très sensible la réponse des plantes (Paige
1999), une défoliation précoce dans la saison étant
plus favorable aux croissances compensatoires qu’une
défoliation tardive (Maschinski & Whitham 1989 ;
McIntire & Hik 2002).

Dans notre cas, la stimulation de croissance que nous
avons observée est relativement ponctuelle, puisqu’elle
concerne uniquement la première douzaine de jours
après l’évènement de défoliation de forte intensité (1C2).
Les réponses à la défoliation sont donc très rapides et
s’estompent au cours du temps, suggérant que la
stimulation de croissance est un phénomène fugace et
inductible à la première défoliation, à condition que
celle-ci soit suffisamment intense (voir également
Parra-Tabla, Rico-Gray & Carbajal 2004).

Influence des variables biologiques mesurées

Les réponses aux modalités de défoliations sont très
différentes selon que l’on considère la hauteur de
l’appareil végétatif ou le nombre de feuilles.

Pour les graminoïdes, les réponses des différentes
variables foliaires semblent être fortement influencées
par l’histoire de pâturage. Ainsi, dans les communautés
de pelouses alpines, la mortalité foliaire de Kobresia
myosuroides dépend spécifiquement de la récurrence et
la prédictibilité du pâturage, alors que la longueur de ses
feuilles dépend à la fois des évènements de défoliation
de l’année et de l’histoire à plus long terme de pâturage
(McIntire & Hik 2002). Nos résultats montrent
également une meilleure réactivité de la longueur foliaire
d’E. juncea aux évènements récents de défoliation,
c’est-à-dire à nos défoliations expérimentales, par rapport
aux nombres de feuilles.

Les individus cibles défoliés ne compensent pas leur
perte de biomasse due à la défoliation par rapport aux
individus témoins. Cette différence de biomasse totale
reflète en fait des différences de biomasses aériennes,
comme cela a pu être mis en évidence dans d’autres
études impliquant d’autres Poacées (Hik, Sadul &
Jefferies1991 ; Alward & Joern 1993). La réponse de la
biomasse racinaire à la défoliation est très dépendante de
l’espèce considérée et des conditions environnementales
(Moser & Schütz 2006). Dans notre étude, les biomasses
souterraines d’E. juncea ne varient pas significativement
entre les modalités de défoliation. Or, les Poacées
rhizomateuses voient habituellement leur biomasse
souterraine et leur quantité de réserves souterraines en
hydrates de carbone diminuer après défoliation pour
soutenir la croissance compensatoire (Tiffin 2000;
Klimes & Klimesova 2002), bien que des exceptions
soient notables (Wang et al. 2004). E. juncea est une
plante clonale qui possède un rhizome particulièrement
développé en conditions naturelles, jusqu’à plusieurs
mètres de long. Mais son conditionnement en fragments
de 2 cm a pu drastiquement amoindrir ses capacités de
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mobilisation de réserves après défoliation, ce qui suggère
une limitation trophique des plants défoliés dans notre
expérimentation.

D’autres variables biologiques comme la floraison
et la fructification sont susceptibles de montrer des
compensations à la défoliation (Paige 1999), mais dans
notre cas aucun phytomètre n’a fleuri.

Occurrence de la croissance compensatoire

Aucune modalité de défoliation ne permet de retrouver
une biomasse totale ou aérienne similaire à la modalité
témoin. Cependant, il s’agit là de biomasses finales
n’intégrant pas pour les modalités défoliées la biomasse
des parties coupées. Lorsque l’on considère les taux de
croissance relatifs sur toute la période de
l’expérimentation, on observe une compensation partielle
(sous-compensation) au niveau des nombres de feuilles.
Au niveau de la longueur, il y a compensation pour les
modalités à une coupe, avec notamment une
surcompensation ponctuelle pour la modalité à une coupe
sévère (1C2). En ce qui concerne la modalité à deux
coupes, la compensation partielle qu’elle montre pour la
longueur peut être sous estimée du fait de la non-prise en
compte dans les calculs de la longueur défoliée lors de la
seconde coupe. Par conséquent, on observe une
compensation partielle de croissance chez E. juncea mais
pas de surcompensation durable. Ceci traduit néanmoins
une stratégie de tolérance d’E. juncea à la défoliation et
non une stratégie de résistance (dont le coût est élevé pour
la plante et qui ne semble pas concerner les Poacées ;
Strauss, Rudgers & Irwin 2002).

L’absence de surcompensation de croissance pour
E. juncea dans notre expérimentation peut s’expliquer
par l’échelle d’étude (Belsky 1987) ou par des
paramètres intrinsèques aux Poacées, tels que la position
basale des méristèmes foliaire. En effet, une défoliation
d’arbres ou de dicotylédones herbacées à croissance
monopodiale favorise la surcompensation de croissance
par perte de dominance des méristèmes apicaux (Paige
1999 ; Huhta et al. 2000).

La croissance compensatoire dépend en outre de
facteurs externes à la plante, et diminue lorsque l’intensité
de compétition végétale augmente (Maschinski &
Whitham 1989 ; Huhta et al. 2000). Par ailleurs,
l’optimisation de croissance par le pâturage est maximum
lorsque les apports de nutriments par déjections des
herbivores sont suffisamment importants et quand
l’écosystème a atteint un niveau minimal de fertilité
trophique (de Mazancourt, Loreau & Abbadie 1998).
Toutefois, les relations existant entre l’occurrence de la
croissance compensatoire et le niveau trophique de
l’environnement sont sans doute plus complexes. Ainsi, la
croissance compensatoire à laquelle on peut s’attendre en
milieux riches en nutriments (Maschinski & Whitham
1989) dépend fortement de l’espèce végétale considérée
(Alward & Joern 1993). De plus, pour certains auteurs,
l’optimisation par le pâturage s’observe dans des
environnements dans lesquels les plantes sont stressées et

n’expriment pas leur maximum de potentialités de
croissance (Hilbert et al. 1981). La faculté de mobiliser
des ressources (nutriments, eau) pour la plante, fonction
de la saisonnalité et des conditions climatiques de l’année,
semble déterminante pour induire une surcompensation de
croissance (Lennartsson, Nilsson & Tuomi 1998).

La part relative des facteurs intrinsèques et
environnementaux pour expliquer la croissance
compensatoire reste peu claire. Bien que certains modèles
mettent l’accent sur l’importance des facteurs externes
(Maschinski & Whitham 1989), d’autres proposent une
prépondérance de la perte de dominance apicale, notamment
chez les plantes monocarpiques (voir Rautio et al. 2005).

Dans notre cas, l’absence de compétition végétale, le
faible niveau trophique du substrat et l’absence de
dominance méristématique apicale chez E. juncea peuvent
expliquer qu’aucune surcompensation de croissance n’ait
été mise en évidence sur la durée totale de l’étude. De
plus, les contingences expérimentales nous ont sans doute
conduit à sous-estimer l’intensité de croissance
compensatoire (Belsky 1987 ; Alward & Joern 1993). Il a
été montré que les espèces clonales dunaires pouvaient
être favorisées par leurs connections rhizomateuses,
surtout à fort niveau de défoliation (Liu et al. 2009), bien
que l’intégration clonale diminue lors de la défoliation
(voir notamment pour Elytrigia repens, Esmaeili et al.
2009). D’autre part, pour les plantes dunaires, les sources
de nutriments peuvent provenir d’une forte remobilisation
interne vers les parties aériennes (Gilbert & Ripley 2008).
Dans notre cas, la rupture de la clonalité que nous avons
provoquée en utilisant des fragments de rhizomes pourrait
fortement limiter la réallocation de ressources vers les
parties aériennes (Bach 2000 ; Gilbert & Ripley 2008),
bien que le rôle de l’intégration clonale dans la réponse à
la défoliation puisse encore être sujet à caution (Wang
et al. 2004).

Implications écologiques pour E. juncea

À date équivalente, la défoliation artificielle semble
mimer de façon satisfaisante un pâturage par les
herbivores vertébrés, bien que certains processus de
défoliation naturelle comme les dégâts mécaniques sur la
plante ou la stimulation physiologique de la plante
broutée ne soient pas pris en compte (Paige 1999). Nos
résultats suggèrent que la défoliation par les vertébrés
de jeunes E. juncea est susceptible d’engendrer
une diminution significative de biomasse sur pied
d’E. juncea, et ce quel que soit le régime d’herbivorie.
Nous n’observons pas de surcompensation mais
une compensation de la hauteur et une stimulation de la
croissance suite au traitement de forte intensité.

Le niveau de défoliation infligé par les populations
d’herbivores à E. juncea dans les dunes littorales semble
extrêmement variable. Bien que des indices visuels in situ
(traces d’abroutissement) ne permettent pas de mettre
évidence un fort niveau d’abroutissement au niveau de
notre zone d’étude, certaines études relatent de très fortes
pressions d’herbivorie sur E. juncea (Harris & Davy
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1986). Parmi les herbivores potentiellement présents sur
les dunes, les chevreuils (Capreolus capreolus) montrent
une grande sélectivité alimentaire. Leurs panses montrent
fréquemment des résidus de Poacées (40 à 72% des cas)
mais dans des proportions très faibles (0,6 à 4,4%) du
poids moyen des contenus stomacaux (Maizeret & Tran
Manh Sung 1984). L’appétence de ces Poacées est
relativement faible pour les chevreuils en milieu forestier
du fait d’une relativement forte teneur en matières
cellulosiques et d’une faible teneur en matières azotées
(Maizeret & Tran Manh Sung 1984). Les lapins
(Oryctolagus cuniculus) sont par contre caractérisés par un
régime alimentaire incluant une végétation à plus faible
digestibilité. Leurs contenus stomacaux révèlent une forte
consommation de Poacées dans les milieux dunaires, bien
que celles-ci puissent induire des problèmes de
déséquilibres diététiques importants (Wallage-Drees &
Deinum 1986). Parmi les espèces dominantes des dunes
littorales aquitaines, E. juncea semble être
particulièrement appétente : le fait que sa présence soit
positivement corrélée à l’importance de la perturbation par
l’ensablement et au taux de décomposition des litières
(Forey et al. 2008) suggère une croissance relativement
rapide dans des milieux relativement fertiles et une
appétence relativement forte des tissus foliaires.

De la stimulation de croissance à l’optimisation
de défoliation

À la lumière de notre étude, les types de réponses
positives des plantes à la défoliation peuvent être redéfinis
et précisés au-delà de la seule notion d’intensité de
croissance compensatoire (Belsky 1986). La prise en
compte de variables correspondant à des échelles de temps
différentes permet tout d’abord de distinguer la
stimulation de croissance de la compensation de
croissance. Ainsi, les taux de croissance relatifs représentent
une quantification fine des processus, puisqu’ils sont
pondérés par l’état initial de l’individu (atténuant la
variabilité de mesure liée à l’hétérogénéité des plantes
cibles) et puisqu’ils permettent de mettre en évidence une
dynamique temporelle de réponse des plantes. Les taux de
croissance relatifs permettent donc d’appréhender des
« stimulations de croissance » ponctuelles, qui n’auront pas
forcément de répercussion à l’échelle de la durée totale de
l’expérimentation. Les mesures effectuées au temps final
sont par contre beaucoup plus intégratives. Elles quantifient
une « compensation de croissance » sur une période
relativement longue, correspondant à la durée de
l’expérimentation ou de la saison de végétation. Des
stimulations ponctuelles de croissance ne se traduisent donc
pas nécessairement par une compensation de croissance.

Les effets positifs de la défoliation sur la végétation
ont été essentiellement abordés en écologie via les
processus d’herbivorie. À l’échelle de la communauté
végétale, ceci a notamment abouti à l’hypothèse
d’optimisation de pâturage (Hilbert et al. 1981 ; Belsky
1986). Or les sources de défoliation sont plus larges dans
les écosystèmes, avec notamment la fauche qui est une

perturbation majeure dans les communautés herbacées.
Les mécanismes de croissance compensatoire mis en
évidence peuvent aussi bien s’appliquer à des défoliations
dues à l’herbivorie ou à la fauche, notamment si l’on
considère les relations entre croissance compensatoire et
niveaux trophiques. Nous pouvons alors intégrer ces deux
types de perturbation en définissant une « optimisation de
défoliation », qui engloberait à la fois l’optimisation de
pâturage et les effets de la fauche.

Conclusion

La croissance compensatoire est habituellement estimée en
termes de différence globale pour une période
relativement longue (en général la durée de
l’expérimentation) et non en terme de taux de croissance
relatif tout au long de l’expérience. Nos résultats de
hauteur montrent que l’on peut avoir une croissance
compensatoire à certaines périodes (TCRH5-1 et TCRH2-1),
voire une surcompensation temporaire, sans pour autant
que les niveaux de croissance globale (H5) soient atteints.
Ceci peut aussi bien s’expliquer par la stratégie de
l’espèce considérée que par la limitation trophique du
milieu, ce qui mériterait d’être testé dans de futurs travaux.

A partir de cette étude, on peut définir la notion de
« stimulation de croissance » et proposer la notion
« d’optimisation de défoliation » en complément de la
compensation de croissance et de l’optimisation de pâturage.
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We aimed to answer the question of whether the species richness and composition of calcareous grass-
lands in North-western Germany had changed over the last 70 years as a result of atmospheric nitrogen
(N) deposition. In total, 1186 plots of Festuco-Brometea (alliance Bromion erecti) grasslands from the sub-
oceanic regions of the country were compiled (1061 plots from literature sources spanning a time period
from 1936 to 1996, 125 new plots from 2008). Environmental descriptors recorded for each plot included
geographic coordinates, altitude, heat index (combining slope and aspect), mean Ellenberg indicator val-
ues for light, soil moisture, soil pH and soil N, and cumulative N deposition (the latter being highly pos-
itively correlated with the year of sampling).

In a Detrended Correspondence Analysis, the sample plot scores along axis one were highly correlated
with the mean Ellenberg N-values, those along axis two were significantly affected by the year of sam-
pling. In a general linear model, species richness of vascular plants showed a markedly hump-shaped
relationship with mean Ellenberg N-value, whereas it was weakly affected by year (cumulative N load).
Species with a significant negative trend over time were more often (than expected by chance) habitat
specialists of dry grasslands, small, light-demanding and winter-green or evergreen with smaller seeds
and scleromorphic leaves. In contrast to what has been found for acidic grasslands, N deposition in cal-
careous grasslands did not result in a decline in species richness, most likely because calcareous grass-
lands are water- and phosphorus-limited, and are well-buffered in terms of soil pH. To prevent a
further change in species composition towards more mesophytic communities, grassland management
by the site managers needs to be intensified.

� 2014 Elsevier Ltd. All rights reserved.
1. Introduction

Atmospheric nitrogen (N) deposition and the subsequent
eutrophication of terrestrial and aquatic ecosystems have been
recognized as global processes where the planetary thresholds
have already been overstepped (Rockström et al., 2009). In Central
Europe the deposition of N exceeds 10–15 kg ha�1 year�1 in
semi-natural vegetation and 20 kg ha�1 year�1 in coniferous forest,
and the values are higher or even much higher in areas of intensive
agriculture (Sutton et al., 2011). In Germany, the emission rates for
nitrogen oxides have considerably decreased since 1990, whereas
those for ammonium have been largely stable over the past years
(http://www.umweltbundesamt.de/). In general, the emissions of
N in Europe and other parts of the world are projected to increase
during the next decades (e.g., Gruber and Galloway, 2008). The ef-
fects of N deposition on plant-species composition and richness
have been documented for several vegetation types, based on three
lines of evidence. First, experiments conducted in various habitat
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Fig. 1. Map of the study areas in North-western Germany from where plots of
calcareous grasslands were compiled.
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types have shown that N addition is often associated with an in-
crease in biomass and a simultaneous decrease in species richness
(Bobbink et al., 2010). In a recent meta-analysis, however, De
Schrijver et al. (2011) showed that these effects on plant biomass
and richness are vegetation type-dependent and that species of dif-
ferent life forms are differently affected. A second source of evi-
dence relies on descriptive comparisons of areas situated along a
geographic gradient in N deposition, for example in North Euro-
pean forests (Diekmann et al., 1999) and in British grasslands
and heathlands (Stevens et al., 2004, 2006; Maskell et al., 2010).
These spatial studies have largely supported the experimental re-
sults, showing a general decline in species richness, a decrease in
species indicative of nutrient-poor sites, and a shift in functional
types from forbs to grasses. The third way to examine effects of
atmospheric pollution is a temporal approach, comparing plots
sampled at a time with low N deposition with more recent plots
having been exposed to higher deposition levels. Such time-series
analyses have mainly been conducted in forests based on the mon-
itoring of permanent plots (e.g., Diekmann et al., 1999), but have
also been applied using a non-permanent design (Diekmann and
Duprè, 1997; Gaudnik et al., 2011). Provided that the number of
plots is large and that the data set is not spatially or temporally
biased, this approach has some advantages compared to a perma-
nent plot design in that it can be more representative through cov-
ering larger regions and more plots.

Eutrophication-driven changes in European vegetation are par-
ticularly well studied in acidic grasslands, which have suffered
from a steep decline in species richness mainly caused by an in-
crease in a few competitive grasses at the expense of forbs and
dwarf shrubs (Stevens et al., 2006, 2011a; Duprè et al., 2010; Maskell
et al., 2010). These temporal trends coincide closely with the
results of N-addition experiments in grasslands (see De Schrijver
et al., 2011). Surprisingly, the effects of N deposition in calcareous
grasslands are less well documented, although these grasslands are
among the most species-rich habitat types in Europe and of focal
interest to nature conservationists across the continent. In one of
the few long-term studies from Britain, Bennie et al. (2006) re-sur-
veyed 92 plots from English chalk grasslands that were first sur-
veyed in 1952–53. They showed a decline in species richness, a
decrease in species associated with inherently infertile conditions
and an increase in species typical of more mesotrophic grasslands,
thereby indicating an effect of nutrient enrichment. In contrast, an
increase in a diversity over 70 years was observed in a re-survey of
88 calcareous grassland sites in the English county of Dorset
(Newton et al., 2012). In another permanent plot study from southern
Germany, revealing similar results, the vegetation changes were
attributed mainly to a change in management, namely a decrease
in grazing intensity (Hagen, 1996). Again, these changes and their
interpretation coincide with results from various N-addition
experiments (Bobbink, 1991; Willems et al., 1993; Jacquemyn
et al., 2003). Several of the experimental studies suggest that the
increasing dominance of Brachypodium pinnatum is one of the main
proximal reasons for the observed species loss (e.g., Bobbink and
Willems, 1987). The evidence for a decrease in species richness
and the role of N enrichment in this process, however, are not
unequivocal. In an N-addition experiment with chalk grassland
species, Wilson et al. (1995) did not observe an increasing cover
of grasses (such as Brachypodium) and a subsequent loss of species
diversity. A recent spatial study from Britain also did not give
evidence for a negative impact of N deposition on plant species
richness in calcareous grasslands (Maskell et al., 2010).

Another limiting nutrient in many ecosystems is phosphorus
(P). The input of P into terrestrial ecosystems from weathering
and from the atmosphere is usually low, and if N deposition is high,
P may become the limiting nutrient and species with efficient P
economies may be favoured (Bobbink et al., 2010; Vitousek et al.,
2010). Both N and P are likely to play an important role for the spe-
cies richness and variation in species composition, as evidenced for
grasslands by, for example, Kleijn et al. (2008) and Ceulemans et al.
(2011, 2013). Compared to N, however, P has received only little
attention in the study of vegetation changes in semi-natural terres-
trial vegetation.

Apart from a recent analysis of the trends in the frequencies of
calcareous grassland species in Germany (Jandt et al., 2011), our
study is to our knowledge the first large-scale study of temporal
changes in the vegetation of calcareous grasslands. It is a
follow-up of a similar analysis conducted in acidic grasslands in
North-western Europe (Duprè et al., 2010) where the impact of N
deposition on species assemblages and diversity were found to
be dramatic. Based on an analysis of historical and recent vegeta-
tion data from North-western Germany, we aimed to: (1) examine
changes in the species composition and richness in calcareous
grasslands over the last 70 years in response to N deposition, (2)
compare the temporal trends of species with different life-history
traits and ecological strategies, (3) assess the role of P for the spe-
cies composition and richness in calcareous grasslands, and (4)
contrast the results with those obtained in acidic grasslands and
discuss the underlying causes for the differences between the
two grassland types.
2. Material and methods

2.1. Vegetation data

Plot-scale data from calcareous grasslands were compiled from
the sub-oceanic areas of North-western Germany (Fig. 1). More
southern and continental regions with a much larger pool of cal-
careous grassland species were avoided to obtain a vegetation data
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set with relatively uniform species composition. We searched
exclusively for plots that had been assigned by their authors to
the alliance Bromion erecti, including grasslands on usually rela-
tively shallow, infertile and high-pH soils, often occurring on
south-facing slopes. The decreasing intensity or abandonment of
grazing and mowing in semi-natural landscapes has resulted in a
strong reduction in the area of traditional calcareous grasslands
(Ellenberg and Leuschner, 2010). To minimize confounding man-
agement effects, plots were considered for analysis only if active
grazing or mowing at the time of sampling was indicated, and if
there was no evidence of fertilization. Managed B. erecti communi-
ties are characterized by a sward of graminoids (the most common
species being the grasses B. pinnatum, Festuca ovina agg., Koeleria
pyramidata, Briza media, Helictotrichon pratense and Bromus erectus,
as well as Carex flacca and C. caryophyllea) and a large number of
forbs such as Lotus corniculatus, Pimpinella saxifraga, Sanguisorba
minor, Thymus pulegioides and Cirsium acaule (Ellenberg and
Leuschner, 2010). Calcareous grasslands in the area have a relatively
high proportion of threatened and protected plant species, includ-
ing many orchids like Gymnadenia conopsea and Ophrys insectifera.
Plots were only retained if information on plot size and geographic
location were available. The historical data (1061 plots) were ob-
tained mainly from published sources, and to a lesser extent also
from unpublished reports. These were supplemented by 125 newly
sampled vegetation plots from 2008. The final data sets included
1186 plots, the data sources are listed in Table A1. The oldest plots
of calcareous grasslands from the study area available to us were
from 1936, the highest number of plots was sampled in the 1980s.

The vegetation data including all vascular plants were entered
into a table and standardized. As the precision of species records
differed between the studies and also the taxonomic concepts for
some species had changed over time, several taxa had to be aggre-
gated. The taxonomic standardization was based on the nomencla-
ture of Wisskirchen and Haeupler (1998). A further standardization
concerned the species-abundance measures that were re-coded
to conform to the simplified 6-degree scale of Braun-Blanquet
(Dierschke, 1994).

2.2. Environmental data

For a causal analysis of the vegetation changes, we compiled a
number of environmental descriptors for each plot. These included
geographic location (latitude, longitude, altitude) and information
about the topography of the site. As slope and aspect are known to
have a strong and coupled impact on the plant-species composi-
tion of calcareous grasslands (Bennie et al., 2006), we calculated
an integrative heat index value = cos (aspect � 225) � tan (slope)
according to Parker (1988). As surrogates for measured environ-
mental variables, we calculated mean Ellenberg indicator values
(Ellenberg et al., 1992) for light (meanL), soil moisture (meanF),
soil pH (meanR), and soil nutrient status (meanN, originally de-
scribed as reflecting nitrogen availability) for all plots. These values
have successfully been applied in other studies examining tempo-
ral changes of the vegetation in response to atmospheric pollution
(Diekmann and Duprè, 1997; Duprè et al., 2010). As recommended
by most researchers (see Diekmann, 2003), the calculation of mean
values was based on species presence–absence instead of quantita-
tive data, especially to avoid a bias owing to inter-observer
differences in cover estimation. We also did analyses with cover-
weighted data, but the results were very similar.

To examine the long-term effects of atmospheric pollution on
species composition and richness, we estimated cumulative values
of total (wet and dry) N deposition (cumNdep), based on deposi-
tion values for the year 2000 obtained from the model FACEM
(Pieterse et al., 2007) and the change of deposition values over
time. Details of the calculation are described in Duprè et al.
(2010). Cumulative values of sulfur (S) deposition were calculated
in a similar manner, but not used in the final analysis for two rea-
sons: first, we assumed that the acidifying effect of S would be well
buffered in the calcareous soils, and second, there was a high mul-
ti-collinearity between N and S deposition.

No environmental measurements were available for the plots
compiled from the literature. For the plots surveyed in 2008, soil
samples for the determination of pH, total carbon (C), total N and
plant available phosphorus (P) were collected. Soil samples con-
sisted of two mixed sub-samples taken at a depth of 0–10 cm be-
low the litter layer with a core from two opposing corners of the
1 m � 1 m quadrat. In the laboratory, the samples were air dried
and passed through a 2 mm sieve prior to analysis. Soil pH was
determined in a solution of 10 g of soil and 25 ml of 0.01 M CaCl2

using a standard glass electrode. Using soil ground to fine powder,
C and N were determined with an elemental analyzer. After extrac-
tion with ammonium lactate, the content of P was measured by
flow-injection analysis. Soil depth was determined as the mean va-
lue of five measurements carried out with a marked metal pin.

2.3. Life-history traits

One aim of our study was to examine how far temporal changes
in species composition and richness are caused by changing fre-
quencies of species with different life-history traits and ecological
strategies. For this, we collected data from the literature on species
attributes that we considered to be relevant in the context of the
study. We compiled information on the following traits: habitat
preference (distinguishing specialists of Festuco-Brometea and
Koelerio-Corynephoretea communities typical of dry and sunny,
nutrient-poor habitats, and all other species), general life form,
Raunkiær life form, life span, plant height, ability of vegetative
reproduction, leaf anatomy, leaf longevity, seed mass, and Grime
strategy (for data sources, trait categories and species values/
assignments, see Table A2). The ecological optima of species rela-
tive to important soil variables and light were assessed by using
the Ellenberg indicator values for soil moisture, soil pH, soil nutri-
ents and light (Ellenberg et al., 1992). Except for seed mass, plant
height (interval) and Ellenberg values (ordinal), all variables were
nominal.

2.4. Statistical analysis

Differences between plots and changes in species composition
over time were analyzed by means of ordination. The data set with
the species-plot matrix was examined by Detrended Correspon-
dence Analysis (DCA), using the ‘decorana’ function of the VEGAN
package implemented in R version 2.12.1 (Oksanen et al., 2011).
Apart from a down-weighting of rare species (to counteract the
influence of outliers), we applied the default options of the pro-
gram. A second (environmental variable-plot) matrix served to
interpret the results. We used the function ‘envfit’ in VEGAN to
fit the environmental variables (year, latitude, longitude, altitude,
heat index, meanL, meanF, meanR, meanN, and cumNdep) post
hoc onto the DCA ordination. The direction of an environmental
vector in the resulting diagram shows the direction of the respec-
tive gradient, while the length of an arrow reflects the importance
of the variable for the variation in species composition. The P
values for the variables were based on 999 random permutations,
meaning that only those variables are displayed in the ordination
diagram that had a significant effect on the variation in species
composition at P < 0.001. The variables ‘year’ and ‘cumNdep’ were
highly positively correlated (Pearson correlation: r = 0.948,
P < 0.001), therefore only the vector for ‘year’ is shown.

The relationship between species richness and environmental
variables was analyzed by general linear models and generalized
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linear models using R version 2.12.1. Plot sizes varied considerably
between 1 and 225 m2, and the relationship between species rich-
ness and area was best described by a regression of log species
richness against log plot size (R2 = 0.279). To correct for varying
plot sizes we then used the residuals of this regression in the
GLM instead of the original species-richness values. A large varia-
tion in plot size, however, has been shown to in some cases distort
species-richness analyses in vegetation data sets (Dengler and
Boch, 2008). Therefore, we also created two sub-sets, one exclud-
ing all plots larger than 20 m2 (sub-set 1: 822 plots), the second
including only plots up to 10 m2 (sub-set 2: 389 plots).

To avoid multi-collinearity, separate models were run for ‘year’
and ‘cumNdep’. MeanF and meanN were highly positively corre-
lated. As we assumed that soil moisture is partly captured in the
variable ‘heat index’, we used meanN in the model runs (The re-
sults were, however, largely identical to those obtained when using
meanF). As species richness often shows unimodal relationships
with environmental factors, quadratic terms for all variables were
also included in the initial models (after centering of the variables).
Each model run started with the full model including all variables,
and variables were removed in a stepwise manner until the AIC va-
lue was minimized. These models only included variables with a
significant or marginally non-significant impact on species rich-
ness. After having fitted models for the total number of vascular
plant species, we additionally tested the effects of the explanatory
variables on the number of typical dry grassland species (habitat
specialists according to Table A2) and the percentage of typical
dry grassland species. The residuals of total species richness and
the number of typical dry grassland species followed a normal dis-
tribution, and binomial distribution was applied for the proportion
of typical dry grassland species. The main aim of the study was to
monitor the change in species richness over time and to examine
the roles of cumulative N deposition as well as N and P availability.
We therefore do not show all appropriate models based on AIC cri-
teria (Burnham and Anderson, 2002), but only report on one model
for each of the dependent variables.

For the statistical analyses for single species, those with fewer
than 40 occurrences in the whole data set were omitted in order
to reduce the influence of random differences in the abundance
of the rarest species between older and more recent plots. To
examine whether species had increased or decreased in abun-
dance, the abundance scores were related to the variable ‘year’
across all sites with linear regression, resulting in three groups of
species showing (1) a significant increase over time, (2) a signifi-
cant decrease over time, or (3) no temporal change in abundance.
Using presence–absence values instead of abundance values gave
similar results, but fewer species showed significant changes over
time. We then compared the life history traits and ecological strat-
egies between increasing and decreasing species using v2-tests (all
categorical variables) and Mann–Whitney U-test (Ellenberg values,
plant height, and seed mass). For the typical dry grassland species
with fewer than 40 occurrences in the whole data set, we addition-
ally examined the temporal change in geographic range size, using
an analysis by Welk (2002) for whole Germany and a distribution
atlas of vascular plants by Garve (2007) for the North-west German
region of Niedersachsen from where more than a third of the plots
were obtained.
DCA axis 1

Fig. 2. DCA ordination diagram based on a matrix of 1186 plots and 516 species of
calcareous grassland from North-western Germany. The arrows represent an
overlay of vectors of the environmental variables fitted post hoc to the ordination.
Only variables with a significant effect on species composition at P < 0.001 are
included; the vector for cumulative nitrogen deposition (cumNdep), being almost
fully congruent with the one for year, was omitted for better legibility. Mean-
F = mean Ellenberg value for soil moisture, meanR = mean Ellenberg value for soil
reaction (pH), meanN = mean Ellenberg value for soil nitrogen. Eigenvalues and
gradient lengths are: axis 1 – 0.165 and 4.245 sd, axis 2 – 0.090 and 2.872 sd.
3. Results

The number of vascular plants per plot ranged from 7 to 68. The
averages of mean Ellenberg values for soil moisture, pH, nitrogen
and light (3.9, 7.1, 2.9 and 7.2, respectively) indicate the dry,
base-rich and nutrient-poor soil conditions of the calcareous grass-
lands and their high light availability. There were pronounced
differences in annual N deposition between sites, with the most
polluted grasslands receiving >3 times more N than the least pol-
luted grasslands (840–2882 eq ha�1 year�1; average: 1441).

The DCA analysis based on the species-plot matrix resulted in
relatively low eigenvalues and gradient lengths for the first two
axes, confirming that the data set included plots with a relatively
uniform species composition that can be assigned to the alliance
B. erecti (i.e., did not comprise plots with a greatly different compo-
sition belonging to other alliances of calcareous grasslands, which
are widespread under warmer and more continental conditions)
(Fig. 2). The site scores in the ordination diagram were well dis-
persed. Most environmental variables passively fitted to the ordi-
nation were significantly correlated to the species composition.
The strongest correlation along axis 1 was observed for meanN,
its vector pointing to the left. MeanR showed a strong and negative
relationship with axis 2. Also year was significantly related to the
site scores along axis 2 with its vector pointing down. The perpen-
dicular position of the vectors for meanN and year are in accor-
dance with the weak correlation of the two variables across sites
(Pearson correlation: r = 0.058). The vector for cumNdep was al-
most exactly congruent with the one for year (and was, for the sake
of legibility, omitted from the graph).

The most common and typical dry grassland species are found
in the center of the ordination diagram. Species situated at the
left-hand side of the graph associated with high meanN values
include Bromus inermis, Chaerophyllum temulum, Galium aparine,
Stellaria media, and Torilis japonica, indicative of half-open vegeta-
tion on relatively nutrient-rich soils. Species at the right-hand side
are, for example, elements of sun-exposed fringes (Laserpitium
latifolium, Seseli libanotis, Thesium bavarum) and calcareous rocks
(Gymnocarpium robertianum, Gypsophila repens).

In the GLM, vascular plant species richness was influenced by
several environmental variables, often in a unimodal way (Table 1).
When year was included in the models, the total R2

adj value
amounted to 0.377; with cumNdep instead of year the value
(and the whole model) was almost exactly the same. Among the



Table 1
Effects of geographic variables (latitude, longitude, altitude), local environmental descriptors and year on species richness (corrected for plot size, see Section 2) in calcareous
grasslands (n = 1186) in Germany. The number of vascular plants and the number of typical dry grassland species were analyzed with general linear models, and the proportions
of typical dry grassland species with generalized linear models (applying binomial distribution). Each column refers to one model. T values and significance probabilities
(***P < 0.001, **P < 0.01, *P < 0.05, +0.05 < P < 0.10) as well as total R2

adj values are given. The last line shows the R2
adj values of models where year is replaced by cumulative N

deposition (cumNdep). Variables that did not remain in the reduced final models are indicated with ‘–’. MeanL = mean Ellenberg value for light, meanR = mean Ellenberg value for
soil reaction (pH), meanN = mean Ellenberg value for soil nitrogen, sub-set 1 includes only plots with an area ranging from 1 to 20 m2 (n = 822), sub-set 2 plots ranging from 1 to
10 m2 (n = 389).

No. of vascular plants No. of typical dry grassland species Proportion of typical dry grassland species

All plots Sub-set 1 Sub-set 2 All plots Sub-set 1 Sub-set 2 All plots Sub-set 1 Sub-set 2

Latitude – – – �9.81*** – �3.79*** �1.74+ �1.76+ �0.75
Longitude �8.16*** – – – �6.50*** – – –
Altitude – 5.40*** – 3.62*** 8.68*** 0.74 – –
Altitude2 – – – �2.96** �5.15*** �1.78* – – –
Heat index 5.31*** �1.84+ �0.30 – 5.06*** 0.75 0.53 0.30 0.31
Heat index2 �7.67*** �6.02*** �5.34*** – �5.76*** �5.28*** – – –
MeanL 1.30 6.83*** 4.50*** 6.89*** 6.72*** 5.64*** 1.97* 1.42 1.28
MeanL2 �7.99*** �6.74*** �4.73*** �13.24*** �8.54*** �5.37*** – – –
MeanR �6.51*** 4.31*** 3.22** 1.95+ 1.30 5.75*** 2.33* 1.70+ 1.10
MeanR2 �6.15*** �4.09*** �3.39*** �10.90*** �10.65*** �5.41*** – – –
MeanN 11.48*** 7.24*** 6.18*** �3.19** �3.19*** 4.35*** �2.80** �2.12* �1.18
MeanN2 �9.05*** �6.69*** �6.10*** �7.43*** �7.06*** �4.94*** – – –
Year 4.15*** 2.45* 1.83+ – – 3.44*** �0.97 �0.61 �0.52

Total R2
adj

0.377 0.324 0.374 0.524 0.542 0.527 (0.699) (0.715) (0.636)

Total R2
adj with cumNdep 0.376 0.321 0.387 0.452 0.504 0.531 (0.715) (0.734) (0.655)
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soil variables, the strongest effect on species richness was found for
meanN showing a hump-shaped curve (Fig. 3a). Species richness
peaked at intermediate heat index values, with a strong decrease
towards the steepest and most sun-exposed slopes. Heat index
and meanN were negatively correlated (Pearson correlation:
r = �0.124, P < 0.001). Year and cumNdep had significantly positive
effects on the total number of species, which was confirmed by the
simple linear model, albeit with a R2 of only 0.047 (Fig. 3b). The
same relationship as described above was obtained for meanN
when analyzing sub-sets 1 and 2 (Table 1), while the effect of year
on species richness was only marginally or no longer significant.

With the number of typical dry grassland species as the re-
sponse variable, the models based on all plots gave similar results
to those found for total species richness with respect to mean
Ellenberg values, but had higher total R2

adj values (Table 1). There
was, however, a strong negative (instead of a hump-shaped) rela-
tionship between the number of dry grassland specialists and
meanN, while year had no significant effect. The geographic vari-
ables had generally stronger effects on the number of specialist
species than on total species richness. Latitude had a pronounced
negative effect (also in sub-set 2), indicating the decline in the
number of typical dry grassland species towards the north. The
species richness of this group peaked at intermediate altitudes.
The heat index did not remain in the final model for all plots,
whereas it was found to be significant in the models for the two
sub-sets. For sub-set 2, year was included in the final model having
a positive effect on the number of typical dry grassland species.
This effect was, however, no longer visible in a simple linear model
(results not shown).

For the proportion of dry grassland species, the final models did
not contain any quadratic terms (Table 1). Here, meanN had a neg-
ative effect (Fig. 3c) and meanR as well as meanL a positive impact,
while year tended to show a negative relationship with the propor-
tion of dry grassland species (Fig. 3d). The results were similar for
the models for the two sub-sets, except for much lower signifi-
cance probabilities. The number and proportion of species typical
of mesotrophic conditions increased with time in all data sets
(results not shown).

The analysis of temporal trends of species gave several signifi-
cant differences between different life-history traits. Whereas
generalist species showed an overall increase over time, the num-
ber of calcareous grassland specialists has declined (v2 = 6.206,
P = 0.012, df = 1; Fig. 4a). Species with a mesomorphic leaf anatomy
tended to increase at the expense of those with a scleromorphic or
intermediate anatomy (v2 = 4.721, P = 0.094, df = 2; Fig. 4b). For
leaf longevity, summer-green and vernal species have increased
over time, while winter-green and evergreen species showed the
opposite trend (v2 = 4.773, P = 0.029, df = 1; Fig. 4c). No significant
differences in temporal trends were observed between species dif-
fering in Raunkiær life form, life span, or general life form (all
P > 0.5): eight annual and biennial species have decreased over
time, five have increased. There were about as many increasing
(8) as decreasing (7) grasses (Poaceae), and two out of seven woo-
dy species showed a decline. For the Grime strategies we found
only weak trends in that competitive species tended to increase
at the expense of species with other (intermediate) strategies
(v2 = 4.441, P = 0.218, df = 3; Fig. 4d).

Taller plants were over-represented among the increasing spe-
cies (Mann–Whitney U-test: W = 502.5, P = 0.033; Fig. 4e), and spe-
cies with a positive temporal trend tended to have a higher seed
mass compared to decreasing species (W = 468.5, P = 0.063;
Fig. 4f). Except in one case (light: W = 1027, P = 0.020) there were
no differences between increasing and decreasing species in their
Ellenberg indicator values (P > 0.15). B. pinnatum did not increase
in frequency over the years or in response to cumulative N deposi-
tion, and there was no effect of the abundance of the species on to-
tal species richness (all P > 0.05).

Among the 22 rarest species typical of dry grasslands in the
study area for which data were available, 18 have shown a decline
or strong decline in Germany over recent decades (Welk, 2002). In
the North-west German region of Niedersachsen, 16 out of 27 rare
dry grassland species have decreased in their area of occupancy
(number of occurrences in grid squares) by 50% or more compared
to the period up to 1981 (Garve, 2007). The other species have de-
clined less strongly or remained constant, meaning that none of the
species is currently more common than three decades ago.

Across the 125 calcareous grassland plots sampled in Germany
in 2008, vascular plant species richness was only weakly, albeit
significantly, correlated to the soil P content (linear regression:
R2 = 0.047, P = 0.016; Fig. 5a). In contrast, P had a strong effect on
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Fig. 3. Relationships between the total number of vascular plants (corrected for plot size) and (a) meanN (mean Ellenberg value for soil nitrogen), and (b) year, and
relationships between the proportion of typical dry grassland species and (c) meanN, and (d) year (for all regression analyses n = 1186).
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the species composition as reflected by the DCA ordination
(R2 = 0.540, P < 0.001; Fig. 5b). None of the N variables (total N,
C/N ratio, N deposition) explained much of the variation in species
composition (all R2 < 0.09).
4. Discussion

4.1. Species richness

The analysis of the historical data sets of calcareous grasslands
from Germany revealed that there has been no or only a slight po-
sitive change in total species richness over the last 70 years since
the first vegetation plots from the region were available. The ordi-
nation diagram indicated that changes in species composition were
more pronounced than those found for species richness, which is
also reflected in the partly different temporal trends of species
with different life history traits and ecological strategies. These re-
sults are in sharp contrast to those observed in acidic grasslands
that have undergone a dramatic change both in species richness
and composition over the last decades.

During recent decades, calcareous grasslands have suffered
from a marked decline in area. While some sites have been fertil-
ized and their agricultural use intensified, most areas, especially
on the steeper and drier slopes, have faced an abandonment of
management (mowing and/or grazing), followed by succession
to scrub and ultimately forest (Ellenberg and Leuschner, 2010).
Since the implementation of the EU Habitats Directive, which rec-
ognizes Festuco-Brometea communities as a focal habitat type, the
remaining grassland sites have largely been protected and
preserved by continued management. The results of our study
suggest that this management has been successful so far, since
plant-species richness has largely remained stable. There was also
no evidence of an increase over time of B. pinnatum. This species is
known to respond positively to experimental N addition (e.g.,
Bobbink and Willems, 1987) and to a reduction and abandonment
of management (Ellenberg and Leuschner, 2010). The lack of a de-
cline in total species richness is unexpected for two reasons. First,
the majority of calcareous grasslands in the study area are small
in size and often isolated. It has been shown that the fragmenta-
tion of these grasslands often has detrimental effects on the
fitness of populations of rare species, for example Gentianella ger-
manica (Fischer and Matthies, 1998). In addition, the probability
of small populations of short-lived plants of going extinct appears
to increase with decreasing population size (Matthies et al., 2004).
Second, over recent decades, calcareous grasslands have received
considerable amounts of airborne N. These are comparable to
those in acid grasslands in the same region in which N deposition
has had a strong negative impact on species richness (Duprè et al.,
2010).
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One possible reason for the weak effect of atmospheric N depo-
sition on the number of species in calcareous grasslands emerges
from Fig. 3a: total species richness does not generally decline with
increasing nutrient availability (as indicated by mean Ellenberg
N-values), but shows a hump-shaped relationship with fertility.
With respect to total species richness, grasslands with a low
natural N supply (those situated in the left-hand side of the
Fig. 3a) may thus even benefit from N addition. Furthermore, on
the steepest and most S-exposed sites with shallow dry soils (those
with a high heat index), N deposition most likely does not result in
an increased N availability for the plants. The reason is that, during
rainless periods in the growing season, the soils dry out and water



Fig. 5. Effect of soil phosphorus (P) content (log-transformed) on the (a) species richness of vascular plants (R2 = 0.047, P = 0.016), and on (b) the main gradient in species
composition as reflected by DCA axis 1 (R2 = 0.540, P < 0.001) across 125 calcareous grassland plots in Germany sampled in 2008.
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instead of N becomes the main limiting factor for most species.
Dryness also results in a low biological activity of soil organisms
and a reduced N mineralization (Ellenberg and Leuschner, 2010).
The scarce literature on long-term changes in unimproved calcare-
ous grasslands supports the observation that the species richness
of these grasslands is not strongly affected by N deposition. This
was, for example, noted by Partzsch (2000) in a study of porphyry
outcrop vegetation in Eastern Germany. This interpretation also
coincides with observations made by Bennie et al. (2006) in British
chalk grasslands where the total number of species had generally
declined over recent decades, most likely as an effect of nutrient
enrichment, but these changes were less pronounced on the steep-
est and most sunny slopes. Another resurvey of calcareous grass-
lands in the UK also showed a significant, but weak decline in
species richness (from on average 41 species in 1990–93 to on
average 39 species in 2006–09 in 144 m2 plots) (van den Berg
et al., 2011). These results coincide with the lack of significant
changes in species richness observed in long-term field experi-
ments in the UK (Phoenix et al., 2012). Similar to the results of
our study, an increase in local species richness over the last dec-
ades was observed in calcareous grassland sites in the county of
Dorset in England, owing to a pronounced increase in species typ-
ical of mesotrophic conditions (Newton et al., 2012).

Another limiting factor in calcareous grasslands that is not di-
rectly associated with nor affected by N deposition is phosphorus.
The availability of P to plants is generally low on high-pH soils
(Carroll et al., 2003; Phoenix et al., 2003; Olsson and Tyler, 2004;
Ellenberg and Leuschner, 2010), and the atmospheric input of P
is generally low. P may thus be more limiting for species richness
than N. The large importance of P for the differentiation of calcar-
eous grassland vegetation becomes evident in the spatial compar-
ison of plots from 2008 in Germany (Fig. 5). This is in clear contrast
to acidic grasslands for which there is much evidence (Roem and
Berendse, 2000) that P probably plays a subordinate role for the
historical changes in species richness and composition compared
to N (but see Ceulemans et al., 2011 for a different view).

Finally, another reason for the relatively weak effect of atmo-
spheric N input on the species richness of calcareous grasslands
is related to soil pH. N deposition in acidic grasslands results not
only in direct N addition, but also indirectly in acidification and in-
creased ammonium contents or higher ammonium/nitrate ratios,
and these changes together cause the deleterious effects on species
richness on soils with already low pH (Stevens et al., 2011a,b). The
rendzina soils of calcareous grasslands, in contrast, have a large
buffering capacity against acidification, and N is predominantly
mineralized as nitrate. In general, the effects of N deposition on soil
chemistry and mineralization have been shown to depend on soil
and habitat type in extensively managed habitats (Rowe et al.,
2012).

4.2. Species composition

Species composition showed a directional change, for which
there are three lines of evidence: (1) the variable ‘year’ had a sig-
nificant effect on the differentiation of the grassland vegetation
as reflected by the 2nd DCA axis (Fig. 2), (2) the proportion of
dry grassland species responded differently to the explanatory
variables than did the total species richness, with ‘year’ having a
negative effect on the frequency of specialist species in the German
grasslands (Fig. 3d), and (3) species with different attributes
showed different temporal trends (Fig. 4). Over-represented among
the taxa with a significant negative trend over time were species
that were smaller and more light-demanding, had smaller seeds
and winter-green or evergreen, more scleromorphic leaves, i.e.,
features typical for dry grassland specialists. Examples include
Acinos arvensis, Arenaria serpyllifolia, Gentianella ciliata and
Trifolium campestre. This coincides well with the results found by
Jandt et al. (2011). The slow, but significant change towards a com-
munity with a higher share of taller species typical of more meso-
trophic grasslands or thermophilic fringes is unlikely to be caused
by N deposition and increasing N availability to the plants. First,
the mean Ellenberg N scores of plots are unrelated to ‘year’ and
‘cumNdep’. Second, there were no differences in N indicator values
between increasing and decreasing species. A re-survey of UK
grasslands also revealed no effect of N deposition on the change
in mean Ellenberg N values (van den Berg et al., 2011).

We believe that the main reason for the shift in species compo-
sition is related to land-use history and management that has a
strong long-term effect on species richness and composition (Alard
et al., 2005; Köhler et al., 2005; Ellenberg and Leuschner, 2010).
Several species with a positive temporal trend are typical elements
of thermophilic fringe communities that are known to increase in
calcareous grasslands after abandonment (at the expense of typical
dry grassland species), such as Clinopodium vulgare, Helictotrichon
pubescens, Ranunculus polyanthemos and Viola hirta (see also Jandt
et al., 2011). This does not mean that the grasslands are no longer
managed, but that the management is less intensive than in previ-
ous times (see also Hagen, 1996). Apart from management inten-
sity, the form of management may also have changed, with a
trend towards a transition from grazing to mowing. The effects
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of these two processes are difficult to separate: the marked in-
crease in B. erectus, a tall-growing grass, may be caused by lower
grazing intensity, but also by the abandonment of management.
The same applies to the decline of several thorny or unpalatable
species that are indirectly favored by grazing and suffer from can-
opy closure and shrub encroachment, for example Carlina vulgaris,
C. acaule, Euphorbia cyparissias and G. ciliata (Ellenberg and
Leuschner, 2010).

We are aware that any historical survey of vegetation data not
based on truly permanent plots faces the risk of bias, which is
introduced if plots from different time periods are sampled with
different methods. This may concern differences in plot size
(Dengler et al., 2009) or the range of community types, season
and phenology (Vymazalová et al., 2012). Estimates of species
richness derived from phytosociological data – the majority of
plots considered here – also can be associated with a certain
bias (Chytrý, 2001; Diekmann et al., 2007). However, there is no
indication of any systematic difference between different time
periods in how, when and which data were sampled.

In conclusion, unlike acidic grasslands and forests, calcareous
grasslands have not suffered from a general decline in vascular
plant species richness. However, the different temporal trends of
species with different attributes in the German data set reflect a
change in species composition. Most notable is the loss of typical
dry grassland species, which are often threatened and of focal
interest to nature conservation. This loss is alarming as many of
these species are long-lived, but have a transient seedbank.
Although this trend appears to be slow, it indicates that manage-
ment not only needs to be maintained in general, but also on an
appropriate and sufficiently intensive level. The dry grasslands
least susceptible to species loss and change are those on steep
and sun-exposed slopes, where water and phosphorus limitation
are most pronounced.
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Abstract Emissions and deposition of ammonia and
nitrogen oxides have strongly increased since the
1950s. This has led to significant changes in the nitrogen
(N) cycle, vegetation composition and plant diversity in
many ecosystems of high conservation value in Europe.
As a consequence of different regional pollution levels

and of the increased importance of reduced N in the near
future, determining the effect of different forms of N is
an important task for understanding the consequences
of atmospheric N inputs. We have initiated three repli-
cated N addition experiments in species-rich, acidic
grasslands spanning a climatic gradient in the Atlantic
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biogeographic region of Europe in Norway, Wales and
France at sites with low levels of pollution. N was added
in two doses (0 and 70 kg N ha−1 year−1 above back-
ground) and in three forms (oxidised N, reduced N and a
50–50 combination). After 2.5 years of N additions, the
effects of these treatments on plant biomass, plant nu-
tritional status, soil pH and soil nutrient availability were
determined. Impacts of the N additions were observed
within the 2.5-year research period. In some cases, the
first signs of differential effects of N form could also be
demonstrated. In the French site, for example, grass
biomass was significantly increased by the oxidised N
treatments but decreased by the reduced N treatments. In
the Norwegian site, the reduced N treatments signifi-
cantly reduced soil pH, whereas oxidised N did not.
Effects on nutrient availability were also observed.
These experiments will be continued to elucidate the
longer term impacts of N deposition on these grasslands.

Keywords European acidic grasslands . Nitrogen
deposition . Nitrogen supply rate . Oxidised
nitrogen . Reduced nitrogen . Species richness

1 Introduction

Emissions of ammonia (NH3) and nitrogen oxides (NOx)
have strongly increased since the 1950s (Galloway et al.
2008). Ammonia is volatilised from intensive agricultural
systems, such as dairy farming and intensive animal hus-
bandry, whereas nitrogen oxides originate mainly from
burning of fossil fuel by traffic, industry and households.
Because of short- and long-range transport of these ni-
trogenous pollutants, atmospheric nitrogen (N) deposition
has clearly increased in many natural and semi-natural
ecosystems across the world (Bobbink et al. 2010). Areas
with currently high atmospheric N deposition (20–100 kg
N ha−1 year−1) are central and western Europe, eastern
USA and, since the 1990s, eastern Asia and India.
Estimated background inputs (pre-1900s) range between
1 and 3 kgN ha−1 year−1 (e.g. Asman et al. 1998; Dentener
et al. 2006; Galloway and Cowling 2002).

Nutrient availability is one of the major factors that
determine the plant species composition in ecosystems. N
is the primary limiting nutrient for plant growth in many
natural and semi-natural ecosystems, especially under ol-
igotrophic and mesotrophic conditions in temperate and
boreal regions (Bobbink et al. 2010; Sala et al. 2000).
Many plant species in such ecosystems are adapted to

nutrient-poor conditions and can only survive or compete
successfully on soils with low N availability (Aerts and
Chapin 2000; Tamm 1991). The series of events which
occur when N inputs increase in an area with originally
low background deposition rates is complex. Many eco-
logical processes interact and operate at different tempo-
ral and spatial scales. As a consequence, large variations
in sensitivity to atmospheric N deposition have been
observed between different natural and semi-natural eco-
systems (e.g. Maskell et al. 2010). Despite this diverse
sequence of events, the impacts of increased N deposition
are (a) direct foliar toxicity; (b) changes in structure and
function by eutrophication; (c) soil-mediated effects of
acidification; (d) negative impacts of reduced N (NHy)
such as stunted root growth, acidification of plant cells
and toxicity effects; and (e) increased sensitivity for stress
and disturbances. Because of these processes, signifi-
cant changes in the N cycle, in vegetation composi-
tion and in plant diversity have been observed in many
ecosystems of high nature conservation value in Europe
(Bobbink et al. 2010, 1998).

Species-rich grasslands are an important component
of European biodiversity, supporting a wide range of
plant, invertebrate and bird species. Many of these
semi-natural grasslands are listed in the Conservation
of Natural Habitats and of Wild Fauna and Flora
Directive (92/43/EEC) (the “Habitats Directive”) and
are thus a major part of the European nature conserva-
tion network. Species-rich acidic grasslands are pres-
ent throughout Europe on soil of intermediate pH
(4.5–6.0) in both lowland and mountainous regions.
They were originally widespread but have been heavily
affected by land-use changes (e.g. abandonment) or
intensification of agricultural use (Ellenberg 1996).
Species-rich Nardus grasslands (Violion caninae alli-
ance; Schwickerath 1944) are a characteristic form of
these acidic grasslands in the Atlantic biogeographic
region of Europe. These species-rich, acidic grasslands
are today highly threatened in parts of Europe and are
protected for nature conservation under the Habitats
Directive (habitat 6230; Directive 92/43/EEC).

As in many other species-rich grasslands, increased N
deposition can have profound impacts on the structure
and function of these acidic and oligotrophic systems. A
decline of plant species richness in Britain and in the
Atlantic zone of continental Europe was significantly
correlated with increasing ambient atmospheric N depo-
sition in the range 2–44 kg N ha−1 year−1 (Stevens et al.
2004, 2010). Forb richness in particular was negatively
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correlated to N deposition, while the more competitive
graminoids increased (Stevens et al. 2011b). The same
negative correlations between N deposition and species
richness were also detected by a temporal comparison of
vegetation data spanning a period of almost 70 years
(Duprè et al. 2010). Furthermore, correlative field studies
in the Netherlands showed the importance of high soil
NH4

+ concentrations and/or high soil NH4
+ to NO3

−

ratios for the absence of many Red List plant species of
these Violion grasslands (De Graaf et al. 2009; Kleijn
et al. 2007). Experiments in water culture, containers and
mesocosms have also revealed the sensitivity of charac-
teristic endangered species of these grasslands for high
NH4

+ or high soil NH4
+ to NO3

− ratios (De Graaf et al.
1998; van den Berg et al. 2005, 2008). However, few N
addition field studies have been done in these species-rich
acidic grasslands to unravel the mechanisms of the pos-
sible decline of diversity (Bobbink and Hettelingh 2011).
Berlin (2000) found an increase in graminoids within a 3-
year N addition experiment on a Festuca ovina grassland
but not on an Agrostis capillaris grassland. A longer term
experiment at Wardlow Hay Cop (UK) has shown im-
pacts on vegetation species composition (Carroll et al.
2003), vegetation chemistry (Arroniz-Crespo et al. 2008)
and soil chemistry (Horswill et al. 2008; Phoenix et al.
2003), but this experiment is on a more acidic soil (pH
4.4) with high ambient N deposition. In addition, both
experiments have focussed on the impact of N dose,
and not on N form. As a result of different regional
pollution climates and potential shifts in emission ratios
toward reduced N in the near future, determining the
effect of the different N forms is now considered asmain
task in understanding the consequences of atmospheric
N inputs (Achermann and Bobbink 2003; Bobbink and
Hettelingh 2011).

The main aim of this research is to determine the
processes behind the susceptibility of biodiversity to N
deposition by carrying out replicated N manipulation
experiments in species-rich acidic grasslands in re-
gions with low levels of pollution. More specifically,
we pose the following research questions:

(a) What is the effect of N addition on the biomass
and species richness of the vegetation and on soil
chemistry?

(b) What is the difference between adding N as
oxidised N (NO3

−) or as reduced N (NH4
+)?

(c) Are there any signs of negative effects of NH4
+ on

certain plant groups?

To address these questions, a set of three replicated
N addition experiments were initiated spanning a cli-
matic gradient in the Atlantic biogeographic region of
Europe, in Norway,Wales and France. In this paper, we
report the findings after 2.5 years of these field exper-
iments contrasting the impacts of NH4

+ and NO3
− in

species-rich acidic (pH 5–5.5) grasslands. Biomass,
species richness and soil chemistry are described.

2 Materials and Methods

2.1 Site Descriptions

Nitrogen addition experiments were carried out in acidic
grasslands (EUNIS code 1.7) in three countries along the
Atlantic climate gradient: Norway, Wales (UK) and
France (Fig. 1). All sites belonged to the V. caninae
alliance (Schwickerath 1944) and had, for Europe, low
background N deposition (6–10 kg N ha−1 year−1). Site
meteorological and soil characteristics are summarised in
Table 1.

The experimental site in Norway is located at Revne, in
the Fusa municipality (Hordaland). Bedrock consists of
green schist/mica schists overlain by a shallow soil. The
site was traditionally managed for haymaking with annual
mowing and grazing by sheep in spring and autumn
(grazing was discontinued in 2005). Low levels of
fertiliser were applied up to 2000, although neither the
type nor amounts of fertiliser is known. Part of the area has
been ploughed and was probably used for arable farming
prior to ca. 1940 (potato, grains). The vegetation is dom-
inated by grasses such as Anthoxanthum odoratum,
Festuca rubra and Agrostis capillaris. Rhytidiadelphus
squarrosus is the dominant bryophyte. Several sedges
(Carex nigra, Carex panicea) and forbs (Viola palustris,
Leontodon autumnalis, Plantago lanceolata, Prunella
vulgaris) are also present. Initial species richness was
14.9 species per 2×2 m plot for vascular plants and 2.7
for bryophytes.

The experimental site in the UK is situated at Trefor,
North Wales. The site sits on a slight slope at the top of
sea cliffs. Although formerly heathland, the site has been
managed for extensive grazing of sheep for many years
and consists of a short grassland sward with scattered
shrubs. The grass sward is dominated by Agrostis
capillaris, F. rubra and Potentilla erecta. Initial species
richness was 16.6 species per 2×2 m plot for vascular
plants and 3.0 for bryophytes.
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The experimental site in France is located at Léognan,
near Bordeaux. The soil is an organic podzol overlay-
ing a quaternary deposition of sand on top of limestone.
Situated on the edge of an airfield, the site has been
maintained as grassland with four to five mowings
(with clippings removed) between April and September.
The vegetation is dominated by grasses (Agrostis
capillaris, Agrostis curtisii, Danthonia decumbens and
Pseudarrhenatherum longifolium) and includes dwarf
shrubs such as Calluna vulgaris, Erica spp. and Ulex
minor; sedges (Carex pilulifera,Carex binervis) and forbs
(Potentilla erecta and Polygala spp.). Initial species rich-
ness was 21.7 species per 2×2 m plot for vascular plants
and 2.3 for bryophytes.

2.2 Experimental Design

At each of the three sites, 40 experimental plots of
2×2 m in a randomised block design with five blocks

were set up in early spring 2007. Eight treatments were
applied; four of these were used for the analysis
presented in this paper (20 plots).

Nitrogen was applied in solution at a rate of 70 kg
N ha−1 year−1 in three different forms: reduced N (as
NH4Cl, referred to as N70-red), oxidised N (as NaNO3,

N70-ox) or in combination (as NH4NO3, N70). These
treatments provided the opportunity to analyse the ef-
fects of reduced and oxidised N separately and in com-
bination. Control plots (N0) received corresponding
amounts of deionised water only. The yearly number
of applications depended on the length of the growing
season at each site (eight additions in Trefor and
Léognan and five in Revne). Intensive sampling of
vegetation and soil was carried out in early spring
2007 to establish an experimental baseline and again
in 2009 after 2.5 years of N application.

The distance between replicate blocks was at least
2 m. One metre wide buffer zones were laid out between

1

3

2

Fig. 1 Locations of the
experimental sites. 1, Revne,
Norway; 2, Trefor, Wales
(UK); 3, Léognan, France
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plots to avoid edge effects and interactions between
treatments. In Trefor and Revne, plots were fenced to
exclude grazing by sheep and red deer, respectively.
Grazing by large herbivores did not occur in Léognan.

2.3 Vegetation Sampling and Analysis

In each 2×2 m plot, all higher plants and bryophytes
were identified to a species level and visual esti-
mates of percentage cover were made in July 2009.
Species richness and Shannon diversity index and
evenness were calculated per plot. Biomass of each
plot was collected in 50×50 cm subplots cut to 3 cm
above soil level and separated into five functional groups
(grasses, forbs, legumes, shrubs and mosses). Dry
weight of biomass was measured after drying at 55 °C
for 72 h.

N, P andK contents were determined in subsamples of
the collected biomass for forbs and grasses. Dried plant
material was ground to <1 mm using a ball mill and
digested using a modified Kjeldahl method (Bremner
and Mulvaney 1982). Nutrient contents were analysed
colorimetrically (N and P) and flame photometrically (K)
on a Skalar SA-40 continuous flow analyser (Skalar BV,
Breda, the Netherlands).

2.4 Soil Sampling and Analysis

In July 2009, two topsoil samples (0–10 cm) were
collected with an auger (diameter 2.5 cm) from oppos-
ing corners of each plot. Samples from each plot were
pooled, homogenised by hand removing stones and
large roots, stored on ice and transported to the labo-
ratory. Two extractions were performed, both used 15 g

Table 1 Overview of site and meteorological characteristics of the experimental sites. The meteorological data are averages over the
period 1971–2000 unless otherwise stated

Revne (Norway)a Trefor (Wales)b Léognan (France)c

Site characteristics

Coordinates 60° 09 29 N
5° 44 31.5 E

52° 59 56 N
4° 26 04 W

44° 42 11 N
0° 35 54 W

Altitude (m asl) 160 40 53

Slope (°) 13 6 –

Aspect North–west West 0

Average background N depositiond 6.1 9 8.8

Climate characteristics

Mean annual temperature (°C) 6–8 9.5–10.5 13.3

Mean maximum daily temperature (°C) 9.6 13.1 18.1

Mean minimum daily temperature (°C) 4.2 7.5 8.5

Mean annual rainfall (mm) 1,773.4 827.9 984

Mean annual sun hours 1,186e 1,621.4 1,992

Mean number of rainfall days (>1 mm) 202e 140.9 128

Soil characteristics

Soil depth (cm) 13 15–65 >150

Soil pH 5.4 5.1 5.2

Extractable NH4
+ (mg kg−1 dry soil, NaCl extract) 1.5 0.5 3.0

Extractable NO3
− (mg kg−1 dry soil, NaCl extract) 16.6 0.8 7.4

Extractable PO4
2− (mg kg−1 dry soil, NaCl extract) 2.9 0.1 0.1

Exchangeable Ca2+/K+/Mg2+ (mg kg−1 dry soil, NaCl extract) 419.4/13.7/53.5 159.7/69.3/177.6 62.1/4.9/14.4

a Average values at weather station at Bergen (http://retro.met.no)
b Average values for Station de Bordeaux, Merignac (1991–2000 for mean annual sun hours; http://climat.meteofrance.com)
c Average values for weather station Valley (http://www.metoffice.gov.uk)
d CBED (RoTAP 2012) was used for the UK; EMEP-based IDEM models were used for Norway and France (Pieterse et al. 2007)
e Data from http://www.climatedata.eu
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of fresh soil extracted on a rotary shaker (100 rpm) for
1 h. One extraction used 100 ml 0.4 M NaCl and the
second used the same amount of demineralised water.
The soil suspensions were centrifuged for 5 min at
4,000 rpm and a subsample of 20 ml of the supernatant
was filtered through a Whatman GF/C filter. The
NaCl extracts were stored at −20 °C until analysis of
NH4

+ and NO3
−. Soil pH-H2O was determined in the

demineralised water extract. Extractable concentrations
of NH4

+ and NO3
−were analysed colorimetrically using

a continuous flow analyser (Skalar SA-40, Skalar
Analytical BV, Breda, the Netherlands). Soil inorganic
P availability was measured by Olsen P extraction and
colorimetric analysis (MAFF, 1986). Soil moisture con-
tent was measured after drying 15 g of fresh soil at
105 °C for 24 h.

Plant N (both NH4
+-N and NO3-N) supply rates were

assessed by 1-month incubations of Plant Root Simulator
probes (PRSTM, Western AG Innovations Inc., Saskatoon,
Canada). The ion exchange resins in the probes give a
measure of N in the soil that is available to plants (nutrient
surplus rather than net mineralisation due to competition
from plant roots) integrated over 10 cm2 for the duration of
the burial (Western Ag Innovations, 2008). Probes were
incubated in July 2009. After incubation, the probes were
cleaned in deionized water and returned to Western Ag
Innovations for analysis. Probes were eluted with HCl and
analysed for NO3

−-N and NH4
+-N colorimetrically using

an autoanalyser.
Potential NH4

+ oxidising activities (PAA) were de-
termined for each plot. Soil slurries consisting of 15 g
fresh, sieved (4 mm) soil in 100 ml buffered medium
with 2 mM (NH4)2SO4 were kept in 250 ml glass
Erlenmeyer flasks. The buffer solution was composed
of 2 mM phosphate buffer (an equimolar mixture of
KH2PO4 and K2HPO4, adapted to the prevailing soil
pH of 5). During the PAA measurements, the slurries
were permanently shaken on a rotary shaker (RO 20,
Gerhardt, Bonn, Germany; 100 rpm) in the dark at a
temperature of 25 °C. Subsamples of 3 ml were taken
at t=0.5, 2, 4, 6, 24 and 96 h, and centrifuged for 5 min
at 13,000 rpm (Biofuge pico, Heraeus instruments,
South Plainfield, USA), decanted and stored frozen
(−20 °C) until further analysis. At each sampling time,
the pH of the incubationmediumwas checked and set to
its original value with 0.1 N NaOH or 0.1 N HCl, if
necessary. Concentrations of NO3

− and NO2
− in the

subsamples were measured on a continuous flow
analyser (Skalar 40, Skalar Analytical BV, Breda, the

Netherlands). PAA rates were determined from the
changes in NO3

− and NO2
− concentrations in time,

based on the slopes of the linear parts of the regression
lines. The R2 values of the linear regressions were all
0.99 (±0.01).

2.5 Data Analysis

All soil, nutrient and vegetation variables were analysed
for differences between treatments within sites using
analysis of variance (SPSS 15, Microsoft Corporation,
release 15.0.1., 2006) with N treatment as fixed factor
and block as random factor. When necessary, data were
logarithmically or square root transformed to obtain
normality and homogeneity of variances. Post hoc
pair-wise comparisons between all treatments were
made using Tukey's method. For calculations of post
hoc statistics, interaction terms (treatment x block) were
excluded. Differences between sites were tested using
analysis of variance. When it was not possible to nor-
malise the data with transformations, data were analysed
using a Mann–Whitney U test. The level of significance
was set at p=0.05.

3 Results

Outcomes of data analysis for all results are summarised
in supporting electronic material Table 1.

3.1 Vegetation

The average species numbers of the control treatments in
2009 was 16.4 (s.d.±2.2), 20.4 (standard deviation 0.9)
and 23.8 (standard deviation 3.1) for Revne, Trefor and
Léognan, respectively, and did not differ significantly
from those in 2007. None of the experimental sites
showed significant effects of the N treatments on average
species numbers per 2×2 m sample after 2.5 years of N
addition. The Shannon index and evenness were also not
affected by the N treatments (data not shown). However
in Revne, there was a trend of declining Shannon
index in the N70-ox addition compared to the control
treatment (p=0.065).

Total biomass production differed considerably be-
tween the experimental sites. In Léognan and Trefor,
the mean total biomass in 2009 in control plots was 358
and 431 g m−2, respectively. In the Revne control plots,
the total biomass of the vegetation was only 239 g m−2
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(Fig. 2). Due to the relatively high variability in bio-
mass, significant effects of N treatments on total bio-
mass of the vegetation were not found, but some trends
could be observed. In Trefor, all N treatments resulted in
a non-significant increase in total biomass production.

Forb biomass in Revne was decreased by the N treat-
ments compared to the control, with a significant decrease
for the N70-red treatment (p=0.037, Fig. 2). An opposite
effect, although non-significant, was found in Léognan
and Trefor, where forb biomass tended to be higher fol-
lowing N additions (Léognan p=0.244; Trefor p=0.081).

Grass biomass in Léognan was increased by the
N70-ox treatment, whereas it was decreased by the
N70-red treatment resulting in a significant difference
(p=0.015; Fig. 2). However, treatment effects did not
differ from control.

In Trefor and Revne, grass biomass showed a non-
significant increase with N additions, irrespective of the
N form applied (Trefor p=0.547 and Revne p=0.201).

Although significant differences were not found in
Léognan, the N treatments resulted in a non-significant
decrease the grass to forb ratio, with the lowest ratios
found in the N70-red treatments. In Trefor, no effects
were found, but in Revne the N treatments resulted in
increased grass/forb ratios with N70-red being signif-
icantly higher than control (p=0.037).

All N treatments led to increased plant N contents of
both grasses and forbs in Revne (legumes were not mea-
sured due to insufficient biomass), although these differ-
ences were only significantly higher compared to the
control treatments for reduced N (Grass N70 p=0.170,
N70-ox p=0.118, N70-red p=0.029; Forb N70 p=0.118,
N70-ox p=0.060, N70-red p=0.015; Table 2). In Trefor,
only grasses seemed to have (non-significant; p=0.72)
higher N contents compared to the control, whereas no
effects were found in forbs or legumes. In Léognan, there
was a non-significant trend (p=0.06) of increasing N
content of legumes with the N treatments, but no effects
of the N treatments were found in the other functional
groups. Plant P content was not affected by the treatments
(Table 2). Average plant N/P ratios of both grasses and
forbs in the control plots were lowest in Revne, interme-
diate in Trefor and highest in Léognan (Table 2). The N
treatments resulted in a non-significant trend of increased
plant N/P ratios for grasses in Revne and a significant
increase in Trefor (p=0.02), and for forbs in Revne
(p=0.009). In Léognan, an opposite, non-significant trend
was found, with the N treatments leading to a trend of
decreased plant N/P ratios of all functional groups
(p=0.07). Average C/N ratios of grasses in the control
plots did not differ between sites (between 42.5 and 47.7,
Table 2). In Revne, the average C/N ratios of grasses and
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Fig. 2 Average (±s.e) total biomass production (left), and that of forbs (middle) and grasses (right) in the three experimental sites (gram
per square metre). Significant differences between groups are indicated by different letters
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forbs were decreased by all N treatments, but differences
were only significant for grasses (Table 2). In Trefor and
Léognan, the N treatments did not affect the average C/N
ratios in grasses and forbs, but in Léognan, legumes did
show a significant decrease (p=0.02).

3.2 Soil

Average soil pH-H2O values of control treatments were
not significantly different between sites: Trefor (5.1),
Revne (5.4) and Léognan (5.2; Table 3). In Trefor, no
effects of N treatments were found on soil pH. In
Léognan, all N treatments seemed to increase soil pH
slightly (but not significantly), but differential effects
were not observed. In Revne, the N70-red treatment
significantly decreased soil pH compared to the control
and N70-ox treatments (p=0.039). This effect was not
observed when NH4

+ was added in combination with
NO3

− (N70).

Average soil NO3-N concentrations in the control
treatments were highest in Revne, lowest in Trefor and
intermediate in Léognan (Table 3; p<0.05). Results for
NH4-N showed a similar pattern but showed a greater
within site variability and the difference between sites
was not significant (p=0.14). Soil extractable NO3-N
more than doubled in Revne due to the N treatments
(p=0.03). No effects of N addition on extractable NH4-
N concentrations were found at this site. In Trefor and
Léognan, no effects of treatments on extractable N
concentrations were found.

Soil P concentrations (Olsen P) were highest in
Revne (average in control plots of 149 mg kg−1 dry
soil, indicative of its former agricultural use). Soil P
concentrations were more than tenfold lower in Trefor
and even lower in Léognan (average in control plots of
12.5 and 5.5 mg kg−1 dry soil, respectively). No sig-
nificant effects of N treatments on soil P concentrations
were found in any of the experimental sites (Table 3).

Table 2 Average (±s.e.) plant N and P contents (milligram per square metre), N/P and C/N ratios in aboveground tissues for functional
groups (grasses (G), forbs (F), and legumes (L)) (n=5 replicates per treatment)

N treatment Revnea Trefor Léognan

Grasses Forbs Grasses Forbs Legumes Grasses Forbs Legumes

N content

Control 9.5±1.7 22.6±5.1 9.8±1.4 12.8±1.2 23.9±0.5 10.3±0.4 15.4±1.2 13.2±0.5

N70 13.4±1.4 31.7±6.5 12.2±1.6 13.4±0.7 24.0±1.5 11.3±0.7 15.3±1.1 16.4±1.1

N70-ox 13.8±1.8 32.3±4.9 13.7±2.0 13.8±1.0 23.4±1.2 10.6±0.6 15.4±1.8 15.2±1.0

N70-red 15.3±2.0 38.8±5.5 10.2±1.0 11.7±1.2 22.1±1.1 10.3±0.5 14.7±1.1 16.1±1.0

P content

Control 2.2±0.3 4.6±0.5 1.2±0.1 1.1±0.1 1.5±0.2 0.5±0.0 0.8±0.0 0.5±0.0

N70 2.6±0.1 5.0±0.3 1.2±0.1 1.1±0.1 1.4±0.1 0.5±0.0 0.9±0.1 0.7±0.1

N70-ox 2.2±0.2 4.6±0.3 1.3±0.1 1.3±0.2 1.3±0.1 0.5±0.0 0.9±0.1 0.6±0.1

N70-red 2.9±0.3 5.3±0.2 1.1±0.1 1.1±0.1 1.5±0.1 0.6±0.1 0.8±0.1 0.7±0.1

N/P ratio

Control 4.3±0.3 4.7±0.6 8.9±0.5 10.6±0.0 16.5±1.5 21.1±1.0 19.4±0.7 27.5±1.6

N70 5.2±0.4 6.1±0.9 10.8±0.2 11.1±0.5 17.5±1.2 21.1±0.7 17.6±1.6 24.5±0.4

N70-ox 6.2±0.7 6.9±0.8 10.3±1.2 10.6±0.3 18.0±0.8 19.7±1.0 18.2±1.6 24.5±0.4

N70-red 5.2±0.3 7.2±0.8 9.5±0.5 10.5±0.1 15.0±0.6 18.3±2.6 18.6±2.0 25.7±2.9

C/N ratio

Control 43.3±7.0 21.5±3.7 42.5±2.1 31.6±0.5 17.7±1.1 47.7±3.2 29.3±2.2 33.5±1.2

N70 30.5±2.8 13.8±2.7 38.2±1.1 31.7±3.4 17.4±0.9 42.2±2.6 30.8±2.3 27.2±1.5

N70-ox 30.8±4.4 13.6±2.6 40.7±2.0 29.6±0.9 16.8±0.7 45.9±2.9 30.0±3.4 35.4±0.1

N70-red 28.0±3.4 12.5±1.9 37.5±1.8 31.3±1.4 17.7±2.5 49.0±1.9 32.0±2.4 29.2±1.4

a Legumes are absent in Revne
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Large differences in plant N supply rates in control
plots were found between sites (Table 3). Both NO3-N
andNH4-N supply rates were ten times higher in Léognan
than those in Revne and Trefor (significant differences for
total N, NO3-N and NH4-N; p<0.001). In Trefor, N was
predominantly present as NH4-N, whereas in Léognan
and Revne, NO3-N and NH4-N supply rates were more
or less equal. The effects of N additions on N supply rates
differed between countries. In Revne, the N70 and
N70-ox treatments resulted in significantly increased
supply rates of total N (p<0.05 for both) and NO3-N
(p<0.05 for both), but not of NH4-N (N70 p=0.47; N70-
ox p=0.99). The N70-red treatment significantly in-
creased NH4-N supply rates compared to the N70-ox
treatment (p<0.05), but not compared to the control or
N70 treatment (p=0.06; p=0.54). In Trefor, the N70
treatment resulted in significantly higher NO3-N rates
than the control (p<0.05), the N70-red treatment was also
significantly lower than the N-70 treatment (p<0.05),
and there were no effects of N treatment on total N or
NH4-N (p=0.29; p=10). In Léognan, no effects of N
treatment were found (total N p=0.60; NO3-N p=0.9;
NH4-N p=0.24).

In Trefor, nitrification rates were below detection
limit (Table 3). Potential nitrification rates in the con-
trol plots of Revne were considerably higher than those

in Léognan (p<0.001). None of the N treatments had
significant effect on potential nitrification.

4 Discussion

4.1 Differences Between Sites

The three N addition experiments were replicated span-
ning a climatic gradient in the Atlantic biogeographic
region of Europe. This resulted in differences between
the three experimental sites in terms of climate, soil
conditions (Table 1) and, to some degree, species com-
position. Soil depth also varied considerably between
sites, and the deep soils at Léognan may have reduced
the impact of the warmer drier climate, resulting in
higher water availability than if soils had been shallow.
Total biomass was highest in Trefor and lowest in
Revne (p<0.001) and did not reflect nutrient availability
(Table 3). The differences between biomass at the sites
are most likely to be driven by climate: Revne has a much
shorter growing season and lower temperatures than the
other sites and Léognan experienced a drought in 2009.

There were also some differences in the soil pH
between the sites (Table 1). There was no significant
difference in pH between sites (p=0.14) but there was

Table 3 Average (±s.e.) values for soil parameters. Soil nutri-
ents are all expressed in milligram per kilogram dry soil. Poten-
tial nitrification is NO3

− concentrations (mg kg−1 dry soil) after

96 h of incubation. Plant N supply rates are in micrograms 10 per
square centimetre per burial length (n=5 replicates per treatment)

Site No. pH Extractable
NO3-N

Extractable
NH4-N

PO4-P
(Olsen P)

Plant NO3-N
supply rates

Plant NH4-N
supply rates

Potential
nitrification

Revne Control 5.4±0.1 ab 2.3±1.2 2.4±0.5 149.3±10.6 5.4±0.9 a 5.6±0.3 ab 141.7±40.5

N70 5.2±0.2 bc 6.3±2.0 2.4±0.1 127.7±15.7 275.0±82.7 b 10.0±1.4 ab 158.9±32.4

N70-ox 5.8±0.4 a 5.6±1.8 3.7±0.9 130±16.2 264.4±76.4 b 5.1±0.6 a 163.8±41.3

N70-red 4.9±0.2 c 5.1±2.2 2.2±0.1 143.8±11.3 24.7±16.5 a 14.1±3.7 b 156.2±37.0

Trefor Control 5.1±0.1 0.4±0.1 1.5±0.2 12.5±1.1 1.1±0.3 a 14.1±2.1 a

N70 5.1±0.1 0.9±0.3 4.0±1.3 12.4±2.3 5.1±1.6 b 14.8±2.5 a

N70-ox 5.2±0.1 0.4±0.1 1.6±0.2 10.8±0.5 3.1±0.9 ab 13.6±1.7 a

N70-red 5.2±0.1 0.4±0.1 1.7±0.3 13.4±1.1 0.8±0.3 a 21.5±5.7 a

Léognan Control 5.2±0.2 0.9±0.4 0.6±0.2 5.5±2.2 74.0±38.5 56.0±18.8 11.2±4.5

N70 5.4±0.4 1.0±0.5 0.9±0.3 4.2±0.8 74.7±27.4 54.5±16.4 12.9±6.6

N70-ox 5.4±0.4 0.9±0.2 0.5±0.1 5.3±1.1 123.6±51.9 29.4±6.1 13.4±5.2

N70-red 5.4±0.6 0.6±0.2 0.6±0.1 5.6±2.1 34.4±17.0 62.9±17.8 8.4±2.8

Significant differences between treatments are indicated by different letters
a In Trefor no nitrification could be measured
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a significant site × treatment interaction for soil pH
(p<0.01). Combined with climate, these differences ap-
pear to have an impact on N processing. Revne is the
least acidic site and this is also where we observed
highest levels of nitrification as we would expect since
nitrification is hampered by low soil pH (e.g. Ste-Marie
and Parè 1999). We also saw a significant reduction in
soil pH in Revne as a consequence of the reduced N
treatment, this is probably because the high rates of
nitrification release more H+ and thus have greater po-
tential to acidify the soil than with oxidised N input
(Johnston et al. 1986). Remarkably, in Trefor, nitrifica-
tion was below the detection limit. Although this is the
site with the lowest pH in 2009 (5.1 in control plots), we
would still have expected to see nitrifying activity be-
cause nitrification is known to be hampered strongly
below soil pH values of 4.5 (Roelofs 1986). Smits
et al. (2010) found similarly low levels of nitrification
in an acidic matgrass sward in the Netherlands. They
hypothesised that that the nitrifying bacteria are strongly
suppressed, possibly by root exudates of the dominant
Violion plants (Smits et al. 2010). A number of studies
have identified the exudation of biological nitrification
inhibitors from crop species (e.g. Subbarao et al. 2007;
Zakir et al. 2008). As the grasslands in this study are a
similar grassland type to that used in the study of Smits
et al., it is possible that the same phenomenon is being
observed here.

Sites responded differently to the N treatments as a
consequence of varying conditions, and over time we
would expect differences between sites to become
more apparent.

4.2 Impacts of N Addition and Form

Several gradient studies have shown clear negative
correlations between species richness and N deposition
in this habitat (Duprè et al. 2010; Maskell et al. 2010;
Stevens et al. 2010) but, consistent with other controlled
field experiments (Carroll et al. 2003), we did not observe
a strong effect in the first 2.5 years. This is not surprising
in areas with low background deposition as impacts on
species composition may take many years to become
apparent and are likely to be cumulative, especially with
respect to the accumulation of N in the system and with
soil acidification (Duprè et al. 2010). We did observe a
non-significant decreasing trend in the species diversity in
Revne which indicates that some early phase changes are
starting to occur in species composition of the vegetation.

Plant biomass was quite variable but non-significant
trends in biomass, especially for grasses were observed.
Several experiments have reported increased plant bio-
mass as a consequence of N addition (e.g. Clark and
Tilman 2008; Jones et al. 2004; Mountford et al. 1993)
and this is a typical response in vegetation where N is the
limiting nutrient (LeBauer and Treseder 2008). Grasses
typically respond more favourably to N addition than
forbs (Bobbink 1991; Stevens et al. 2006), although
somewhat surprisingly, we saw an increasing trend in forb
biomass in Trefor and Léognan. These results suggest
there may be N limitation on biomass production, espe-
cially in Trefor where all forms of N addition increased
biomass. Reduced forb biomass in Revne with the N70-
red treatment but not the N70 or N70-ox treatments may
suggest that this group is more sensitive to reduced N
inputs. This is in line with the N/P ratios of the plant
tissues; at Trefor and Revne, the lowN/P ratios indicate N
limitation but in Léognan higher values could indicate co-
limitation or P limitation (Güsewell and Koerselman
2002). Over time we would typically expect a changed
species composition as a consequence of increased bio-
mass production as small stature plants (e.g. forbs) cannot
compete for light with tall grass species (Hautier et al.
2009) and as soils become more acidic (Stevens et al.
2011b). In Léognan, the reduced N treatment resulted in a
non-significant reduction in total and grass biomass. This
may have been related to an interaction with the drought
in Bordeaux in the summer of 2009. Experiments inves-
tigating the interactions between N addition and
drought have shown that N can exacerbate the impacts
of drought (Friedrich et al. 2012). Tissue N content
showed a non-significant trend towards being higher at
Revne and in grasses at Trefor, but was unchanged at
other sites. Tissue N content has been suggested as
an indicator of N deposition (Pitcairn et al. 2001).
However, in sites such as Trefor, where background
levels of N are low and there has never been fertiliser
addition, we may expect additional N resources to be
used for growth rather than luxury storage (when plants
take up more nutrients than they need storing the excess
in plant tissues (Barraclough 1993)). Although a num-
ber of N addition experiments have found impacts
on tissue N, including in comparable plant com-
munities (Carroll et al. 2003; Morecroft et al. 1994),
Stevens et al. (2011a) did not find any relationship
between N inputs and tissue N concentration of vascular
plants in a European survey of acidic grasslands. At
Revne, where soil nutrient status is typically a bit higher
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due to past fertilisation, we see slight increases in tissue
N concentration.

Most of the soil variables remained unchanged by
the N addition but, given the low background levels of
deposition, and the relatively short period of N addi-
tion, we would only expect to see the first signs of
impact on soil chemistry. Soil pH showed a significant
reduction with the addition of reduced N at Revne and
a slight increase with N treatments at Léognan. We
would typically expect N addition to reduce soil pH
(Skiba et al. 1989) but, depending on the buffering
capacity of the soil, changes in soil pH may take many
years to become apparent. Extractable soil NO3

− and
NH4

+ showed small, non-significant increases at
Revne, but not at other sites. Since both NO3

− and, to
a lesser extent, NH4

+ are relatively mobile in soil and
both are readily utilised by plants (Matson et al. 2002),
it is not surprising that we do not see clear trends.
However, plant N supply rates did show significant
results. Increases in plant N supply rates were observed
with the N70 and N70-ox treatments in Revne and with
the N70-red treatment in Trefor. This shows differen-
tial impacts of N form and, if this continues, is likely to
result in changes in plant biomass and/or tissue nutrient
concentrations, both of which frequently respond pos-
itively to experimental N additions (Arroniz-Crespo
et al. 2008; Hautier et al. 2009; Phoenix et al. 2012).
Nitrification did not increase at any of the sites in
response to N addition and was not measureable at
Trefor (see Section 4.1). Morecroft et al. (1994) found
similar results in an acid grassland experiment with
low nitrification rates, which did not increase signifi-
cantly at lower N addition treatments (35 and 70 kg
N ha−1 year−1), but were increased by additions of
140 kgNha−1 year−1.Wemay expect to see larger changes
as N additions are applied for a longer time period and a
cumulative effect became apparent.

5 Conclusion

We find the first effects of N addition in three species-rich
acidic grasslands in low pollution regions have become
apparent within 2.5 years. There were some changes in
the vegetation biomass apparent although many of these
were not significant and were not consistent across sites.
There were few significant changes in vegetation nutrient
contents. Over time, these differences may become more
apparent. In some cases, the first signs of differential

effects of N form could be demonstrated, forb biomass
decreased significantly in Revne with the reduced N treat-
ment indicating a negative effect of ammonium. Other
differences in the impact of N form were observed for soil
response variables. These experiments will be continued
to elucidate the longer term impacts of N deposition in
formerly unaffected European grasslands.
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Abstract

Questions: Can we adequately model beech distribution based on accompany-

ing vegetation, and how does this compare with a climate model? To what

extent does accompanying vegetation predict larger extension of beech at its SW

margin compared with current distribution? Do human factors explain the dis-

crepancy between current and potential distribution?

Location: Lowland forests at the SWEuropean rangemargin of beech.

Methods: We built a logistic regression model of beech presence based on

accompanying understorey vegetation using 66 976 plots in the French

National Forest Inventory (NFI) network. Explanatory variables were obtained

by multivariate reduction of 252 species in NFI plots. The model was calibrated

in regions where human impact on beech has been comparatively low. The

probability of beech presence was estimated at its SW margin and compared

with current distribution. We tested whether forest management factors could

explain beech absence in locations where the flora predicted its presence. Perfor-

mance of this model was compared with a classical climatic-envelopemodel.

Results: Modelled potential distribution of beech along its SW margin was lar-

ger than observed distribution, suggesting area shrinkage under man’s influ-

ence. Sites where beech was predicted as present but was currently absent were

significantly less common in high forest stands, and more common in coppices,

plantations and private forests. Characteristics of species replacing beech (early-

successional, plantation or exotic species) confirmed the role of forest manage-

ment and disturbance in beech disappearance. The floristic model provided a

finer resolution distributionmap than the climatic-envelopemodel.

Conclusions: Plant communities, together with precise tree species maps,

allowed us to estimate manipulation of beech by man, and main silvicultural

causes of its disappearance. The improvement in quality of current distribution

models has important implications for modelling of niches under future climate

scenarios.

Introduction

As climate is considered to be the main factor influencing

the distribution of tree species (Woodward 1987; Davis &

Shaw 2001; Normand et al. 2009), improving our ability

to model tree species climatic niche is necessary to better

predict future suitability and possible migration in the con-

text of climate change (Pearson & Dawson 2003), espe-

cially at their range margins (McKenney et al. 2007). Most

models have predicted a reduction at the trailing edge of

distribution ranges in the coming decades in response to

climate change (Benito-Garzon et al. 2008; Badeau et al.

2010).

Niche modelling used in such approaches establishes

a statistical relationship between species presence and

environmental descriptors; but dispersal limitations can

increase discordances between observed distribution and

fundamental niche. Svenning & Skov (2004) found that

less than 50% of the climatically suitable range of numer-

ous tree species was currently occupied when modelled
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from data available in grid atlases. The authors argued that

in distal zones of tree species ranges, recent postglacial

recolonization could remain incomplete because of limited

dispersal ability. However, Welk & Bruelheide (2006)

emphasized the crucial role of data resolution. Niche mod-

els most often rely on coarse-scale spatial climate data

(Araujo et al. 2005), which are usually obtained by the

interpolation of time series of parameters measured at a

limited number of meteorological stations. Thus, such

models cannot pick up fine-scale effects of topography or

aspect, which alter the microclimate and therefore species

presence. Local site conditions play an especially important

role at the range margins of species distribution (Lennon

et al. 2002) through the mechanism of compensating fac-

tors. Isolated populations occur in locally favourable spots,

thus overriding the effects of a globally unsuitable climate.

A species distributionmodel that combines climate and site

variables may be poorly reliable, because spatial resolu-

tions of these variables differ; such a model would depict

many more climatic components than site conditions as

climate is the major determining factor of tree species dis-

tribution, and site conditions usually suffer from a lack of

quality data. Moreover, the observed distribution on

which such models are based can be impacted by human

activities, and as a consequence, the assumption of a con-

cordance between the current distribution of a species and

its niche is not entirely realistic. This may result in

decreased reliability of themodels.

Beech (Fagus sylvatica) is a major tree species in Euro-

pean forests, and is the third most important tree species in

both France and Europe in terms of percentage forest area.

The species reaches the warm, meridional edge of its low-

land European distribution in the southwest of France

(Appendix S1). Indeed, in parallel to increasing water

deficit in summer (Lebourgeois et al. 2005; Badeau

et al. 2010) and increasing winter temperatures (Seynave

et al. 2008), the probability of presence (Badeau et al.

2010) as well as radial (Lebourgeois et al. 2005) and height

(Seynave et al. 2008) growth performance decreases. As a

consequence, Badeau et al. (2010) and Kramer et al.

(2010) predicted a significant decline of beech in the

coming decades in this SW border zone. Further south of

this margin, in the Iberian Peninsula, the species is present

only at higher elevations such as in the Montseny Moun-

tains (Peñuelas & Boada 2003) and along the northern

Atlantic coast (Supporting Information, Appendix S2),

where the climate is less constraining. Jump et al. (2007)

showed that in the Montseny Mountains the limiting

effects of drought and high temperatures on tree establish-

ment and growth observed at lower altitudes disappeared

at higher elevation sites. However, the exact limit of the

potential distribution of beech along its margins is not

known. The impacts of silvicultural practices on its current

distribution may be important in these zones, where con-

ditions for the species are somewhat less suitable. Because

beech grows in competition with oak, which has a higher

timber value, and with other species of higher productivity

(e.g. chestnut and pines), forest management has long dis-

advantaged beech in favour of other species (Bolte et al.

2007; Leuschner et al. 2009). Indeed, several studies have

shown that beech reinvaded oak stands when they were

no longer managed, e.g. in forest reserves in Western and

Central Europe (Vera 2000). At the local scale, compensat-

ing factors have been suggested as an explanation for

beech presence in the warm margin of its distribution

range. In the peri-Mediterranean region (Thiebaut 1982)

and in SW France (Comps 1972), fog or topography could

compensate for drought.

The use of data on understorey vegetation could

improve niche models by solving some of the previous

problems. The composition of plant communities depends

on both global and local factors and includes not only cli-

matic but also edaphic constraints (Ellenberg et al. 1992;

Wamelink et al. 2005). If one dominant tree species is arti-

ficially replaced by another, effects on the ground flora will

be chiefly on non-forest and shade-intolerant species (Bar-

bier 2007; Wulf & Naaf 2009). Consequently, the floristic

composition will still indicate the ecological conditions that

allowed the presence of the former species. In addition, an

artificial replacement of the dominant tree species would

not necessarily lead to radical changes in soil and microcli-

mate conditions. Thus, understorey vegetation could help

to identify the potential distribution of a tree species, inde-

pendently of its current presence or absence. Few attempts

have been made to model the distribution of tree species

from understorey vegetation. Rasmussen & Kollmann

(2004) tried to define the niche of Sorbus torminalis as a

function of plant communities. Based on phyto-sociologi-

cal surveys, the characteristic flora of beech woodlands has

been clearly identified in many parts of Europe, including

the southwest border zone of this species (Comps et al.

1986). It should therefore be possible to use forest floor

vegetation to model beech presence. Moreover, large data-

bases have recently been made available through national

forest inventories, which provide vegetation descriptions

at a fine scale.

In this study, we focused on the lowland distribution of

beech and investigated the following issues:

• Can we adequately model beech distribution based on

accompanying vegetation, and how does such a model

compare with a climate model? We expected to find that a

model based on plant community composition would cap-

ture the patchiness of tree distribution in its border area,

whereas a climatemodel would not.

• To what extent does accompanying vegetation predict a

larger extension of beech at its southwest margin in com-
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parison with its current distribution? We expected to find

that, due to human effects, current beech distribution had

shrunk in comparison with its presence predicted by the

understorey flora.

• How can human factors explain the discrepancy

between current and potential distribution? We hypothe-

sized that (i) disappearance of beech may be related to

management practices, such as silvicultural regime or type

of ownership, and that (ii) the effects of human impact

increased at its southwest margin.

Methods

Approach

In the first stage, we calibrated a model of beech presence

based on accompanying flora. All data were recorded in

the National Forest Inventory (NFI). Because we hypothe-

sized that beech had been heavily manipulated by man in

its southwestern range, this region was discarded from the

calibration data set. We calibrated the model with data

from the northern and northeastern lowlands of France

(the core of the species range) and from the southeastern

lowlands (Fig. 1), where the absence of beech is due to

high climatic constraints. We called this calibration zone

the north-and-east zone. Beech limitation in this zone is

natural, as supported by Seynave et al. (2008), who

showed that in SE France, the current limit of beech distri-

bution closely corresponds to a sharp decrease in height

growth. Because we focused on beech behaviour in Euro-

pean lowlands, all forested areas above 350 m were dis-

carded from our analyses. Above this threshold elevation,

we observed a general and sharp increase in beech fre-

quency of occurrence throughout France. From the same

data set, we also calibrated a statistical, climate-envelope

model to predict potential beech presence based on climate

variables.

In the second stage, the previous models were used to

predict beech presence in NFI plots of the southwest zone

(Fig. 1).

In the third stage, we compared the map of predicted

beech presence that we had obtained and the current

observed distribution to identify plots where beech could

have been either limited or favoured by man. We looked

for human and climate factors that could explain the

absence of beech on plots where it was predicted by the

vegetation model in the southwestern zone.

Study area and data sets

French forests are sampled by the NFI (Drapier & Cluzeau

2001) in a stratified random manner, which aims to assess

the state of metropolitan forests to guide French forestry

policy. We used data collected during the last three inven-

tory cycles that took place between 1981 and 2004. All

vascular plant species and common soil bryophytes found

in a circular 700-m2 area were recorded in 127 163 sample

plots (Fig. 1). Soil and stand characteristics and local

topography were also recorded at the plot level (Table 1).

Due to the stratified sampling scheme, each NFI plot repre-

sents a certain surface area of the French forest, 103 ha on

average.

Climatic data (monthly precipitation, temperatures and

number of frost days) were provided by the AURELHY

Meteo France model at 1 km 9 1 km resolution (Benic-

hou & Le Breton 1987). We used monthly radiation for the

period 1996–2002, provided by Satmos with a precision of

3 km, to estimate monthly Turc potential evapotranspira-

tion (Turc 1951). Monthly and seasonal precipitation defi-

cits were calculated as the difference between potential

evapotranspiration and precipitation.

Data analysis

Model development

Logistic regressionmodels for the probability of beech pres-

ence were built using either floristic or climate data.

Because predictor variables used in both the floristic (plant

species presence) and climate (monthly climate variables)

models were numerous and correlated, we first applied a

dimension reduction obtained through correspondence

analysis for floristic data (Saporta & Niang 2006) and prin-

cipal components analysis for climate data (Aguilera et al.

2006). The first n multivariate axes (n = 27 and n = 19 for

the floristic and the climate models, respectively) were

used as potential independent variables in the logistic

regressions.

Among the total set of floristic inventories (1285 spe-

cies), 746 species occurred in both the north-and-east and

the southwest border zones. Only species displaying at

Fig. 1. Observed presence and absence of beech in National Forest

Inventory plots. A total of 42 417 plots in the north-and-east lowland zone;

24 559 plots in the southwest lowland zone; 60 187 plots above 350 m

elevation; 127 163 plots in France.
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least 50 occurrences in the north-and-east zone and ten in

the border zone were considered for correspondence anal-

ysis (427 species). Overstorey composition may influence

understorey vegetation (Augusto et al. 2003; Barbier et al.

2008), but mainly affects non-forest and shade-intolerant

species (Barbier 2007; Wulf & Naaf 2009); as a precaution,

we discarded these from the analysis. We referred to Ra-

meau et al. (1989, 2008) and Ellenberg et al. (1992) to

identify shade-intolerant species and to Julve (1998) to

establish the list of non-forest species. Introduced species,

mostly ligneous, were also discarded because they often

display a distribution that is not in a state of equilibrium

with the climate. Beech was also removed. Finally, 252

species were retained for correspondence analysis. Only

plots with at least five of these species present were kept

(59 670 in the calibration zone).

For the climatic model, we applied a principal compo-

nents analysis to the matrix of the same 59 670 relevés

and 133 climatic variables.

We used logistic regression to determine the relation-

ship between beech presence and the floristic or climatic

axes of either correspondence analysis or principal compo-

nents analysis. The regressions produced probabilities P of

beech being present in each NFI plot (0 < P < 1). We used

a logit link and binomial error distribution (McCullagh &

Nelder 1989), where logit transformation of P was mod-

elled as a linear function of the n possible explanatory axes

(xk, k = 1, n):

logitðPÞ ¼ log
P

1� P

� �
¼ � þ

Xn
k¼1

�kxk þ ":

Only the first axes of previous multivariate analyses,

which retained the largest part of total variance, were used

in model construction. Models were fitted using a maxi-

mum likelihood method (McCullagh & Nelder 1989) and

forward stepwise selection among these axes. We kept the

number of axes in each model that offered the best com-

promise between the number of variables and model per-

formances according to Nagelkerke R² (Nagelkerke 1991),

AIC values and v² score.
The models were adjusted on a randomly selected two-

thirds of all plots from the north-and-east zone (n =
24 291) and validation was performed on the remaining

one-third (n = 12 174). Each model was then used to cal-

culate the probability of beech occurrence in the southwest

zone.

Model evaluation

First, we evaluated the reliability and discriminatory

capacity of the two models (Pearce & Ferrier 2000). The

first test was for concordance between estimated probabili-

ties and observed frequencies of beech, while the second

assessed the ability of the model to correctly discriminate

between occupied and unoccupied sites.

Reliability was evaluated with the Hosmer-Lemeshow

goodness-of-fit test (Hosmer & Lemeshow 2000).

Discrimination capacity was determined by visual

inspection of the relative distribution of predicted values

among plots for presence or absence of beech. We also

calculated the area under the receiver-operating curve

(ROC), denoted AUC. According to Swets (1988), we

Table 1. Edaphic, topographic and anthropogenic variables recorded by the French NFI and used in the present study.

Factor Variable Number of classes Description

Soil Available water capacity 10 Gradient: low to high capacity

Waterlogged soil characteristics 3 Absent – intermediate – high

Depth 10 Gradient: superficial to deep

Acidity 3 Gradient: basic to acid

Humus activity 8 Gradient: mor to eumull

Waterlogged humus 2 Presence – absence

Rock outcropping 10 Percentage cover of rock outcrops

Gravel content 10 Percentage of soil volume

Texture 9 Gradient: sandy to clayey

Topography Slope 2 Slope � 5° – slope > 5°

Local radiation Continuous Gradient: low to high local radiation

Aspect Continuous Gradient: from south to north

Valley confinement 2 Yes – no

Effects on water balance 4 Gradient: worsening to improving

Human Ownership status 2 State – private

High forest management 2 Yes – no

Coppice management 2 Yes – no

Coppice with standards management 2 Yes – no

Afforestation or species substitution by plantation 2 Yes – no

Predominance of an exotic species 2 Yes – no
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considered an AUC between 0.90 and 1.00 as excellent,

between 0.80 and 0.90 good, between 0.70 and 0.80 fair,

between 0.60 and 0.70 poor, and between 0.50 and 0.60 as

fail. We also used several criteria derived from the two-by-

two cross-classification table which confronts expected

and observed presences and absences (Supporting Infor-

mation, Appendix S3a and S3b). We chose sensitivity (Ss)

and specificity (Sp), which respectively represent the pro-

portion of correct predictions for presence or absence, and

precision of presence (Pp) and absence (Pa), providing the

proportion of correct predictions when a presence or an

absence is expected. In order to build such a table, a proba-

bility threshold Pfair must be chosen, above or belowwhich

the species is considered to be present or absent. As recom-

mended by Liu et al. (2005), we used the Ss and Sp equal-

ity method to determine the Pfair threshold value.

Frequency of beech occurrence (prevalence) in the fit-

ting data set can impact the results of distribution model-

ling (Manel et al. 2001). Allouche et al. (2006) developed

a model evaluation criterion independent of prevalence,

the true skill statistic (TSS). From the cross-classification

tables, we calculated TSS in the north-and-east and the

southwest border zones in order to evaluate the change in

global performance of our models between these two areas.

Indicator species for beech presence

For the purpose of illustration, we listed the plant species

significantly associated with the presence of beech, either

positively or negatively.We used a two-sided Fisher’s exact

test at the P < 0.001 level of significance to compare the

frequencies of occurrence of all of the 1285 species present

in the French lowland plots where beechwas present, with

those where it was absent.

Determining factors related to the absence of beech where forecast

by the floristic model

We estimated the influence of anthropogenic variables on

beech presence in the southwest border zone by calculat-

ing ratios of the frequencies of each management condi-

tion in sites where beech was absent (f0) to those where it

was present (f1). In this way, we tested the role of manage-

ment regime, type of regeneration, type of ownership and

exotic species introduction. The probability of occurrence

given by the climate model represented a measurement of

the global climatic constraints on beech, and the ratio of its

mean in sites where beech was absent (m0) to that where

beech was present (m1) was calculated. We also identified

the dominant tree species related to the presence of beech

in the southwest border zone by calculating the ratio of

their observed frequencies in sites where beech was absent

(f0) to those where it was present (f1).

We also identified which management conditions and

dominant tree species were related to the disappearance of

beech (beech predicted by the flora but not observed) in the

southwest border zone. For this purpose, we calculated the

ratios (fb/fd)/(fa/fc), where fa, fb, fc and fd were the observed

frequencies of each management condition or dominant

tree species in cells a, b, c and d, respectively, of the cross-

classification table (Supporting Information, Appendix

S3a). We also calculated the ratios (mb/md)/(ma/mc), where

ma,mb,mc andmdwere the observedmeans of themodelled

climatic probability of presence in the cross-classification

table. Values of the ratios higher than one indicated a silvi-

cultural condition related to the disappearance of beech, or

a tree species replacing beech in siteswhere it had been pre-

dicted to occur, butwas recorded absent.

All computations and statistical analyses were carried

out using SAS/STAT® 9.2 software version (SAS/STAT�

Institute Inc., Cary, NC, US).

Results

Indicator species of beech presence

In the French lowlands, 103 plant species were signifi-

cantly associated with the presence of beech, at the

P < 0.001 level. The 30 most significant are listed in

Table 2. We found 154 species significantly more associ-

ated with beech absence. Species preferring beech were

more shade tolerant than those avoiding it: mean Ellen-

berg light indicator values were 4.6 and 5.8, respectively

(P < 0.0001). See Appendices S4 and S5 for the full lists of

species.

Modelling beech potential distribution

Both floristic and climatic regression models included 13

multivariate axes (Table 3). We tested for over-dispersion:

Pearson v² and deviance were not significant (P > 0.05),

suggesting that themodels fittedwell. The threshold proba-

bility value, sensitivity and specificity were Pfair = 0.45,

Ss = 0.74 and Sp = 0.74 for the floristic model, and

Pfair = 0.44, Ss = 0.72 and Sp = 0.73 for the climatemodel.

Model evaluation

Floristic and climate models showed good discriminatory

power following the classification proposed by Swets

(1988) based on AUC values (Table 4; Appendix S6), both

in the calibration and validation data sets. Low probabili-

ties were well represented by themodels and corresponded

to a first frequency peak for unoccupied sites only (Fig. 2).

The second peak was located at probability values above

Pfair and mainly concerned occupied sites. This was indica-

tive of the good discrimination capacity of the models.
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Performance criteria were calculated for the calibration

and validation subsets (Table 4), based on the two-by-two

cross-classification tables (Supporting Information, Appen-

dix S7). The floristic model performed slightly better than

the climate model for all criteria, although overall, both

models were adequate, with both Ss and Sp above 0.7.

Prediction of beech presence in the southwest border zone

The behaviour of the floristic and climate models in the

southwest border zone was not the same. Both predicted a

low value of beech presence in comparison with the

north-and-east zone. However, the floristic model globally

predicted more presences than were observed (18% vs

11%), while the climate model forecast less presences than

were observed (3% vs 11%). The global performance of

the floristic model remained stable and was better than the

climatemodel (TSS = 0.49 and 0.09, respectively).

Predicted probabilities according to the floristic (Fig. 3a)

and climate (Fig. 3b) models were mapped for the 59 670

plots in the French lowlands and were compared with the

current distribution (Fig. 1). The scattered pattern of cur-

rent beech presence in the western lowlands of France was

preserved in the floristic model, but not in the climate

model, which predicted a homogeneous although low

probability of presence throughout the area. Combined

with the global underestimation by the climate model of

beech prevalencementioned above, this led to a lower sen-

sitivity of the climate model in the southwest border zone

(0.11) compared to the floristic model (0.61). In other

words, most of the current beech presences in SW France

occur ouside the climatic range according to our climate

model. Floristically-determined potential sites covered a

wider geographical area (Fig. 3a) compared to the climate

envelope of the species (Fig. 3b).

The proportion of sites where beech was absent among

those where it had been predicted to be present by the flo-

ristic model (1 � Pp) was 35% for the north-and-east zone

Table 2. Species most significantly associated with beech presence in the

French lowlands (�350 m elevation). Species are classified by decreasing

ratio of presence to absence. * Tree species.

Species Frequency of occurrence (%) in

plots where beech is:

absent present

Vacciniummyrtillus 1.1 8.8

Galium odoratum 1.5 10.2

Oxalis acetosella 1.2 6.6

Abies alba* 1.4 7.5

Luzula sylvatica 1.1 4.9

Melica uniflora 1.8 7.2

Sorbus aria* 2.0 7.3

Milium effusum 4.2 14.0

Luzula pilosa 2.8 8.4

Dryopteris dilatata 2.1 6.1

Rubus idaeus 1.9 5.4

Lamiastrum galeobdolon 4.4 12.0

Athyrium filix-femina 3.4 9.1

Anemone nemorosa 4.7 12.1

Cornus mas* 2.7 6.9

Ilex aquifolium* 13.4 31.7

Polytrichum formosum 15.6 36.9

Atrichum undulatum 5.9 13.7

Acer pseudoplatanus* 7.2 16.7

Carex sylvatica 12.6 28.1

Quercus petraea* 26.1 58.0

Dryopteris carthusiana 4.0 8.7

Crataegus laevigata 6.4 13.2

Carpinus betulus* 30.5 59.2

Dryopteris filix-mas 7.1 13.0

Deschampsia flexuosa 11.0 17.6

Betula pendula* 24.2 38.2

Acer campestre* 14.9 23.1

Corylus avellana 33.1 45.0

Hedera helix 55.1 64.5

Table 3. Wald v² and estimated values of model parameters for the logis-

tic regressions of beech presence fitted on correspondence analysis axes

for the floristic model and principal components axes for the climate

model. All v² values were significant at the P < 0.001 level.

Variables entered Wald v² Standardized estimates

Floristic model

Intercept 875.7 –

Axis 6 700.4 0.3177

Axis 1 396.5 �1.7861
Axis 4 371.1 �0.2949
Axis 10 292.7 0.4047

Axis 12 142.7 �0.1579
Axis 3 108.4 �0.1778
Axis 2 106.5 0.1804

Axis 18 103.2 0.1427

Axis 19 90.7 0.1009

Axis 14 79.1 0.1954

Axis 24 58.7 0.0714

Axis 17 30.8 �0.0621
Axis 11 22.4 0.0850

Climate model

Intercept 1193.1 –

Axis 1 1399.6 �1.2211
Axis 15 333.8 �0.1929
Axis 2 324.1 �0.2092
Axis 18 292.1 �0.1763
Axis 14 202.6 0.1690

Axis 3 150.4 0.1453

Axis 11 80.6 0.0980

Axis 10 69.5 0.0920

Axis 4 62.9 �0.0849
Axis 13 33.5 0.0718

Axis 16 30.7 �0.0507
Axis 12 16.7 �0.0493
Axis 17 8.1 0.0308

Journal of Vegetation Science
318 Doi: 10.1111/j.1654-1103.2011.01341.x© 2011 International Association for Vegetation Science

Tracking human impact on species range D. E Silva et al.



and 61% for the southwest border zone. This suggested

that some beech had disappeared in this latter zone. For

the climate model, this proportion was smaller (54%). An

area-weighted sum showed that the potential disappear-

ance of beech covered over 67% of the area where it had

been predicted by the floristic model, i.e. more than

300 000 ha.

The modelled climatic probabilities showed that the

southwest zone is characterized by a regular and gentle cli-

mate gradient, while an abrupt spatial transition occurs in

the eastern lowlands, along the Rhone Valley (Fig. 3b), as

plot distribution did not decrease regularly from null to

high probability values (Fig. 4). The range of climatic prob-

abilities observed in the north-and-east zone, used for cali-

bration, encompassed that of the southwest border zone.

Determining factors related to the disappearance of beech model

In the 23 205 sites in the southwest border zone, human

impact played an important role in determining the cur-

rent presence or absence of beech in sites predicted as

favourable. The ratios of the frequencies (fb/fd)/(fa/fc) for

five management variables among the six tested and the

ratio of the means (mb/md)/(ma/mc) for the climatic proba-

bility were higher than one (Table 5). The management

conditions related to the absence of beech when forecast

by the floristic model were presence of coppice with stan-

dards, coppice or absence of high forest management

regimes, plantation forestry and private ownership status.

A large majority of these conditions had a negative effect

on beech presence (ratio f0/f1 < 1). The presence of beech

where it was predicted by flora was less dependent on cli-

mate suitability than where it was not predicted [(mb/md)/

(ma/mc) > 1]. Human impact on beech presence or absence

was exacerbated in the south-west margin compared

to the north and east plains (Supporting Information,

Appendix S8).

The species replacing beech when it was not present on

sites predicted as potential are given in Table 6. These were

either species favoured by plantation, most often allochth-

onous (Castanea sativa, Pinus nigra ssp. laricio, Pseudotsuga

menziesii, Quercus rubra and Robinia pseudoacacia), more
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Fig. 2. Distribution of predicted probability values where beech was present or absent in the validation subset. (a) Floristic model and (b) climate model.

The vertical dashed line indicates the threshold probability level Pfair.

Table 4. Evaluation criteria for logistic regressions performed on floristic and climate data.

Statistics Floristic model Climate model

Calibration

data set

Validation

data set

Southwest

border zone

Calibration

data set

Validation

data set

Southwest border

zone

Hosmer-Lemeshow

goodness of fit test (v² value)

26.4 (P < 0.001) 21.1 (P < 0.01) – 66.8 (P < 0.0001) 39.6 (P < 0.0001) –

AUC 0.834 0.827 – 0.805 0.802 –

R²Nagelkerke 0.43 0.42 – 0.37 0.37 –

Range of probabilities 0–0.99 0–0.99 0–0.99 0–0.93 0–0.93 0–0.66

Sensitivity (Ss) 0.74 0.74 0.61 0.72 0.72 0.11

Specificity (Sp) 0.74 0.74 0.88 0.72 0.73 0.98

Precision of presence (Pp) 0.65 0.65 0.39 0.63 0.64 0.46

Precision of absence (Pa) 0.82 0.82 0.95 0.80 0.79 0.90

True skill statistic (TSS) 0.49 0.48 0.49 0.44 0.44 0.09
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light-demanding, pioneer species (Betula sp.,Populus tremula

and Quercus robur) or species usually accompanying beech

(Carpinus betulusandQuercus petraea).

Discussion

The main result was that the composition of forest plant

communities predicted a potential range for beech that is

wider than the current distribution at its southwest mar-

gin. This discrepancy may be attributed to three causes: (1)

model bias, (2) differential range filling, with understorey

species spreading faster than beech during the postglacial

colonization due to different dispersal abilities, and (3)

human impact on species presence.

The quality of the floristic model in the north-and-east

zone was good, and even slightly better than the climate

model. This calibration zone encompassed a wider range of

drought and temperature conditions than the southwest

border zone. In addition, it has been shown that the niche

of herbaceous species is stable between eastern and wes-

tern France, at least for edaphic conditions (Coudun &

Gégout 2005). There was therefore no evidence of bias that

would lead to an overestimation of beech presence in the

southwest zone.

It would be difficult to attribute the discrepancy

between the current limits of beech distribution and its

potential range predicted by flora to a less complete post-

glacial colonization by beech compared to the understorey

flora. Glacial refugia of beech have been identified close to

the area we studied (Magri et al. 2006), in the north of the

Iberian Peninsula and in the western Alps. The same

authors have shown that, at around 1000 BP, beech had

Fig. 3. Probability of beech presence in the French lowlands (�350 m

elevation). Estimated from (a) the species composition of plant

communities (floristic modelling approach) and (b) climate variables

(climate-envelopemodelling approach).
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Fig. 4. Distribution of predicted values of beech presence in the French

lowlands by the climate model in the north-and-east zone and in the

southwest border zone. (a) For forest areas (proportion of National Forest

Inventory (NFI) plots) and (b) for the whole area (proportion of AURELHY

grid cells), for each 0.01 probability class. A distribution gap is observed

for low probability values, between 0 and 0.3, in the north-and-east zone.
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already reached its maximum extension, which was very

similar to that of today. In our study we observed that, like

beech, the main plant species associated with beech in the

French lowlands are shade tolerant. Moreover, a large

number of these accompanying species are known to be

ancient woodland species (Hermy et al. 1999), for exam-

ple, Anemone nemorosa, Carex sylvatica, Galium odoratum,

Lamiastrum galeobdolon, Luzula pilosa,Melica uniflora, Milium

effusum or Oxalis acetosella,which, in addition, are especially

poor colonizers (Bossuyt et al. 1999). Willner et al. (2009)

showed that understorey species richness of beech forest

decreased as the distance from the glacial refuge of beech

increased, which supposes that the distribution of these

species is limited by postglacial dispersal. So, these accom-

panying species probably did not colonize the postglacial

leading edge faster than beech. Instead, their presence

without Fagus sylvatica suggests its disappearance.

The relative area of forest potentially affected by the dis-

appearance of beech in the southwest border zone was

almost twice as large as in the north-and-east zone. Forest

management was the main factor explaining the absence

of beech where it had been predicted by the flora. Almost

all frequency ratios calculated for the tested management

variables differed from one. Stand management regime

has a significant impact on beech presence. The negative

effects of coppicing and coppice with standards and the

Table 5. Variables explaining the presence or absence of beech in the southwest border zone (n = 23 205 plots). (i) Independently of the predicted pres-

ence and (ii) when predicted by the floristic model. (a) Anthropogenic variables; (b) climate variables.

(a)

Variables (i) Proportion (%) for sites

containing beech

Ratio of frequencies in sites

where beech is absent to those

where it is present (f0/f1)

(ii) Ratio of frequencies in the

cells of the cross-classification

table (fb/fd)/(fa/fc)
Absent (f0) Present (f1)

▪ Coppice with standards 26 27 0.99 2.08

▪ Coppice 18 6 3.19 1.93

▪ Other management than high forest 50 36 1.41 1.72

▪ Afforestation or species substitution
by plantation

9 7 1.31 1.69

▪ Private ownership status 86 51 1.69 1.17

▪ Predominance of an exotic species 37 11 3.50 0.98

(b)

Variable (i) Mean value for sites

containing beech

Ratio of means in sites where beech

is absent to those where

it is present (m0/m1)

(ii) Ratio of means in cells

of the cross-classification table

(mb/md)/(ma/mc)
Absent (m0) Present (m1)

Climate suitability (modelled probabilities) 0.16 0.27 0.60 1.24

Table 6. Relationships between dominant tree species and beech presence, and species replacing beech when it was predicted by the floristic model but

is currently absent in the southwest border zone (n = 23 205). Species that more often occupy sites where beech is absent than those where it present, or

species that replace beech when it disappears have ratios >1.

Species Frequency of species (%)

for sites where beech is:

Ratio of frequencies of species

in sites where beech is

absent to those where it is

present (f0/f1)

Ratio of frequencies of

species in cells of the

cross-classification table

[(fb/fd)/(fa/fc)]
absent (f0) present (f1)

Castanea sativa 3.2 4.1 0.79 5.20

Robinia pseudoacacia 1.4 0.3 5.10 5.09

Populus tremula 0.5 0.2 2.90 4.26

Carpinus betulus 0.8 1.6 0.55 3.87

Pinus nigra ssp. laricio 2.1 0.8 2.79 3.79

Quercus robur 23.9 20.3 1.17 2.66

Pseudotsuga menziesii 1.2 1.5 0.83 2.36

Quercus rubra 0.4 0.5 0.88 2.35

Quercus petraea 10.6 41.2 0.26 1.82

Betula sp. (incl. pendula and pubescens) 1.1 0.2 5.52 1.14
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positive effect of high forest management that we observed

were consistent with specific characteristics of beech (El-

lenberg 1988; Peters 1997). The ability of beech to resprout

after cutting is limited and so it is progressively eliminated

by coppicing. High forests limit light access to the forest

floor, thus favouring beech regeneration, unlike coppice

with standards.

Plantation forestry has tended to eliminate beech from

some suitable sites because of its lower economic value

and establishment success rate in comparison with more

valuable or light-demanding species. The role of artificial

afforestation and regeneration can be illustrated by the

species that have replaced beech. They were often exotic

species, favoured by large state plantation programmes

during the second half of the 20th century, such as Pseud-

otsuga menziesii or Quercus rubra. Other replacing species,

such as Castanea sativa, are native to France but were

widely extended by man in the past. However, in some

cases, autochthonous species were found instead of beech.

This could result from selection against beech due to its

lower resprouting ability after coppicing, unsuccessful nat-

ural regeneration of beech stands or recent natural affores-

tation of ancient agricultural lands where beech had not

yet colonized.

Ownership status was also related to beech elimina-

tion in the southwest border zone. State forests in France

are ancient forests, whereas half of today’s private forests

have replaced arable land during the last two centuries.

Forest management cycles are longer on average in state

forests. Historical trends have led to higher volumes of

wood per hectare in state forests (19% more than in pri-

vate forests on average throughout France, from NFI data

analysis). These three characteristics favour beech, which

is a late-successional and shade-tolerant species. In the

SW French lowlands, 80% of the inventoried NFI sites

are private forests, a higher figure than in the north-

and-east lowlands (59%). This high proportion partly

explains why beech is so often missing at its southwest

margin.

Another interesting result of the floristic model was that

the predicted potential distribution of beech in the south-

west border zone was wider and patchier than that forecast

by a classical climate-envelope model. Two explanations

are possible. First, although the sampling density was the

same for floristic and climate data (about one point for

every 100 ha of forest), they represented different scales of

ecological phenomena (Randin et al. 2009; Franklin

2010). Climate data were averaged over 1 km 9 1 km

cells whereas floristic data were collected on 700-m² plots.
Thus, the latter could capture variation in microclimate

that the former could not. Second, because understorey

vegetation responds strongly to variations in soil condi-

tions, the vegetation model integrated part of the relation-

ships between beech presence and edaphic parameters,

such as soil nutritional status or soil moisture regime,

whereas climate models did not. This may be crucial when

considering that waterlogging and flooding in alluvial for-

ests exert important controls on beech presence (Ellenberg

1988).

Conclusions

Our model of beech distribution based on plant commu-

nity composition, which presents relics of former beech

distribution, predicted a wider range than is currently

occupied by beech. Moreover, the absence of beech at its

southwest margin in sites where the model predicted pres-

ence was clearly related to management factors. These two

results strongly support the hypothesis that beech distribu-

tion has shrunk due to human activities. Stand manage-

ment regime, plantation forestry and ownership status

have had negative effects on beech presence, ultimately

leading to elimination of the species. Man has truncated

the distribution range of beech by replacing it with more

productive, often allochthonous, species. It would be inter-

esting to use the predicted potential range, as shown

through our floristic model, to calibrate climate niche

models. In this way, bias due to human impact on current

tree distribution would be reduced. The quality of projec-

tions for future climate scenarios would also be improved.

Because most temperate tree species have been manipu-

lated by man, our approach could be profitably applied to

species other than beech.
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Peñuelas, J. & Boada, M. 2003. A global change-induced biome

shift in the Montseny Nountains (NE Spain). Global Change

Biology 9: 131–140.

Peters, R. 1997. Beech forests. Geobotany 24. Kluwer Academic,

Dordrecht, NL.

Rameau, J.C., Mansion, D., Dumé, G., Timbal, J., Lecointe, A.,

Dupont, P. & Keller, R. 1989. Flore forestière française. Guide
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Rameau, J.C., Mansion, D., Dumé, G., Gauberville, C., Bardat,

J., Bruno, E. & Keller, R. 2008. Flore forestière française. Guide
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Climate is considered to be the main factor that determines forest species distribution. In Europe, climatic
series show a global warming trend and an increase in frequency of summer droughts, which should
affect growth and regeneration of tree populations. Beech (Fagus sylvatica L.) is particularly sensitive to
drought and high temperatures. Then, this species reaches the rear edge of its lowland European distri-
bution in the south-west of France. In this area, statistical modelling of future distributions based on cli-
mate scenarios show a significant potential reduction for F. sylvatica’s range. At the moment, failure of
beech establishment is still unknown at the regional scale in the rear edge of its distribution range.

The aim of this study was thus to determine if a reduction in natural regeneration of beechwoods could
be related to the decrease in the species presence at its range margin. We identified ecological factors
related to beech recruitment by estimating seedling density on the forest floor respectively in 71 and
85 beech plots in the south-west lowlands of France. We also determined if a relation between seedling
amount and mast-seeding existed.

We showed the importance of local factors in the natural regeneration stages by performing a multi-
variate reduction of the data and a multiple regression on densities. The inherent capacity of the stand
to produce fruits explained a greater part of cupule density variance than did the climatic factor. How-
ever, we observed that meso-, micro- and pedo-climates were the main factors controlling seedling
amount. Higher soil moisture, precipitation and temperature during the growing season increased seed-
ling density, while late spring and early autumn frosts decreased it. Soil and stand conditions also played
a significant role. Fruit production increased in stands that showed tree crown degradation, while seed-
ling amount decreased in this case. The increase in allocation to reproduction could be a strategy of beech
to cope with ecological constraints that tend to limit its establishment.

Thus, seedling establishment is related to the factors controlling F. sylvatica presence at its southern
distribution margins. This illustrates how natural regeneration is a key stage for beech success where
the future of the species is jeopardized in the context of climate change.

� 2011 Elsevier B.V. All rights reserved.
1. Introduction

Improving our knowledge of tree species behavior at their range
margins is essential to understanding their future suitability in the
context of climate changes. During the last few decades in Europe,
climate series of mean temperatures have clearly revealed a global
warming (IPCC, 2001; Luterbacher et al., 2004) and an increase in
extreme climatic events such as high mean summer temperatures
and summer drought (Schar et al., 2004; Stott et al., 2004).
European species populations at their southern distribution limit
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might be more vulnerable to the increasing frequency of extreme
climatic conditions because they are already growing in the warm-
est and driest part of their climatic niche. That is why species’
southern ranges are considered to be hotspots of vegetation
changes. Several results from statistical modelling of future distri-
butions based on climate scenarios have already shown significant
potential reductions for several tree species, at their rear edge in
Europe (Attorre et al., 2008; Badeau et al., 2010; Benito Garzon
et al., 2008; Berry et al., 2002).

Beech is at the moment a major tree species in European forests,
but its populations in the southernmost range margins may shift to
higher altitudes (Peñuelas et al., 2007; Peñuelas and Boada, 2003)
and their distribution shrink. This species is indeed sensitive to
climatic variations such as more frequent extreme drought events
or global warming, particularly in terms of growth (Dittmar et al.,
2003; Granier et al., 2007; Jump et al., 2006b; Lebourgeois et al.,
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Fig. 1. Map of sampled plots (elevation 6350 m; N = 85) over beech distribution in
France (source: French National Forest Inventory).
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2005; Seynave et al., 2008), productivity (Bontemps et al., 2009;
Ciais et al., 2005) and physiological performance (Bréda et al.,
2006; Granier et al., 2007; Rennenberg et al., 2006). However, at
the species distribution margins, climatic and site constraints can
also lead to adaptive responses that may enhance populations’ toler-
ance to drier environmental conditions (Fotelli et al., 2009; Jump
et al., 2006a; Peñuelas et al., 2008; Peuke et al., 2002). It was shown
that beech presented high heat stress tolerance and metabolic plas-
ticity during the heat-wave in the summer of 2003, compared to
other Atlantic tree species in south-western Europe (Garcia-Plazaola
et al., 2008). But further investigations of beech behavior at its
southern European margins are needed to improve our knowledge
of tree species potential responses to climate change.

Because of strong regional climatic constraints, beech reaches
the rear edge of its lowland European distribution in the south-
west of France. In Spain, the species appears only at higher
elevations, as the climatic constraints decrease (Jump et al.,
2007). Badeau et al. (2010) modelled the potential reduction of this
species over the next few decades in this south-west border zone
according to future climate scenarios. This disappearance should
imply a decline in present populations or a regeneration failure,
and qualifies the border zone as a hotspot for change in beech dis-
tribution. We hypothesized that signs of decline or establishment
failure already exist in the south-western lowlands of France.
Consequently, we focused on this zone to study beech responses
to climatic limitations.

We considered natural regeneration (i.e. seedling establish-
ment) as a crucial stage in the regeneration of populations located
in mature beech stands in the south-western European plains,
although it is necessary to consider several demographic indica-
tors in population persistence studies, as the results of Barbeta
et al. (2011) underlined. Regeneration of beech has mostly been
studied in Central and Western Europe, at the local scale, and
authors have mainly focused on the effects of light on seedling
behavior.

Above all, drought affects physiological performance (Galle and
Feller, 2007), growth and nitrogen uptake (Fotelli et al., 2002,
2001), competitive ability (Fotelli et al., 2005, 2002; Rust and Sav-
ill, 2000) and as a result, density (Madsen and Hahn, 2008) of beech
seedlings. Besides, light intensity decreases with the degree of can-
opy closure and is a crucial factor for seedling development, de-
spite the shade-tolerant nature of beech. The effects of gaps in
forest cover have been investigated through experimental or natu-
ral gap measurements in Southern and Central Europe. Canopy
opening changed growth patterns and beech establishment suc-
cess (Caquet et al., 2009; Collet et al., 2001; Gansert and Sprick,
1998; Modrý et al., 2004; Topoliantz and Ponge, 2000). However,
the effects of light are complex as intense sunlight could play a
negative role (Emborg, 1998; Peltier et al., 1997; Robson et al.,
2009; Tognetti et al., 1998) and water supply could interact with
light effect (Petritan et al., 2007). In their recent work, Caquet
et al. (2009) and Madsen and Hahn (2008) argued that existing
regeneration was a key factor in the success of beech establish-
ment when light intensity increased after a canopy opening. But
spatial pattern of stand regeneration along wide and extreme envi-
ronmental gradients such as the ones present in the southern mar-
gins was poorly –if any– investigated.

Seedling density may be related to fruit production and depend
on germination success. Few studies have been conducted to deter-
mine the relationship between beechnut density and seedling
abundance in beech stands. Topoliantz and Ponge (2000) observed
that maximum seedling abundance did not occur concomitantly
with the highest beechnut abundance. The authors argued that
seed production was positively influenced by environmental con-
ditions which tended to decrease seedling survival. Innes (1994)
also showed that beechnut production was correlated with crown
transparency and dieback.

The objective of the present study was to determine how abiotic
environment may control spatial patterns of European beech natu-
ral regeneration in mature stands at its south-western, dry limit.
We considered seedling density as an indicator of population
regeneration and tested the relationship between seedling and
cupule densities along a lowlands bioclimatic gradient.

2. Materials and methods

2.1. Sites

This study was conducted in Frenchsouth-western forests
(elevation 6350 m) where lowlands European beech reaches its
distribution limit. This area presents widely varying climatic con-
ditions (sub-Mediterranean, Atlantic and sub-continental climates)
and soil characteristics. French forests were investigated based on
information provided by foresters’ network and scientists whose
research focuses on beech. Beech stands were selected according
to a sampling design structured on gradients of precipitation
deficit and annual temperature which are closely related to the fre-
quency of beech according to Badeau et al. (2010). In each selected
stand, mast beech trees were present in the overstory and
accounted for at least 40% of the total basal area. Within-site
conditions were homogeneous. We only selected stands with
limited impacts of human activities and low presence of roe deer
and wild boar tracks. The exact position of plots was randomly
selected among the total area of the stand, if the previous criteria
were satisfied. No minimum distance between stands was required
if low distances were justified by differences in stand or site char-
acteristics. In our sample, the minimum distance between two
stands was about 20 m and the average 296 km. The extreme lati-
tudes were 43�040N and 48�280N, and the extreme longitudes
2�530E and 3�330W. Fig. 1 shows the location of collected plots
among beech distribution in France. The plots covered large ranges
of values for soil water capacity (20–225 mm) and soil pH (3.7–7.9)
and the main humus forms were represented.

2.2. Data collection

We estimated cupule density to represent fructification success,
as it could influence the seedling density. However, some fruits
contain empty seeds and, as a result, we probably overestimated
fructification success in some sites. At each site, ecological condi-
tions, stand characteristics, and densities of seedlings and cupules
were described in plots with three different surface areas: one
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400-m2 circular plot included in one 700-m2 circular plot, both
with the same center point, and five circular subplots of 2 m2

(0.8 m radius) included in the 700-m2 plot, placed at a distance
of 11.3 m from the center, and systematically distributed (Fig. 2).
Data were collected throughout the growing season, from June to
September in 2007 and 2008. Cupule density was estimated only
during 2007 and corresponded to an intermediate mast year in
2006. Some cupules remaining from 2005 may have also been
counted; however, we assumed that this overestimation was
moderate because fruiting was low in 2005 compared to 2006,
and because cupules usually degrade completely by the following
year except in the most acidic soils (where they may last for up
to two years due to a lower degradation rate).

In the 700-m2 plots, we described dendrometric characteristics
of the trees and the stand (diameter at breast high, tree species ba-
sal area, number of individuals per tree species, dominant beech
age, dominant tree and beech heights). We established a beech de-
cline index based on defoliation rate and branch mortality. The de-
cline index was a score ranging from 0 to 4 given to individual
dominant or co-dominant beech trees (0: no symptom observed;
1: slight defoliation and/or fine branches dead on the periphery
of the crown; 2: more than 50% of dead fine branches, presence
of dead branches in the upper half of the crown; 3: more than
50% of dead branches in the crown; 4: dead or moribund tree).
Eight variables were derived from this index: the proportion of
beech basal area for each of the five classes to the total beech basal
area in the stand, the same proportion for beech trees with a de-
cline index value higher than or equal to 2, higher than or equal
to 1, and the mean of the individual values noted for all the beech
trees in each stand. In the same plot area, topography was
described (slope, aspect, topographic position and water supply
based on topographic position).

In the 400-m2 plots, we described the vegetation composition
and estimated the vegetation cover in each height layer (from can-
opy to herbaceous layers at P7.0, P2.0, P0.3, and >0 m). Soil was
physically described (depth, texture, gravel content, depth of
CaCO3 detection and soil waterlogging) in an excavated soil pit at
the center of the plot. Soil water storage capacity was estimated
based on root exploration depth and texture coefficient (Baize
and Jabiol, 1995). Chemical analyses were performed on one soil
sample per site taken at a depth of between 10 and 20 cm (pH,
mineral and organic matter contents). Humus type, cover and
thickness of soil organic layers (fibric, mesic and humic organic
Fig. 2. Design of sampled plots and subplots. Details of measurements conducted in
the different plots.
horizons) were determined. From the vegetation composition of
the herbaceous layer, we calculated the mean Ellenberg and Lan-
dolt indicator values for light, continentality, temperature, mois-
ture, soil reaction and nitrogen in each plot (Ellenberg et al.,
1992; Landolt, 1977).

We determined cupule density in the five subplots at 71 sites. In
order to achieve satisfactory accuracy of estimated density, we
used progressive areas depending on the number of cupules found.
The area in the subplot was 0.25 m2 when the number of fruits was
higher than 50. This area was extended to 0.50 m2 when cupule
number was between 10 and 50, and to 1 m2 for lower values.
Beech seedling density was estimated over 2 m2 for individuals
smaller than or equal to 0.30 m in height in 85 sites (the same pre-
vious 71 sites plus 14 new sites). We included 1-year-old seedlings.
The densities were expressed in number of cupules or seedlings
per square meter. We identified beech trees that had reached
reproductive maturity based on the relationship between age and
stem circumference, using the French National Forest Inventory
dataset in the studied zone. Beech reached its reproductive matu-
rity between 40 and 60 years old (Thiébaut and Vernet, 1981). The
circumference threshold that was relevant to identify a mast beech
tree with high confidence was 60 cm. The distance from the sub-
plot center of the nearest mast beech tree was calculated. The cov-
er percentages for beech and for total vegetation as well as the
number of beech individuals whose crown projected on the sub-
plot were visually determined in each of the previously defined
height layer per subplot.

In this work, we tested relationships between local regeneration
of beech and climate at three spatial scales. Mesoclimate was de-
fined as the regional climate, i.e. at the scale of several km2. Regio-
nal climate values was provided by meteorological stations distant
from several kilometers and having topographical and altitudinal
characteristics different from the plots. To improve spatial repre-
sentativeness and variability of these data, we used climatic data
from the AURELHY Meteo France model, averaged over thirty years
of measurements (1961–1991) and adjusted to topography.
Monthly precipitation, minimum and maximum temperatures,
monthly number of frost days and annual number of days below
5 and 10 �C were interpolated by kriging to a 1 � 1 km resolution
(Benichou and Le Breton, 1987). Monthly and annual mean
temperatures, annual precipitation, precipitation continentality
(Angot, 1883) and thermal amplitude were calculated from AURE-
LHY climatic data. We used monthly radiation delivered by SAT-
MOS between 1996 and 2002 with a 3 � 3 km resolution to
calculate Turc potential evapotranspiration (Turc, 1951). Monthly
and seasonal precipitation deficits were estimated as the difference
between potential evapotranspiration and precipitation. Microcli-
mate was defined at the forest stand scale, changing according to
topographic variations. These variations were appreciated from
quantitative and qualitative variables: slope, aspect, topographic
position and water supply based on topographic position. Pedocli-
mate concerned the combination of the regional climate variables
and soil characteristics. We estimated the monthly soil water con-
tent by subtracting the monthly precipitation deficit value from
the soil water content of the previous month. Monthly soil water
deficits and excesses were respectively defined as the precipitation
deficit after the soil water content reached the null value, and as
the amount of precipitation after the soil water content reached
the soil water storage capacity. Table 1 summarizes the collected
or calculated variables used in this study.

The spatial resolution of such data (1 � 1 km and 3 � 3 km,
respectively) did not correspond to the area where seedling density
was estimated (700 m2). However, the previous cited points con-
cerning the spatial variability and representativeness, the descrip-
tion of micro- and pedo-climate and the reliability of such climate
grid data supported their use. Moreover, we observed high Pearson



Table 1
Description of climatic, stand and soil variables available in the 85 sampled beechwoods in the south-western French lowlands. Climatic factors include mesoclimate derived from
the AURELHY model and SATMOS data, microclimate and pedoclimate.

Factor Variable Description, units

Climate (meso-, micro- and
pedo-climate)

Monthly precipitation In mm�m�2

Monthly minimum temperature In �C
Monthly maximum temperature In �c
Monthly mean temperature In �c
Monthly number of frost days –
Annual precipitation In mm�m�2

Annual mean temperature In �C
Annual number of days below 5 �C –
Annual number of days below 10 �C –
Precipitation continentality Ratio of may to october precipitations to november to april precipitations
Thermal amplitude Ratio of mean annual minimum to mean annual maximum temperatures
Monthly radiation In j.m�2

Monthly Turc potential evapotranspiration In mm
Monthly and seasonal precipitation deficit Monthly and seasonal Turc potential evapotranspiration – precipitation, in mm
Monthly and seasonal soil water content Water content of the monthm-1 – precipitation deficit of the month m, in mm
Monthly and seasonal soil water deficit Precipitation deficit after the soil water content reached 0, in mm
Monthly and seasonal soil water excess Amount of precipitation after the soil water content reached the soil water storage

capacity, in mm
Index of growing season length Sum of standardized mean temperatures of May and September
Index of precipitation deficit length Sum of standardized precipitation deficits of May and September
Index of soil water deficit length Sum of standardized soil water deficits of June and September
Index of soil water excess length Sum of standardized precipitation deficits of December and March
Slope In �
Aspect gradient Quantitative gradient: from south to north : 0.5 � cosines (p � aspect/200) + 0.5
Effects on water balance 4 classes (from decreasing to increasing water supply)
Mean Ellenberg indicator values for
continentality

Only where specific richness P5 in the plot

Mean Ellenberg indicator values for
temperature

Only where specific richness P5 in the plot

Mean Ellenberg indicator values for moisture Only where specific richness P5 in the plot
Soil Soil water storage capacity In mm�m�2

Soil depth In cm
Soil organic matter concentration In g�kg�1

Humus type Gradient of humus activity: from mor to eumull (8 classes)
Soil waterlogging characteristics –1 � depth of waterlogging appearance
Gravel content Percentage of volume
Texture Sand, silt and clay, in g�kg�1

pH Water and kcl ph
Exchangeable cation concentrations Phosphorus, calcium , magnesium, sodium, potassium, iron, manganese, aluminum,

in mol�kg�1

Organic carbon concentration In g�kg�1

Total nitrogen concentration In g�kg�1

Carbon nitrogen ratio Carbon/nitrogen
Proton concentrations In mol�kg�1

Cation exchange capacity In mol�kg�1

Cation saturation In percent
Residual soil water content In g�kg�1

Depth of soil reaction In cm
Mean Ellenberg indicator values for soil
reaction

Only where specific richness P5 in the plot

Mean Ellenberg indicator values for nitrogen Only where specific richness P5 in the plot
Stand Tree basal area For trees with a diameter P7.5 cm, in m�2�ha�1

Proportion of beech basal area in the stand –
Dominant trees basal area In m�2�ha�1

Proportion of dominant beech basal area in the
stand

–

Stand density In individuals per ha
Number of individuals per tree species –
Proportion of beech individuals in the stand –
Number of dominant trees per tree species –
Proportion of dominant beech trees in the stand –
Mean diameter by tree species At 1.30 m in height, in m
Mean diameter of dominant beeches At 1.30 m in height, in m
Mean total height of dominant beeches In m
Mean diameter of dominant trees in the stand For the 6 largest trees on the 700 m2 plot, in m
Mean total height of dominant trees in the
stand

For the 6 largest trees on the 700 m2 plot, in m

Age of dominant beech trees For dominant beech trees, in years
Vegetation cover in each height layer Proportion of area covered by the vertical projection of crowns in the 700 m2 plot

area
Vegetation cover in subplots in each height
layer

Mean proportion of area covered by the vertical projection of crowns in total subplot
area

Beech tree cover Proportion of area covered by the vertical projection of beech tree crowns in the
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Table 1 (continued)

Factor Variable Description, units

700 m2 plot area
Beech cover on subplots in each height layer Mean proportion of area covered by the vertical projection of beech crowns in the

total subplot area
Number of beech individuals on subplots in
each height layer

–

Distance between the nearest mast beech tree
and the subplot center

Mean of the five subplots, at 0.30 m height, in m

Diameter of the nearest mast beech tree from
the subplot

Mean of the five subplots, at 1.30 m height, in cm

Beech tree decline index DEPEFEU method (Forest Health Department) Nageleisen (1996). Based on
defoliation, dead branches and tree mortality.

Relative beech fertility index Deviation of beech height from the mean dominant beech height in the 85 plots at
and for a given age and forestry practice

Stand management High forest, coppice-with standards, coppice, conversion into high forest
Disturbance cover Total projected area of natural or human disturbances in the plot
Light index Mean cumulative cover of tree, high shrub and low shrub layers in the subplots, in

percent
Cupule density In number. M�2

Seedling density In number. M�2

Mean Ellenberg indicator values for light Only where specific richness P5 in the plot
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correlation values (P0.8) between spatially associated SATMOS
and Météo-France meteorological station data for monthly radia-
tions (Supplementary material Appendix S1).

The climatic gradient along our study area was quantified and
was stable over the last decades. We found high correlation values
between the 1961–1990 period and the decade preceding density
measurements (1997–2006) for monthly precipitation and
monthly mean, maximal and minimal temperatures variables
(Supplementary material Appendix S2), wherever the data sources
that we used: Météo-France meteorological station data
(Météo-France, 2011) and Climate Research Unit TS 1.2 data
(CRU, 2011; 10’ grid). The seedling densities estimated in 2007
and 2008 resulted from the survival response of the natural regen-
eration and the germination stage, and thus, were influenced by
the previous years’ climate and in particular climatic stress.

2.3. Data analysis

Multiple linear regression analysis was used to identify ecolog-
ical variables related to seedling density. Because of a high level of
collinearity among the variables tested in our study, a reduction in
their number was necessary. Multivariate dimension reduction
techniques have been widely employed in ecology (Aguilera
et al., 2006). We used a principal component regression analysis
(PCR) (Kendall, 1957), which applies a principal component analy-
sis (PCA) to the data matrix and uses the factorial axes as explan-
atory variables in a multiple regression analysis. In a first step, we
performed a PCA for each of the three types of ecological factors:
meso-, micro- and pedo-climate, soil and stand factors. Only the
first factorial axes representing at least 95% of the total variance
were retained in the analysis. In a second step, we conducted a
multiple regression analysis based on a stepwise selection proce-
dure of these factorial axes, to identify those significantly explain-
ing the density. The Akaike Information Criterion (Akaike, 1974)
was used as a fit criterion to select the best model. The normality
of residuals was assessed by the Shapiro-Wilk test (Shapiro,
1965). We verified that the significant factorial axes between the
three PCA were not highly correlated (Pearson correlation values).
In order to interpret the results of the regression analysis of the
density, we then determined the main variables contributing to
the significant axes. To assess the importance of a given axis or
factor, we removed this axis or factor from the regression model
and calculated the decrease in R-squared.

In order to verify that there was no spatial trend for the
residuals of the density model, we modelled these residuals using
latitude, longitude and the combination of the two variables in a
linear regression model. We also assessed spatial autocorrelation
of the density and of the model residuals using the Moran’s index
(Moran, 1950).

In the multiple linear regression relating beech seedling density
to ecological variables, we tested cupule density as a covariate. We
applied natural logarithm transformations to the seedling density
to normalize the residuals. All computations and statistical analy-
ses were carried out using SAS/STAT� software (9.2 version).
3. Results

Summary statistics of cupule and seedling densities and of the
main sites and stand characteristics are given Table 2. Fig. 3 pre-
sents the spatial distribution of cupule and seedling densities in
the sample. The results of the three PCA are shown in Table 3.
For climate, soil and stand factors, respectively 16, 15 and 17 fac-
torial axes were retained (95% of the total variance).

The significant factorial axes (p < 0.05) identified in the multiple
regression analysis of the logarithm of seedling density are pre-
sented in Table 4. Seven axes were entered by the stepwise proce-
dure and the R-squared value reached 0.33. The residuals
normality was verified by the Shapiro-Wilk test. No spatial trend
and spatial autocorrelation were observed for the seedling density
and the residuals of the model, as no geographical variables were
related to the model residuals, and as the Moran’s index value indi-
cated a random spatial distribution. Cupule density was not signif-
icant in the model. All types of factors were contained in the
model. Decrease in R-squared after removing the explanatory axes
of a given factor from the model equalled 0.19 for the climate fac-
tor, 0.10 for the soil factor, and 0.08 for the climate factor. The vari-
ables with the highest contribution to the eigenvalue of each
significant axis are summarized in Table 5.

The main climatic conditions increasing seedling density were
high precipitation, soil moisture, temperature and evapotranspira-
tion, and low water deficit and frost, during the growing season.
Both excess of water in the soil and low water supply tended to de-
crease the amount of seedlings. We observed opposite effects for
some of these variables, mainly in climatic axis 6, the least explan-
atory of all the axes.

The soil variables which influenced seedling density were soil
mineral element content (mainly negative effect of iron and posi-
tive effects of aluminum), sand soil content and biological activity
(positive effects).



Table 2
Statistical summary of cupule and seedling densities and of the main sites and stand characteristics in the sampled beechwoods in the south-west of France.

Factor Measured variable (units) Mean Median Min Max Standard
deviation

General site
characteristics

Latitude 45�490N – 43�040N 48�280N –
Longitude 0�200W – 2�530E 3�330W –
Slope (in �) 8.8 3.8 0 34.0 10.3

Regeneration Cupule density (n b�m�2), in 71 sites 306.4 235.6 38.2 867.2 232.2
Seedling density (n b�m�2), in 85 sites 0.90 0.35 0 14.7 1.8

Stand Dominant tree total height (in m) 26.4 26.1 17.2 41.2 5.6
Dominant beech total height (m) 27 26 18 44 6
Dominant tree diameter (m) 0.40 0.39 0.23 0.69 0.12
Dominant beech diameter (m) 0.46 0.45 0.23 0.80 0.13
Canopy cover (percent) 82 85 15 95 14
Average age of dominant beech trees (years) 102 97 41 200 36
Stand density (individuals per ha) 507 393 114 1714 336
Tree basal area (m�2�h a�1) 28.9 27.9 14.9 52.0 7.9
Beech basal area (m�2�h a�1) 19.7 18.1 7.3 44.1 8.8
Proportion of beech basal area in the stand (percent) 68 66 23 100 22
Proportion of mast tree basal area (percent) 62 60 13 100 23
Distance between the nearest mast beech tree and the subplot center
(m)

4.37 4.36 0.57 8.25 1.51

Proportion of defoliated or declining beech basal area (percent) 25 15 0 100 29
Light index (percent) 114 110 27 200 31
Species richness (number of species) 20 17 7 43 10

Soil Soil water storage capacity (m m�m�2) 122.5 132.0 20.2 224.9 58.9
Soil ph 5.0 4.7 3.7 7.9 1.2
Sand soil content (g �kg�1) 356 294 26 982 246
Silt soil content (g � kg�1) 381 414 4 756 180
Clay soil content (g � kg�1) 263 226 14 893 179
Humus type Dysmull Dysmull Mor Eumull Two classes
Carbon/nitrogen ratio 18.9 18.4 12.6 32.1 3.8

Climate Annual precipitations (mm) 886.6 870.2 665.1 1459.5 150.9
Mean annual temperature (�C) 11.6 11.6 10.0 13.1 0.8
Summer soil water deficit (mm) 182.7 185.5 39.4 243.3 32.9

Fig. 3. Distribution of the seedling density of beech. South-western lowlands of
France (elevation 6350 m). In number of seedling per m2, N = 85.

Table 3
Variance in the correlation matrix for the three principal components analyses. The
factorial axes retained correspond to at least 95% of the total variance.

Factorial axis Cumulated variance (%) for

Meso-, micro- and
pedo-climate

Soil Stand

1 33.7 35.9 29.7
2 57.8 52.5 44.1
3 71.4 64.6 54.6
4 79.1 70.5 62.6
5 82.2 76.0 68.5
6 84.6 79.7 73.1
7 86.8 83.0 77.0
8 88.3 86.1 80.3
9 89.6 88.2 82.8

10 90.7 90.1 85.1
11 91.7 91.7 87.3
12 92.6 92.9 89.1
13 93.4 93.9 90.6
14 94.2 94.9 92.1
15 94.8 95.8 93.2
16 95.4 – 94.2
17 – – 95.2
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For stand factors, only one axis (axis 4) significantly explained
seedling density variations, though the decrease in R-squared after
removing it was about 8%. A low proportion of healthy beech in the
stand (basal area), canopy closure and low tree and beech densities
decreased the seedling amount.

Cupule density was positively correlated to a slight beech
decline (Pearson correlation reached 0.28, p < 0.05).
4. Discussion

Our approach, based on a reduction in the set of variables and on
a multiple regression analysis, allowed us to identify the main eco-
logical effects related to the spatial pattern of natural regeneration
in beech stands, over wide drought and temperature gradients.



Table 4
Multiple regression of the logarithm for seedling density based on factorial axes (climatic, soil and stand principal components analyses) and using a stepwise selection procedure.
Decrease in R-squared (R2) when removing each factorial axis from the regression model. All explanatory variables have one degree of freedom. N = 85 sites.

Factorial
axis

Stepwise selection procedure Decrease
in R2

Parameter
estimates

Standard
deviation

t-test P-value Rank in
the model

Step Partial R2 Cumulative R2 F-value P-value

Intercept – – – – – – 0.466 0.046 10.2 <.0001 –
Climate 5 1 0.074 0.07 6.64 0.0117 0.06 �0.063 0.024 �2.64 0.0102 2
Soil 15 2 0.062 0.14 5.88 0.0175 0.06 �0.221 0.087 �2.54 0.0130 3
Stand 4 3 0.044 0.18 4.35 0.0401 0.07 �0.070 0.024 �2.97 0.0039 1
Climate 10 4 0.040 0.22 4.15 0.0451 0.05 0.094 0.039 2.40 0.0186 4
Climate 14 5 0.036 0.26 3.78 0.0555 0.04 �0.105 0.047 �2.25 0.0276 5
Soil 4 6 0.033 0.29 3.64 0.0599 0.04 0.077 0.034 2.24 0.0280 6
Climate 6 7 0.039 0.33 4.46 0.0379 0.04 0.055 0.026 2.11 0.0379 7

Table 5
Variables of the principal components analyses with the highest contribution to the
eigenvalue of each (a) stand, (b) soil and (c) climate factorial axis significant in the
seedling density model. The axes are listed according to the decrease in R-squared
(R2) when removing them from the regression model. Only variables with an absolute
eigenvalue higher than half of the highest absolute eigenvalue for each axis are
presented.

Factor Axis Variable Eigenvalue

(a)
Stand 4 Basal area proportion of defoliated or

declining beech
0.35

Canopy cover 0.29
Light 0.26
Stand density �0.21

(b)
Soil 15 Iron soil content 0.46

Phosphorus soil content 0.37
Potassium soil content 0.31
Aluminum soil content �0.33
Biological activity (humus type) �0.27

4 Phosphorus 0.47
Silt soil content �0.38
Manganese soil contents 0.35
Sand soil content 0.28
Potassium soil content 0.24

(c)
Climate 5 Late spring and early autumn frosts 0.28

Precipitation continentality �0.22
Minimum temperatures during the
growing season

�0.20

Precipitation deficit during summer �0.16
10 Southern aspect �0.53

Late spring frosts 0.43
14 Waterlogging 0.43

Water supply (according to
topography)

�0.28

6 Moisture (Ellenberg indicator values) �0.29
Waterlogging 0.27
Mean temperature 0.26
Spring temperatures �0.24
Evapotranspiration during the
growing season

0.18

Late spring frosts 0.15
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4.1. Natural establishment of beech in mature stands at its south-
western European margin

Although climatic factors showed the most influence on seed-
ling density, we observed significant effects of soil and stand
characteristics.

Temperature contrasts between the growing season and the rest
of the year increased and water excess decreased seedling amount.
Precipitation continentality, elevated annual mean temperature
and minimum temperature during the growing season (i.e. thermic
continentality) increased seedling density, as well as northern as-
pect. Late spring and early autumn frosts affected the number of
seedlings found. Dittmar et al. (2006) already considered late frosts
to be important ecological events that strongly affect vitality and
competitiveness of beech. The abiotic characteristics related to an
increase in seedling density were consistent with the water and
temperature needs of beech, as a continental-climate species sensi-
tive to water excess (Le Tacon, 1981) and late spring or early au-
tumn frosts. Continentality provides optimum conditions for
seedling establishment and growth in two ways. Firstly, higher
moisture during summer tends to increase seedling growth and de-
crease mortality (Madsen and Larsen, 1997; Petritan et al., 2007)
whereas high moisture in winter, as in the case of Atlantic forests,
improves pathogens like Rhizoctonia solani for seeds (Perrin and
Muller, 1979) and Phytophtora for seedlings (Savoie et al., 1988).
Secondly, winter chilling could improve germination quality by
the induction of seed dormancy, the conservation of germinative
capacity during winter, and the renewal of bud growth and shoot
elongation (Falusi and Calamassi, 1990).

Thus, elevated mean temperature and low drought during the
growing season, as well as winter severity in such continental
climates, might improve seedling success in seed conservation,
germination and seedling growth or survival.

The negative effect of humus types rich in organic matter on
seedling density could be explained by the thicker organic layers
which create a physical barrier to rooting, as has been suggested
by Le Tacon (1981). Efficient rooting could be more crucial at the
southern limits, as young seedlings would tend to favor root
growth rather than shoot growth in drier conditions.

Consistently with many other studies (Caquet et al., 2009;
Collet et al., 2001; Gansert and Sprick, 1998; Modrý et al., 2004;
Topoliantz and Ponge, 2000), we showed that light level, estimated
by canopy cover and related to southern aspect, increased seedling
density. We did not observe any negative effects of high light expo-
sure, as did Emborg (1998), Peltier et al. (1997), and Tognetti et al.
(1998), probably because we studied regeneration in mature beech
stands only.

Aluminum soil content was related to sand soil content,
which both increased in acidic soil. Such soil prevents from water
excess, which explained the positive relationship with seedling
density.

The relation between fruit production and seedling density was
not significant in our study. The estimated cupule density
depended on fruit production during 2006 and 2005, while the
measured seedling density concerned the seedling establishment
and persistence for a longer period of time. This could be the main
argument explaining the absence of correlation between the two
densities. However, too many potential filters exist at each stage
from fruit to established seedling: pollination, on which seed
quality depends; climatic and edaphic conditions; pathogens and
predators, among others. First of all, the variability of empty seed
rates, mainly explained by self-fertilization in beech (Wang,
2003), would reduce the pertinence of the relation between the
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fruit and seedling densities. Then, different rates of degradation
could cause varying amounts of beechnuts and cupules. Further-
more, climatic conditions influence germination and seedling
survival and humus or soil types potentially influence rooting.
These factors are also related to the appearance of seed or seedling
pathogens but affect them in different ways. Moreover, the effect
of predators is surely higher for seeds than for seedlings, which
for beech are seldom browsed, but does not affect cupule
abundance. Deer could prevent the establishment of young seed-
lings (Kenderes et al., 2008) and significantly reduce dense beech
regeneration (Olesen and Madsen, 2008), but Modrý et al. (2004)
observed that beech was the least impacted by deer herbivory
among nine forest tree species studied, so that beech seedling
abundance might increase at the expense of more browsed species.
However, even if climate controls both the inter-annual variations
in mast-seeding (Lindquist, 1931; Piovesan and Adams, 2001) and
in dormancy release (Falusi and Calamassi, 1990) in beech, opti-
mum or limiting climatic values could differ between these two
stages. Finally, competitive interactions between beech and other
species have already been mentioned as key factors in the success
of Fagus sylvatica establishment (Fotelli et al., 2002, 2001).
4.2. Regeneration strategy in a constrained environment

Fruit density was positively correlated to a slight decline in
beech crown, while seedling density was negatively correlated
(variable with the highest contribution to the eigenvalue of stand
axis 4). If we consider tree crown decline to be an indicator of eco-
logical constraints, our results were consistent with those found in
other studies, where seed production increased (Innes, 1994;
Topoliantz and Ponge, 2000) and seedling survival decreased
(Topoliantz and Ponge, 2000) under limiting environmental condi-
tions. Water constraints and temperature are the two climatic
components spatially affecting regeneration density and tree
crown in beech (E Silva, 2010). Genet (2009) showed that stand de-
cline of the species led to a decrease of carbon allocation to radial
growth, to the benefit of storage and reproduction functions. These
elements suggest that low germination or seedling establishment
might be partially offset by a higher seed production.
4.3. The future of beech in South-West France

Our results showed that natural regeneration is a key stage for
beech success in its south-western margin, where the future of
the species is jeopardised in the context of climate change.
Climatic characteristics that explained low regeneration density
were partly those explaining low frequency of beech presence in
this region. In the context of climate change, conditions for beech
regeneration are supposed to worsen in this zone, which empha-
sizes the risk for the future of beech. We showed that spatial vari-
ations of seedling density were mainly related to climate, but
stand characteristics, that management practices can modify, also
influenced seedling establishment. In the most problematic zones
for natural regeneration in beech (i.e. the most oceanic ones),
favouring an increase in dominance of mast beech trees in the
stand by decreasing the canopy competition for light should
improve the regeneration capacity. However, an increase in light
level generally leads to higher water losses and temperatures in
the stand, which could affect seedling establishment. So, further
experiments on the optimal equilibrium between light level and
microclimate characteristics should be conducted. Adapting
management practices in order to improve beech natural regener-
ation is therefore possible and may be necessary in the context of
climate change.
5. Conclusion

The number of sites, their distribution and the varied topo-eda-
phical conditions allowed us to study the determinism of beech
regeneration in mature stands along a wide gradient at its south-
western limit. This directly concerns forestry practices related to
the regeneration of beech populations with increasing tempera-
tures and drought severity. According to our results, local factors
played a significant explanatory role in seedling establishment or
survival; this confirms the relevance of our spatial approach. We
found that the spatial variation in regeneration density was mainly
controlled by climate, involving mesoclimate, microclimate and
pedoclimate, with a decrease in density at the edge of the distribu-
tion range for beech, and then, by local factors. As a result, beech
decline corresponded to lower levels of regeneration, even if fruit
production was slightly higher. This suggests that seedling estab-
lishment and survival are crucial to the success of beech at its
southern margin, where the species’ future is seriously at risk in
the context of climate change. It is now of particular interest to fo-
cus on the interannual variations in beech regeneration along the
same type of climatic gradient in order to determine if natural
regeneration responds spatially to extreme climatic events, whose
frequency is expected to increase over the upcoming decades.
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Abstract

Although atmospheric nitrogen (N) deposition and climate changes are both recognized as major components of

global change, their interaction at ecosystem level is less well understood. A stratified resampling approach was used

to investigate the potential impact of changing levels of atmospheric nitrogen deposition and climate change on

species composition of nutrient-poor acid grasslands within the French Atlantic Domain (FAD). The study was based

on a comparison, over a period of 25 years, of 162 past and present vegetation records assigned to the species-rich

Nardus grasslands and distributed in regional community types (CTs). Similarly, the characterization of N deposition

and climate was stratified according to (i) past (1980–1990) and present (1995–2005) periods, and (ii) FAD and CT

scales. Despite the relatively short time span between sampling periods, significant N deposition and climate changes

were detected as well as vegetation changes. Correspondence analysis showed that the relative importance of N

deposition and climate in explaining vegetation changes depended on the spatial scale of investigation (FAD vs. local

CTs) and the CT. At the FAD scale, the increase of annual mean temperature and decrease of water availability were

clearly related to the changes in floristic composition. At the local scale, the most stable CT experienced no significant

climate change and a stable load of N deposition, whereas the CTs characterized by the largest floristic changes were

associated with dramatic climate changes and moderate loads in both oxidized and reduced N deposition. Despite

the narrow gradient of deposition investigated, N deposition was related to significant grassland community

changes, depending on the region, i.e. climate context, and on whether N deposition was in the oxidized or reduced

form. Our results suggest that N deposition drives grassland composition at the local scale, in interaction with

climate, whereas climate changes remain the predominant driver at the FAD scale.

Keywords: climate change, French Atlantic Domain, oxidized and reduced nitrogen deposition, resampling, species composi-

tion, species-rich Nardus grasslands
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Introduction

Climate change and atmospheric nitrogen (N) deposi-

tion represent two components of contemporary global

change which are both considered as important, but

unequal, challenges to biodiversity issues (Sala et al.,

2000; GBO-3, 2010). While scientists have mostly

focused on climate change as the prime threat to biodi-

versity conservation (Hannah et al., 2002), air pollution,

an acknowledged widespread problem, is increasingly

considered in nature planning or management (Lovett

et al., 2009) and nowadays recognized for its impor-

tance in conservation issues and ecosystem health (Sala

et al., 2000; Phoenix et al., 2006; Bobbink et al., 2010).

Historic climatic warming is now well documented

(Moberg et al., 2005; Osborn & Briffa, 2006) and it is

projected that the increase of the global mean surface
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temperature will rise from 1.8 at present to 4.0°C over

the next 100 years, mainly due to the CO2 enrichment

of the atmosphere by fossil fuel use (IPCC, 2007). Spe-

cific climate events, such as regional heatwaves, may

also become more frequent and affect ecosystem prop-

erties and species physiology, distribution and phenol-

ogy (Ciais et al., 2005; Peñuelas et al., 2007). However,

the effects of climate change on ecosystems remain

uncertain due to its spatial variability and the specific-

ity of habitats responses. Similarly, the global N cycle is

largely modified by human activities, from intensive

agriculture and industrial activities, and has reached

the point where more N is fixed annually by human-

driven than by natural processes (Vitousek et al., 1997;

Galloway, 1998). The atmospheric deposition of reac-

tive N has increased in Europe from an estimated back-

ground rate of 1–5 kg N ha�1 yr�1 in the early 1900s to

30–60 kg N ha�1 yr�1 in the 1980s and the early 1990s

in the worst-affected regions (NEGTAP, 2001).

Although, in most north-western European countries,

emissions of oxidized N declined after the 1990s as a

result of more stringent legislation (Fagerli & Aas,

2008), current deposition rates are still an order of mag-

nitude higher than in preindustrial time (Galloway

et al., 2008). The continental anthropogenic N fixation

rate is predicted to increase by about 60% by the year

2020 and expose more terrestrial ecosystems to greater

rate of N deposition (Dentener et al., 2006). Although N

deposition rates are in decline in some regions, the

recovery of ecosystems from eutrophication can lag

behind by decades because N has the potential to accu-

mulate in ecosystems (Cunha et al., 2002). As a conse-

quence, the effects of increased atmospheric N

deposition will remain a significant problem for many

seminatural habitats in the future and recovery may

often not be possible without active management and

restoration measures (Wamelink et al., 2009).

Enhanced N levels represent a particular threat to

temperate seminatural or unimproved vegetation types

as most temperate terrestrial systems are N limited

(Vitousek & Howarth, 1991). Oligo- and mesotrophic

ecosystems are especially at risk because many charac-

teristic species are adapted to nutrient-poor conditions

and are outcompeted by species with higher N

demands (Wedin & Tilman, 1993; Hautier et al., 2009).

In Europe, impacts of N deposition have been mostly

studied in countries experiencing high levels of N

deposition. Research on N deposition impacts provides

a range of indirect effects on plants by changing soil

chemistry through base cation depletion from soils and

greater rates of nitrification. The resulting acidification,

eutrophication, nitrate leaching and increased solubil-

ity of phytotoxic elements (Al and Fe) have been iden-

tified as the major effects of excessive N deposition on

soil, especially those with low acid-buffering capacity

and on the ecosystems they support (Carroll et al.,

2003; Pilkington et al., 2005; Horswill et al., 2008).

Overall, indirect effects of total N deposition on plants

have been identified as increasing plant and litter pro-

ductivity (Tomassen et al., 2003), reducing species rich-

ness (Stevens et al., 2004, 2010) and increasing

susceptibility of plants to stress and disturbance

including pathogens, herbivory (Throop et al., 2004),

drought, and frost (Caporn et al., 2000; Sheppard &

Leith, 2002). Direct toxicity of ammonia was also

observed on plant foliage trough physiological pertur-

bation following assimilation by leaves (Pearson &

Stewart, 1993).

In Europe, there are various seminatural ecosystem

types that are susceptible to N deposition impacts for

which empirical critical loads have been derived

(Bobbink & Hettelingh, 2011) Among these ecosystems,

Agrostis sp. dominated grasslands are found through-

out France and parts of Europe where they occupy

various nutrient-poor sites. These grasslands are char-

acterized by acid soils with low capacities to buffer

against N enrichment making them particularly vul-

nerable to the induced acidification. In France, they

cover a wide geographic and climatic range from the

west coast, characterized by an oceanic humid climate

with mild winters and warm summers, to the east bor-

der characterized by a relatively dry continental

climate with hot summers and cold dry winters. In

Europe, these grasslands of high conservation value

have declined in recent years (Haines-Young et al.,

2003) and they are now considered as habitats of prior-

ity interest for the Natura 2000 network under the

Habitats Directive (Flora directive 92/43/EEC). These

grasslands are representative of the ‘species-rich

Nardus grasslands (NARD)’ (Natura 2000 code 6230)

(Bensettiti et al., 2005). In addition to land-use change,

habitat loss has resulted from abandonment of tradi-

tional management practices followed by successional

changes to other vegetation like scrub and woodland.

Abandonment of management permits biomass accu-

mulation, which may be increased by enhanced N

deposition (Britton et al., 2001). The remaining species-

rich NARD need to be protected especially in countries

where low air pollution currently limits the potential

damage to these ecosystems.

However, regional variation in plant community

composition means that grasslands may respond differ-

ently to atmospheric N deposition according to their

abiotic environment, especially climatic conditions.

Indeed, the extent to which increased N inputs will

drive changes in plant productivity and species compo-

sition over the next century will depend on how N

deposition interacts with other influential global change
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factors, such as climate warming, to influence the N

retention of ecosystems (Magnani et al., 2007; Turner &

Henry, 2009; de Vries et al., 2009; Churkina et al., 2010).

The impact of air pollution on terrestrial ecosystems

and its relationship to climate change are important

issues, both on scientific and policy level, which may be

strongly dependent on the spatial variation of both cli-

mate and atmospheric deposition at local to regional

scale.

In this article, we provide a comprehensive analysis

of recent climatic, N deposition and species composi-

tion changes to acid grasslands within the French

Atlantic Domain (FAD) for the last 25 years. Three

questions are addressed:

1. Have there been detectable changes in N deposition

and climate over the last 25 years and if so what is

the spatial distribution and magnitude of these

changes?

2. Can changes in vegetation composition in acid grass-

lands over the 25 years be detected and are these

changes dependent on initial community composi-

tion?

3. Can observed vegetation trends be linked to N depo-

sition, climate or both, and at which scale?

Materials and methods

Studied grasslands

The studied sites were nutrient-poor and calcifuge grasslands

located within the Atlantic biogeographical area of France.

They belong to the phytosociological Nardetea strictae class

(Rivas-Goday & Rivas-Martinez, 1963) and the Violion caninae

alliance (Schwickerath, 1944) and its vicarious eu-Atlantic

Agrostion curtisii alliance (De Foucault, 1986). At this biogeo-

graphical scale, atmospheric gradients are relatively strong

for both N deposition and climate variables (Table 1). Man-

agement variation between the sites was minimized as these

grasslands are extensively grazed or mown, and are not artifi-

cially fertilized. To ensure homogeneity of studied grass-

lands, the selection of vegetation records was based on

floristic similarity as established at the European scale by Ste-

vens et al. (2010). Grasslands had to contain at least five char-

acteristic species among grasses [Agrostis capillaris L.,

Danthonia decumbens (L.) DC., Deschampsia flexuosa (L.) Trin.,

Festuca rubra L./ovina L., Luzula campestris (L.) DC., Nardus

stricta L.], sedges (Carex pilulifera L.), forbs [Calluna vulgaris

(L.) Hull, Campanula rotundifolia L., Galium saxatile L., Polygala

spp. L., Potentilla erecta (L.) Räuschel] and mosses [Rhytidiadel-

phus squarrosus (Hedw.) Warnst].

Past and present vegetation records

A review of the phytosociological literature of acid grasslands

(V. caninae, Schwickerath, 1944 and A. curtisii, De Foucault,

1986) was performed and allowed selection of appropriate

areas where grasslands could be fitted to floristic criteria. A

dataset containing 137 past vegetation records from 1978 to

1990 was compiled from Brittany (Clément, 1978; Stieperaere,

1990), Limousin (Botineau et al., 1986), North Aquitaine (De

Foucault, 1986, 1993), South Aquitaine (De Foucault, 1986) and

Vosges (Muller, 1986) regions. Geographical coordinates (lati-

tude and longitude) were determined from information avail-

able in past vegetation records (Table 1). This initial dataset

was used to explore changes in community composition over

time through a stratified resampling of this vegetation type

(Dullinger et al., 2003; Haveman & Janssen, 2008).

Between May and September of 2007, 25 sites distributed in

the preselected areas from past data were visited according to

protocol established by Stevens et al. (2010) and located by

their latitude, longitude and elevation coordinates (Table 1).

Areas that were affected by animals, tracks or path or were in

the rain shadows of trees or hedges were excluded from the

Table 1 Description of all sites grouped according to their geographical location (Survey region). Number of vegetation records

(n) in each region is indicated for present (Pres) and past records. Mean geographical coordinates of all vegetation records are given

for longitude and latitude. Mean elevation was calculated for the present vegetation records only. Nitrogen deposition and climate

variables of all sites are expressed as annual means for the period 1980–2005 (±standard error). Total N deposition values were

obtained from the mean grid cell values of EMEP model. Mean temperature, annual precipitation and potential evapotranspiration

(PET) were obtained from a spatial interpolation of observed data means on grid reference of the French Meteorological Office

(METEO-FRANCE)

Survey

region

n (Pres/

Past)

Latitude/longitude (decimal

degrees)

Elevation

(m)

N deposition

(kg N ha�1 yr�1)

Temperature

(°C)
Precipitation

(mm)

PET

(mm)

Brittany 5/12 47.42/�2.41 99 18.3 (±0.98) 11.0 (±0.11) 1038 (±64) 680 (±10)
Limousin 4/46 45.79/1.83 599 14.2 (±0.93) 9.8 (±0.11) 1371 (±15) 704 (±6)
North

Aquitaine

5/26 44.75/�1.04 60 9.3 (±0.34) 13.5 (±0.09) 1089 (±38) 817 (±8)

South

Aquitaine

6/33 43.36/�1.43 198 11.1 (±1.79) 14.2 (±0.05) 1514 (±12) 881 (±7)

Vosges 5/20 49.04/7.52 257 14.7 (±0.61) 9.8 (±0.06) 918 (±8) 686 (±3)
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survey. Areas with large amounts of Juncus sp. and woody

species were also excluded to avoid, respectively, wetlands

and unmanaged grasslands. In each grassland, five 2 9 2 m

quadrats were randomly located. All vascular plants were

identified to a plant species level and their cover was esti-

mated from 1 to 10 using the domin scale (see Rich et al.,

2005).

Plant species occurrence, i.e. the number of sites where a

species can be found compared to the total number of sites,

was calculated in both past and present vegetation records.

Occurrence reflects a frequency of species presence in an area,

irrespective of their cover. Species abundance was also calcu-

lated in both past and present vegetation records as the mean

cover of one species for all the sites where the species was

recorded (Hanski et al., 1993).

Soil analyses

In each site visited in 2007, the upper 10 cm of the soil was

sampled using a 5 cm diameter Dutch auger. Topsoil samples

were collected from two opposing corners of each quadrat

and pooled for analysis. In all sites, three of the five collected

samples were randomly selected and analysed to obtain a

mean value.

The pH of fresh soil was measured after shaking 5 g soil

with 25 mL deionized water and waiting for stable pH (pH/

Ion 510 pH Meter; Eutech Instruments, Nijkerk, the Nether-

lands). After drying at room temperature, soil texture was

measured with fractions referred to clay, silt and sand (INRA

laboratory of Arras, standard AFNOR NF X 31-107). These

acidic soils required no decarbonatation process. After

destruction of the organic matter and ultrasonic dispersion,

sands were separated using wet sieving. Silts and clays were

separated according their time of sedimentation using the

Robinson pipette method (Day, 1965). Soil composition was

expressed as the percentage of each fraction. Soil was ground

to a fine powder and analysed for total C and N content (CNS

Analyser, Elementar Model; Stockport, UK). Plant-available

phosphorus (P) content was measured using an Olsen extrac-

tion and a colorometric determination. For measurements of

soil exchangeable ions (NH4
+, NO3

�, SO4
2�), samples were

shaken with 0.4 M NaCl and analysed using an auto-analyser

by colorometric determination. For all samples, metal concen-

trations (Al3+, Ca2+, Fe3+, K+, Mg2+, Mn2+, Si2+, Zn2+) were

determined using an ICP-MS. Concentrations of all elements

were expressed in mg kg�1 dry soil.

Plant analyses

For the 25 sites in the 2007 surveys, samples of the A. capillaris

grass were collected within plant communities where the

quadrats were located. Approximately 10 g of above-ground

material was collected in each site and washed briefly in

deionized water. After oven drying for 72 h at 55 °C, samples

were ground to <2 mm before analyses. The total C and N

contents were measured on an autoanalyser (CNS Analyser,

Elementar Model). To determine plant tissue P, a dry ashing

method (Chapman & Pratt, 1985; Ryan et al., 2001) was used

followed by a Barton colour complex (MAFF, 1986). Contents

of all elements were expressed as a percentage of dry weight.

Nitrogen deposition and climate data

Total, reduced and oxidized N deposition data were obtained

from the EMEP (European Mapping and Emissions Pro-

gramme) model (Simpson et al., 2003; Fagerli et al., 2004),

which is the most accurate N deposition model available in

France. Total N deposition was based on wet and dry deposi-

tion of reduced (NH3 and NH4
+) and oxidized (NO2, NO3

� and

HNO3) N inputs. Mean annual N deposition was calculated

from 13 cells of EMEP 50 9 50 km grid at the location of each

past and present vegetation record. In each site, averages for

a 10-year period for annual reduced, oxidized and total N

deposition were calculated from 1980–1990 decade (past data)

or 1995–2005 decade (present data). For the 1980–1990, data

were only available for three of the years: 1980, 1985 and 1990.

Mean annual temperature, annual precipitation (P) and

mean annual potential evapotranspiration (PET), were

Table 2 Plant community types (CTs) as defined by a cluster analysis after the first correspondence analysis on the 162 vegetation

records sampled. Corresponding phytosociological associations and characteristic species were given; n, number of present (Pres)

and past vegetation records in each survey region

CT Phytosociological association Characteristic species n (Pres/Past)

AGRO Agrostietum capillaris–curtisii Agrostis capillaris, Dactylis glomerata, Galium saxatile,

Polygala serpyllifolia, Danthonia decumbens

5/10 Brittany 3/0 North

Aquitaine 1/1 South

Aquitaine

AVEN Viscario–Avenetum pratensis/

Aveno pratensis–Genistum

sagitallis

Avenula pubescens, Euphorbia cyparissias, Festuca

filiformis, Potentilla neumanniana, Thymus pulegiodes

5/20 Vosges

FEST Galio saxatilis–Festucetum rubrae Briza media, Centaurea jacea var. nigra, Conopodium

majus, Leucanthemum vulgare, Silene vulgaris

4/46 Limousin 2/0 North

Aquitaine 0/2 Brittany

PSEC Carici piluliferae–

Pseudarrhenatheretum longifolii

Agrostis curtisii, Brachypodium pinnatum, Erica

vagans, Pteridium aquilinum, Cirsium filipendulum

5/32 South Aquitaine 0/5

North Aquitaine

PSES Simethi planifoliae–

Pseudarrhenatheretum longifolii

Agrostis curtisii, Erica scoparia, Pseudarrhenatherum

longifolium, Simethis planifolia, Ulex minor

0/21 North Aquitaine
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Fig. 1 Variation in nitrogen deposition for all sites sampled in

the French Atlantic Domain (NARD) and community type level

between past and present vegetation records; (a) total, (b) oxi-

dized and (c) reduced N deposition. Means ± standard error

were calculated for the 1980–1990 (grey bars) and 1995–2005

(white bars) decades. Results of one-way anovas were summa-

rized above the bars. (*)P < 0.1; *P < 0.05; **P < 0.01;

***P < 0.001; ns, not significant. For AVEN and PSEC, no statis-

tical analysis has been performed due to the number of EMEP

grids used (n = 2).

Fig. 2 Climate variation for all sites sampled in the French

Atlantic Domain (NARD) and community type level between

past and present vegetation records; (a) mean annual tem-

perature, (b) annual precipitation (P), (c) annual potential

evapotranspiration (PET) and (d) difference between P and PET

(P-PET). Means ± standard error were calculated for the 1980–

1990 (grey bars) and 1995–2005 (white bar) decades. Results of

one-way anovas were summarized above the bars: (*)P < 0.1;

*P < 0.05; **P < 0.01; ***P < 0.001; ns, not significant.
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obtained from the French Meteorological Office (METEO-

FRANCE) from 1980 to 2005. For each location of past and

present vegetation records, climatic data were based on spatial

interpolation on 0.125°90.125° grid reference of observed data.

Water availability was characterized in term of the difference

between annual precipitation and potential evapotranspira-

tion (P-PET). Similarly to N deposition data, mean climatic

data were calculated either from past (1980–1990; 11 years) or

present (1995–2005; 11 years) decades according to the type of

vegetation records.

Statistical analysis

To homogenize the vegetation dataset, the cover-abundance

coefficients scale for phytosociological relevés used in past

dataset (Braun-Blanquet, 1932; Braun-Blanquet, 1964) was con-

verted to fit with the domin scale used in the present dataset

(see Rich et al., 2005). For present vegetation records, a mean

abundance coefficient was calculated from the five quadrats.

Species occurring in only one record were not considered as

they cannot be interpreted reliably.

A first correspondence analysis (CA1) was performed on

the complete dataset of past and present vegetation records

(n = 162). A hierarchical clustering analysis was performed to

test the occurrence of different community types (CTs) within

the species-rich NARD. A CT (i.e. a cluster) can therefore

include both past and present vegetation data to draw a com-

parison of floristic composition between the two decades

within a homogeneous species pool. Indicator species were

identified for each CT with IndVal method (Dufrene & Legen-

dre, 1997) which uses both the specialization and the occur-

rence of the species in the dataset.

To test vegetation differences over time, a cluster including

only past vegetation records was excluded, meaning that this

vegetation type formerly described in the literature was not

sampled in our present vegetation records. Then, a second cor-

respondence analysis (CA2) on the remaining vegetation

records was carried out allowing interdate comparisons at the

FAD and CT scale. To avoid sample size effects in the compari-

son between numerous past vegetation records and present

ones, a random resampling method without replacement

(n = 10 000) was used for past vegetation records coordinates

along the Axes 1 and 2 of the CA2. The number of vegetation

records used to calculate the mean coordinate of past vegeta-

tion was equal to the number of vegetation records occurring

in the present data. Overlapping between confidence intervals

at 95%, 99% and 99.9%, obtained by random resampling for

past vegetation records, and mean coordinates for present veg-

etation records was examined to test significant differences in

plant composition between the two dates. Finally, a spearman’s

rank coefficient correlation between vegetation records coordi-

nates along Axis 1 and 2 and environmental variables was cal-

culated to assess ecological gradient in CA2 (Becker et al.,

1988). Only significant correlations with r > 0.4 were selected.

To determine main species turnover over time, differences

in species occurrence and abundance were examined for FAD

and CT scale in both past and present vegetation records.

Within species which occurred in at least 20% of the past vege-

Fig. 3 Correspondence analysis (CA2) of the dataset (141 sites 9 210 species) including past and present vegetation records. (a) Distri-

bution of past (black plots) and present (grey plots) records. (b) Community type (CT) was represented by the barycentre of the vegeta-

tion records distribution at the two periods: 1980s (grey ellipse) and present data (white ellipse). Arrows are indicated when the shift

between the barycentre of the two periods was significant within the same CT. First two axes represent 14.2% of the total variation in

species composition.
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tation records, species showing a difference in abundance

between present and past vegetation records exceeding 2%

were selected.

Temporal changes in N deposition and climatic variables

were tested between the two decades of interest (1980–1990 and

1995–2005) using one-way analysis of variance (ANOVA). Data

and residuals distribution were checked for normality with the

Shapiro–Wilk test and for homogeneity of variance with the

Bartlett’s test. All analyses were conducted using R (R.2.10.1; R

Foundation for Statistical Computing, Vienne, Austria).

Results

Classification and description of plant assemblages

The hierarchical cluster analysis on all vegetation

records (NARD; n = 162) discriminated five CTs on the

basis of their floristic composition. CTs were described

by their plant assemblage, their phytosociological asso-

ciation and coded following their main characteristic

grass species (Table 2). Each CT can be related to one

main geographic origin. However, for three of the five

CTs, records belong to several geographic origins.

AGRO was thermo-Atlantic to eu-Atlantic CT, domi-

nated by A. capillaris and A. curtisii (Clément, 1978;

Stieperaere, 1990). AVEN grasslands were character-

ized by Avenula pratensis (Muller, 1986) and FEST were

Festuca rubra grasslands (Botineau et al., 1986). Within

thermo-Atlantic Pseudarrhenatherum longifolium grass-

lands, two CT arose: one characterized by Carex piluli-

fera (PSEC) and another characterized by Simethis

planifolia (PSES) (De Foucault, 1986, 1993). PSES was

represented in our dataset only by past vegetation

records, suggesting that this CT was not resampled in

south–west of France in 2007. Therefore, PSES was not

considered for the temporal analyses in this study,

reducing the dataset to a total of 141 vegetation

records.

Changes in nitrogen deposition and climate over time

Significant variations in N deposition were found at the

different CT sites between the two decades (1980–1990
and 1995–2005) (Fig. 1). Total N deposition was

elevated above background levels but with all values

observed below 20 kg N ha�1 yr�1 and showed a gen-

eral decreasing trend occurred over the past 30 years

(Fig. 1a). Oxidized N deposition showed reductions for

all sites considered together (NARD), but also for FEST

and AVEN sites separately (Fig. 1b). On the contrary,

for the same decades, reduced N deposition indicated a

significant decrease only for FEST sites (Fig. 1c). Reduc-

tion in N deposition for FEST sites resulted both from

oxidized and reduced N deposition, whereas N deposi-

tion for AVEN sites was only induced by oxidized N

deposition.

Overall, annual mean temperature changed signifi-

cantly between 1980s and recent years (Fig. 2a). In our

dataset, temperature increased globally by 1.1 °C, with

strong variation according to the CT sites from 0.9 °C
for AVEN to 1.8 °C for AGRO and 1.9 °C for FEST

while there was no significant change for PSEC sites.

Analysis of variance showed a significant reduction in

mean annual precipitation by 183 mm occurring over

the past 30 years for all sites (NARD) (Fig. 2b). At the

Table 3 Correlations between the coordinates for vegetation

records along the first two axes of the second correspondence

analysis and different environmental parameters; n, number

of vegetation records available for correlations. For each axis, r

Spearman correlation index was given as well as the signifi-

cance of the correlation when r > 0.4: *P < 0.05; **P < 0.01;

***P < 0.001

Parameters n

r with significance

Axis 1 Axis 2

Geography

Latitude (decimal degrees) 141 +0.74*** –

Longitude (decimal degrees) 141 +0.82*** –

Climate

Annual mean temperature (°C) 141 �0.80*** –

Annual precipitation (P) (mm) 141 �0.51*** –

Annual potential

evapotranspiration (PET) (mm)

141 �0.72*** –

P-PET (mm) 141 – +0.55***
Deposition

NOx deposition (kg N ha�1 yr�1) 141 +0.80*** –

NHy deposition (kg N ha�1 yr�1) 141 +0.43*** +0.55***
N total deposition

(kg N ha�1 yr�1)

141 +0.70*** –

Soil

pH 25 +0.52** –

Clay (%) 25 �0.62*** +0.41*
Silt (%) 25 �0.47* –

Sand (%) 25 +0.60** –

C : N ratio 25 �0.73*** –

N : P ratio 25 �0.62** –

NO3 (mg kg�1 dry soil) 25 +0.77*** –

Al (mg kg�1 dry soil) 25 �0.57** +0.40*
K (mg kg�1 dry soil) 25 – +0.57**
Mg (mg kg�1 dry soil) 25 – +0.57**
SO4 (mg kg�1 dry soil) 25 �0.50* +0.45*
Si (mg kg�1 dry soil) 25 – +0.59**
Vegetation

C (%) 21 – �0.53*
N (%) 21 +0.58** –

P (%) 21 +0.73*** –

C : N ratio 21 �0.56** –

N : P ratio 21 �0.65** –

© 2011 Blackwell Publishing Ltd, Global Change Biology, 17, 3351–3365

FOOTPRINT OF NITROGEN DEPOSITION 3357



CT scale, precipitations in FEST sites were character-

ized by a reduction of 194 mm. During the same per-

iod, potential evapotranspiration showed stability for

all sites (NARD) but presented significant changes for

AGRO (+113 mm) and AVEN sites (+22 mm) (Fig. 2c).

P-PET showed a dramatic decrease between 1980–1990
and 1995–2005 for all sites (NARD: �207 mm) includ-

ing FEST sites (�223 mm) (Fig. 2d).

Species composition gradients and underlying ecological
factors

The first two ordination axes of the CA2 (210 spe-

cies 9 141 vegetation records) accounted for 14.2% of

the total variation in the ordination (eigenvalues:

k1 = 0.084, k2 = 0.058) (Fig. 3a, b). Species accounting

for floristic gradients were, respectively, for Axis 1:

Asphodelus albus, Euphorbia angulata and Gentiana pneu-

monanthe opposed to Anthyllis vulneraria, Koeleria mac-

rantha and Leontodon autumnalis, and for Axis 2: Avenula

pratensis, Genista sagitallis and Trifolium medium

opposed to Arnica montana, Gentiana lutea and Stellaria

holostea. Examining correlations existing between CA2

axes coordinates and environmental variables of sites

(Table 3) can potentially provide hypotheses and evi-

dence for the ecological significance of plant commu-

nity variation. Axis 1 was related to wide regional

ecological differences, as well as climatic and N deposi-

tion variables. It was positively correlated to latitude

and longitude, which reflects a decrease in temperature

and potential evapotranspiration. Axis 1 was related to

biogeography and climate, which discriminated

between the most Atlantic CTs (AGRO and PSEC) at

the negative end and driest and continental CTs (AVEN

and FEST) at the positive end of the gradient. The

increase of nutrient availability (N and P) in soils and

vegetation along Axis 1 was explained by the high cor-

relation of oxidized and total N deposition along Axis

1. Indicators of acidification (pH and Al and SO4 con-

centration) were negatively correlated to Axis 1, topsoil

pH being more acid and Al and SO4 concentration

higher in the negative part of Axis 1. This increase in

soil acidification was consistent with a low level of soil

nitrate content in thermo-Atlantic communities. This

impoverishment in nitrate was related to both the low-

est level of N deposition and the highest precipitation

amount which involves large leaching and therefore

acidification. Axis 2 was positively correlated to a water

availability (P-PET), reduced N deposition and soil tex-

ture and chemical content. Clay percentage of soils was

related to water avaibility suggesting an increase in

alteration processes in soils. At the same time, cation

concentration increases especially for elements tightly

related to the chemical composition of bedrocks

(K, Mg, Si, Al) and/or involved in acidification pro-

cesses (SO4, Al). C content of plants was negatively

related to all these variables (Table 3).

Characterization of community changes and species
trends

At the FAD scale, species-rich NARD showed no dif-

ference in floristic composition between the two dec-

ades studied from the Axis 1 of CA2, whereas very

significant differences were found for Axis 2

(Table 4). At the CT scale, consistent temporal trends

were statistically significant along Axes 1 and 2

(Table 4). The magnitude of vegetation changes was

Table 4 Comparison of mean coordinates between past and present (Pres) vegetation records for all vegetation records sampled

in the French Atlantic Domain (NARD) and community type level. Differences in coordinates were calculated along the first two

axes of the second correspondence cnalysis (i.e. without PSES records) accounting for 14.2% of total variation. Coordinates of past

vegetation records were obtained by averaging coordinates of n randomly chosen vegetation records 10000-times, n being the num-

ber of present vegetation records in the corresponding community type. Present coordinates were expressed as the mean of the n

vegetation records.

Community type

Axis 1 Axis 2

Hist Pres Difference Hist Pres Difference

NARD 0.013 �0.037 �0.050 ns �0.061 �0.195 �0.134***
AGRO �0.198 �0.195 0.003 ns 0.086 �0.215 �0.301***
AVEN 0.848 0.700 �0.148* �1.096 �0.831 0.265 ns

FEST 0.513 0.307 �0.207** 0.637 0.295 �0.342***
PSEC �1.040 �0.901 0.140 ns �0.127 �0.112 0.014 ns

Significance of the temporal variation in coordinates:
*<0.05;
**<0.01;
***<0.001;
ns: not significant.
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Table 5 Temporal change in species occurrence and abundance for all vegetation records sampled in the French Atlantic Domain

(NARD) and community types level; n, total number of species detected in 1980s and 2007. Species occurrence was a frequency of

occurrence in either present (Pres) or past vegetation records. Abundance variation was calculated as the difference of total cover of

species between past and present vegetation records. Only the most common and variable species (i.e. occurrence � 20% in past

vegetation records and abundance � 2%) were considered (in bold, species in abundance variation �±3%)

Community

type n Decreasing species

Distribution

(%) Pres (Past)

Abundance

variation (%)

Increasing

species

Distribution

(%) Pres (Past)

Abundance

variation (%)

NARD 211 Deschampsia flexuosa 28 (28) �2.80
Pteridium aquilinum 44 (46) �2.62
Trifolium repens 32 (27) �2.43
Anthoxanthum

odoratum

76 (59) �2.40

Festuca rubra 84 (70) �2.33
Centaurea jacea var.

nigra

36 (39) �2.31

Holcus lanatus 56 (48) �2.24
Briza media 20 (38) �2.08
Conopodium majus 16 (28) �2.02

AVEN 111 Avenula pratensis 0 (25) �6.63 Nardus

stricta

20 (25) 7.30

Genista sagittalis 0 (50) �4.37 Luzula

campestris

100 (85) 4.38

Genista pilosa 0 (30) �3.76 Festuca

filiformis

80 (100) 3.37

Festuca nigrescens 0 (90) �3.00 Hieracium

pilosella

100 (90) 2.27

Rhinanthus minor 0 (30) �2.77
Thesium linophyllon 0 (30) �2.62
Euphrasia stricta 0 (45) �2.52
Agrostis vinealis 0 (30) �2.34
Stellaria graminea 0 (40) �2.34
Stachys officinalis 0 (30) �2.31
Succisa pratensis 0 (40) �2.16
Molinia caerulea 0 (30) �2.09
Campanula

rotundifolia

0 (35) �2.03

Galium pumilum 0 (45) �2.00
AGRO 118 Festuca rubra 67 (73) �6.07 Molinia

caerulea

56 (45) 2.41

Erica cinerea 56 (27) �5.64
Cirsium

filipendulum

0 (27) �5.45

Agrostis canina 11 (27) �5.22
Holcus mollis 11 (55) �4.41
Veronica officinalis 22 (45) �2.72
Lathyrus linifolius

subsp. montanus

11 (27) �2.45

Galium saxatile 22 (73) �2.34
Plantago lanceolata 56 (27) �2.32
Wahlenbergia

hederacea

11 (27) �2.19

FEST 111 Gentiana lutea 0 (33) �6.10 Danthonia

decumbens

100 (29) 2.81

Rhinanthus minor 0 (21) �6.08
Arnica montana 0 (21) �5.07
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defined as the difference of mean coordinates along

CA2 axis between 1980s and 2007 records. These

changes were community-dependant, and when they

were significant, they showed the same direction of

change along CA2 axis (Table 4, Fig. 3a, b). CTs

which showed the same directional changes to the

negative part of the axes were AVEN and FEST for

Axis 1 and AGRO and FEST for Axis 2.

During the last 25 years, many species have

decreased at the FAD scale in occurrence and abun-

dance whatever the functional type of species (forbs,

legumes and grasses) (Table 5). At the CT scale, but not

at the FAD scale (NARD), some species disappeared in

the present dataset although they were originally com-

mon (more than 20%) in past vegetation records (pres-

ent occurrence = 0; Table 5). Species that totally

disappeared in the present dataset with the strongest

decrease in abundance were mostly forbs (Cirsium fili-

pendulum for AGRO; Arnica montana, Gentiana lutea,

Rhinanthus minor and Phyteuma spicatum for FEST; Asph-

odelus albus for PSEC), and to a lesser extent legumes

(Genista pilosa and Genista sagitallis for AVEN) and

grasses (Avenula pratensis for AVEN). By contrast, some

grasses were detected in the 2007 dataset while they

were absent in past vegetation records at the CT scale,

like Deschampsia flexuosa for AGRO and AVEN, Luzula

campestris for PSEC and Nardus stricta for AGRO (data

not shown). Moreover, some species increased in occur-

rence and abundance, such as the grasses (Molinia

caerulea for AGRO; Festuca filiformis, Luzula campestris

and Nardus stricta for AVEN; Danthonia decumbens for

FEST) and the forb: Hieracium pilosella for AVEN

(Table 5).

Discussion

This article attempts to detect any vegetation changes

that have occurred in the French Atlantic acid grass-

lands in the last 25 years and uses correspondence

analysis to identify the potential contribution of N

deposition in the context of a changing climate.

Achieving this objective was made difficult by two fac-

tors. Firstly, the time span of the study was relatively

short (25 years at the most) compared to that generally

considered in resampling approaches (40–70 years;

e.g. Haveman & Janssen, 2008; Duprè et al., 2010;

McGovern et al., 2011). Secondly, the level of N depo-

sition (11–18 kg N ha�1 yr�1) was moderately elevated

above background levels in more pristine areas

(1–5 kg N ha�1 yr�1; Galloway et al., 2004), whereas

Table 5 (continued)

Community

type n Decreasing species

Distribution

(%) Pres (Past)

Abundance

variation (%)

Increasing

species

Distribution

(%) Pres (Past)

Abundance

variation (%)

Deschampsia

flexuosa

17 (38) �4.15

Phyteuma spicatum 0 (31) �3.00
Dactylorhiza

maculata

0 (27) �2.74

Briza media 50 (63) �2.74
Trifolium repens 67 (38) �2.62
Centaurea jacea var.

nigra

50 (75) �2.59

Conopodium majus 33 (58) �2.40
Plantago lanceolata 67 (58) �2.33
Achillea millefolium 83 (46) �2.29
Stachys officinalis 50 (50) �2.23

PSEC 101 Asphodelus albus 0 (24) �3.29
Brachypodium

pinnatum

40 (54) �3.24

Festuca rubra 100 (84) �3.20
Hieracium pilosella 100 (65) �2.86
Solidago virgaurea 0 (38) �2.79
Euphorbia angulata 0 (35) �2.79
Gentiana

pneumonanthe

0 (24) �2.78

Scilla verna 40 (38) �2.25
Pteridium aquilinum 100 (100) �2.15
Blechnum spicant 0 (22) �2.05
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comparative studies performed at national or continen-

tal scale generally combine low and high levels (5–50
kg N ha�1 yr�1; Maskell et al., 2010; Stevens et al., 2004,

2010). In the FAD, over the last 25 years, the general

trend has been decreasing N deposition (Fagerli & Aas,

2008) as well as climatic changes with an increase of

mean temperature and a decrease of water availability

(IPCC, 2007). If these trends are detectable, then we

expect that the effects on vegetation for the N driver

should be strong where deposition levels have poorly

decreased, i.e. when deposition is high and the most sta-

ble. Similarly, climatic impacts should be the strongest

where climatic changes are themost pronounced.

Temporal changes in both N deposition and climate

Both N deposition and climate changes are detected

over the period of the study at the FAD scale. For atmo-

spheric N deposition, the significant decrease of oxi-

dized N deposition observed in our study is consistent

with the oxidized N emissions reduction observed in

France (Serveau et al., 2010) and N deposition trends

observed during a comparable period in the United

Kingdom (Fowler et al., 2005) and in Europe (Fagerli &

Aas, 2008). For climatic variables, changes shown in

our study agree with results from the literature (IPCC,

2007).

These time-scale variations throughout the FAD con-

ceal spatial variations corresponding to local heteroge-

neities of N deposition and climate changes. Spatial

variations in N deposition changes are especially

important, as changes in total N and reduced N deposi-

tion are detected at a local scale but not at the FAD

scale. Especially, in FEST and AVEN sites, significant

decrease of total N deposition was recorded, mainly

due to a decrease in oxidized N deposition during the

period of the study (Fagerli & Aas, 2008). The level of

N deposition observed was within the total range of the

critical loads recommended for acid grasslands (10–15
kg N ha�1 yr�1; Bobbink et al., 2011), although the

relevant range of the critical loads depends on abiotic

factors (Achermann & Bobbink, 2002). For example,

cold temperature and N limitation are likely to increase

sensitivity of ecosystems to N deposition. As regards

our data, FEST and AVEN sites are likely to be the most

sensitive with a critical load ranging around

10 kg N ha�1 yr�1 (Achermann & Bobbink, 2002),

whereas the upper part of the critical loads range, i.e.

around 15 kg N ha�1 yr�1, is appropriate to the most

thermo-Atlantic, and therefore the less sensitive, sites

(AGRO and PSEC). Furthermore, the most sensitive

sites have also experienced the highest loads of oxi-

dized N deposition. Despite uncertainties for ammonia

deposition stemming from the impacts of local sources

(Sutton et al., 1995; Erisman et al., 2005, 2007), EMEP

data reveal that FEST sites are the only ones to experi-

ence a decrease in reduced N deposition, although they

are among the highest loads, probably due to local

changes in agricultural management.

Spatial variation is also detectable in climatic vari-

ables. The southern and warmer sites sampled in the

FAD, i.e. PSEC sites, are the only ones to avoid an

increase in temperature. A significant decrease in water

availability as a consequence of a decrease in precipita-

tion may be detected in FEST sites only. Such spatial

differences are likely to induce changes in the hierarchi-

cal balance of components of global change as regards

geographical location. Therefore, the interaction

between N deposition and climate change effects needs

to be studied carefully to identify the key factors driv-

ing vegetation changes.

Among atmospheric variables, it is clear that climate

changes are mainly detectable at the FAD scale,

whereas N deposition changes are mainly dependant of

local variation, affecting central and northern areas of

French Atlantic acid grasslands.

Spatial and temporal trends in vegetation patterns: what
are the main potential drivers?

Overall floristic stability, with no significant species

shift at the FAD scale, suggests similarity in the under-

lying ecological factors at work for both periods. This

can be explained by the predominant biogeographical

gradient, still perceptible, that has shaped species pools

variations (Bensettiti et al., 2005). This gradient is syn-

thesized by geographical position (latitude and longi-

tude) and by drivers such as climate variables

(temperature and PET) and soil biogeochemistry (nutri-

ent content and pH), all variables linked to the first axis

of CA2.

However, species composition within CTs is not con-

stant over time and differences in vegetation are espe-

cially noticeable at the local scale. The increasing

gradient of available N, which is associated with a gra-

dient of oxidized N deposition in our study, is consis-

tent with a decrease of soil C : N ratio. Soil nitrate

content can follow the gradient of N content in vascular

plants (Carroll et al., 2003; Pilkington et al., 2005) which

was not apparent at an European scale (Stevens et al.,

2011 in press). In this study, the significant response of

N content in plant tissues arises from A. capillaris, pre-

viously shown to be sensitive to N addition (Horswill

et al., 2008). The second axis of CA2 is mostly related to

water availability and reduced N deposition and also to

soil base cations. Chronic summer drought, e.g. water

availability, appears to be one of the major events to

influence productivity and species richness in unfertile
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grasslands (Grime et al., 2008). Moreover, ecosystems

do not seem to be resilient to soil pH decrease as recov-

ery in soil base saturation is less rapid and complete

than soil pH recovery itself (McGovern et al., 2011).

Differences in grasslands composition over time are

supported by species turn-over examination. Our

method, which considers only species that had an

abundance of >20% in the past vegetation records, pro-

vides a cautious indication of present changes. Our

results point out the decrease of forb cover in response

to N deposition (Stevens et al., 2006, 2010). The decrease

or absence of legumes such as Genista pilosa at local

scale could mean that N deposition rather than biologi-

cal N fixation is dominating N supply and could also

explain the decrease of the hemi-parasite R. minor

(Ameloot et al., 2008). The decreasing cover of R. minor

in response to higher N avaibility (Smith et al., 2002)

impacts the grassland ecosystem structure and function

by allowing dominant grasses to proliferate and sup-

press forb cover, potentially decreasing the plant diver-

sity (Press & Phoenix, 2005).

Footprints of N deposition and climate change on
vegetation

Effects of climate change can operate both at the FAD

and local scale and may affect vegetation turn-over.

The level of N deposition observed was within the

range of the critical loads suggesting a weak impact of

N deposition even if effects of low background deposi-

tion on acid grasslands are reported (Clark & Tilman,

2008; Stevens et al., 2010). Effects of N deposition are

also dependent on local variation due to difference in N

deposition form. Vegetation changes experienced in

AVEN along Axis 1 are consistent with the vicinity of

Vosges region with industrial activities in France and

in neighbour countries, contributing to high oxidized N

deposition (Fowler et al., 1998). Vegetation changes

along Axis 2 in AGRO sites, corresponding mainly to

Brittany, are consistent with a response to the highest

reduced N deposition levels as Brittany region has one

of the most intensive agriculture in France (Asman

et al., 1998; Aneja et al., 2001). Differences in the scale

effect between climate change and N deposition may

induce a hierarchical effect of these components on eco-

systems (Pan et al., 2009; Stevens et al., 2011a) and inter-

active effects at the same scale (Sala et al., 2000; Majdi &

Ohrvik, 2004; Turner & Henry, 2009). N deposition and

climate interactions are known to alter the carbon bal-

ance in terrestrial ecosystems (Churkina et al., 2010) or

the dynamics of vegetation (Britton et al., 2001) but they

can act independently for example on carbon dynamics

(Pan et al., 2009) or on soil properties (Papanikolaou

et al., 2010). Moreover, an N deposition signal was

detected, despite the short gradient and the short per-

iod initially described, probably because the sites that

experience the highest loads were also likely to be the

most sensitive, due to the interactive effects between N

deposition and climate. The strongest change in vegeta-

tion (i.e. species turn-over along both Axis 1 and 2) was

detected in the Festuca grasslands corresponding to

sites that experienced the highest chronic N deposition

and the highest increase in mean temperature.

Conversely, the Pseudarrhenatherum grasslands, with no

significant vegetation trend, are also the sites that are

the more stable as regards climate with the lowest level

of N deposition. The magnitude of vegetation responses

to climate and atmospheric changes depends on local

variation in N deposition and climatic changes, on the

interaction between these factors. Indeed, climate

changes and N deposition, are likely to act as drivers

per se of plant communities, while climate may also

influence ecosystem sensitivity to N deposition and vice

versa. However, a hierarchy is hardly demonstrable

without improved local models that are needed for cal-

culations of these changes in the future (Zavaleta et al.,

2003).

At the species level, N deposition is expected (i) to

increase the potential for competition exclusion and shift

selection pressure towards species able to capitalize on

elevated N avaibility (Wedin & Tilman, 1993; Hautier

et al., 2009) and (ii) to impact species by exceeding their

physiological limits of acid tolerance and nutrient

demand (Horswill et al., 2008). The species turn-over

results show a general tendency to gain grasses at the

expense of forbs (Duprè et al., 2010; Maskell et al., 2010).

In our study, the extent of grasses such as Nardus strictae

andMolinia caerulea is consistent with an increased level

of N availability and loss of other grasslands species

(Tomassen et al., 1999; Hartley & Mitchell, 2005; Kleijn

et al., 2008). It has also been observed that rare species

such as Arnica montana or Dactylorhiza maculata disap-

peared from these grasslands before grasses started to

dominate over the vegetation because they are extre-

mely sensitive to acidification and ammonium accumu-

lation (van den Berg et al., 2005; Kleijn et al., 2008; De

Graaf et al., 2009). Similarly, climate changes can disad-

vantage the less tolerant species, especially those species

sensitive to drought and warmer conditions. Indeed,

global warming is known to change species distribution

and therefore biogeographical limits for species, particu-

larly in mountain areas (Lenoir et al., 2008). Such

changes could also be perceptible at lower altitude espe-

cially in grasslands sites with the least nutrient limita-

tion (AVEN and FEST) where N deposition is not a

confounding factor (Gilbert et al., 2003; Falkengren-

Grerup et al., 2006). The species turn-over detected in

these hilly communities indicates that endangered
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mountains species, like Arnica montana and Gentiana lu-

tea, are likely to be the affected in their distribution

(Grabherr et al., 1994). These results could provide more

evidence of indirect effects of N deposition by increasing

susceptibility of plants to frost (Caporn et al., 2000;

Sheppard & Leith, 2002). The vegetation appears to be

sensitive to the cumulative amounts of N deposition

especially in the sites where the loads of N are in the

upper range of the critical loads for acid grasslands

(Bobbink et al., 2011) and where climate is cool (AVEN

and FEST sites).

Conclusion

Impact of global change on vegetation is complex

because of the many ecological factors involved. By

comparing vegetation data over a relatively short time

span and in the context of a range of N deposition rates

around the critical load range, this study provides evi-

dence that the effects of cumulative N deposition on

species composition are variable depending on spatial

scale. This is because grasslands experiencing high oxi-

dized or reduced N deposition levels respond locally

with floristic and soil effects. However, these changes

are always associated with climatic changes, suggesting

that N deposition is a clear driver of grassland compo-

sition at more local scales whereas climate changes

remain the predominant driver at the FAD scale.

Climatic factors influence composition changes in

grasslands at both local and FAD scales, especially in

the most continental and hilly community sites where

they are likely to explain community sensitivity to N

deposition. Therefore, although it was not possible to

disentangle the single effects of N deposition and

climate change, this study allowed us to differentiate a

scale effect and to suggest an interactive effect between

both factors. To see the complete picture and under-

stand processes at work, particularly N deposition and

climate interactions, future research is needed to com-

plement long-term and large scale comparatives studies

with local studies associated to short-term and fine-

grain trends in contrasting bioclimatical areas. This is

of particular importance to implement conservation

policies and to provide meaningful management of

valuable sites.
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Clément B (1978) Contribution à l’étude phytoécologique des Monts d’Arrée; organisation et

cartographie des biocénoses, évolution et productivité des landes. University of Rennes,
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Plant neighbours mediate bird predation effects
on arthropod abundance and herbivory
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Abstract. 1. Tritrophic interactions among plants, herbivores and predators are
expected to be influenced by the surrounding vegetation. Neighbouring plants can
influence focal plant colonisation by herbivorous insects and the foraging behaviour
of natural enemies, such as insectivorous birds.

2. The aim of the experiment was to disentangle the interactive effects of
neighbouring plants and avian predation on arthropod abundance and insect leaf
damage in oak tree seedlings, using exclusion cages and vegetation removal.

3. The presence or removal of surrounding herbaceous vegetation differentially
mediated top-down effects of insectivorous birds on distinct arthropod guilds and
herbivore damage in seedlings. Avian predation reduced sawfly larval abundance
regardless of the presence of plant neighbours; lepidopteran larval abundance
only when plant neighbours were removed; and spider abundance only when
plant neighbours were left intact. The removal of plant neighbours increased prey
accessibility for foraging insectivorous birds and decreased chewer damage on
seedlings. The density of concealed-feeder insects (leaf miners) increased with plant
neighbour removal and when seedlings were less damaged by chewer guild, suggesting
intraguild competition.

4. These results highlight the strong indirect effects of neighbouring vegetation on
tritrophic interactions involving a focal plant species, its associated herbivores and the
upper trophic level of predators.

Key words. Avian predation, insect guilds, insect herbivory, neighbouring vegetation,
predator removal, Quercus robur , trophic cascade

Introduction

Predators can depress herbivore populations and thereby indi-
rectly limit the consumption of primary producers (Hairston
et al., 1960). Birds are vertebrate predators that are likely
to generate such a trophic cascade (Van Bael et al., 2008;
Mäntylä et al., 2011). Insectivorous birds can limit dam-
age to plants and facilitate plant growth by their preda-
tion on herbivorous insects (Whelan et al., 2008; Mooney
et al., 2010; Mäntylä et al., 2011). Previous studies have
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1202 BIOGECO, Bâtiment B2–Avenue des Facultés, 33405 Talence,
France. E-mail: brice.giffard@gmail.com

†Current address: INRA, UMR 1201 Dynafor, ENSAT, EIP, F-
31320 Castanet-Tolosan, France.

highlighted the importance of several factors likely to mediate
this indirect effect, such as insect prey accessibility to avian
predators (Marquis & Whelan, 1996; Hawkins et al., 1997;
Whelan, 2001), intraguild predation (Mooney et al., 2010)
and density-dependent predator–prey relationships (Bridge-
land et al., 2010).

Herbivorous insect guilds differ greatly in their sensitivity
to bird predation. Concealed-feeding guilds, such as miners or
gall-inducing insects, are subject to frequent parasitoid attacks,
but low levels of predation by vertebrate or invertebrate
predators (Hawkins et al., 1997; Murakami, 1999). Conversely,
caterpillars or hymenopteran larvae that feed on the plant
externally are easily detected by predators and contribute a
large proportion of prey to many insectivorous birds (Kristin
& Patocka, 1997). Variation in insect prey density may also
influence the magnitude of trophic cascades. The indirect
effect of insectivorous birds on plants may be stronger when

448 © 2013 The Royal Entomological Society
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insect abundance and the associated damage level are high
(Forkner & Hunter, 2000; Low & Connor, 2003; Bridgeland
et al., 2010). Top vertebrate predators, such as insectivorous
birds, can also prey on intermediate predatory arthropods
such as spiders (Gunnarsson, 2007; Mooney et al., 2010).
The exclusion of top predators may then release intraguild
predation, i.e., favour predatory arthropods, and offset the
effects of top predators on herbivory damage on plants (Finke
& Denno, 2005).

Plant–insect–predator interactions also vary with plant
neighbourhood. The surrounding vegetation may disrupt the
colonisation and the consumption of a focal plant by insect
herbivores, according to the resource concentration hypothesis
(Root, 1973; Baraza et al., 2006). Neighbouring plants may
either decrease resource availability and affect resistance traits
or induced defence reaction of a focal plant species to
herbivores (Dudt & Shure, 1994; Agrawal, 2004) or modify
microclimate, which could affect herbivore communities and
damage (Moore et al., 1988; Corcket et al., 2003; Savilaakso
et al., 2009). Neighbouring vegetation can also enhance
biological control of herbivores by predators through provision
of alternative prey or complementary food resources, as
predicted by the natural enemies hypothesis (Elton, 1958).
Alternatively, it can reduce herbivore predation by decreasing
the foraging effectiveness of natural enemies (Langellotto &
Denno, 2004). For example, variation of branch and leaf
architecture can impede prey accessibility for insectivorous
birds (Gunnarsson, 1996; Whelan, 2001).

Studies that focused on the spatial variation of indirect effect
of insectivorous birds on plants did not detect any effect, even
when bird communities varied among sites (Mazía et al., 2004;
Barber & Marquis, 2009; Schwenk et al., 2010). However, a
considerable inter-site variation in avian predation has been
previously observed (Gruner, 2004; Zehnder et al., 2010),
and could be related to the spatial variation in bird diversity
between sites (Van Bael et al., 2008). Plant–insect–predator
interactions may occur over short spatial scales, such as
amongst neighbouring plants or at the within-plant scale
(Langellotto & Denno, 2004; Gripenberg & Roslin, 2007).

In this study, we manipulated both bird predation and
understorey vegetation to assess their interactive effects on
the abundance of arthropods and levels of herbivory on oak
seedlings. We hypothesise that the presence of neighbouring
vegetation will decrease both the density and apparency of
target seedlings, thus resulting in lower insect herbivory.
Conversely, the presence of neighbouring vegetation may
disrupt bird predation on arthropods and consequently increase
herbivory on target plants.

Materials and methods

Study system

This study was carried out in the Landes de Gascogne
forest, in south-western France, a region covered by about one
million hectares of maritime pine (Pinus pinaster) plantations.
Pedunculate oak (Quercus robur) regenerates naturally within
pine stands and may become co-dominant in older plantations.

The understorey vegetation in pine plantations is composed
of a low cover of saplings (Q. robur , Betula pendula) and
shrubs (Frangula alnus , Ulex europaeus and Ulex minor) for
c. 15% of the ground surface. Herbaceous cover–around 80%
of the ground cover–is dominated by Pteridium aquilinum and
Molinia cærulea .

Insect folivore guilds occurring on Q. robur seedlings
include external feeders (chewers and skeletonisers) and con-
cealed feeders (leaf miners). The chewer guild consists princi-
pally of lepidopteran larvae (from the families Geometridae,
Lymantriidae and Noctuidae). Sawfly larvae (Hymenoptera
Tenthredinidae) and grasshoppers (Orthoptera Tettigoniidae),
together with first instars of lepidopteran species (particularly
from the family Geometridae), are responsible for most of the
skeletonising damage observed. Leaf miners associated with Q.
robur are the larvae of small moths (Microlepidoptera Nep-
ticulidae, Tischeriidae and Gracillariidae; see Giffard et al.,
2012b) and Orchestes signifer (Coleoptera Curculionidae).

The bird communities of the study area have been described
in detail in previous studies (Barbaro & van Halder, 2009;
Giffard et al., 2012a). The predominant insectivorous bird
species likely to forage on the understorey foliage of
broadleaved tree species are Eurasian wren (Troglodytes
troglodytes), great tit (Parus major), crested tit (Lophophanes
cristatus), long-tailed tit (Aegithalos caudatus), common
chiffchaff (Phylloscopus collybita), western Bonelli’s warbler
(Phylloscopus bonelli ), Eurasian blackcap (Sylvia atricapilla),
European robin (Erithacus rubecula), song thrush (Turdus
philomelos) and blackbird (Turdus merula).

Experimental design

We investigated the effects of bird exclusion in interaction
with plant neighbour removal on arthropod abundance and
insect herbivory in Q. robur seedlings planted in nine mixed
forest stands of pine and pedunculate oak. These stands were
located at least 0.5 km and at most 8 km far from each other.
All pine stands were 40–45 years of age and established on
sandy soil in similar bioclimatic conditions.

In February 2009, 12 seedlings of Q. robur were trans-
planted in each forest stand. Each stand was an even-aged
pine plantation and included extensive midstorey and under-
storey vegetation, dominated by pedunculate oak (mature
trees, saplings and seedlings). The 108 target seedlings (12
seedlings × nine stands) were 1 year old, came from nursery
and all originated from the same area of south-western France.
Using seedlings with similar growing conditions dampened
the variability of size, number of leaves, defense compounds
and storage amounts of seedlings in comparison with the
growth in natural conditions. The mean (± SE) seedling height
measured 46 ± 1 cm and there were, on average, 46 ± 2 leaves
per seedlings.

In each of the nine forest stands, the 12 seedlings were
split into four triplets in a two-factorial design in order to test
the interactive effects of bird exclusion and plant neighbour
removal. We assessed the effect of bird exclusion by protecting
two of the four triplets of seedlings within cages and leaving
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the other two uncaged. Bird exclosures consisted of wire fences
with a mesh size of 15 × 15 mm fixed to metal stakes and a
volume of 1 m3. These exclosures excluded all insectivorous
birds, including the smallest species, T. troglodytes , but
allowed access to seedlings to all foliage-dwelling arthropods.
The exclosures had no effect on microclimate that would have
affected insects or plant growth (Giffard et al., 2012a). We
assessed the effect of plant neighbour removal by leaving
the triplets of seedlings under two neighbourhood conditions.
Above-ground vegetation was either left intact (one protected
within cages and one uncaged) or cut over 1 m2 around two
triplets of seedlings (one protected within cages and one
uncaged) before transplantation and was kept down by mowing
throughout the growing season. Neighbouring vegetation was
mostly composed of P. aquilinum and M. cærulea and the
mean (± SE) vegetation height was 77 ± 3 cm in control
treatments. The four experimental units were located at least
10 m apart within a single stand, to lessen potential carryover
effects of neighbouring treatments on bird foraging. Forest
stands were at least 0.5 km apart, allowing different bird
foraging areas.

Leaf area measurements

We counted the total number of leaves per focal seedling
during two consecutive surveys in the early (mid-June
2009) and late (early September 2009) growing seasons. We
estimated the total leaf area of each seedling by measuring,
with a 1 cm2 plastic grid, the area of 20 leaves sampled at
regular intervals within the seedling foliage (e.g. every third
leaf for a seedling with 60 leaves). In a preliminary test
with 114 oak seedlings, we found a significant correlation
(r = 0.985, P < 0.001) between total leaf area based on the
measurement of all leaves and total leaf area estimated from
a sample of 20 leaves. Moreover, leaf area estimated with
the 1 cm2 plastic grid was significantly correlated (r = 0.986,
P < 0.001) with leaf area measured with a WinFolia planimeter
(Pro 2007b, Regent Instruments, Quebec, Canada) on a
subsample of 340 oak leaves.

Arthropod sampling

During two consecutive surveys in mid-June and early
September 2009, arthropods were exhaustively counted on all
seedlings and assigned to lepidopteran larvae, sawfly larvae,
spiders or leaf miners. We also noted weevils (Coleoptera Cur-
culionidae), grasshoppers (Orthoptera Tettigoniidae) and leaf
rollers (Lepidoptera), but these groups were not sufficiently
abundant for inclusion in the statistical analyses. Leaf miners
are specialist herbivores and the species feeding on Q. robur
are mostly small moths (Lepidoptera). We calculated the den-
sities of total external arthropods, and of all the subgroups
of external arthropods exposed to bird predation–lepidopteran
larvae, sawfly larvae and spiders–as the number of individu-
als m–2 of leaf area for each experimental unit. We calculated
separately the densities of leaf mines m–2 of leaf area (con-
cealed from predation).

Insect herbivory measurements

Insect herbivory was assessed twice during the growing sea-
son, following arthropod sampling, and in a non-destructive
manner by visual inspection of all the leaves on every
seedling. Damaged leaf area was estimated with a 0.25 cm2

transparent plastic grid. Leaf damage was classified on the
basis of the feeding guild: chewers, skeletonisers (exposed to
bird predation) or leaf miners (concealed from bird predation).
We divided the total damaged leaf area by the total leaf area
to calculate a percentage herbivory per guild in each seedling
(LAR: Leaf Area Removed). Within a given experimental
unit, observations performed on the three seedlings were not
independent. We therefore used the mean herbivory or arthro-
pod densities for further statistical analyses, which are the
mean across the three seedlings of a given experimental unit.

Statistical analyses

We modelled percentage herbivory by chewers and skele-
tonisers in linear mixed models (LMMs with the nlme r-
package, Pinheiro et al., 2011) with previous logit transforma-
tion (Warton & Hui, 2011) and using bird exclusion (BE), plant
neighbour removal (PNR), and their interaction (BE × PNR) as
fixed factors, and forest stands and date of measurement as a
random grouping effect. Using these two nested random effects
allows for the spatial correlation of model residuals for the four
experimental treatments in the same forest stand, and the tem-
poral correlation of model residuals of measures performed
on the same seedlings, in June and September. We modelled
the total densities of external arthropods (excluding the con-
cealed guild of leaf miners), the densities of lepidopteran lar-
vae, sawfly larvae, leaf miners and spiders, and the percentage
herbivory by leaf miners in generalised linear mixed models
(GLMMs with the lme4 r-package, Bates et al., 2011) fitted
with a Poisson distribution and using a log link function and
Laplace approximation for count data, with the same fixed and
random factors as in the LMMs.

The significance of each fixed effect was tested by
comparisons of model deviances fitted with and without
treatment (Zuur et al., 2009). We removed the non-significant
interaction term (BE × PNR) of the models in order to test
the simple effect of BE and PNR (P > 0.05). By contrast, a
significant effect of the interaction term BE × PNR indicated
the presence of an effect of BE on arthropod densities or
percentage herbivory per guild that was different when plant
neighbours were removed or not and/or an effect of the PNR
on arthropod densities or percentage herbivory per guild that
was different between exclusion cages or control plots with
bird predation (see the ‘Results’ section). To identify treatment
effects on arthropod densities, we tested the effect of BE
separately for each condition of plant neighbourhood, and the
effect of PNR separately for control and bird exclosures, using
model contrasts. For significant effects in GLMMs, we set a
more conservative significance level of 1%, as recommended
by Zuur et al. (2009).

We finally investigated the potential relationship between
damage from external insects and abundance of leaf miners,
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Table 1. Results of generalised linear mixed models (GLMMs) and linear mixed models (LMMs) for testing the effect of bird exclusion (BE),
plant neighbour removal (PNR) and their interaction on the density of total external arthropods (external-feeding and predatory arthropods), and
subgroups analysed separately: lepidopteran larvae (external feeding), sawfly larvae (external feeding), and spiders (predatory arthropods), the
density of leaf mines (concealed feeding), and percentage herbivory by chewers, skeletonisers and leaf miners, on Quercus robur seedlings.

df BE PNR BE × PNR

Total external arthropods 1 97.33*** 0.75 0.36
Lepidopteran larvae 1 −† −† 12.49***

Sawfly larvae 1 10.75* 57.43*** 0.03
Spiders 1 −† −† 30.96***

Internal (concealed) feeders
Leaf miners 1 −† −† 255.59***

Percentage herbivory by chewers 1, 51 −† −† 4.80*

Percentage herbivory by skeletonisers 1, 51 0.02 9.94** 0.16
Percentage herbivory by leaf miners 1 0.01 0.02 0.03

Significance of each treatment and their interaction were tested by deviance comparison between models fitted with and without the factors BE,
PNR or BE × PNR for GLMM. Significant F - and χ2 values are shown in bold (*P < 0.05, **P < 0.01, ***P < 0.001).
†Corresponds to simple effects of BE and PNR that have not been tested because of a significant interactive effect BE × PNR (see the ‘Results’
section and Tables S1 and S2 for details).

suggesting competitive interactions, using GLMM with per-
centage herbivory of external insects (skeletonisers and chew-
ers) as the explanatory variable for leaf mine density (and forest
stand and date of measurement as a random grouping effect,
as in previous analyses).

Results

Arthropod densities

Only the BE factor significantly affected the density of
total external arthropods–not PNR or the interaction term
(Table 1). The mean density of total external arthropods was
approximately 50% lower for uncaged seedlings (6.48 ± 1.07
individuals m–2 of leaf area) than for seedlings protected by
cages (12.85 ± 1.19 individuals m–2 of leaf area).

Experimental treatments had different effects on the density
of the individual subgroups of external arthropods exposed to
bird predation and that of leaf miners. PNR and BE factors
significantly impacted the densities of sawfly larvae, but not the
interaction term (Table 1). The mean density of sawfly larvae
significantly increased when plant neighbours were removed
(compare right- and left-hand bars in Fig. 1b). Bird predation
also significantly reduced sawfly larvae densities (compare
white and black bars in Fig. 1b).

The interaction between the PNR and BE factors had a
significant effect on the densities of lepidopteran larvae, spiders
and leaf miners (Table 1). We therefore tested the effect of PNR
separately for control and bird exclusion conditions, and the
effect of BE separately in the presence of absence of plant
neighbours.

In the presence of birds (control treatments), lepidopteran
larval density decreased with PNR (Table S1 and white bars
in Fig. 1a). When birds were excluded, we did not observe
any effect of PNR on lepidopteran larval densities (Table
S1, black bars on Fig. 1a). When plant neighbours were left
intact, there was no effect of bird predation on lepidopteran

larval density (Table S2 and right-hand bars in Fig. 1a). When
plant neighbours were removed, lepidopteran larval density
decreased with bird predation (Table S2 and right-hand bars
in Fig. 1a).

In the presence of birds (control treatments), spider densities
increased with PNR (Table S1 and white bars in Fig. 1d).
When birds were excluded, we did not observe any effect of
PNR on spider densities (Table S1 and black bars on Fig. 1d).
Spider density decreased with bird predation only when plant
neighbours were left intact (Table S2 and left-hand bars in Fig.
1d), but there was no effect of bird predation on spider density
when plant neighbours were removed (Table S2 and right-hand
bars in Fig. 1d).

In the presence of birds, leaf mine density increased
significantly with PNR (Table S1 and white bars in Fig.
1c), whereas it decreased significantly with PNR within bird
exclosures (Table S1 and black bars in Fig. 1c). Bird predation
reduced leaf mine density when plant neighbours were left
intact (Table S2 and left-hand bars in Fig. 1c), but increased
leaf mine density when plant neighbours were removed (Table
S2 and right-hand bars in Fig. 1c).

Herbivory

The interaction between PNR and BE also had a significant
effect on herbivory by chewers (Table 1). In the presence
of birds, chewer damage decreased with PNR (Table S1 and
white bars in Fig. 2a). When birds were excluded, we did
not observe any effect of plant neighbour removal on chewer
damage (Table S1 and black bars in Fig. 2a). There was no
effect of bird predation on chewer damage when the plant
neighbours were left intact (Table S2 and right-hand bars in
Fig. 2a), whereas percentage herbivory by chewers decreased
with bird predation when the plant neighbours were removed
(Table S2 and right-hand bars in Fig. 2a).

Only the PNR factor had a significant impact on percentage
herbivory by skeletonisers–not BE or the interaction term
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(b), leaf mines (c) and spiders (d) on experimental oak seedlings. The
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were caged, impeding bird predation. The significance of each
treatment, bird exclusion (BE) and plant neighbour removal (PNR),
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significant).

(Table 1). Percentage herbivory by skeletonisers decreased
when plant neighbours were removed (compare left- and right-
hand bars in Fig. 2b).

On average, leaf miners caused only a small amount of
damage and none of the experimental factors had a significant
effect on percentage herbivory by leaf miners (Table 1, Fig. 2c).
However, we observed a strong negative relationship between
leaf mine density and percentage herbivory by external insects
(chewers and skeletonisers together, χ2 = 49.76, z =−6.889,
P < 0.001).
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Discussion

Effect of plant neighbours on arthropod abundance and insect
herbivory in uncaged oak seedlings

These results obtained for the control plots provide new
experimental evidence that neighbouring vegetation affects the
abundance of herbivorous insects and the damage they cause to
a focal plant. Caterpillar abundance and damage due to external
herbivorous insects (chewers and skeletonisers) were signifi-
cantly higher on seedlings with plant neighbours. Higher insect
abundance and greater damage in the presence of plant neigh-
bours are consistent with the hypothesis of associational sus-
ceptibility: the presence of neighbouring vegetation increases
the likelihood of colonisation by herbivores and associated
damage to a focal plant (White & Whitham, 2000; Barbosa
et al., 2009). Tree saplings may receive more herbivores and
may therefore experience higher herbivory damage due to ver-
tical transfer of insect herbivores from canopy trees or hori-
zontal shifts from plant neighbours (White & Whitham, 2000;
Pigot & Leather, 2008; Schuldt et al., 2010). In our study, the
understorey vegetation may have the same negative impact,
although we cannot confirm this hypothesis, as we did not
survey insect herbivory on plant neighbours.

Plant neighbour removal may also have changed light and
microclimate conditions around seedlings, which can affect
insect herbivores directly or indirectly through leaf quality.
Free-living insects, and especially young larvae, may be
susceptible to desiccation or may prefer to feed within the
concealed microhabitat provided by plant neighbours (Larsson
et al., 1997).

Conversely, the abundance of leaf miners was lower on
seedlings with plant neighbours. Plant neighbours can limit
the colonisation of a focal species by specialist insects through
disruption of host-finding (Root, 1973; Barbosa et al., 2009).
The leaf miner guild is expected to be composed mainly
of species specialising on pedunculate oak (Giffard et al.,
2012b) and unable to feed on neighbouring shrub species.
Neighbouring plants may act as physical (Ross et al., 1990)
or chemical (Jactel et al., 2011) barriers to tree colonisation
by female moths prior to oviposition. However, some insect
herbivores also prefer leaves grown in full light, which are
higher in nitrogen content (Moore et al., 1988).

Effect of bird predation on arthropod abundance and insect
herbivory in oak seedlings

The exclusion of insectivorous birds resulted in a higher
density of total external arthropods, regardless of the presence
or absence of plant neighbours. These results are consistent
with previous experimental studies in which bird exclusion
led to increased arthropod abundance (reviewed by Whe-
lan et al., 2008; Mooney et al., 2010; Piñol et al., 2010;
Mäntylä et al., 2011). However, in the present study, arthropod
subgroups showed different responses to bird exclusion in the
two plant neighbourhood conditions. Avian predation reduced
spider densities on oak seedlings only in the presence of plant
neighbours; reduced lepidopteran larval densities only in the

absence of plant neighbours; and reduced sawfly larvae den-
sities in both cases. Prey accessibility may account for these
contrasting responses and is generally considered more impor-
tant than prey abundance for microhabitat selection by foraging
birds (see, e.g., Whelan, 2001; Romanowski & Zmihorski,
2008). When plant neighbours are taller than seedlings, they
can impede bird foraging for lepidopteran larvae by reducing
prey availability, especially for foliage-gleaning birds (Moor-
man et al., 2007). Conversely, understorey gleaners such as
the Eurasian wren (T. troglodytes) prefer foraging for arach-
nids on dense patches of vegetation (Kristin & Patocka, 1997;
Artman, 2003), which could explain why foraging on spiders
has not been impeded by plant neighbours. Further studies on
bird foraging intensity and predation behaviour are therefore
required, notably through recording of foraging activities or
avian insectivory (Barbaro et al., 2012).

As an alternative hypothesis, a release of intraguild predation
may explain why lepidopteran larval abundance was not
reduced by bird predation in the presence of plant neighbours.
Predatory arthropods, such as spiders, like structurally complex
vegetation and may therefore benefit from the absence of
vertebrate predators (in caged seedlings) and then better
control herbivorous insects (Mooney et al., 2010). However,
we observed no negative relationship between spider and
lepidopteran larval densities, which does not support this
hypothesis.

Consistent with the prey accessibility hypothesis, chewer
damage was indirectly reduced by bird predation only when
plant neighbours were removed. Insectivorous birds foraging
on herbivorous larvae use a combination of olfactory and visual
cues to locate their prey (Mäntylä et al., 2008). The removal
of neighbouring plants may have increased the probability of
prey detection by insectivorous birds, resulting in higher rates
of predation and a lower extent of herbivore damage.

Interestingly, we observed a consistent negative correlation
between leaf mine density and external herbivory. This
suggests that bird exclusion, allowing greater damage by
external feeding insects, resulted in lower feeding resources
(intact leaf area) or reduced leaf quality for leaf miners,
thereby increasing resource or apparent competition between
herbivores (Mazía et al., 2004; Tack et al., 2009). We also
observed lower leaf miner abundance on seedlings with plant
neighbours. The leaf miner guild is composed of species
specialising on pedunculate oak and unable to feed on
neighbouring shrub species. Plant neighbours can disrupt host-
finding behaviours, thereby limiting the colonisation of a focal
species by specialist insects (Root, 1973; Barbosa et al., 2009).
Neighbouring plants may act as physical or chemical barriers
to tree colonisation by female moths prior to oviposition
(reviewed by Barbosa et al., 2009).

Conclusion

Neighbouring plants clearly influence tritrophic interactions
involving a focal plant, its herbivores and their vertebrate
predators. The presence of plant neighbours increased the
abundance of insect herbivores and herbivory damage on
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seedlings. This suggests horizontal transfers of damaging
insects from neighbouring plants or a modification of oak leaf
palatability due to increased competition with neighbouring
plants. The small-scale removal of vegetation patches resulted
in a higher intensity of bird predation on lepidopteran larvae
and, indirectly, in lower levels of chewing damage on oak
seedlings. By contrast, the presence of plant neighbours
appeared to dampen the top-down effect of insectivorous birds,
with the noticeable exception of spiders. Furthermore, our
study provides experimental evidence that distinct guilds of
insects associated with a focal plant species differ greatly
in their sensitivity to bird predation and the presence of
neighbouring plants. These results highlight the importance
of neighbouring vegetation on multitrophic interactions with
focal plants, herbivores and predators and support the use of
manipulative experiments to disentangle top-down, bottom-up
and horizontal interactions between species.
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Abstract According to the associational resistance

hypothesis, neighbouring plants are expected to influence

both the insect herbivore communities and their natural

enemies. However, this has rarely been tested for the

effects of canopy trees on herbivory of seedlings. One

possible mechanism responsible for associational resis-

tance is the indirect impact of natural enemies on insect

herbivory, such as insectivorous birds. But it remains

unclear to what extent such trophic cascades are influenced

by the composition of plant associations (i.e. identity of

‘associated’ plants). Here, we compared the effect of bird

exclusion on insect leaf damage for seedlings of three

broadleaved tree species in three different forest habitats.

Exclusion of insectivorous birds affected insect herbivory

in a species-specific manner: leaf damage increased on

Betula pendula seedlings whereas bird exclusion had no

effect for two oaks (Quercus robur and Q. ilex). Forest

habitat influenced both the extent of insect herbivory and

the effect of bird exclusion. Broadleaved seedlings had

lower overall leaf damage within pine plantations than

within broadleaved stands, consistent with the resource

concentration hypothesis. The indirect effect of bird

exclusion on leaf damage was only significant in pine

plantations, but not in exotic and native broadleaved

woodlands. Our results support the enemies hypothesis,

which predicts that the effects of insectivorous birds on

insect herbivory on seedlings are greater beneath non-

congeneric canopy trees. Although bird species richness

and abundance were greater in broadleaved woodlands,

birds were unable to regulate insect herbivory on seedlings

in forests of more closely related tree species.

Keywords Tritrophic interactions � Insectivorous birds �
Resource concentration hypothesis � Natural enemies

hypothesis � Seedling herbivory

Introduction

The relative importance of different mechanisms regulating

patterns of insect herbivory in plant communities is still a

matter of debate. In particular, insect herbivory is thought

to depend on intrinsic plant resistance traits, as a given

plant species may experience different rates of herbivory

depending on the identity and concentration of neigh-

bouring plants. This is one of the principles of the ‘‘asso-

ciational resistance’’ theory (Barbosa et al. 2009). Two

main hypotheses have been proposed to explain associa-

tional resistance: the resource concentration hypothesis and

the natural enemies hypothesis (Root 1973; Russell 1989).

The resource concentration hypothesis states that the like-

lihood of a plant being located by herbivores, i.e. its ap-

parency (Karban 2010), is influenced by the relative

abundance and the nature of neighbouring plants. In more

diverse plant communities, a given host plant is propor-

tionally less frequent and can be hidden by neighbouring

non-host plants. The natural enemies hypothesis suggests

that richer plant assemblages offer a greater array of
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complementary food and habitat resources that benefit

natural enemies which can, in turn, control herbivores more

effectively (Root 1973; Russell 1989).

It has been suggested that the resource concentration

hypothesis may account for a significant part in the

reduction of damage from specialised herbivores within

diverse plant communities (Finch and Collier 2000;

Björkman et al. 2010). In particular, the association of non-

congeneric plant species with contrasting morphological or

semiochemical traits can greatly reduce the ability of host-

specific herbivores to locate, colonise and exploit their host

plants (Jactel and Brockerhoff 2007). However, while some

studies observed clearly reduced insect herbivory in more

diverse forests (Jactel and Brockerhoff 2007), others found

no clear evidence for this (Vehviläinen et al. 2006).

Depending on the presence of host tree species in mixed

forest, there can even be an opposite effect (Vehviläinen

et al. 2007) that may be attributable to associational sus-

ceptibility (Barbosa et al. 2009).

Most previous studies on this subject focussed on can-

opy trees, but the same issues apply to seedlings and sap-

lings which represent a critical developmental stage for

forest regeneration. Interestingly, similarly varying respon-

ses of insect herbivory were observed on young trees along

tree diversity gradients or underneath other adult tree

species, with examples of more (White and Whitham 2000;

Schuldt et al. 2010) or less damage (Maetô and Fukuyama

1997; Sobek et al. 2009). Tree seedlings can be expected to

experience a higher risk of insect herbivore spillover from

conspecific canopy trees (Maetô and Fukuyama 1997;

Pigot and Leather 2008), according to the Janzen–Connell

hypothesis (Norghauer et al. 2010).

Surprisingly few studies have investigated the role of

natural enemies in controlling insect herbivory on tree

seedlings along ecological gradients (Riihimäki et al. 2005;

Kaitaniemi et al. 2007; Sobek et al. 2009). These provide

some support for the occurrence of top-down control of

forest insects by natural enemies, which may be tree spe-

cies-dependent. However, these studies only focused on

predatory insects. Vertebrates predators, such as birds

(Bock et al. 1992), lizards (Dial and Roughgarden 1995)

and bats (Kalka et al. 2008), can significantly reduce

populations of herbivorous arthropods and indirectly limit

damage and/or promote vegetation growth (Mooney et al.

2010; Mäntylä et al. 2011). However, the indirect effect of

predators on plant biomass via a trophic cascade is highly

variable due to compensation effects at the herbivore or

plant levels (Pace et al. 1999).

In temperate forests, insectivorous birds are among the

most important predators of herbivorous insects, especially

Lepidoptera and Hymenoptera (Holmes et al. 1979; Glen

2004). Several studies have reported an increase of leaf

damage when insectivorous birds were experimentally

excluded using caged plants (Atlegrim 1989; Marquis and

Whelan 1994; Sipura 1999; Mazı́a et al. 2004; Van Bael

et al. 2008), whereas others reported more limited effects

(Forkner and Hunter 2000; Low and Connor 2003).

Insectivorous birds are considered as an element of indirect

plant defences (Price et al. 1980) with many documented

top-down effects on insect herbivores (Whelan et al. 2008).

The identity of the focal plant species may be important

to explain both the influence of natural enemies

(Vehviläinen et al. 2008), such as insectivorous birds, and

the effect of host concentration on insect herbivory. Plants

differ in their physical characteristics (e.g. architecture,

foliage structure), which provides insectivorous birds with

a wide variety of distinct foraging substrates, which, in

turn, may influence trophic cascades (Marquis and Whelan

1996; Whelan 2001). Plant species also present different

constitutive defences (Sipura 1999) or volatile organic

compounds (Mäntylä et al. 2008) that have been demon-

strated to affect both insect herbivory and insectivorous

bird foraging.

In this study, we investigated the importance of bird

predation and host resource concentration as mechanisms

affecting insect herbivory. We designed a manipulative

experiment in the Landes de Gascogne forest, the largest

pine plantation forest in Europe. Previous studies in such

forests have shown that deciduous trees at the understorey

level or as remnants of natural forests provide key

resources or habitat to several insect and bird taxa in this

context of conifer plantations (Barbaro et al. 2005; Broc-

kerhoff et al. 2008; van Halder et al. 2008). To improve the

management of planted forests for the benefit of biodi-

versity, it is therefore important to know more about how

stand composition may affect the impact of insect damage

on these broadleaved species at their most susceptible

developmental stages, i.e. seedlings and saplings (Vásquez

et al. 2007).

We tested the effect of the identity of the plant species

by comparing the level of insect herbivory on seedlings of

three native broadleaved species: silver birch (Betula

pendula), pedunculate oak (Quercus robur) and holm oak

(Q. ilex). We then examined the resource concentration

hypothesis, and, more specifically, the importance of tax-

onomic similarity between seedlings and canopy tree spe-

cies, by experimentally planting seedlings of these native

broadleaved trees within three forest habitats: native

broadleaved, exotic broadleaved, and native conifer habi-

tat. We hypothesised that deciduous seedlings planted

within stands composed of conspecific deciduous tree

species would experience higher leaf damage than when

they are planted into conifer stands. To test the enemies

hypothesis, we estimated the effect of removing bird pre-

dation on insect herbivory by planting seedlings within bird

exclosure cages. We hypothesised that bird predation
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would be higher in pine stands where deciduous seedlings

represent sources of alternative prey.

Materials and methods

Study site

The study was carried out in the Landes de Gascogne

forest, south-western France, a region covered by ca

10,000 km2 of planted forests of native maritime pine

Pinus pinaster. The climate is thermo-Atlantic and soils are

podzols established on several meters of sandy deposit. The

study sites are located ca 40 km south of Bordeaux

(44�440N, 00�460W) near the field research centre of the

French National Institute for Agricultural Research

(INRA). This area is dominated by a mosaic of maritime

pine plantations of different ages with small deciduous

forest remnants. These woodlands are dominated by native

pedunculate oak Quercus robur and silver birch Betula

pendula with scattered holm oaks Q. ilex. A few planta-

tions of exotic oak species (red oak Q. rubra and Bartram’s

oak Q. heterophylla) also occur in the area. The under-

storey vegetation is relatively species-poor, due to both

nutrient-poor acidic soils and intensive stand management.

Dominant understorey species are common bracken

(Pteridium aquilinum), various herbaceous species such as

Molinia cærulea and Pseudarrhenaterum longifolium,

dwarf and common gorse (Ulex minor, U. europaeus),

heather species (Erica scoparia, E. cinerea, Calluna vul-

garis), glossy buckthorn (Frangula alnus) and European

honeysuckle (Lonicera periclymenum).

Experimental design

To test for an effect of contrasting forest habitats, we

selected 20 stands comprising 6 stands of maritime pine, 6

stands of exotic oaks (Q. rubra or Q. heterophylla) and 8

native woodlands dominated by Q. robur and B. pendula.

In these 20 stands, we established two experimental units to

compare two treatments: control and bird exclusion. Both

treatments were located in the same stand but 5–10 m from

each other to avoid any potential disturbance by birds

foraging in control areas. The bird exclosure was a cage

measuring of 100 9 100 9 100 cm fenced off with wire

netting (15 9 15 mm mesh). This treatment allowed

insects to access seedlings while excluding all insectivo-

rous birds including the smallest species recorded from the

experimental plots (wren, Troglodytes troglodytes, and

firecrest, Regulus ignicapillus). In the control treatment,

seedlings were left uncaged so that herbivorous insects

were left exposed to bird predation. A comparison of the

microclimatic conditions between treatments was under-

taken at the beginning of the experiment (using Hobo; Onset

Computer, Bourne, USA). This showed that exclusion cages

had no significant effect on soil humidity, air temperature

and relative humidity (Wilcoxon matched-pairs signed-ranks

tests).

In March 2007, two seedlings each of silver birch

B. pendula, Q. robur and Q. ilex were transplanted together

as an experimental unit of six seedlings. Seedlings were

1 year old and had the same south-western France origin.

They were planted ca. 40 cm apart from each other and the

position of each species was randomly assigned. Experi-

mental units were protected by an exclusion cage (cage

treatment) or left uncaged (control). The same paired

design was replicated in the 20 experimental forest stands,

for a total of 240 transplanted seedlings (2 seedlings 9 3

species 9 2 experimental units 9 20 stands).

Herbivory measures

Nondestructive assessments of insect herbivory were per-

formed by visual inspection of all leaves on every seedling.

Damaged leaf area was estimated using transparent plastic

grids of two different mesh sizes (0.25 and 1 cm2). The

smaller grid was used on leaves smaller than 6 cm2 for

greater accuracy. A percentage of leaf area removed (LAR)

was calculated for each leaf and averaged per seedling.

Intact leaves were recorded as 0% LAR. Within the same

unit, the two seedlings of the same species were considered

as pseudo-replicates and their herbivory rates were aver-

aged. The response variable was therefore calculated as the

percent LAR per species for each experimental unit. Her-

bivory measures were performed during two growth sea-

sons (2007 and 2008), with assessments in May (early

season) and July (mid-season) and a final assessment in

September 2008.

Bird censuses

Bird communities were censused in nine of the sampled

stands, providing three representative replicates of the three

forest habitats. We used the point-count method with two

visits during early and late breeding seasons of 2007. We

recorded all birds heard and seen during the two 20-min

visits and used the maximal abundance across the two

visits for a given species to obtain species richness and

abundance for each stand (see Barbaro et al. 2005). We

classified all the species recorded according to their diet

and foraging guild (Barbaro and van Halder 2009), and

kept for further analyses only the insectivorous species

likely to forage on the experimental seedlings (Electronic

Supplemental Material Table S1).
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Statistical analyses

To compare herbivory rates between seedling species and

forest habitats, linear mixed-model analyses (Pinheiro and

Bates 2004) were performed with the procedure lme (R

software; R Development Core Team 2008) using LAR

estimated in the control treatment at each period of

assessment as response variables. We used fixed effects for

seedling species, forest habitat and their interaction and a

random effect for forest stand within forest habitat.

To test the effect of bird exclusion on herbivory rates

according to forest habitats, we performed a second set of

linear mixed-model analyses. We used fixed effects for

forest habitat, bird exclusion treatment and their interaction

and a random effect for forest stand within forest habitat.

Analyses were performed separately on LAR values for

each seedling species and each date of assessment. Repe-

ated-measures analysis was not used to avoid confounding

within-year and between-year repeated measures.

In all linear mixed-models, LAR data were arc-sine

transformed to meet the assumptions of normality and

homoscedasticity, which were verified by graphical anal-

yses and Shapiro–Wilk tests on model residuals. Multiple

comparisons were conducted to test for difference between

seedling species or forest habitats using Tukey’s HSD test.

Insectivorous bird richness and abundance were ana-

lysed by Kruskal–Wallis rank sum tests followed by Beh-

rens–Fisher multiple comparisons to test for difference

between the three forest habitats.

Ultimately, we estimated the magnitude of the effect of

bird exclusion on LAR in seedlings throughout the 2 years

of assessments (i.e. the difference in LAR between control

and exclusion cage treatments). We tested how this mag-

nitude varied with seedling species and forest habitat

(Nakagawa and Cuthill 2007) by calculating Hedge’s effect

size (d) for each combination of seedling species 9 forest

habitat, using stands within habitat types as replicates. All

censuses were pooled following the method proposed by

Borenstein et al. (2009) for repeated measurements within

a study. For each combination of seedling species 9 forest

habitat, mean LAR values were averaged across the five

census dates. The averaged standard deviation was calcu-

lated as the mean standard deviations in each date weighted

by the correlation coefficients between dates. The effect

size was calculated as:

d ¼ J XBE � XCTLð Þ=S½ �

with XBE representing the mean LAR per species and forest

habitat in the bird exclusion treatment, XCTL the mean

LAR for the control treatment, S the pooled standard

deviation and J a factor that corrects for potential bias due

to small sample sizes (Hedges and Olkin 1985). An effect

size was considered as significantly different from zero if

its bias-corrected bootstrap confidence interval did not

bracket the null value (based on 9,999 iterations). Meta-

analyses were carried out using METAWIN 2.0 software

(Rosenberg et al. 2000).

Results

Seedling species response to insect herbivory

The three seedling species exhibited significantly different

defoliation levels (LAR) in the control treatment for all the

five assessment periods over the two study years (F = 18.64,

45.74, 16.82, 10.26 and 21.34, respectively, P \ 0.01).

Quercus ilex seedlings were less damaged (7.5 ± 0.6%

mean LAR ± SE) than the deciduous species, Q. robur

(17.8 ± 1.1%) and B. pendula (20.2 ± 1.7%). The two

deciduous species did not show any significant difference

in LAR, except in July 2007 when B. pendula seedlings

were more damaged than Q. robur seedlings (|z| = 3.17,

P = 0.005) and in May 2008 when Q. robur seedlings were

more damaged than B. pendula (|z| = 3.78, P = 0.001). Due

to the strong seedling species effect on insect herbivory, fur-

ther analyses on the effects of forest habitat and bird exclusion

were therefore conducted separately for each species.

Effect of forest habitat on insect herbivory

Forest habitat had a significant effect on insect herbivory in

the control treatment where birds were not excluded, but

this effect differed between the three seedling species and

the five periods of assessment. LAR in B. pendula seed-

lings was significantly lower in pine plantations than in

exotic and native oak and birch woodlands only in May

2007 (Table 1; Fig. 1). For Q. ilex seedlings, no effect of

forest habitat on herbivory was detected in 2007, but in

May and September 2008 insect herbivory was signifi-

cantly lower within pine plantations than within native oak

and birch woodlands (Fig. 1; Table 1). Herbivory was

intermediate within exotic oak woodlands. Forest habitat

had a strong effect on herbivory for Q. robur seedlings in

2007, LAR being consistently lower within pine planta-

tions than within native oak woodlands (Fig. 1; Table 1).

Again herbivory rates were intermediate within exotic oak

woodlands. These trends persisted in May and July 2008,

but differences were not significant because of large

between-stand variations.

Effect of forest habitat on insectivorous bird

communities

Forest habitat had a significant effect on insectivorous

bird richness and abundance (Kruskal–Wallis H = 6.83,
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P = 0.033 and H = 6.54, P = 0.038, respectively). More

bird species and individuals occurred in exotic and native

deciduous woodlands than in pine plantations (multiple

comparisons all significant, P \ 0.001). Native deciduous

woodlands had the highest mean richness (R ± SE) and

abundance (A ± SE) of insectivorous birds (R = 14.7 ±

0.7 and A = 29.0 ± 2.0), exotic deciduous woodlands

were intermediate (R = 13.3 ± 0.3 and A = 23.3 ± 1.3),

whereas pine plantations had the lowest richness and

abundance (R = 9.7 ± 0.3 and A = 19.5 ± 0.6).

Effect of bird exclusion on insect herbivory

For B. pendula seedlings, mixed-models analyses showed

that herbivory rates in the bird exclusion treatment were

significantly higher than in the control treatment in July

2007 and May 2008 (Table 2). Values of LAR were

about 50% higher in July 2007 and twice as high in May

2008, and, although non-significantly, apparently higher

in the bird exclusion treatment at the other assessment

periods (Fig. 2). For none of the five periods of herbiv-

ory measure was the bird exclosure 9 forest habitat

interaction term significant, indicating that these two

effects operate independently of each other. Bird pre-

dation, therefore, contributed to reduced insect herbivory

in birch seedlings. In contrast, we never observed any

significant effect of bird exclusion on insect herbivory in

Q. robur and Q. ilex seedlings (Table 2), except in May

2007 on Q. robur seedlings. The bird exclosure 9 forest

habitat interaction term was significant due to a signifi-

cant effect of forest habitat on herbivory in the control

treatment (see Table 1) with no significant effect of bird

exclosure.

Overall effect of forest habitat on bird insectivory

Insect herbivory on the three seedling species showed differ-

ent responses to bird exclusion when data for all assessment

periods were pooled (Fig. 3a). In B. pendula seedlings, LAR

was significantly higher in bird exclusion cages than in control

treatment (d? = 0.55 with bias CI = 0.34–0.69) indicating

that bird predation reduced insect herbivory throughout the

2 years of measures. For the two oak species, there was no

significant effect of bird exclusion on LAR (d? = -0.02 with

bias CI = -0.31 to 0.51 for Q. robur and d? = 0.16 with bias

CI = -0.24 to 0.35 for Q. ilex).

Forest habitat also influenced the effect of bird exclusion

on insect herbivory in a similar way for the three seedling

species as they shared the same gradient of response with

higher bird insectivory within pine plantations than within

native and exotic deciduous stands (Fig. 3b). Within pine

plantations, bird exclusion had a significant effect on insect

herbivory with higher damage in bird exclusion cages

irrespective of the seedling species (d? = 0.56 with bias

CI = 0.40–0.77). Conversely, there was no significant

effect of bird exclusion in native (d? = 0.24 with bias

CI = -0.05 to 0.55) or exotic deciduous woodlands

(d? = 0.14 with bias CI = -0.49 to 0.33), irrespective of

the seedling species (Fig. 3b).

Discussion

The resource concentration hypothesis

Our results provide new experimental evidence for the

importance of resource concentration in the regulation of

Table 1 Results of Tukey’s

HSD tests of the effects of forest

habitat on leaf area removed

(LAR %) by herbivorous insects

for three seedling species

Values show |z|-statistics for

each comparison

Pine pine plantations, Native
native deciduous woodlands,

Exotic exotic deciduous

woodlands

* P \ 0.05

** P \ 0.01

*** P \ 0.001

Date Forest habitat Betula pendula Quercus robur Quercus ilex

May 2007 Pine versus native 0.55 2.54* 0.15

Pine versus exotic 1.49 1.80 1.26

Exotic versus native 1.05 0.62 1.50

July 2007 Pine versus native 0.80 2.54* 1.86

Pine versus exotic 0.43 2.09 1.68

Exotic versus native 1.26 0.30 0.06

May 2008 Pine versus native 2.59** 2.11 2.44*

Pine versus exotic 3.96*** 1.92 0.41

Exotic versus native 1.64 0.07 2.00

July 2008 Pine versus native 1.38 2.00 2.29

Pine versus exotic 0.46 1.70 1.48

Exotic versus native 0.82 0.17 0.71

September 2008 Pine versus native 1.65 0.34 3.23**

Pine versus exotic 0.72 0.11 1.28

Exotic versus native 0.83 0.22 1.87
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insect herbivory, a mechanism of associational resistance

(Root 1973). For the three broadleaved species tested,

seedlings under non-broadleaved canopy trees (maritime

pines) were less damaged than those planted within stands

of broadleaved tree species. These results are consistent

with previous observations of lower insect damage on

seedlings or saplings grown in mixed stands than in pure

stands of the same canopy species (Batzer et al. 1987;

Keenan et al. 1995), and with decreased insect damage on

beech and Acer saplings with higher abundance of con-

specific adult trees (Maetô and Fukuyama 1997; Pigot and

Leather 2008; Sobek et al. 2009). The Janzen–Connell

hypothesis predicts that seedlings growing close to mother

trees suffer from more damage or higher mortality than

seedlings growing farther away (Lemen 1981; Norghauer

et al. 2010). The resource concentration hypothesis also

predicts that specialised herbivores are more likely to find a

host plant in stands where this particular species is more

abundant (Root 1973). Our results are consistent with both

hypotheses: insect herbivory on seedlings was higher

beneath a canopy of congeneric trees (i.e. on oak seedlings

within native deciduous woodlands dominated by oaks)

and lower when the host plant abundance decreased (i.e. on

oak seedlings within pine plantations).

It is noteworthy that we observed the most significant

associational resistance in Quercus seedlings which is a

genus abundant in the canopy of deciduous woodlands.

By contrast, associational susceptibility was the least in

B. pendula, a species much less frequent in the study area.

Seedlings of this rare species probably recruited mainly

generalist herbivores, which could increase the risk of

associational susceptibility (White and Whitham 2000).

Associational susceptibility seems to be most prevalent

when the herbivore species is highly polyphagous because

generalist herbivores may benefit from mixed forests with

multiple host tree species, whereas specialist herbivores are

limited by the amount of suitable host trees (Jactel and

Brockerhoff 2007). Oak seedlings were more likely to be

colonised by specialised oak feeders, which could have led

to increased associational resistance.

The natural enemies hypothesis

Associational resistance may also be provided by natural

enemy populations which benefit from greater resources

provided by plant associations and can therefore provide

control of herbivores more effectively (Russell 1989;

Barbosa et al. 2009). Changes in the composition of

dominant canopy species assemblages or along tree

diversity gradients have been shown to increase species

richness and abundance of natural enemies such as preda-

tory ants (Riihimäki et al. 2005), staphylinids (Vehviläinen

et al. 2008) or birds (Greenberg et al. 1997). In tropical

agroecosystems, arthropod abundance decreased when bird

species richness increased (Philpott et al. 2009), and bird

predation is enhanced by higher floristic diversity (Perfecto

et al. 2004). Our study also provides experimental evidence

of the natural enemies hypothesis since the more diversi-

fied association between seedlings and canopy species

(broadleaved tree seedlings within pine stands) resulted in

more intense bird predation. Surprisingly, in our experi-

ment, pine plantations had lower insectivorous bird rich-

ness and abundance compared to deciduous woodlands,

although we found a higher effect of bird predation in pine

plantations than in deciduous woodlands. Some authors

found no difference in indirect effect of insectivorous birds

on plant damage within different forest stand types while

bird abundance varied significantly between stands

(Greenberg et al. 2000; Barber and Marquis 2009).
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Conversely, González-Gómez et al. (2006) found that bird

insectivory on seedlings, as measured by larval predation,

was similar in exotic pine plantations and native forest

fragments although bird abundance was lower in planta-

tions. We hypothesised that broadleaved tree seedlings may

have provided new feeding resources for insectivorous

birds in the pine stands. Conversely, in deciduous wood-

lands where insect herbivores are likely to be more abun-

dant, the effect of bird predation may have been weakened

by a dilution process.

Effect of seedling identity on trophic cascades

In our study, the effects of insectivorous birds affected

insect herbivory in the three seedling species differently,

and irrespective of the observed effect of contrasting forest

habitat. Bird exclusion led to a significant increase of insect

herbivory on B. pendula seedlings whereas no effect was

detected for the two oak species, Q. robur and Q. ilex. The

identity of the plant species is therefore important as it

influences the indirect effect of bird predation. Bird pre-

dation decreased insect leaf damage on many woody spe-

cies such as Vaccinium myrtillus (Atlegrim 1989), Quercus

alba (Marquis and Whelan 1994) or Nothofagus pumilio

(Mazı́a et al. 2004). Conversely, no effect of bird predation

on insect herbivory was detected on Quercus prinus and

Q. rubra (Forkner and Hunter 2000) or Salix lemonii (Low

and Connor 2003). To explain these differences, it has been

proposed that bird predation effects would be negligible for

plant species that show low average herbivore load.

Insectivorous birds seem to prefer foraging on trees where

arthropods are more abundant (Bridgeland et al. 2010) and

then respond in a density-dependent way to herbivore

population dynamics (Sipura 1999). Our results are con-

sistent with this hypothesis: bird predation effect is stron-

ger on B. pendula seedlings which were on average more

damaged than the oak species. Antiherbivore defences may

also dampen the indirect effect of predators: the effect of

bird insectivory was stronger on Salix phylicifolia than on

S. myrsinifolia, a willow species with higher concentrations

of phenolic glycosides and hence lower insect abundance

(Sipura 1999). In our study, the evergreen species Q. ilex

was less damaged than the deciduous species. Species with

long-lifespan leaves are less palatable because of important

allocation to antiherbivore defences (Crawley 1989). On

the contrary, pioneer species such as B. pendula are char-

acterised by low investment in constitutive plant defences

(Coley et al. 1985). Mäntylä et al. (2008) also showed that

Table 2 Mixed-model analyses

for the effect of bird exclusion

(BE) and forest habitat (FH) on

leaf area removed (LAR %) by

herbivorous insects on three

seedling species (B. pendula,

Q. robur and Q. ilex)

Values show F-statistics for

each model

* P \ 0.05

** P \ 0.01

Date Treatment Betula pendula Quercus robur Quercus ilex

May 2007 FH 1.25 2.83 1.04

BE 0.45 0.23 2.80

FH 9 BE 0.02 3.67* 0.99

July 2007 FH 2.43 2.06 4.11*

BE 6.32* 2.24 0.04

FH 9 BE 1.20 0.44 1.24

May 2008 FH 2.97 3.47 7.11**

BE 8.65** 0.01 0.83

FH 9 BE 0.56 0.16 0.05

July 2008 FH 1.59 1.61 5.10*

BE 0.03 1.79 0.49

FH 9 BE 0.75 0.75 0.13

September 2008 FH 8.10** 0.05 5.14*

BE 0.02 0.04 0.79

FH 9 BE 2.42 0.31 0.30
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leaves of Betula pubescens can release volatile organic

compounds and have lower light reflectance as result of

insect damage. These olfactory and visual cues are used by

insectivorous birds and may explain why they prefer for-

aging on highly damaged plants. Lastly, birch seedlings are

taller than the two oak species, with longer and less dense

branches. This crown architecture may have provided

insectivorous birds with easier access to insect prey since

avian foraging intensity is highly dependent on foliage

structure (Robinson and Holmes 1984; Marquis and

Whelan 1996; Whelan 2001).

Bird exclusion clearly increased defoliation on B. pen-

dula seedlings when all the herbivory assessments were

pooled. However, when the five assessments were analysed

separately, it appeared that bird exclusion effect showed an

important temporal variation. For both years, significant

bird exclusion effect was mainly observed during early-

and mid-season of vegetation (July 2007 and May 2008).

Again, this might be a density-dependent response since,

during this period, the abundance peak of insect larvae

matched with the bird breeding season when food demand

for fledglings is the highest (Holmes 1990). On the other

hand, Betula pendula leaves are known to be subjected to

early leaf abscission when severely damaged (Giertych

et al. 2006), which suggests a lack of accuracy in damage

assessment in autumn.

Our study is one of the first providing experimental

evidence of associational resistance to insect herbivory in

tree seedlings. It gives support to both the natural ene-

mies hypothesis, since bird predation was more effective

in the more diverse association of seedling and canopy

species (broadleaved seedlings under conifers), and the

resource concentration hypothesis, since the lowest insect

herbivory level was observed in seedling species planted

under non-congeneric canopy species. Furthermore, our

results underline the importance of considering both the

identity of focal plant species and the composition of

habitats as determinants of the occurrence of trophic

cascades.
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bstract

The diversity of surrounding vegetation is thought to modify the interactions between a focal plant and its herbivores, disrupting
associational resistance) or enhancing (associational susceptibility) host plant location and colonisation. We compared the
ffects of host plant concentration on herbivory by generalist and specialist insects feeding on oak seedlings by increasing local
oncentration of seedlings. We also assessed the effects of the composition and structure of surrounding vegetation, both at stand
nd local levels. The damage caused by generalist leaf-feeding insects depended on the structure of plant communities at stand
evel, and increased with tree cover. By contrast, infestation by specialist leaf miners was affected by local understorey vegetation
urrounding oak seedlings, and decreased with increasing shrub cover and stratification diversity. Leaf mine abundance was
igher at higher oak seedling density, giving support to the host concentration hypothesis. However, the abundance of these
pecialist herbivores was also negatively correlated with damage caused by the generalist external leaf-feeders, suggesting
ompetitive interactions.

usammenfassung

Es wird angenommen, dass die Diversität der umgebenden Vegetation die Interaktionen zwischen einer Pflanze und ihren
erbivoren beeinflusst, indem Wirtsfindung und -kolonisation gestört (associational resistance) oder gefördert (associational

usceptibility) werden. Wir verglichen die Effekte der Wirtspflanzenkonzentration auf generalistische und spezialisierte Insekten,
ie an jungen Eichenpflanzen fraßen, indem wir die lokale Konzentration der Pflanzen erhöhten. Wir bestimmten außerdem die
ffekte von Zusammensetzung und Struktur der umgebenden Vegetation für die Bestandsebene und im lokalen Maßstab. Der
on generalistischen Blattfressern verursachte Fraßschaden hing von der Struktur der Pflanzengemeinschaft auf Bestandsebene
b und nahm mit dem Deckungsgrad der Bäume zu. Im Gegensatz dazu wurde der Befall durch die spezialisierten Blattminierer
urch den Unterwuchs, der die Eichenpflanzen lokal umgab, beeinflusst. Der Befall nahm mit zunehmendem Deckungsgrad

er Sträucher und zunehmender Diversität der Vegetationsschichten ab. Die Abundanz der Minen war höher bei höherer Dichte
er Eichenpflanzen, was die Wirtskonzentrationshypothese unterstützt. Allerdings war die Abundanz dieser spezialisierten

rnen
erbivoren auch negativ mit den von generalistischen exte

onkurrenz-Beziehungen hindeutet.
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Interactions between plants and herbivores have long
een viewed as binary relationships between resistance traits
nd herbivore communities, but the importance of the sur-
ounding vegetation is increasingly recognised (Barbosa
t al. 2009). The diversity of the surrounding vegetation
as been reported to reduce herbivore damage to a focal
lant, by providing associational resistance (Root 1973) in
any ecosystems, such as crops (Tonhasca & Byrne 1994),

orests (Jactel & Brockerhoff 2007; Vehviläinen, Koricheva,
Ruohomäki 2007) and grasslands (Unsicker et al. 2006).

owever, some studies have failed to confirm this relationship
Scherber et al. 2006; Vehviläinen, Koricheva, Ruohomäki,
ohansson, & Valkonen 2006), or even reported the opposite
esponse: associational susceptibility with higher herbivory
n more diverse plant communities (Schuldt et al. 2010;
ehviläinen et al. 2007).
Resource concentration may account for a significant pro-

ortion of the decrease in damage due to specialist herbivores
ithin diverse plant communities (Root 1973). The relative

bundance and nature of the neighbouring plants determine
he probability of a plant being colonised by herbivores
Barbosa et al. 2009). In more diverse plant communities,
ost plants are proportionally less frequent and non-host
eighbouring plants can provide chemical or physical bar-
iers to host plant location (Hambäck & Beckerman 2003;
actel, Birgersson, Andersson, & Schlyter 2011; Randlkofer,
bermaier, Hilker, & Meiners 2010). For example, unpa-

atable or spiny shrubs may provide a physical barrier
rotecting tree seedling against mammalian grazers (Baraza,
amora, & Hódar 2006).
These plant–herbivore interactions may also vary with the

patial scale at which they occur (Banks 1998; Gunton &
unin 2007). The effect of plant neighbours on herbivory
epends on the distance between a focal plant and its neigh-
ours (Barbosa et al. 2009). Many studies have reported a
ignificant influence of plant diversity on herbivores in small
lots, whereas experiments over large spatial scales have
ended to show no such benefits of plant diversity (Bommarco

Banks 2003).
Finally, the magnitude and direction of the relationship

etween plant diversity and insect herbivory seems to vary
ith the mobility of herbivores and their diet breadth (Banks
998). Associational susceptibility would be expected to be
ost prevalent with polyphagous herbivores, because they

re able to feed on multiple host plant species (Unsicker,
swald, Koehler, & Weisser 2008), whereas specialist herbi-
ores are limited by the numbers of suitable hosts (Bertheau,
rockerhoff, Roux-Morabito, Lieutier, & Jactel 2010). Plant
eighbours may disrupt host finding by specialist insects,
hereas generalist insects may simply shift from one host

lant to another.

The objective of this study was therefore to investigate the
ffect of host concentration on insect herbivory on peduncu-
ate oak Quercus robur seedlings, by manipulating the local

i
s
g
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oncentration of focal host plants. We also investigated the
nfluence of the composition (species diversity) and structure
cover and stratification) of the surrounding vegetation of oak
eedlings at local and stand levels. We hypothesised that spe-
ialist and generalist herbivores associated with oak seedlings
ould not be influenced in the same direction and magnitude
y surrounding vegetation. We compared the effect of neigh-
ouring plants on specialist leaf miners and on generalist
xternal feeders.

ethods

tudy system

This study was conducted in the Landes de Gascogne
orest, in south-western France, a region covered by one
illion hectares of native maritime pine plantations (Pinus

inaster). Pedunculate oak (Q. robur) regenerates naturally
ithin pine stands and becomes co-dominant in older planta-

ions. Other broadleaf species present are: chestnut (Castanea
ativa), European holly (Ilex aquifolium), red and Holm oaks
Q. rubra and Q. ilex), and silver birch (Betula pendula).
he predominant understorey species are common bracken

Pteridium aquilinum), moor grass (Molinia caerulea), dwarf
nd common gorse (Ulex europaeus, U. minor), heather
pecies (Erica scoparia, E. cinerea, Calluna vulgaris), glossy
uckthorn (Frangula alnus), blackberry (Rubus spp.) and
uropean honeysuckle (Lonicera periclymenum).

xperimental design

We investigated the effects of host plant concentration and
urrounding vegetation on insect herbivory in eight mixed
tands of Q. robur and P. pinaster (40–45 years of age).
e established two experimental plots within each stand

Fig. 1). In the low-host concentration treatment (“low HC
lot”), three oak seedlings were planted about 60 cm apart
n a 2.25 m2 (1.5 m × 1.5 m) plot. In the high-host concen-
ration treatment (“high HC plot”), we planted six additional
eedlings around the three target seedlings, reducing the dis-
ance between seedlings to about 30 cm in a 2.25 m2 plot
Fig. 1). In total, 96 one-year-old Q. robur seedlings were
andomly transplanted in February 2009: 48 target seedlings
3 replicate seedlings × 2 plots × 8 stands) and 48 additional
eedlings (6 replicates × 1 high HC plot × 8 stands). The oak
eedlings had been grown in nursery for one year and were
bout 45 ± 2 cm high (mean ± SE) and had 47 ± 3 leaves.

nsect herbivory on focal species
Most of the insect damage occurring on Q. robur leaves
s caused by generalist external leaf-feeders (chewer and
keletoniser guilds), principally lepidopteran larvae and
rasshoppers, which are able to feed on several plant species.
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20 m

Stand sampling (400 m²)

20
 m

host concentrationLow

ca 60 cm

ca 30 cm

1,5 m

1,5 m

1,5 m

ca 5 m

High host concentration

Fig. 1. Experimental design for assessing the effect of host plant
concentration and surrounding vegetation on insect herbivory on oak
seedlings. Stand vegetation was sampled over 400 m2 around the
two experimental plots. The low-host concentration plot consisted
of 3 focal oak seedlings (grey squares, top-right), and the high-host
concentration plot consisted of 3 focal oak seedlings (grey squares)
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then performed in each model to assess the significant effects
nd 6 additional oak seedlings (solid circles, bottom-right). The
egetation at the plot level was sampled over 2.25 m2.

few lepidopteran species are specialist feeders (Appendix
Table 1), but these species had very low abundance in

he area studied and caused little damage (Giffard, Corcket,
arbaro, & Jactel 2012, unpublished data). All external insect
amage was pooled and considered to correspond to damage
aused by external leaf-feeders. Leaf miners are specialist
erbivores and the species feeding on Q. robur are mostly
mall moths (Lepidoptera). We therefore used the abundance
f leaf mines (presence of mines in leaves) as a proxy for
erbivory.

Herbivory by external leaf-feeders and the abundance of
eaf mines were assessed by visual inspection of all leaves in
ach of the 48 target oak seedlings. The leaf area removed
LAR) by generalist insects was estimated with transparent
.25-cm2 grid and divided by the total leaf area (estimated
ith a 1 cm2 grid) to calculate a percentage LAR. Insect her-
ivory was assessed twice during a single growing season,
n June and September 2009, as well as the number of the

ain insect herbivore species (Appendix A Table 1). Within
given plot, LAR and leaf mine abundance were averaged

ver the three seedling replicates.

tand and plot vegetation sampling

The vegetation present in the eight stands and the 16 plots
as sampled in August 2009. We recorded all vascular plants
nd their cover in an area of 400 m2 around the two exper-
mental plots in each forest stand (Fig. 1). Species covers
ere assessed using the Braun-Blanquet semi-quantitative

o
b
u
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cale (Sutherland 1996). The vegetation layers considered
ere the tree layer (trees higher than 7 m), the shrub layer

woody species 2–7 m high), and the herbaceous layer (all
lants less than 2 m high). Plant cover was assessed visually
or each vegetation layer, regardless of species composition.

e also estimated mean Q. robur cover in the herbaceous
ayer (recruitment) and in both the tree and shrub layers
saplings and mature trees).

At the plot level, we recorded all plant species in the herba-
eous layer (<2 m high) and estimated shrub and herbaceous
over (Fig. 1). We also estimated the Q. robur cover in the
erbaceous layer. We then calculated plant species richness
nd Shannon’s index of diversity, in each layer at both stand
nd plot levels. We also calculated an index of stratification
iversity at both stand and plot levels (Prodon & Lebreton
981). At the plot level, stratification diversity increased with
ecreasing herbaceous cover and increasing shrub cover. All
egetation variables are listed in Appendix A Table 2.

tatistical analyses

Because vegetation variables were correlated, we first per-
ormed principal component analyses (PCA), at stand and
lot levels separately, to select a minimum set of meaningful
ariables capturing most of the variation in the complete data
et. Then we selected the original variable best correlated to
ach of the first two axes (Appendix A Figs. 1 and 2) even
hough other non-selected variables might have been also
elevant to insect herbivory. Oak cover and tree cover were
etained for the stand level (17 and 23% contribution to axes
and 2, respectively) and stratification diversity and herba-

eous diversity for the plot level (31 and 34% contribution to
xes 1 and 2, respectively).

Next, linear mixed model analyses (LMM) were performed
n LAR by external leaf-feeders, after logit transformation
or proportion data (Warton & Hui 2011). Generalised lin-
ar mixed model analyses (GLMM) were performed on the
bundance of leaf mines, with Poisson distribution fitting and
he use of a log link function and Laplace approximation for
ount data (Zuur, Ieno, Walker, Saveliev, & Smith 2009).

In all models, we considered “stand” as random effect to
ccount for the spatial non-independence of the two plots
ithin a given forest stand (high and low HC plots), and

plot” as random effect to account for the two repeated mea-
urements conducted in a each plot. We investigated the fixed
ffects of host concentration, season, selected vegetation vari-
bles (oak and tree covers at stand level, and stratification and
erbaceous diversities at plot level) and their interactions in
wo complete models, for LAR by external leaf-feeders and
eaf mine abundance separately.

For the two complete models, likelihood-ratio tests were
f predictive variables and their interactions on insect her-
ivory. Non-significant variables were successively removed
ntil the minimal model best explaining the data was obtained
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Fig. 2. Mean (+SE) percent leaf area removed (%LAR) by external
leaf-feeding insects (white bars) and mean (+SE) leaf mine number
(black bars) on oak seedlings planted in low-host concentration plots
(low HC) and high-host concentration plots (high HC), in June and
September (increase from June to September for leaf mine number
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Fig. 3. Relationship between the number of leaf mines and percent
leaf area removed by external leaf-feeding insects (%LAR), for oak
seedlings in September. Open and closed circles represent low- and
high-host concentration plots, respectively. For the sake of clarity,
the graph shows raw point data and exponential fitting curves (the
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nd LAR by external-feeding insects, P < 0.001, and increase of leaf
ine number in high HC plots, P = 0.03).

Zuur et al. 2009). When significant three-way interactions
ere found (season × host concentration × vegetation vari-

ble), we made two separated models (for each season) in
rder to highlight the effects of the experimental treatments.
e carried out analyses with maximum likelihood methods,

o compare models with different fixed effect structures. We
hecked the normality and homoscedasticity of the residu-
ls of all minimal models. Finally, we performed GLMM to
nvestigate the effect of LAR by external leaf-feeders on the
bundance of leaf mines. For both GLMMs and LMMS, the
ikelihood ratio R2 was estimated if a continuous variable
as found to have a significant effect (Kramer 2005) and we
sed a more conservative P-value of 1% as the significance
hreshold for z-values for GLMMs (Zuur et al. 2009).

Analyses were performed with the ade4 package for multi-
ariate analyses (Dray & Dufour 2007), the nlme package for
MM analyses (Pinheiro, Bates, Debroy, & Sarkar 2011) and

me4 for GLMM analyses (Bates, Maechler, & Bolker 2011)
ith R software (R Development Core Team 2011). Inter-

epts and slopes and their standard errors were estimated
ith the AICcmodavg package (Mazerolle 2011) and then

xponentially transformed to represent raw data on figures.

esults

ffect of season

The abundance of leaf mines (n = 32, χ2 = 13.4, df = 1,
< 0.001) and LAR by external leaf-feeders (F1,15 = 81.83,
< 0.001) increased significantly from June to Septem-
er (Fig. 2). Treatment effects, i.e. host concentration and
ontinuous vegetation variables, were consistent regardless
f season for LAR by external leaf-feeders, indicated by
on-significant interaction terms (no significant three-way

b
P

haded area represents ±1 SE) since GLMMs were done using log-
ink functions.

nteractions). By contrast, analyses of leaf mine abundance
howed significant interactive effects of vegetation variables
ith season and host concentration treatments (significant

hree-way interactions) and we then tested vegetation effects
nd their interactions with host concentration separately for
ach date.

In June, there was no significant relationship between LAR
y external leaf-feeders and leaf mine abundance whereas
he leaf mine abundance decreased with increasing LAR by
xternal leaf-feeders in September, regardless of host plant
oncentration (n = 16, χ2 = 24.45, df = 1, P < 0.001) (Fig. 3).

ffect of host plant concentration

The addition of conspecific seedlings had different effects
n damage, according to host plant specialisation of insect
erbivores (Fig. 2). Regardless of the season, the abundance
f leaf mines on oak seedlings was significantly higher in
igh-HC plots (n = 32, χ2 = 4.60, df = 1, P = 0.03), but the
C effect was weak on each date (n = 16, χ2 = 3.42, df = 1,
= 0.06 and n = 16, χ2 = 2.80, df = 1, P = 0.09, for June and
eptember, respectively). Conversely, damage by external

eaf-feeders tended to be lower in high HC plots, if non-
ignificantly (F1,7 = 1.91, P = 0.20).

ffects of plot diversity on insect herbivory
LAR by external leaf-feeders was not significantly affected
y vegetation variables estimated at the local level (all
> 0.10).
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Fig. 4. Relationship between the abundance of leaf mines (num-
ber per seedling) and the stratification diversity index at plot level
in September (2009). Open and closed circles represent low- and
high-host concentration plots, respectively. Note that stratification
diversity increased as herbaceous cover decreased and shrub cover
increased. For the sake of clarity, the graph shows raw point data
and exponential fitting curves (the shaded area represents ±1 SE)
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The structure of the surrounding vegetation significantly
nfluenced herbivory by specialist insects in September
n = 16, χ2 = 11.31, df = 1, P < 0.001) but not in June (n = 16,
2
 = 0.05, df = 1, P = 0.82). The abundance of leaf mines sig-
ificantly decreased with increasing stratification diversity
Fig. 4).
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ig. 5. Effects of tree cover at the stand level on percent leaf area remov
A) low-host concentration plots and (B) high-host concentration plots.
espectively. For the sake of clarity, the graphs show raw point data and an
tatistical analyses were done using logit transformations.
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ffects of stand diversity on insect herbivory

Effects of stand vegetation variables were not consis-
ent among host plant concentration treatments for LAR
y external leaf-feeders. We found a significant interaction
erm between host concentration and tree cover (F1,5 = 6.8,
= 0.05), so we performed separate analyses for each level

f HC (high and low HC plots). The structure and com-
osition of the tree layer significantly influenced LAR by
xternal leaf-feeders on oak seedlings only in plots with low
C (Fig. 5). LAR significantly increased with increasing tree

over (F1,6 = 7.70, P = 0.03), whereas no significant effect
as found in plots with high HC (F1,6 = 0.10, P = 0.77).
The abundance of leaf mines was not significantly affected

y vegetation variables estimated at the stand level in both
une and September (all P > 0.10). We did not find any sig-
ificant effect of oak cover on LAR by external leaf-feeders
r leaf mine abundance.

iscussion

These results provide new experimental evidence that
eighbouring plants can affect insect herbivory on a focal
lant. However, we observed considerable variation in the
irection and magnitude of the influence of surrounding veg-
tation. The diet breadth of insect herbivores and the spatial
cale over which neighbouring plants are considered emerged
s two key factors explaining damage response to plant diver-
ity or structure.

We found that damage caused by generalist leaf-feeding
nsect herbivores increased with increasing vegetation diver-
ity (associational susceptibility), whereas the abundance of
ivory by generalist insects was best explained by tree cover
nd by structural complexity of surrounding vegetation for
pecialist insects. However, we found strong covariation

6050403020

(%)Tree cover

(B) High host concentration
t = -0.32, df= 6, P = 0.76

ed (%LAR) by external leaf-feeding insects from oak seedlings in
Triangles and circles indicate the results for June and September,
exponential fitting curve (the shaded area represents ±1 SE) since
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etween structural (cover or stratification diversity) and com-
ositional (richness and diversity) vegetation variables. For
xample tree cover positively covaried with shrub and herba-
eous diversities (Appendix A Fig. 1) and stratification
iversity was correlated to shrub oak cover (Appendix A Fig.
). It was therefore difficult to identify which of these vari-
bles were the most relevant for explaining insect herbivory
atterns.

The effect of the surrounding vegetation on herbivory was
tronger over short distances for specialist insects (at the plot
evel) and stronger over larger distances for generalist insects
at the stand level).

According to the resource concentration hypothesis, the
ikelihood of specialised herbivores locating their host plants
s lower in more diverse plant communities (Root 1973).
ere we found new evidence to support this hypothesis since

eaf miner abundance decreased with increasing stratifica-
ion diversity of vegetation around oak seedlings, and also
hen oak seedlings were less concentrated. Host plants are
roportionally less frequent and are chemically or visually
idden from insects by non-host neighbours in plant com-
unities more diverse in terms of structure or composition

Hambäck & Beckerman 2003). By contrast, generalist her-
ivorous insects attacking oak seedlings, mostly composed
f external leaf-feeders (Appendix A Table 1), may bene-
t from richer plant communities, which provide access to
ultiple host species, enabling insects to increase the size of

heir populations and/or their fitness (Unsicker et al. 2008),
s they can easily shift from one host species to another
Bertheau et al. 2010; Jactel & Brockerhoff 2007). Many
xamples of these opposite patterns of response have been
eported, with greater damage due to polyphagous herbivores
Massey, Massey, Press, & Hartley 2006; Pigot & Leather
008; Scherber et al. 2006; Schuldt et al. 2010), or lower lev-
ls of damage due to oligophagous herbivores (Giffard et al.
012; Otway, Hector, & Lawton 2005) in more diverse plant
ommunities.

High concentration of host plants facilitated host loca-
ion, whereas the presence of non-host plants may deter
nsect herbivores, particularly if those plants are unpalatable
Massey et al. 2006; Otway et al. 2005). However, some
tudies have suggested that individual host plants may be
ess likely to be colonised in larger populations, due to a
ilution effect (Bañuelos & Kollmann 2011; Otway et al.
005). In our experiment, planting conspecific neighbours
rtificially increased host plant concentration and resulted in
igher levels of leaf miner damage on focal oak seedlings.
owever, we did not observe an increase in abundance of leaf
ines when oak density increased at the stand level. This
ould have been observed if the abundance of leaf miners
ad been high enough to exploit most of the food resources
rovided by canopy oak trees and then requiring a spill over

nto other potential hosts such as oak seedlings. At the plot
evel, we found that the abundance of specialist insects was
ffected by the stratification diversity, which was also corre-
ated to shrub oak cover (Appendix A Fig. 2). We can thus

t
s
m
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ypothesise a local effect of host plant concentration, as focal
ak seedlings diluted amongst a natural regeneration of oaks
ere less likely to be colonised by leaf miners.
Another mechanism underlying associational resistance to

pecialist herbivores involves the disruption of host plant
ocation, with neighbouring plants hindering the detection of
isual or olfactory cues by female moths before oviposition
Jactel et al. 2011; Ross, Berisford, & Godbee 1990). Vege-
ation diversity results in a complexity of plant chemical and
tructural cues, which may disturb arthropod orientation and
obility (Randlkofer et al. 2010). Such disruption is more

ikely to occur in close proximity of focal plants than at a
arger scale, potentially accounting for the effect of vege-
ation complexity on the abundance of leaf miners on oak
eedlings being limited at the plot level. Furthermore, the
urrounding vegetation can conceal the host plant even if it
s not particularly diverse (Hambäck & Beckerman 2003).

By contrast, generalist herbivores display a remarkable
bility to shift between diverse host plants (Bertheau et al.
010) and may not be influenced by local sparseness of a
articular plant species. This may account for the lack of
significant effect of host plant concentration on damage

o oak seedlings caused by generalist herbivores. On the
ther hand, tree seedlings may suffer higher levels of dam-
ge than other plants, due to the vertical transfer of generalist
nsect herbivores from canopy trees (Pigot & Leather 2008;

hite & Whitham 2000). This is consistent with our obser-
ation that damage to oak seedlings due to external feeders
ncreased with increasing tree cover. However, tree, shrub and
erbaceous covers positively covaried with tree, shrub and
erbaceous diversities at stand level (Appendix A Fig. 1). Not
nly the amount but also the diversity of feeding resources
ay have then benefited generalist herbivores before they

pill over onto oak seedlings but our experimental design did
ot allow disentangling the two mechanisms.

The vegetation around tree seedlings may modify light and
icroclimate conditions, and this may also account for the

ffect of neighbouring plants on herbivory in focal plants
Barbosa et al. 2009). Leaves exposed to the sun generally
ave higher concentrations of defence compounds and lower
itrogen and water contents than shaded leaves (Dudt &
hure 1994), which may render them less attractive to insect
erbivores. Our results about herbivory by generalist insects
upport this hypothesis, since we found that their damage
ecreased with decreasing tree cover, i.e. with increasing light
vailability. However, we found the opposite to be true, with
igher abundance of leaf mines in seedlings surrounded by
ow shrub cover and, hence, more exposed to light. Barber and

arquis (2011) also reported higher levels of herbivory on
aplings previously exposed to high light intensity and argued
hat the search for oviposition sites may have led females to
hoose saplings with more foliage.
Insect herbivory may also be affected by top-down regula-
ion. The natural enemies hypothesis predicts higher predator
pecies richness and abundance in more diverse plant com-
unities, resulting in lower levels of herbivory (Langellotto
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Denno 2004; Root 1973). At the plot level, we observed a
egative correlation between stratification diversity and abun-
ance of leaf mines, which might have been due to higher
evels of regulation by natural enemies. However, we found
he opposite pattern at the stand scale, with higher levels of
amage by generalist insects in stands with higher tree cover.
oraging by insectivorous birds or predatory arthropods may
lso be hindered by greater structural complexity (Sanders,
ickel, Grützner, & Platner 2008), resulting in larger popula-

ions of their prey, which then cause more extensive damage
o plants (Giffard et al. 2012).

Finally, we found that damage due to specialist insects was
nversely correlated with damage due to generalist insects
t the end of the growing season. This is consistent with
revious findings of negative interactions between herbivore
uilds (Kaplan & Denno 2007), particularly between exo-
hytic and endophytic insects. In addition, generalist insect
amage early in the season may have indirectly induced
tronger chemical defences in oak leaves, thus decreasing
heir quality as oviposition sites for leaf miners.
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Abstract
Question: Do water gradients produce patterns of responses
to stress and competition similar to those induced by nutrient
gradients?
Location: French Alps.
Methods: We established a split-plot design in a calcareous
grassland, with watering and fertilization as main plot treat-
ments and competition as subplot treatment. We followed
individual and competitive responses of transplants of the
three potential dominant grass species: Bromus erectus,
Brachypodium rupestre and Arrhenatherum elatius, in all
plots during two growing seasons. Changes in natural relative
abundances of the three grass species were also monitored.
Results: The growth and the relative abundance of A. elatius
were primarily stimulated by nutrient addition and those of
B. rupestre by water addition, whereas B. erectus decreased
in abundance and had a very low flexibility with enhanced
resource supply. Competition intensity increased for all
species with both watering and fertilization and the ranking
in competitive responses did not change with treatments: A.
elatius > B. rupestre > B. erectus.
Conclusions: Patterns of dominance were efficiently ex-
plained by stress tolerance abilities and competitive responses
for dry and poor sites, and wet and rich sites for B. erectus
and A. elatius respectively, whereas competitive responses
were poor predictors of dominance for B. rupestre in wet and
nutrient-poor sites. Further studies are needed to assess the
potential role of other processes, such as increasing competi-
tive effect on light with increasing age as well as interfer-
ence, to explain the dominance of this conservative competi-
tor type of species in wet and nutrient-poor sites.

Keywords: Community response; Nutrient; Water.

Abbreviations: C = Control plot; F = Fertilized plot; PAR =
Photosynthetically active radiation; RNE = Relative Neigh-
bour Effect index; W = Watered plot; WF = Watered and
Fertilized plot.

Nomenclature: Tutin et al. (1964-1980).

Introduction

Stress tolerance and competition may be considered
as the two main mechanisms driving variations in domi-
nance along productivity gradients in low disturbance
herbaceous communities. The ‘CSR model’ of Grime
(1974) considers that dominance is driven by competi-
tion in fertile conditions but emphasizes the importance
of stress tolerance in unproductive environments. In
contrast, the ‘resource ratio hypothesis’ of Tilman (1982)
proposes that competition is important at both ends of
the fertility gradient with the dominance of a light-
competitor type of species in fertile conditions and the
dominance of a nutrient-competitor type of species in
nutrient-poor conditions. During the past two decades
there has been substantial debate between plant ecolo-
gists about the potential of each model to explain pat-
terns of dominance in plant communities (Grubb 1985;
Thompson 1987; Tilman 1987; Thompson & Grime
1988; Grace 1991; Grubb 1998; Wilson & Lee 2000).
We suggest that the conflicting results obtained by a
number of authors who tested these models along natu-
ral or experimental gradients (see reviews of Gurevitch
et al. 1992; Goldberg & Barton 1992; Goldberg &
Novoplansky 1997; Corcket et al. 2003) are evidence
that the mechanisms driving dominance in herbaceous
communities are too complex to be summarized by only
one of these two models. The predictive power of each
model may be limited to particular environments
(Goldberg & Novoplansky 1997) and particular target
species (Twolan-Strutt & Keddy 1996; Grubb 1998;
Liancourt et al. 2005).

Because there was an increasing number of field
experimental evidences indicating that competition in-
tensity increases along water gradients (e.g. Kadmon
1995) but remains stable along nutrient gradients
(Wilson & Tilman 1991), Goldberg & Novoplansky
(1997) argued that Grime’s productivity gradients are
natural gradients mainly driven by water (xeric vs mesic
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environments), whereas Tilman’s productivity gradi-
ents are experimental gradients mainly driven by nutri-
ents (fertile vs infertile). However, this prediction was
not supported at this time by their review and they
concluded that too few studies were conducted along
water gradients to adequately test this hypothesis. Addi-
tionally, Grubb (1998) reassessed the stress tolerance
strategy by distinguishing three types of plant species
occurring in sites characterized by a shortage of re-
sources, without relating them to specific resources
shortage (e.g. water, nutrient or light). The stress toler-
ant type of species of Grime (1974) should be restricted
to a ‘low flexibility’ strategy (strong ability to tolerate
resources shortage and a constant low growth rate and
size). Two other strategies with no equivalence in the
CSR model were distinguished, the ‘gearing down’ and
the ‘switching’ strategies for species which also tolerate
resource shortages but which may have a high growth
rate and size in optimal conditions (Grubb 1998).

European lowland calcareous communities are domi-
nated by three different perennial grass species with
contrasted traits (Ryser & Urbas 2000; Ryser & Wahl
2001) under varying soil resource conditions: the short,
slow growing Bromus erectus in dry and nutrient-poor
sites, the large, slow growing Brachypodium rupestre in
mesic and nutrient-poor sites and the tall, fast growing
Arrhenatherum elatius in mesic and nutrient-rich sites
(Royer 1987; Corcket et al. 2003). Our main objective is
to assess differences in stress tolerance and competitive
abilities among those three grasses, naturally dominating
the emblematic species-rich European calcareous grass-
lands under contrasting water and nutrient conditions.

Material and Methods

Study site and target species

The experiment was performed in a meso-xeric cal-
careous grassland, ‘Liche Petet’, close to Grenoble, France
(700 m a.s.l., see Corcket et al. 2003). In Grenoble (210 m
a.s.l.) mean extreme temperatures vary from –2 °C in
January to 27 °C in July and mean precipitation is 300 mm
in summer (June-August) (Anon. 2001, 2002). The soil is
poor in nitrogen (1.84 mg available N per kg dry soil) and
uniform throughout the slope of our experimental site
(Corcket et al. 2003). As in many other European meso-
xeric calcareous grasslands (Royer 1987) the two domi-
nant grass species are B. erectus (55-60% cover) and B.
rupestre (10-15% cover). Nitrogen demanding grasses,
such as A. elatius, Dactylis glomerata and Holcus lanatus
have very low cover (< 5%). Other species (25-30%
cover) are sedges: Carex flacca and C. caryophyllea;
forbs: Euphorbia cyparissias, Teucrium chamaedrys,

Thymus serpyllum, Origanum vulgare and legumes: Lo-
tus corniculatus, Medicago falcata and M. lupulina.

The three target species are known to dominate
herbaceous communities in different habitats and re-
quire different management regimes (Royer 1987; Grime
et al. 1996; Ryser & Urbas 2000), B. erectus and B.
rupestre mainly occur in nutrient-poor and poorly man-
aged grasslands and A. elatius in mowed nutrient and
water-rich meadows (Willems 1980; Bobbink 1991;
Buckland et al. 2001). B. erectus is the dominant species
in the driest sites, on steep slopes with a south exposure
(Royer 1987) and, in particular, in grasslands moder-
ately grazed by sheep (Barbaro & Cozic 1998). B.
rupestre encroaches into, and dominates, grasslands
after abandonment (Barbaro & Cozic 1998; Moog et al.
2002) and forest edges on mesic soils (Corcket et al.
2003). Both species are slow growing (Ryser & Wahl
2001) but Grime et al. (1996) consider B. erectus as the
most stress-tolerant species and B. rupestre as a species
with an intermediate strategy between the typical stress-
tolerant and competitive strategies. A. elatius is a fast
growing species, classified as a competitor by Grime et
al. (1996).

The experiment

In April 2001 we established a split-plot design
surrounded by a fence, to exclude the main vertebrate
grazers (deer, sheep and rabbits). The main treatments
were environmental manipulations (watering and ferti-
lization) applied as a factorial combination: control (C),
watered (W), fertilized (F) and watered and fertilized
(WF), in 15-m2 plots (28 plots, seven replicates of each
treatment). Within these main plots, competition and
species were applied as subplot treatments. Because
watering and fertilization treatments were assigned ran-
domly to the plots and to avoid a slope-induced con-
tamination, the 28 plots were located on two elevation
lines with a 5-m buffer zone between upper and lower
plots. Half of the plots (14) were watered using a perma-
nent irrigation system, from April to September 2001
and 2002, whereas the 14 unwatered plots received only
natural precipitation. The total amount of water re-
ceived by the control plots during the summer was 348
mm the first year and 268 mm the second year, whereas
the watered plots received the equivalents of ca. 800
mm each summer. Half of the irrigated and unirrigated
plots were fertilized using commercial fertilizer tablets
(NPK 12:12:17 + micro-elements). The amount applied
was 80 g.m–2 (96 kg-N.ha–1). In the first year fertilizer
was applied twice, in May at the beginning of the
growing season and in August. In the second year,
fertilizer was applied only once at the end of May.

Seeds of the three target species collected in the field
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were germinated on petri plates in a greenhouse at the
beginning of March 2001. Seedlings were transplanted
into a 1:3 field site mixture of soil and grey river sand in
0.24 l plastic pots containing one seedling per pot. They
were grown for one month in the greenhouse and then
one month in the common garden of the University and
were watered every day until field transplantation.

For the species and competition treatments, we iden-
tified 24 circular 50-cm diameter subplots (three species
× two competition levels × four replicates) within each
of the 28 environmental plots. Above-ground vegeta-
tion of half of the randomly chosen subplots (12 no
neighbours subplots) was removed using chemical,
non-selective herbicide (glyphosate) two weeks before
target transplantations. Glyphosate is a systemic herbi-
cide, taken-up via leaves and is known to be quickly
decomposed in soils (Peltzer & Köchy 2001). Dead
vegetation was removed by hand and we used a knife
to dig a 20 cm deep trench around expanding roots at
the edges of the neighbour removal areas. The neigh-
bour removal subplots were kept free from vegetation
by periodic hand weeding. We randomly selected indi-
viduals of the three target species, which were at the
same life stage (from three to five leaves), and trans-
planted them into the centre of each subplot (four
replicates per species) between 20th May and 5th June
2001. Individuals which died were replaced within the
following three weeks.

Measurements

Soil resources
Soil moisture and total soil available N (the sum of

N-NH4
+ and N-NO3

–) were measured in early August
2001 and 2002 in four plots randomly chosen from the
seven replicates of each combination of the two envi-
ronmental treatments. Three soil samples per plot were
collected from a depth of 5-10 cm, mixed and stored at 4
°C before analysis. N-NH4

+ was determined (after ex-
traction in 1 M KCl) with the blue indophenol method
(Dorich & Nelson 1983) and N-NO3

– was determined
(after extraction in water) by ion chromatography
(Dionex 4500i, Dionex Corporation, Sunnyvale, Cali-
fornia). Total soil available N was expressed in mg N
per kg dried soil. Soil moisture was determined by
drying samples at 105 °C for 72 h and was expressed as
percentage of fresh soil mass.

Total biomass and relative biomass of the dominants
Above-ground vegetation was clipped at ground level

in early June 2002 in three plots randomly chosen from
the seven replicates of each combination of the two
environmental treatments. We sampled two 0.25 m × 0.5
m quadrats per plot, pooled the samples and dried them

at 70 °C for 72 h. Above-ground biomass of each species
was separated and weighed. Relative biomass values
(expressed in % of total biomass) were calculated sepa-
rately for B. erectus, B. rupestre, while the fast growing
grasses, A. elatius, D. glomerata and H. lanatus, were
pooled in one functional group. The fast growing grasses
were pooled because each of them had a low cover in the
control plots at the beginning of the experiment (par-
ticularly A. elatius) and they are known to have very
similar strategies (Grime et al. 1996; Ryser & Urbas
2000). However, we also analysed changes in relative
abundance of A. elatius alone, and results were very
similar to those obtained with the pooled group (data not
shown).

Individual responses and competitive responses
Survival of all transplants was recorded in late Sep-

tember 2001. Because the effect of fertilization on sur-
vival was very strong at the end of the first growing
season, with a high mortality for transplants grown with
neighbours in the F and WF plots, we decided to harvest
all transplants in these plots for above-ground biomass
measurements. Transplants from unfertilized plots (C
and W) were left intact for a second year of treatment,
so we also counted the number of leaves of all trans-
plants in late September 2001 to provide a common
growth measurement to all treatments after the first
growing season. The relationship between this growth
measurement and above-ground biomass was tested
using Pearson correlations for transplants grown in the
F and WF plots. Because leaf number was strongly
correlated with above-ground biomass of transplants
for the three species (Table 1 and see also Corcket et al.
2003 for the same species in unfertilized plots), bio-
mass data were not shown for the first year of the
experiment. For the second year of experiment only
survival and above-ground biomass of transplants were
measured in late September 2002 in the C and W plots.
To summarize, survival and leaf number of transplants
were used to assess individual and competitive responses

Table 1.  Pearson correlation coefficients (r) between leaf
number and above-ground biomass of transplants of Bromus
erectus, B. rupestre and Arrhenatherum elatius in the ferti-
lized plots (F) and the fertilized and watered plots (WF) after
one year of experimentation.

                     F                     WF
N r N r

Bromus erectus 25 0.957*** 25 0.901***
Bromus rupestre 26 0.834*** 28 0.932***
Arrhneatherum elatius 31 0.841*** 21 0.76***

*** =  P < 0.001
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of the three species after one year of experiment in all
plots, whereas survival and above-ground biomass were
used to assess individual and competitive responses of
the three species after two years of experiment in the C
and W plots only. Above-ground biomass of transplants
was calculated by clipping living shoots at ground level
and drying them at 70 °C for 72 h before weighing.

The performance of transplants grown without neigh-
bours were used to assess individual responses to our
environmental treatments, whereas competitive responses
were assessed by comparing the performances of trans-
plants with and without neighbours, using the Relative
Neighbour Effect index (RNE) defined by Markham &
Chanway (1996):

RNE = (P–N – P+N)/x (1)

where P–N is the performance (survival or growth) of
transplants without neighbours, P+N the performance with
neighbours and x is the greater absolute value between
P–N and P+N. This index ranges from –1 to 1, with
negative values indicating facilitation, positive values indi-
cating competition and a value of zero indicating that neigh-
bours have no effect on the performance of transplants.

Data analyses

The effects of our environmental treatments on soil
moisture, soil available N and total above-ground bio-
mass were analysed using Kruskal-Wallis H non-para-
metric tests and Mann-Whitney U-tests to contrast group
means among soil resource treatments. For individual
responses (survival, leaf number and above-ground bio-
mass) and competitive responses (RNE for survival, leaf
number and above-ground biomass) of transplants, as
well as relative biomass, we used a split-plot ANOVA
model. Water and nutrients were treated as a main plot
effect and species as a subplot effect. Sphericity assump-
tions on transformed data were tested by Mauchly’s test.
We used Huynh-Feldt ε when the sphericity assumption
appeared to be violated Quinn & Keough 2002).

Survival was calculated in % per plot for each species
and each competition treatment, whilst the mean growth
of the four replicate seedlings of each species in each plot
for each competition treatment was used to avoid
pseudoreplication (Hulbert 1984). RNE (survival and
growth) was then calculated for each plot. Size variables
(biomass and leaf number) were log-transformed and
proportion variables (survival and relative biomass) were
arcsine square root-transformed prior to analysis to re-
duce heteroscedasticity (Sokal & Rohlf 1995). Post hoc
comparisons within species were tested with Tukey’s b-
test. All analyses were carried out with SPSS 11.0 for
Windows.

Results

Changes in nutrient and water availability and total
above-ground biomass

Because results were similar in 2001 and 2002, only
2001 data are presented. Our treatments significantly
affected soil resource availability (Kruskal-Wallis test:
soil nitrogen, χ2 = 8.66, df = 3, P = 0.015; soil moisture,
χ2 = 11.25, df = 3, P < 0.001). Soil moisture in early
August increased significantly with the irrigation treat-
ment from 18% soil humidity in the unwatered plots, C
and F, to 28% in the watered plots, W and WF (Mann-
Whitney U-test: P < 0.001). Soil available N also in-
creased significantly with the fertilization treatment from
2.2 mg-N.kg–1 dry soil in the unfertilized plots, C and
W, to 4 mg-N.kg–1 dry soil in the fertilized plots, F and
WF (Mann-Whitney U-test: P < 0.01).

Treatments had a significant effect on above-ground
biomass (Kruskal-Wallis test, χ2 = 9.75, df = 3, P =
0.006). Plant biomass was 48% higher in W plots than
in C plots (U-test: P = 0.014) and 94% higher in the F
plots than in C plots (Mann-Whitney U-test: P = 0.029).
There were no significant differences between F and
WF plots (U-test: P = 0.171).

Individual responses (without neighbours)

First year of experiment
The two environmental treatments had no signifi-

cant effect on plant survival (data not shown). Fertiliza-
tion had an overall significant effect on plant growth,
increasing transplant leaf number (fertilization: F1,24 =
9.37, P = 0.005). However, species differed in their
responses to nutrients (species × nutrients: F2,48 = 9.86,
P < 0.001; Fig. 1). B. erectus was not responsive, where-
as A. elatius produced more leaves with nutrient addi-
tion. This effect was only significant in the unwatered
(F) plots (Fig. 1, Tukey test P < 0.05). In contrast, the
increase in leaf number for B. rupestre in the fertilized
(F vs C and WF vs W) plots was not significant. This
shows that nutrient availability was limiting for growth
in the control plots for A. elatius, but not for the two
other species and in particular B. erectus. Differences in
species responses to water improvement were margin-
ally significant (species × water: F2,48 = 2.5, P = 0.092)
with no response for B. erectus, a significant positive
effect for A. elatius only in the unfertilized plots and a
tendency for B. rupestre to produce more leaves in the
watered (W and WF) plots than in the unwatered (C and
F) plots (Fig. 1).
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Second year of experiment
Water addition had a positive effect on the survival

of the three species (water: F1,12 = 24.72, P < 0.001, Fig.
2a) but this effect was much stronger for A. elatius
which had a low survivorship in the C plots (species ×
water: F2,24 = 6.84, P = 0.004, Fig. 2a). For all three
species, target biomass was significantly higher in W
than in C plots (water: F1,11 = 15.08, P = 0.003, Fig.
2b). Although the species × water interaction was
only marginally significant (F1.95,21.42 = 3.07, P =
0.068), B. rupestre was significantly, and by far, the
largest species in the W plots and A. elatius signifi-
cantly the smallest species in the C plots (Tukey test
P < 0.005, Fig. 2b). In summary, A. elatius was the
least drought tolerant, as indicated by the survival
data, whereas B. rupestre was the largest species in
the watered plots.

Competitive responses

First year of experiment
For survival, fertilization had the strongest effect

on competition intensity, which was almost nil in the
unfertilized (C and W) plots (nutrients: RNE survival:
F1,24 = 39.67, P < 0.001, Fig. 3). There was also, for all
three species, an increase in RNE survival with im-
proved water supply: RNE survival: F1,24 = 9.06, P =
0.006). This effect was mainly due to the decrease in
facilitation with water improvement for A. elatius and

Fig. 1. The effects of watering and fertilization on the leaf
number (means ± SE) of each transplanted species Bromus
erectus, B. rupestre and Arrhenatherum elatius without neigh-
bours after one year of experimentation. Letters indicate sig-
nificant means contrasts among treatments within species.
Bars within species that share letters were not different at P <
0.05 (post-ANOVA Tukey test).

Fig. 2. The effects of watering on (a) survival  and (b) above-
ground biomass of each transplanted species Bromus erectus,
B. rupestre and Arrhenatherum elatius without neighbours
after two years of experimentation (means ± SE). Letters
indicate significant means contrasts among species within
treatments. Lowercase letters refer to control plots, capital
letters refer to watered plots. Bars within treatments that share
letters were not different at P < 0.05 (post-ANOVA Tukey
test).

Fig. 3. The effects of watering and fertilization on the Relative
Neighbour Effect index (RNE) for survival of each trans-
planted species Bromus erectus, B. rupestre and Arrhenatherum
elatius after one year of experimentation. Letters indicate
significant means contrasts among treatments within species.
Bars within species that share letters were not different at P <
0.05 (post-ANOVA Tukey test).
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B. rupestre in the unfertilized plots (C vs W), and to an
increase in competition in the fertilized (F vs WF)
plots for the three species. Species were not similarly
affected by neighbours (species: RNE survival: F2,48 =
7.9, P = 0.001): A. elatius had the lowest RNE values,
B. erectus the highest values and B. rupestre was
intermediate. The non-significant interaction between
species and resources for RNE survival suggests that
our environmental treatments did not modify the rank-
ing in competitive responses among species.

RNE leaf number was high in all plots with weak
differences among species and treatments (data not
shown).

Fig. 4. The effects of watering on the Relative Neighbourhood
Effect index (RNE) for (a) survival and (b) above-ground
biomass for each transplanted species: Bromus erectus, B.
rupestre and Arrhenatherum elatius after two years of experi-
mentation. Letters indicate significant means contrasts among
species within treatments. Lowercase letters refer to control
plots, capital letters refer to watered plots. Bars within treat-
ments that share letters were not different at P < 0.05 (post-
ANOVA Tukey test).

Fig. 5. The effects of watering and fertilization on relative
biomass (%) of Bromus erectus, B. rupestre and fast growing
species (naturally occurring populations) after two years of
experimentation. Letters indicate significant means contrasts
among treatments within species. Bars within species that
share letters were not different at P < 0.05 (post-ANOVA
Tukey test).

Second year of experiment
 After two years, results for RNE survival were very

similar to those obtained after one year of experiment.
We observed the same ranking in competitive responses
among species (species: RNE survival: F2,24 = 14.19, P <
0.001), a stability of this ranking with watering (no
species × water interaction) and an overall increase in
RNE with water improvement (water: RNE survival: F1,12
= 11.23, P = 0.006). For growth, RNE values were lower
for A. elatius than for the two other species (species:
RNE biomass: F1.15,12.66 = 15.62, P = 0.001, Fig. 4b) and
this ranking was not affected by the water treatment
(water and species × water non significant).

Changes in relative biomass of dominant species

Both treatments negatively affected the relative bio-
mass of B. erectus although these effects were signifi-
cant only in the WF plots (Fig. 5). Watering increased
significantly the relative biomass of B. rupestre (species
× water: F2,16 = 4.88, P = 0.022) in low nutrient plots
(W) but not in fertilized plots (WF) (Fig. 5). Fertiliza-
tion strongly increased the relative biomass of fast grow-
ing grasses (species × nutrients: F2,16 = 14.41, P <
0.001) but this effect was significant only in the watered
plots (WF) (Fig. 5). As a consequence, B. rupestre and
B. erectus were both dominants in the watered unferti-
lized (W) plots, where fast growing grasses had a very
low relative biomass. In contrast, fast growing grasses
B. erectus were both dominants in the WF plots.
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Discussion

Stress tolerance abilities

Following Grubb (1998), we will examine both the
tolerance of resource shortage with data on survival, and
the flexibility in growth response to resource improve-
ment. Grubb (1998) argued that the tolerance of re-
source shortage was inherently associated with low
growth flexibility in the model of Grime (1974), be-
cause of the long leaf life span and low growth rate of
the stress tolerators of Grime (1974). For survival, only
A. elatius was strongly negatively affected by low water
availability of the control plots, whereas no differences
were observed between the two other species. However,
Corcket et al. (2003) showed that B. rupestre was nega-
tively affected in its survival by an experimental drought
conducted in the same community, but B. erectus was
not. This indicates that water availability was not low
enough in our control plots to test for the tolerance of B.
rupestre to drought. Our results, and those of Corcket et
al. (2003), suggest that only B. erectus can be considered
as a typical stress tolerant species sensu Grime, A. elatius
as a non-tolerant species and B. rupestre as an intermedi-
ate species. There were no significant differences in
responses to nutrient shortage for the survival of the three
species which was consistent with Goldberg &
Novoplansky (1997) who have argued that nutrient avail-
ability primarily affects growth but not survival. This
suggests that survival responses to physical constraints
(e.g. water shortage and cold) are likely to be the best
predictors of the stress tolerance ability of a species.

The high growth increase observed for A. elatius and
B. rupestre with the addition of nutrient and water
respectively revealed their strong flexibility and spe-
cific resource requirements. In contrast, B. erectus did
not show any flexibility. B. erectus belongs to the ‘low
flexibility’ strategy of Grubb (1998), because of both its
high tolerance to drought and its low flexibility to re-
source improvement. B. rupestre may rather belong to
the ‘gearing down’ strategy of Grubb (1998), because of
its high flexibility with water improvement and low mor-
tality in the control plots. Because of its high mortality in
the control plots, A. elatius cannot be classified in any of
these categories and cannot be considered as stress toler-
ant, both in Grime’s and Grubb’s terminologies. We
suggest that Grubb’s conception of stress tolerance may
refine the real strategy of species such as B. rupestre
which are only considered as intermediate species be-
tween the S and C strategies in Grime’s model. The
growth flexibility with resources improvement and the
large increase in biomass observed in the watered plots
may confer a competitive advantage to B. rupestre to
dominate in water-rich but nutrient-poor conditions.

Competitive responses abilities

Our results showed that the ranking in competitive
responses among the three target species was not altered
by our environmental treatments. B. erectus was always
the most sensitive to competition, A. elatius was always
the least sensitive to competition and B. rupestre was
intermediate. Consistent with Mahmoud & Grime (1976),
Wilson & Keddy (1986) and Keddy et al. (2002), but in
opposition to McGraw & Chapin (1989), Aerts et al.
(1990) and Novoplansky & Goldberg (2001), there was
no reversal in competitive responses in our experiment,
either along the water or the nutrient gradients. This
result does not support Tilman’s argument that species
from nutrient-poor sites (i.e. nutrient competitors) may
dominate because of their high competitive responses.
According to Tilman’s definition, to behave as nutrient
competitors, the slow growing B. erectus and B. rupestre
should have been less affected by competition in the
unfertilized plots than the fast growing A. elatius. For
Tilman (1982, 1990), tolerance and competitive ability
are conferred by the same traits; competitors are species
which show the best ability to reduce the limiting re-
source to a low level (R*) and to tolerate those low
levels.

The lower competitive response of B. rupestre in the
watered and unfertilized plots (W), compared to A.
elatius, does not support our prediction that the growth
flexibility with resources improvement (in particular
water) may confer a competitive advantage to B. rupestre
to dominate in water-rich but nutrient-poor conditions.
This result supports Grime’s (1974) model, which classi-
fied this species as intermediate between the true stress
tolerant and competitive strategies. However, another
alternative may be that competitive responses are not the
best component of the competitive ability to predict pat-
terns of dominance in plant communities.

Community responses

The two environmental treatments significantly in-
creased the above-ground biomass of our calcareous
community, which shows that both water and nutrients
were limiting resources. This result is consistent with
other experiments, which have shown that the produc-
tivity of European calcareous communities is primarily
limited by these two resources (Grime & Curtis 1976;
Thompson & Grime 1988; Grime et al. 2000; Thompson
et al. 2001). The increase in biomass was two times
greater with nutrients than with water addition. We
suggest that this is due primarily to a greater limitation
by nutrient than by water in our control plots rather than
a larger experimental supply of nutrients than water.
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The studied community belongs to the mesic or meso-
xeric type of calcareous grasslands (Mesobromion type
of the phytosociological classification, see Royer 1987),
which is moderately limited by drought cf. the xeric
type (Xerobromion type of the phytosociological classi-
fication). Corcket et al. (2003) observed a significant
decrease in biomass in the same field following an
experimental drought, also observed by Grime et al.
(2000) in a similar mesic type of calcareous grassland.

We observed contrasted qualitative responses to our
environmental treatments, which were highly consistent
with individual responses. The watering significantly
increased the relative biomass of B. rupestre in low
nutrient plots only, whereas the increase in relative
biomass for A. elatius and other fast growing species
was significant with fertilization, but only when this
treatment was associated with watering. In contrast,
relative biomass of B. erectus decreased in all resource
rich plots. The increase in dominance of fast growing
species, and in particular A. elatius with fertilization, is
a result commonly observed in mesic calcareous com-
munities (Grime & Curtis 1976; Bobbink 1991; Buckland
et al. 2001; Thompson et al. 2001) and in mixtures
grown in common garden experiments (Berendse et al.
1992; Campbell & Grime 1992). Corcket et al. (2003)
observed a similar increase in those species with an
improvement of both water and nutrient availability
under experimental shade (50%). To our knowledge,
our experiment is the first one showing an increase in
biomass of B. rupestre with watering, although Corcket
et al. (2003) observed a decrease in the cover of B.
rupestre following an experimental drought in the same
site.

The contrasted qualitative responses observed for
these three naturally occurring species to our environ-
mental manipulations demonstrate in a more general
perspective that this European calcareous community
behaved as a set of co-occurring species or group of
species with specific functional strategies (see also
Chapin & Shaver 1985). Each species or group of species
were either subordinated and stressed due to limitations
of a particular resource (nutrient or water) or dominant
and not stressed because these limitations prevented
their competitive exclusions (Weiher 2004; Lortie et al.
2004). In opposition to Körner’s arguments (Körner
2004), our results are evidence that the species-based
concept of stress is not useless and, because communi-
ties do not react to environmental changes as single
organisms (Chapin & Shaver 1985), there is no reason
to consider that this concept may or may not be useless
at the community level.

Conclusions

The ranking in competitive responses and the stress
tolerance abilities (sensu Grime) observed in our experi-
ment were consistent with Grime’s model (1974), but
does not indicate that B. rupestre should have a com-
petitive advantage over A. elatius in mesic nutrient-poor
conditions, and neither supports the hypothesis of
Goldberg & Novoplansky (1997) that water gradients
are different from nutrient gradients. However, this
ranking was not consistent with natural patterns of domi-
nance and community responses, which showed in par-
ticular that B. rupestre increased in abundance with
watering during our experiment. These latter results
supported our prediction that the strong flexibility (sensu
Grubb) of B. rupestre transplants with resource im-
provements and the large increase in biomass observed
in the watered plots should confer a competitive advan-
tage for this species in water-rich but nutrient-poor
conditions, through a biomass accumulation process.

A number of plant ecologists agree that this biomass
accumulation is the primary mechanism explaining the
maintenance of slow growing species in nutrient-poor
sites (Aerts 1995; Ryser & Lambers 1995; Craine et al.
2002). This slow increase in biomass with time could
give them a competitive advantage by reversing the
competitive asymmetry with fast growing species (Keddy
et al. 2000; Köchy & Wilson 2000). The competitive
ability of a species is determined by its ability to tolerate
suppressive effects of neighbours – its competitive re-
sponse – and by its ability to negatively affect its neigh-
bours – its competitive effect (Goldberg & Fleetwood
1987; Goldberg 1990; Keddy et al. 1994). Dominance
of large, slow growing species such as B. rupestre may,
overall, be controlled by competitive effects rather than
by competitive response abilities (Peltzer & Köchy 2001;
see also Mitchley & Grubb 1986), which have been
shown to be poorly indicative of plant dominance (Suding
et al. 2003). Mitchley & Willems (1995) have shown
that the competitive effect of B. pinnatum in dense
Dutch mesic grassland was due to its suppression of
most other growth forms by reducing PAR (Photo-
synthetically active radiation) in the lower canopy.
Competition for light may not be the primary driver of
these changes in dominance and other mechanisms such
as allelopathy and accumulation of recalcitrant litter
have been shown to determine the competitive success
of such large conservative species in nutrient-poor, low
disturbance habitats (Grime 1974; Wardle et al. 1998;
Foster 1999).

Our main objective was to assess differences in
stress tolerance and competitive abilities for species
naturally dominating communities with contrasted wa-
ter and nutrient availabilities. In water and nutrient-
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poor conditions, as well as in water and nutrient-rich
conditions, our results supported the Grime’s model
(1974) that stress tolerance and competitive abilities
(inferred from observed competitive responses) effi-
ciently explain natural patterns of dominance. In con-
trast, in water-rich but nutrient-poor conditions results
were more confusing for B. rupestre, and in particular
competitive responses appeared to be poor predictors of
natural patterns of dominance. However, community
and individual responses suggested that this conserva-
tive species might be able to tolerate resources shortage
but to acquire a strong competitive effect with time, in
particular, in water-rich but nutrient-poor communities.
Other experimental studies are needed to test the hy-
pothesis that the success of this conservative competitor
type of species is due to its competitive effect, and in
particular to the depletion of light due to increasing size
with biomass accumulation or to interference processes.
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In Europe and, increasingly, the rest of theworld, the key policy tool
for the control of air pollution is the critical load, a level of pollution
below which there are no known significant harmful effects on the
environment. Critical loads are used to map sensitive regions and
habitats, permit individual polluting activities, and frame interna-
tional negotiations on transboundary air pollution. Despite their
fundamental importance in environmental science and policy, there
has been no systematic attempt to verify a critical load with field
survey data. Here, we use a large dataset of European grasslands
along a gradient of nitrogen (N) deposition to show statistically
significant declines in the abundance of species from the lowest
level of N deposition at which it is possible to identify a change.
Approximately 60% of species change points occur at or below the
range of the currently established critical load. If this result is found
more widely, the underlying principle of no harm in pollution policy
may need to bemodified to one of informed decisions on howmuch
harm is acceptable. Our results highlight the importance of protect-
ing currently unpolluted areas from new pollution sources, because
we cannot rule out ecological impacts from even relatively small
increases in reactive N deposition.

plant ecology | Threshold Indicator Taxon Analysis | gradient survey

Since the 1980s, the key policy tool for the control of pollution in
Europe has been the critical load (1). A critical load is defined

as a “quantitative estimate of an exposure to one or more pollu-
tants below which significant harmful effects on specified sensitive
elements of the environment do not occur according to present
knowledge” (1). Empirical critical load values are currently set for
pollutants and habitats based primarily on pollution addition
experiments and expert judgment, and they were most recently
revised in 2010 (2). Critical loads have a central role in pollution
management and are used for mapping pollution impacts, con-
trolling and permitting individual pollution sources, and framing
international negotiations on transboundary air pollution. They
have recently been applied in the United States (3) and Canada
(4), and they are under active consideration and development in
many parts of the developing world (5).
Embedded in the critical load concept is the idea that it is pos-

sible to define a level of pollution that does not harm the natural
environment. We test this concept for the deposition of reactive
nitrogen (N). N deposition is recognized as one of the most serious
pollution threats to global ecosystems (6), and it is ranked among
the top five drivers of global biodiversity loss (7). Current critical
loads for N deposition are primarily based on N addition experi-
ments, which are valuable for identifying cause–effect relationships
but have some limitations.Many experiments are located in regions
with high ambientNdeposition (often above the established critical
load) (8) and use elevated N loads with few treatments over rela-
tively short time periods. As a result, they are poorly suited to
identifying the initial impacts of N deposition, vulnerable to
treatment artifacts, and predisposed to short-term responses.
Given these limits, there is a need to test experimentally derived
critical load values with field survey data. Field surveys also have
limitations, but the strengths of each approach complement the
drawbacks of the other. Properly constructed and analyzed, survey
data along pollution gradients provide a means of testing the effi-
cacy of experimentally determined critical loads in the real world. If
the experimentally derived critical load value adequately protects

plant communities, we would expect to find no evidence of harmful
effects in sites receiving N deposition below this level.
We focus on European acid grasslands: a widespread semi-

natural habitat in which gradient studies (9–12), time series anal-
yses (13), andmanipulation experiments (14) all showN deposition
to be a primary driver of change in vegetation composition and
diversity. The critical load for this habitat is currently set at 10–15 kg
N ha−1 y−1, with three indicators of critical load exceedance: an
increase in graminoids, a decrease in total species richness, and
a decline of typical species (the indicator that we focus on here) (2).
We apply Threshold Indicator Taxon Analysis (TITAN) to identify
the points along the N deposition gradient at which individual
plant species change in abundance (15) and compare these values
with the critical load. TITAN identifies for each species the point
along the N deposition gradient at which any systematic differ-
ence in cover is maximized (the change point), whether the
difference in cover on either side of this change point is statistically
significant, and if so, the abruptness of the difference. We use strict
criteria (99%) for both “purity” (the proportion of change-point
response directions among bootstrap replicates that agree with the
observed response) and “reliability” [the proportion of bootstrap
change points that are significant at the chosen probability level (in
our case, 0.05)]. This conservative approach provides a higher level
of confidence in the reliability of change points, but at a lower level
of confidence that all species that change are identified. We also
applied TITAN to examine relationships between species abun-
dance and climate to account for any multicollinearity between N
deposition and climate.

Results
All species showing high-significance change points have lower
cover in sites with greater N deposition. Change points are
identified from the lowest N deposition at which it is possible
to identify any change (7 kg N ha−1 y−1) (Fig. 1). The species
change points predominately are at the lower end of the N
deposition gradient: one-third occur below the lower bound-
ary of the currently established critical load for this habitat, and
a similar number is within the critical load range. Independent
evidence of sensitivity to N deposition exists for many of these
species, such as Hypericum pulchrum (11), Plantago lanceolata
(16, 17), Hylocomium splendens (11, 18, 19), Achillea millefolium
(20), and Succisa pratensis (21, 22). Most of the species that decline
in cover are forbs, and this finding agrees with studies showing
this functional group to be particularly sensitive to N deposition
(12). Above 25 kg N ha−1 y−1, there are very few species change
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points, suggesting that sensitive species have already been
impacted and that changes in remaining species are compara-
tively minor. Change points strongly converge at an N deposition
of 14.2 kg N ha−1 y−1 (Fig. 2), indicating a community-level eco-
logical threshold (15). These results suggest that the impacts of
N deposition on sensitive species typical of acid grasslands begin
at very low deposition levels and are highly nonlinear, with most
change occurring below the upper limit of the critical load.
Our key results showing individual species change points be-

low the current critical load and a community-level threshold
around 14.2 kg N ha−1 y−1 seem quite robust. Excluding all species
showing significant change points at corresponding positions on
the precipitation gradient, all data from any one sampling region,
taxa with more than 75% of occurrences in a sampling region, or
the most extreme three instead of five of the candidate change
points (shifting the minimum deposition to 6 kg N ha−1 y−1) dis-
places the community threshold by no more than 1.5 kg N ha−1 y−1,
and in all cases, species respond from the lowest levels of N de-
position detectable. We, therefore, have confidence in the general
robustness of our results to potential confounding factors such
as regional biogeography and climate. Relaxing our criteria for
purity and reliability to 95% instead of 99% identifies almost twice
as many species, but does not alter the proportion of approxi-
mately 60% of species change points occurring at or below the
range of the critical load.

Discussion
Based on this detailed analysis of a large targeted survey, we
cannot confirm the existence of a level of N pollution at which
impacts on plants are not detectable. Individual species decline in
abundance from the lowest level of N deposition at which any
change could be identified by our analysis (6–7 kg N ha−1 y−1).
We are not aware of any long-term acid grassland field experi-
ment with a total treatment (including ambient) of less than 10 kg

N ha−1 y−1. Because gradient studies cannot identify a deposition
level at which there is no decline of typical species, and N addition
experiments have limited ability to identify impacts at low levels
of pollution or at a fine scale, we conclude that a true critical load
for acid grasslands, if it exists, is too low to detect with existing
data and methods. However, we do find a convergence of many
species change points at an N deposition of 14.2 kg N ha−1 y−1

(Fig. 2), indicating a community-level ecological threshold (15).
This threshold coincides with the upper boundary of the critical
load, suggesting that, rather than the onset of change, the exper-
imentally observed changes on which the critical load is based
represent the point at which the community shifts to a more
pollution-tolerant assemblage (23).
Our analysis identifies many more changes in the community

below the critical load than above it. Thus, a long-term in-
cremental increase in N deposition would have a greater impact
in a site with a current loading of 10 kg N ha−1 y−1 than a site with a
current loading of 30 kg N ha−1 y−1. This finding highlights the
importance of protecting currently unpolluted areas from new
pollution sources: we cannot rule out ecological impacts from
even relatively small increases in reactive N deposition in these
areas. It also suggests that less overall ecological damage may re-
sult from new sources of reactive N in current high-N deposition
regions, where a shift to a more pollution-tolerant community
may have already occurred, rather than regions that currently
receive low levels of pollution and are sensitive to even small
increases in N deposition. Effective pollution control policy
should focus on avoiding all new pollution sources in currently
unpolluted regions.
Critical loads have been highly successful in reversing the

acidification of European ecosystems, and we support the con-
tinuation and expansion of effects-based pollution policy. In
addition, one practical application of critical loads is to rank the
relative sensitivity of different habitats for making decisions on

Fig. 1. Species change points (purity > 99%, P < 0.05 in >99% bootstraps) showing 5% and 95% bootstrap percentiles; symbols are sized in proportion to z
score. *Species that also show a change point at the equivalent position on the precipitation gradient.
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whichmay bemost affected by new emissions sources. Our results
do not challenge the value of critical loads for identifying pollu-
tion levels associated with undesirable biogeochemical change
(such as leaching of reactive N to downstream ecosystems)
or assessing relative harm to ecological communities. However,
by introducing a quantitative way of evaluating individual species
change, our study suggests that, for this community, the only way
to have no harm is to have no pollution. If the results from this
study are found more widely, the central no-harm concept of
critical loads may have to be replaced with a sliding scale of harm,
in which informed decisions must be made on which elements
in an environment should be protected and which elements may
have to be compromised.

Methods
One hundred fifty-three unimproved and undisturbed acid grasslands
(Violion caninae association) were surveyed across the Atlantic fringe of
northwest Europe (United Kingdom, Ireland, France, Belgium, The Neth-
erlands, Germany, Norway, Sweden, and Denmark), with cover of all spe-
cies estimated in five 2 × 2-m quadrats (9, 10). In total, 155 species were
identified from sites that fulfilled our criteria: a typical 2 × 2-m quadrat
contained 15–25 species in the less-polluted sites and 7–12 species in the
more-polluted sites (9). For each site, estimates of N deposition were
produced using the EMEP (European Monitoring and Evaluation Pro-
gramme)-based IDEM (Integrated Deposition Model) model or appropri-
ate national models (9, 10). The N deposition range is 2.4–43.4 kg N ha−1 y−1

(mean = 18.6 kg N ha−1 y−1); most of this gradient is evenly sampled, with the
exception of a gap between 2.4 and 5.1 kg N ha−1 y−1.

Underlying the TITAN approach is the Indicator Value (IndVal) (24) method
for the identification of taxa that typify groups of an a priori sample classi-
fication. A taxon with a high IndVal score will have a high concentration of
abundances and high fidelity to a single group. A taxon with a maximal
IndVal score of 100% would be found in all samples of a group and only in
that group. In TITAN, IndVal scores are calculated for all species for all pos-
sible change points along the environmental gradient, with permutation
tests to assess the uncertainty in these scores. Permuted IndVal scores are
standardized as z scores and summed for positive [sum(z+)] and negative
[sum(z−)] responses for each possible change point. Sum(z) peaks highlight
values of the environmental variable around which many taxa exhibit strong
directional changes in abundance representing community thresholds. Un-
certainty is assessed by bootstrapping; quantiles of the bootstrapped maxima
provide a guide to the abruptness of the response (15). Change points will be
identified with both abrupt (threshold-like) and more gradual species
responses, but the latter will have broader confidence intervals. For each
species, TITAN also returns measures of purity (proportion of bootstrap rep-
licates matching group assignment in the original data) and reliability (pro-
portion of bootstrap replicates with maximum IndVal reaching a specified P
value). TITAN has been shown to be effective at identifying known species
and community thresholds in real and simulated data (15).

We applied TITAN to the mean Domin (25) score of the five quadrats for
each species. TITAN was implemented in R (26) with 250 IndVal permutations
and 500 bootstrap replicates. We excluded both rare species found in five or
fewer sites and the five lowest and five highest candidate change points,
because the partitioned sample size is considered too small to confidently
identify differences (15). Because N deposition is correlated with mean annual
precipitation (but not temperature) across these sites, we also applied TITAN
to precipitation data.
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Evidence from an international survey in the Atlantic biogeographic region of Europe indicates that
chronic nitrogen deposition is reducing plant species richness in acid grasslands. Across the deposition
gradient in this region (2e44 kg N ha�1 yr�1) species richness showed a curvilinear response, with
greatest reductions in species richness when deposition increased from low levels. This has important
implications for conservation policies, suggesting that to protect the most sensitive grasslands resources
should be focussed where deposition is currently low. Soil pH is also an important driver of species
richness indicating that the acidifying effect of nitrogen deposition may be contributing to species
richness reductions. The results of this survey suggest that the impacts of nitrogen deposition can be
observed over a large geographical range.

� 2010 Elsevier Ltd. All rights reserved.
1. Introduction

In recent years the global threat posed by atmospheric nitrogen
(N) deposition has become clear (Sala et al., 2000; Galloway et al.,
2008; Bobbink et al., 2010), but to date, impacts of N deposition
on the biodiversity and ecosystem function in semi-natural envi-
ronments have only been demonstrated at local and national scales
(Stevens et al., 2004; Jones et al., 2004; Smart et al., 2005; Maskell
et al., 2010). The deposition of reactive N has more than doubled
s).
00, 3970 BH Driebergen,

All rights reserved.
over the last one hundred years as a result of agricultural intensi-
fication and increased burning of fossil fuels by traffic and industry
(Galloway et al., 2004; Fowler et al., 2005). Atmospheric deposition
of reactive N has the potential to enrich the N content of soils,
resulting in increased plant growth and hence competition for light
(Bobbink et al., 1998; Hautier et al., 2009) and other resources, and
to acidify soils reducing the number of species that can tolerate
these conditions and coexist (Schuster and Diekmann, 2003).
Globally, the deposition of reactive N is predicted to increase in the
future due to the expanding global population leading to increased
demand for food and increased use of fossil fuels (Tilman et al.,
2002; Dentener et al., 2006). The potential loss of biodiversity as
a result of N deposition has important implications for both envi-
ronmental and agricultural policy.
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In 2004, Stevens et al. identified a linear decline in plant
species richness of acid grasslands in Great Britain associated with
long-term chronic N deposition. This has since been demonstrated
in other habitats in Great Britain such as heathlands, calcareous
grasslands and dune grasslands (Maskell et al., 2010; Jones et al.,
2004). However, until now there has been little research
showing a) what happens at levels of deposition lower than those
found in Great Britain b) how important N deposition is as a driver
of species richness and c) whether the losses of biodiversity
reported by Stevens et al. (2004) are occurring on a larger, inter-
national scale.

To address these research needs, we surveyed 153 semi-natural
acid grasslands belonging to the Violion caninae alliance
(Schwickerath, 1944) on a transect across the Atlantic biogeo-
graphic zone of Europe with total atmospheric N deposition
ranging from 2.4 to 43.5 kg N ha�1 yr�1 (Fig. 1), covering much of
the range of deposition found in the industrialised world. V. caninae
grasslands are widespread across western Europe, but changes in
land use have decreased their cover in some regions (Ellenberg,
1996). They are economically valuable providing a number of
ecosystem services including extensive sheep and cattle grazing in
some regions, and are important for biodiversity supporting a range
of plants, invertebrates and mammals. These grasslands are
dominated by species such as Agrostis capillaris, Festuca ovina and
rubra, Potentialla erecta and Galium saxatile, typically with a dense
sward where species are intimately mixed.

Grasslands were surveyed in Atlantic regions of Great Britain,
Isle of Man, Ireland, France, Germany, Belgium, the Netherlands,
Denmark, Sweden and Norway (Fig. 1). All of the grasslands were
surveyed between 2002 and 2007 using a consistent methodology;
all were unfertilised and many were in areas protected for nature
conservation.

2. Materials and methods

2.1. Field methodology

Between 2002 and 2007 153 acid grasslands belonging to the V. caninae
alliance (Schwickerath, 1944) were surveyed within the Atlantic biogeographic
zone of Europe. All grasslands were surveyed between May and September. The
survey consisted of: nine grasslands in Belgium, three grasslands in Denmark,
twenty-five grasslands in France, twelve grasslands in Germany, eleven grass-
lands in Ireland, Northern Ireland and the Isle of Man, seven grasslands in the
Netherlands, nine grasslands in Norway, four grasslands in Sweden and seventy-
seven grasslands in Great Britain. The large number of sites surveyed in Great
Britain derives from the intensive national survey of the earlier work and the fact
that V. caninae grasslands cover a much larger area than in other countries in the
study (Stevens et al., 2004).

The grasslands were selected to cover the range of atmospheric N deposition in
Europe and to give a good range of sites at different latitudes and longitudes for
different deposition values. Grasslands surveyed were not agriculturally improved
or in the vicinity of a point source of N and were managed by grazing or cutting.
Within each site, five randomly located 4m2 quadrats were surveyed, avoiding areas
of vegetation belonging to a different community (e.g. areas of shrub) or were
strongly affected by animals, tracks and paths, or were in the rain shadows of trees
or hedges.Within each quadrat all vascular plants and bryophytes were identified to
species level and percent cover was estimated by eye. A description of the site was
made including latitude, longitude, aspect, slope, extent of grassland, soil depth and
surrounding vegetation communities.

Soil samples were collected from each quadrat. Topsoil samples (0e10 cm below
the litter layer) were taken from two opposing corners of the quadrat using a trowel
and bulked to give one sample per quadrat. Subsoil samples (20e30 cm deep or as
deep as possible in shallow soil) were taken from the centre of the quadrat using
a 5 cm diameter soil auger. All soil samples were kept cool during transit and air
dried on return to the laboratory.

For each site, N and sulphur deposition data were modelled using the EMEP-
based IDEM model (Pieterse et al., 2007) or national deposition models
depending on which were available in each of the countries surveyed. Full details
are given below. Meteorological data were obtained from the European Space
Agency Monitoring Agriculture with Remote Sensing (MARS) unit (Monitoring
Agricultural Resources, 2009); ten year averages were calculated for each site
for mean annual potential transpiration from crop canopy, mean minimum daily
temperature, mean maximum daily temperature and mean annual rainfall.
Radiation index was calculated based on aspect, slope and latitude according to
Oke (1987).

2.2. Laboratory methodology

All analyses were conducted on air-dried soils due to the large number and
geographical spread of sites being surveyed (MAFF, 1986). Soil pH was determined
using a pH probe in a 1:5 soil and deionised water mixture.

Nitrate, ammonium, calcium and aluminium concentrations were determined
using two different methods. For samples collected in 2002 and 2003 from Great
Britain, soils were extracted with 1 M KCl and analysed using an ion chromatograph.
Soil samples collected in 2007 were shaken with 0.4 M NaCl and analysed using an
auto-analyser. All extracts were determined using a 1:10 soil and extractantmixture.
Aluminium and calcium concentrations were determined using an ICP-MS. Stored
soil samples from the earlier survey were analysed using the methodology of the
later survey showing that results of the two extraction methodologies were
comparable. Phosphorus availability was determined using a standard Olsen
extraction and colourometric determination (MAFF, 1986). Total C and N content of
the soil was determined using a CN elemental analyser by combustion and gas
detection.

2.3. Deposition models

For all of the sites visited, the best available deposition model was used for
estimating the deposition of nitrogen and sulphur (S), resulting in some variation in
the models used. National models were used for Germany (Gauger et al., 2002), the
Netherlands (Van Jaarsveld, 1995, 2004; Asman and van Jaarsveld, 2002) and Great
Britain (NEGTAP, 2001). For all other countries the EMEP-based IDEM (Pieterse et al.,
2007) models were used. The different model use similar approaches to model
reduced and oxidised deposition. Comparison between the models showed that
these models provided the best estimates of deposition across the region. For all of
the models, deposition was calculated as a three-year average to provide a more
robust estimate of longer-term nitrogen inputs.

2.4. Statistical analysis

For all analyses mean values from the five samples per site were used. Simple
regression and forward and backward multiple regressions were conducted using
SPSS v17. All variables were checked for normality and corrected if necessary
(Table 1) and strongly inter-correlated independent variables (r > 0.5) were
removed from the models. The variables to be retained were selected based on
ecological relevance. Soil ammonia concentration and plant available P concen-
tration were highly skewed and correction did not result in a normal distribution.
In these cases the model was run with and without these variables included. In
each case, results did not differ between model runs so they were excluded from
the analysis. The regression tree was analysed in R according to the method set
out in Crawley (2007) and variance partitioning using stepwise multiple
regression were analysed in Minitab.

3. Results

Examining the relationship between atmospheric N deposition
and species richness shows a significant negative linear relation-
ship (linear regression r2 ¼ 0.36, p < 0.001). The distribution
of sampling sites differs between countries and Great Britain
contributes a large proportion of the overall data set. However,
when data for Great Britain is removed from the regression model,
the relationship remains significant (r2 ¼ 0.28, p < 0.001). Analysis
of covariance shows that the intercept of the regression line for
mainland European species richness differs significantly from the
regression line for the Great Britain (p< 0.001), but gradients of the
two regression lines for the relationship between N deposition and
species richness are not significantly different.

The relationship between N deposition and species richness is
better fitted with a negative exponential curve giving an r2 of 0.40
(p < 0.0001, Fig. 1). This shows a potentially greater loss of species
richness when deposition increases from a low background level
than a high level.

Most of the decline in species richness is accounted for by
a reduction in forb species richness, with grass richness and
bryophyte richness showing weaker but still significant negative
relationships with N deposition (forbs: r2 ¼ 0.31, p < 0.001



Fig. 1. Map of acid grasslands surveyed in the Atlantic Biogeographic region of Europe and graph showing total plant species richness (mean number of species in five 2 by 2 m
quadrats per site) against total inorganic N deposition for each of the countries surveyed: Belgium (red), Denmark (yellow), France (dark blue), Great Britain (green), Germany
(brown), Ireland, Northern Ireland and Isle of Man (pink), Netherlands (purple), Norway (turquoise) and Sweden (orange). The curvilinear relationship between N deposition and
species richness is shown. (For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article).
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(exponential relationship) grass: r2 ¼ 0.27, p < 0.001 (linear rela-
tionship), bryophyte: r2 ¼ 0.05, p < 0.005 (linear relationship);
Fig. 2).

Multiple regression (forward and backward stepwise regres-
sion) was used to identify additional drivers of species richness
in this data set. Correlated variables were removed and correc-
tions for non-normality applied, leaving a set of sixteen variables
for analysis (Table 1). Multiple regression showed that total
inorganic N deposition, topsoil pH, radiation index and extract-
able soil nitrate concentration (log transformed for normality)
explained a total of 55% of the variation in species richness
(Eq. (1)):
Species richness ¼ 0:210þ 5:038ðTopsoil pHÞ

� 0:243ðN depositionÞ
� 3:978ðRadiation indexÞ

� 0:304
�
ln NO�3

�
(1)

Topsoil pH showed the strongest linear correlation with species
richness, with an r2 of 0.38 (p < 0.001) (Fig. 3a). As topsoil pH is
influenced by site physical characteristics and N deposition, this
correlation may be related to acidification of the soils, but the
approach does not distinguish between the sources of acidification



Table 1
Variables recorded in this study. Variables entered into the regression models are
shown in bold. Some variables had to be excluded due to correlation with other
variables or data distributions that were too strongly skewed for analysis.

Variable Range

Dependent variable

Species richness (mean number of species per five 4 m2

quadrats)
6.4e33.2

Deposition variables
Total inorganic N deposition

(kg N haL1 yrL1)
2.4e43.5

Total inorganic S deposition
(kg N haL1 yrL1)

2.2e19.6

Geographical and physical variables
Longitude �9.951e13.25
Latitude 43.303e60.697
Altitude (m) 4e812 (Ln)
Inclination (�) 0e60
Aspect (�) 0e350
Vegetation height (cm) 1.5e40
Radiation index �0.43e0.99
Mean maximum daily temperature (�C) 6.8e18.8
Mean minimum daily temperature (�C) 0.6e10.2
Mean annual rainfall (mm) 498e1971
Mean annual potential transpiration from canopy (mm) 487e834

Soil variables
Topsoil pH 3.7e5.7
Subsoil pH 3.3e6.1
Extractable aluminium concentration (mg kg�1 dry soil) 2.3e1319 (Ln)
Extractable ammonium concentration (mg kg�1 dry soil) 0e305
Extractable nitrate concentration (mg kg�1 dry soil) 0e172 (Ln)
Olsen P (mg kg�1 dry soil) 0e86
C (%) 0.03e40.63
N (%) 0.09e22.89
C:N ratio (%/%) 8.9e30.5
Ca:Al ratio (g/g) 0.01e20.49

Management variables
Management type Cutting/grazing
Management intensity (estimated from standing

crop biomass)
High, medium
and low

Variables that did not show a normal distribution were log (Ln) e transformed.

a

c

Fig. 2. a) Forb richness (curvilinear relationship) b) grass richness (linear relationship) and
quadrats per site) against total inorganic N deposition (kg N ha�1 yr�1) for 153 acid grassla

C.J. Stevens et al. / Environmental Pollution 158 (2010) 2940e2945 2943
which include sulphur deposition. Indeed, there is a significant
relationship between soil pH and N deposition (r2 ¼ 0.20,
p < 0.001) (Fig. 3b) although as a result of the variability of soil
types in this study and the large amount of variation in soil pH that
is independent of N deposition, it was not necessary to remove this
variable from the analysis. There was also a significant correlation
between soil pH and S deposition (r2 ¼ 0.18, p < 0.001).

A regression tree confirmed the primary importance of
N deposition as a driver of species richness. The division in the
regression shows that at high deposition (greater than
20.3 kg N ha�1 yr�1), topsoil pH is the next most significant vari-
able, followed by soil nitrate concentration, but at deposition less
than 20.3 kg N ha�1 yr�1, extractable aluminium concentration is
the next most significant.

3.1. Discussion and conclusions

The results of this large-scale survey suggest that the impacts of
N deposition can be observed over a large geographical range and
are not restricted to Great Britain, as initially demonstrated by
Stevens et al. (2006). Analysis of covariance shows that the gradi-
ents of the two regression lines for the relationship between N
deposition and species richness are not significantly different,
implying that the species richness of grasslands in the two regions
are equally sensitive to N deposition.

The results of this investigation are consistent with those found
by Dupre et al. (2010) who conducted a temporal analysis of
changes in species richness in the same grassland type. They found
that during the last 70 years, species richness in Great Britain,
Germany and the Netherlands have all declined significantly in
relation to estimated cumulative N deposition. These results
provide further evidence for declines in species richness related to
chronic atmospheric N deposition and support the use of a space
for time substitution for detecting the effects of N deposition.

The curvilinear relationship found in this investigation implies
that small increases in N deposition will have a larger impact when
background deposition levels are low or moderate than when
initial deposition levels are higher (above 20 kg N ha�1 yr�1,
reflecting the point for splitting the data identified in the regression
b

c) bryophyte richness (linear relationship) (mean number of species in five 2 by 2 m
nds surveyed in the Atlantic Biogeographic region of Europe.
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tree (Fig. 4)). These results support the experimental findings of
Clark and Tilman (2008), who demonstrated the potential for
species loss in prairie grasslands as a result of chronic low-level
deposition. Below 20 kg N ha�1 yr�1, linear regression indicates that
a deposition rate of 2.3 kg N ha�1 yr�1 reduces species richness by
one species per 4 m2 quadrat. Above 20, 3.5 kg N ha�1 yr�1 is
tolerated before species richness is reduced by the same amount.
Such a relationship indicates that at high deposition, many of the
species sensitive to N deposition may have already declined leaving
mainly the less nitrogen-sensitive species. These findings have
important implications for conservation and restoration suggesting
that to protect the most sensitive grasslands, resources should be
focussed on protecting areas that are as yet relatively undamaged
by N deposition, since the potential for species loss in these areas is
greater (Emmett, 2007). Theremay also be important repercussions
for the regulation of point source emissions of pollutants. Current
legislation aims to maintain deposition below the critical load for N
deposition (currently 10e20 kg N ha�1 yr�1 for acid grassland
communities (Bobbink et al., 2003)), but the results of this study
indicate that increasing deposition by very small amounts where
background levels are low will result in reductions in species
richness, even if the total deposition to the site (diffuse source plus
point source) remains below the critical load. It is also important to
note that even where the critical load is exceeded by background
deposition, the addition of further N from a point source may still
result in a reduction of species richness, even at high levels of
deposition.

The majority of the decline in species richness is accounted for
by a loss of forbs. This decline in forb species richness is the same
trend as identified in earlier acid grassland surveys in Great Britain
(Stevens et al., 2004, 2006, 2009) and is consistent with experi-
mental N additions in other grassland types (e.g. Bobbink, 1991;
Mountford et al., 1993; Wedin and Tilman, 1996) and historical
studies (Dupre et al., 2010). The wedge shaped distribution
observed for forbs and bryophytes indicates that at low deposition
richness can be both high and low, but at high deposition high
richness is not observed. A loss of species richness within the
grassland sward potentially has wide implications for biodiversity
further up the food chain (Throop and Lerdau, 2004; Weiss, 1999)
as well as an impact on ecosystem functioning and ecosystem
service provision.

The results of this study demonstrate the importance of soil pH
as a driver of species richness. Of the variables examined, topsoil pH
showed the strongest linear correlation with species richness, with
an r2 of 0.38 (p < 0.001) (Fig. 3a). As soil pH is reduced the forms
and availability of nutrients and potentially toxic metals are
affected, reducing the pool of species able to survive (Tyler, 2003). S
deposition also shows a significant negative relationship with
topsoil pH (r2 ¼ 0.18, p < 0.001) showing that both N and S depo-
sition (or their legacy) remain important drivers of soil pH.
Variance partitioning allows assessment of the relative contri-
butions of different groups of variables to the total variation in
species richness. This analysis showed that both a site’s
geographical and physical characteristics (Table 1), and its
management type and intensity, exclusively explain very little of
the variation in species richness (r2 ¼ 0.004 and 0.003, respec-
tively). These small numbers reflect the tightly defined plant
community type and the similarities in management practices
across the transect. Soil variables exclusively explain 13.9% of the
variation in species richness and deposition variables explain 6.9%
of the variation in species richness, indicating that N deposition
modifies the response of the plant community to site characteris-
tics. However, the potential for N deposition to influence soil
variables means that these two sets could be considered together.
The sum of the variation in species richness explained exclusively
and variation explained by N deposition and soil in combination is
53% of the variation in species richness.

The regression tree (Fig. 4) sheds further light on the interaction
between independent variables. In the regression tree, the first
division is with N deposition, reflecting the importance of this
variable as a driver of species richness with pH and aluminium as
the next most significant variables. Aluminium may be a more
important driver of species richness at low deposition because
here, species intolerant of aluminium toxicity have yet to be elim-
inated by acidification. The acid substrate in these habitats means
that availability of aluminium in the soil can change greatly with
small changes in soil pH. Below this level of the regression tree,
other variables become important. pH is clearly a very important
driver of species richness in these grasslands and soil acidification
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is likely to be playing an important role in the reduction of species
richness. This was also found in analysis of temporal trends in
species richness in relation to N deposition (Dupre et al., 2010).

4. Conclusion

The results of this large-scale survey indicate that chronic
nitrogen deposition is reducing plant species richness in acid
grasslands. Across the deposition gradient in the Atlantic biogeo-
graphic region of Europe species richness showed a curvilinear
relationship with N deposition, with greatest differences in species
richness where deposition increased from low levels. Given the
large range over which we observe reduced species richness
associated with high N deposition, the similar relationships that
have been observed in other habitats (Maskell et al., 2010) and the
results of experimental N additions in a wide range of habitats (e.g.
Power et al., 1998; Morecroft et al., 1994; Jones et al., 2004;
Pilkington et al., 2005) it is reasonable to assume that N deposi-
tion represents a global threat to the biodiversity of semi-natural
ecosystems.
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a b s t r a c t

A survey of 153 acid grasslands from the Atlantic biogeographic region of Europe indicates that chronic
nitrogen deposition is changing plant species composition and soil and plant-tissue chemistry. Across the
deposition gradient (2e44 kg N ha�1 yr�1) grass richness as a proportion of total species richness
increased whereas forb richness decreased. Soil C:N ratio increased, but soil extractable nitrate and
ammonium concentrations did not show any relationship with nitrogen deposition. The above-ground
tissue nitrogen contents of three plant species were examined: Agrostis capillaris (grass), Galium saxatile
(forb) and Rhytidiadelphus squarrosus (bryophyte). The tissue nitrogen content of neither vascular plant
species showed any relationship with nitrogen deposition, but there was a weak positive relationship
between R. squarrosus nitrogen content and nitrogen deposition. None of the species showed strong
relationships between above-ground tissue N:P or C:N and nitrogen deposition, indicating that they are
not good indicators of deposition rate.

� 2010 Elsevier Ltd. All rights reserved.

1. Introduction

Atmospheric nitrogen (N) deposition is a global environmental
problem. Nitrogen oxides are predominantly emitted from the
burning of fossil fuels. Between 1980 and 2003 most of Europe
(excluding Portugal, Spain and Greece) saw a reduction in oxidised

N emissions of between 20 and 50%. This downward trend is
generally reflected in wet deposition (in rainfall) but not in dry
deposition (as a gas or fine particulate) (Fagerli and Aas, 2008). For
ammonia emissions and deposition the pattern is much more
mixed, with some European countries showing small decreases and
others increase. 90% of ammonia emissions are from agricultural
sources (Erisman et al., 2008) and consequently can vary greatly
within a small area. Nevertheless, total deposition of N remains
high in many parts of Europe and critical loads (thresholds above
which there is risk of damage to sensitive components of the
ecosystem) are already exceeded inmany countries (Galloway et al.,
2008), representing a threat to biodiversity and ecosystem services
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(Mace et al., 2005). Indeed, N deposition is forecast to be, together
with land use and climate change, in the top three drivers of change
in global biodiversity by the year 2100 (Sala et al., 2000).

Nitrogen deposition has a number of different potential impacts
on semi-natural ecosystems. At high air concentrations NH3 and
NH4
þ are phytotoxic, causing leaf damage and growth reduction (e.g.

Pearson and Stewart, 1993; Sheppard and Leith, 2002). Concen-
trations of ammonia high enough to cause direct toxicity are quite
rare in Europe and generally only occur in the immediate vicinity of
point sources. However, at lower levels, the effects of N deposition
on vegetation can still be observed, including soil-mediated effects
of eutrophication and acidification, and increased susceptibility to
secondary stress (Bobbink et al., 2010).

In many semi-natural terrestrial ecosystems N is the limiting
nutrient, so the addition of N has the potential to increase primary
productivity. This can lead to increased plant competition for other
resources, such as light and phosphorus, shifting the plant community
towards one dominated by more competitive species (e.g. Bobbink
et al., 1998; Clark et al., 2007; Hautier et al., 2009). Grasses are
generally considered to be the more productive component of grass-
lands and are frequently thought to increase in response to eutrophi-
cation, shading out stress-tolerant components of the sward (e.g.
Hautier et al., 2009). This results in changes in species composition
and the balance of functional groups. The increase in plant litter from
the enhanced productivity of vegetation can increaseN turnover.More
decomposable species are often favoured and tissue quality increases
leading to an increase in N mineralisation rates (Aerts and Chapin,
2000). Other effects of N deposition include an increased suscepti-
bility to insect herbivory, such as the increased frequencyand intensity
of attacks on Calluna vulgaris from the heather beetle (Lochmaea
suturalis) (e.g. Brunsting and Heil, 1985). Increased attacks from insect
herbivores are thought to be related to elevated concentrations of N in
plant tissues and decreased concentrations of carbon (C) -based
defensive compounds (Throop and Lerdau, 2004). Indeed, many
studies have reported changes in plant-tissue chemistry related to N
deposition (e.g. Pitcairn et al., 1998; Gidman et al., 2006). N deposition
also leads to an increased incidence of drought and frost stress (e.g.
Carroll et al., 1999), which, due to species differences in susceptibility,
can alter plant species composition.

Deposition of acids in precipitation, oxidation of dry-deposited
compounds, loss of basic cations through ion exchange, plant
uptake, and nitrification of ammonium, result in a reduction of soil
pH either directly or indirectly related to N deposition (Bobbink
et al., 2010). Increased soil acidity can have a number of poten-
tial consequences including increased solubility of potentially
toxic metals, changes to nutrient cycling, reducing or changing the
populations of soil microbes and fauna, and changing plant species
composition and richness (Johnston et al., 1986; Falkengren-
Grerup, 1995; Stevens et al., 2004, 2009a). The potential for
N deposition to impact plant species composition, soil chemistry
and plant-tissue chemistry has been clearly demonstrated in
numerous N addition experiments in a range of habitats (e.g.
Phoenix et al., 2003; Pilkington et al., 2005; Berger et al., 2009).
However, there have been far fewer investigations on whether
these changes are actually occurring at a regional scale. There have
been several studies in Great Britain demonstrating changes in
plant species richness and composition (e.g. Stevens et al., 2004;
Maskell et al., 2010) and soil chemistry (e.g. Stevens et al., 2006;
Stevens et al., 2009a) across an N deposition gradient but, until
now, none that investigate correlations between N deposition and
soil chemistry and plant-tissue chemistry in acid grasslands at
a European scale.

Here we report data from a study that gathered data on species
composition, soil chemistry and plant-tissue chemistry from 153
acid grasslands in 13 different countries within the Atlantic

biogeographic zone of Europe. This was used to test the hypotheses
that 1) the proportion of species richness accounted for by forbs
will decrease whilst the proportion of species richness accounted
for by grasses will increase; 2) Al:Ca ratio and soil nitrogen (avail-
able nitrate, ammonium and total N) will increase and C:N ratio will
decrease with increasing N deposition and 3) the nitrogen
concentration of plant tissues will increase with increasing N
deposition. Richness of functional groups as a proportion of total
species richness was used to assess relative changes in composition
and to determine whether the proportion of richness made up by
the functional groups is changing rather than changes observed
being a function of changing richness. The results of this study will
demonstrate impacts of ambient levels of N deposition over a large-
scale spatial gradient providing evidence for European policy and,
in particular, the development of critical loads for nitrogen.

2. Methods

153 acid grasslands belonging to the Violion caninae association (Schwickerath,
1944) were surveyed within the Atlantic biogeographic zone of Europe (Fig. 1). This
community is typically dominated by grasses including Agrostis capillaris and Festuca
ovina or rubrawith forbs such as Galium saxatile and Potentilla erecta and bryophytes
including Rhytidiadelphus squarrosus occurring at a high constancy. Soils are variable
in texture and of acidic pH (approximately pH 3.5e6). This community is found
throughout the Atlantic biogeographic region of Europe. The grasslands were
selected to cover the range of atmospheric N deposition in Europe (N deposition at
sites ranged from 2 to 44 kg N ha�1 yr�1). None of the grasslands surveyed were
fertilised and all were managed by grazing or cutting. Areas within the grassland
that belonged to other plant communities or were strongly affected by animals,
tracks and paths, or were in the rain shadows of trees or hedges were excluded from
the survey. Surveys were conducted between May and September in 2002/3 and
2007. At each site, five randomly located 2 � 2 m quadrats were surveyed within
a 1 ha area. Within each quadrat all vascular plants and bryophytes were identified
to a species level. A description of the site was made including latitude, longitude,
aspect, slope, patch size of the habitat fromwhich the sample was taken, soil depth,
management intensity (estimated based on vegetation height and number of
grazing animals on a scale of one to three from intensive to extensive) and dominant
species in adjacent vegetation communities.

Soil samples were collected from each quadrat. Topsoil samples were taken at
a depth of 0e10 cm below the litter layer. Samples were taken from two opposing
corners of the quadrat using a trowel and bulked to give one sample per quadrat.
Subsoil samples were taken at a depth of 20e30 cm deep or, where soils were
shallower than 20 cm, as deep as possible. Subsoil samples were taken from the

Fig. 1. Map of the 153 acid grasslands surveyed in the Atlantic biogeographic zone of
Europe.
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centre of the quadrat using a 5 cm diameter soil auger. All soil samples were bagged
and kept cool during transit.

Plant-tissue samples were collected from within the vicinity of the quadrats.
Approximately two grams (dry weight) of above-ground material were collected for
three species: Agrostis capillaris L. (bent grass), Galium saxatile L. (lady’s bedstraw)
and the moss Rhytidiadelphus squarrosus (Hedw.) Warnst at all sites where the
species occurred. These species were selected as they are both common and
abundant throughout the geographical area investigated in this project. Only living
material was collected. Samples were washed in deionised water.

In the laboratory, soil samples were air dried, roots and stones removed and
remaining soil ground to<2mmprior to analysis using a pestle andmortar. For total
carbon (C) and N analysis, soils were ground to a fine powder. Plant samples were
oven dried for three days at 55 �C and then ground to <2 mm.

Nitrate, ammonium, dissolved calcium (Ca) and aluminium (Al) concentrations
were analysed using two different methods. Samples collected in 2002 and 2003
were leached with 1 M KCl and the resulting nitrate and ammonium analysed using
an ion chromatograph. Other samples were shaken with 0.4 M NaCl and analysed
using an auto-analyser. For all samples metal concentrations were determined using
an ICP-MS. A comparison between the two methodologies was made to ensure they
were compatible. Total C and N content of the soil and plant material was analysed
using a CN element analyser. Plant-tissue phosphorus (P) concentration was
determined using a dry ashing extraction method (Chapman and Pratt, 1985; Ryan
et al., 2001) followed by a Barton colour complex (MAFF, 1986). Absorbance was
determined using a colorimeter at a wavelength of 410 nm. Soil pH was determined
using a pH probe in a 1:5 slurry of soil and deionised water.

Meteorological data for all the sites were obtained from the European Space
AgencyMonitoring Agriculturewith Remote Sensing (MARS) unit (MARS, 2009). Ten
year averages (1996e2006) were calculated for each site for mean annual potential
transpiration, mean minimum daily temperature, mean maximum daily tempera-
ture and mean annual rainfall. Radiation index (based on latitude, aspect and slope)
was calculated according to Oke (1987). The European gradient gives a greater range
of N deposition compared to the UK alone but also covers a broader range of climatic
conditions including sites that were wetter, drier, warmer and cooler than found in
the UK alone.

For each site, total N, reduced N, oxidised N and sulphur (S) deposition datawere
modelled using the best available deposition model. National models were used for
Germany (Gauger et al., 2002), the Netherlands (Van Jaarsveld, 2004; Asman and
van Jaarsveld, 2002; Van Jaarsveld, 1995) and the United Kingdom (NEGTAP, 2001;
Smith et al., 2000). For all other countries the EMEP-based IDEM model (Pieterse
et al., 2007) was used. For all of the models, deposition was calculated as a three-
year average (2000e2003) to provide a robust estimate of longer-term N inputs.
Acid deposition was calculated from the molar equivalents of reactive N and S
(NO3

� þ NH4
þ þ SO4

2�, mmolc m�2 y�1).
Linear regression and linear mixed-effects models were conducted using R

(R Core Development Team, 2007; package nlme). All variables were checked for
normality and corrected if necessary and strongly inter-correlated independent
variables (r > 0.6) were removed from the models. Linear mixed-effects models
(dependent variables topsoil pH, Al, nitrate and ammonium concentrations, total
soil C, total soil N, soil C:N and plant-tissue N concentration for Agrostis capillaris,
Galium saxatile and Rhytidiadelphus squarrosus) used the following predictors: lati-
tude, longitude, altitude, aspect, inclination, mean maximum daily temperature,
meanminimum daily temperature, mean annual rainfall, radiation index, vegetation
height, management intensity, total N deposition and S deposition, and country as
a random variable. For plant-tissue variables soil topsoil pH, Al, nitrate and
ammonium concentrations, total C, total N, C:N were included as predictors.
Minimum adequate models were selected manually by deleting variables until only
significant variables remained. For plant composition data, the five replicate quad-
rats at each site were added together to give a list of species per site. Within func-
tional group richness for grasses, forbs and bryophytes was calculated as
a proportion of total species richness. Species richness for each functional group is
presented in Stevens et al. (2010a).

3. Results

3.1. Nitrogen deposition

Total inorganic N deposition ranged from 2 to 44 kg N ha�1 yr�1.
Oxidised N deposition ranged from 1.2 to 18.3 kg N ha�1 yr�1 and
reduced deposition ranged from 1.2 to 28.7. Oxidised and reduced
deposition was highly correlated with total N deposition (oxidised:
r ¼ 0.85; reduced: r ¼ 0.96) and each other (r ¼ 0.69).

3.2. Functional group composition

Results for total species richness are presented in Stevens et al.
(2010). Species richness of grasses (mean of five 2 � 2 m quadrats)

ranged from 2.2 to 8.4 species. Grass richness as a proportion of
total species richness shows a significant positive relationship with
N deposition (r2¼ 0.21, p< 0.001) (Fig. 2a). Breaking this down into
reduced and oxidised N shows that both have very similar rela-
tionships with grass richness (reduced N: r2 ¼ 0.18, p < 0.001,
oxidised N: r2 ¼ 0.16, p < 0.001). Species richness of forbs (mean of
five 2� 2mquadrats) ranged from0.2 to 14.4 species. Forb richness
as a proportion of total species richness shows a significant nega-
tive relationship with N deposition (r2 ¼ 0.13, p < 0.001) (Fig. 2b).
As with grass richness, both reduced and oxidised N have very
similar negative relationships with forb richness (reduced
N: r2 ¼ 0.12, p < 0.001, oxidised N: r2 ¼ 0.10, p < 0.001). Species
richness of bryophytes (mean of five 2� 2m quadrats) ranged from
0 to 8 species. Bryophyte richness as a proportion of total species
richness shows a weak but significant positive relationship with N
deposition (r2 ¼ 0.06, p < 0.001) (Fig. 2c). Reduced and oxidised N
also shows similar positive results when analysed against the
proportion of bryophytes (reduced N: r2 ¼ 0.06, p < 0.01, oxidised
N: r2 ¼ 0.02, p < 0.05).

3.3. Soil chemistry

Both topsoil and subsoil pH show a significant negative rela-
tionship with total inorganic N deposition (topsoil: r2 ¼ 0.20,
p < 0.001, subsoil N r2 ¼ 0.20, p < 0.001). Both topsoil and subsoil
pH show stronger negative relationships with oxidised N deposi-
tion than reduced N deposition (Topsoil: reduced N r2 ¼ 0.14,
p < 0.001, oxidised N r2 ¼ 0.25, p < 0.001; subsoil:reduced N
r2 ¼ 0.13, p < 0.001, oxidised N r2 ¼ 0.24, p < 0.001). However, the
close correlation between oxidised and reduced deposition mean
that this should be interpreted with care. When total acid deposi-
tion is used instead of total inorganic N deposition, the relationship
is slightly improved (topsoil r2 ¼ 0.25, p < 0.001, subsoil r2 ¼ 0.22,
p < 0.001). The minimum adequate linear mixed-effects model for
topsoil pH showed significant effects of N deposition (parameter
value �0.149, p < 0.01), latitude (parameter value 0.412, p < 0.001)
and inclination (parameter value �0.006, p < 0.01).

Aluminium concentration (ln transformed for normality) in the
topsoil is negatively correlated with topsoil pH (r2 ¼ 0.35,
p < 0.001). There is a weak but significant positive relationship
between aluminium concentration and N deposition (r2 ¼ 0.07,
p < 0.001). The positive relationship between Al concentration and
acid deposition is slightly stronger than with N deposition
(r2 ¼ 0.11, p < 0.001). The minimum adequate linear mixed-effects
model showed significant effects of N deposition (parameter value
0.01, p < 0.05), altitude (parameter value 0.14, p < 0.001) and
rainfall (parameter value 0.0003, p < 0.05). Aluminium: calcium
ratio (Al:Ca) (ln transformed for normality) shows a weak but
significant positive relationship with N deposition (r2 ¼ 0.05,
p< 0.01). There is no improvement in the relationship by using acid
deposition rather than N deposition (data not shown).

Topsoil nitrate concentration (ln transformed for normality)
shows no significant relationship with N deposition (p ¼ 0.92). The
minimum adequate linear mixed-effects model showed a significant
relationshipwith latitude (parameter value0.339, p< 0.001), altitude
(parameter value 0.447, p < 0.05), inclination (parameter
value �0.046, p < 0.01) and rainfall (parameter value �0.001,
p < 0.05).

Topsoil ammonium concentration (ln transformed for
normality) shows a weak but significant positive relationship with
N deposition (r2 ¼ 0.03, p < 0.05) but this relationship is mainly
driven by a few high points. The minimum adequate linear mixed-
effects model showed significant effects of N deposition (parameter
value 0.043, p < 0.001), altitude (parameter value 0.287, p < 0.001)
and rainfall (parameter value 0.001, p < 0.05).
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Total N content of the soil shows a weak but significant negative
relationship with N deposition (r2 ¼ 0.04, p < 0.05) but, again, this
relationship is mainly driven by high results from a few sites. This is
confirmed by N deposition not being included in the minimum
adequate linear mixed-effects model, significant effects were iden-
tified for longitude (parameter value �0.023, p < 0.001), latitude
(parameter value 0.035, p < 0.001) and altitude (parameter value
0.110, p < 0.001). There is no significant relationship between soil C
content and N deposition (p ¼ 0.06). The minimum adequate linear
mixed-effects model showed significant effects of longitude
(parameter value�0.310, p< 0.001), latitude (parameter value 0.645,
p< 0.001), altitude (parameter value1.926, p< 0.001) and vegetation
height (parameter value�0.155, p< 0.05). However, C:N ratio shows

a significant positive relationship with N deposition (r2 ¼ 0.15,
p < 0.001) (Fig. 3a). There is a clear significant negative relationship
between C:N ratio and pH (r2 ¼ 0.29, p < 0.001) (Fig. 3b).

3.4. Plant-tissue chemistry

A. capillaris was collected from a total of 148 sites. There is no
significant relationship between N deposition and A. capillaris tissue N
content (p¼ 0.87) (Fig. 4a), C:N ratio (p¼ 0.66) or N:P ratio (p¼ 0.29).
For tissue N content the minimum adequate linear mixed-effects
model showed significant effects of latitude (parameter value�0.482,
p < 0.001), soil pH (parameter value �1.608, p < 0.05), S deposition
(parameter value 0.172, p < 0.05), management intensity (parameter
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value 1.159, p < 0.01) and soil nitrate concentration (parameter value
0.413, p < 0.01). G. saxatile was collected from 115 sites, being most
commonly absent from sites in France. There is no significant rela-
tionship between N deposition and G. saxatile tissue N content
(p ¼ 0.42) (Fig. 4b) or C:N ratio (p ¼ 0.32). N:P ratio has a weak but
significant positive relationshipwithNdeposition (r2¼ 0.04,p< 0.05).
R. squarrosus was collected from a 148 sites. For tissue N content the
minimum adequate linear mixed-effects model showed significant
effects of soil carbon (parameter value �0.167, p < 0.001), soil
ammonium concentration (parameter value 0.726, p< 0.001) and soil
nitrate concentration (parameter value 1.267, p < 0.001). There is
aweak but significant positive relationship between N deposition and
R. squarrosus tissue N content (r2 ¼ 0.10, p < 0.001) (Fig. 4c). There is
also aweakbut significant negative relationship betweenNdeposition
and R. squarrosus C:N (r2¼ 0.08, p< 0.001) but not N:P (p¼ 0.20). For
tissue N content the minimum adequate linear mixed-effects model
showed significant effects of N deposition (parameter value 0.086,
p < 0.001), longitude (parameter value 0.167, p < 0.001), and
management intensity (parameter value 0.584, p < 0.05).

4. Discussion

4.1. Functional group composition

There are clear relationships in the plant species composition
data that show that the proportion of grass richness in the sward
increases with increasing N deposition, whereas the proportion of

forb richness decreases steeply. Species richness of forbs showed
a significant reduction with increasing N deposition (Stevens et al.,
2010a). A similar trend was observed in the earlier UK survey
(Stevens et al., 2004) and other surveys (e.g. Stevens et al., 2009b;
Duprè et al., 2010) as well as in N addition experiments (e.g.
Mountford et al., 1993; Wilson et al., 1995). Although N deposition
impacts are usually attributed primarily to eutrophication and the
alteration of competitive interactions (e.g. Hautier et al., 2009),
evidence from the UK now suggests that these grasslands may be
responding primarily to acidification and its impacts on soil
chemistry (Stevens et al., 2010b). In this acid grassland community
competition for light may not be as important as in some other
communities (e.g. prairie grasslands, Wedin and Tilman, 1993) in
determining the response to N deposition. Although there is likely
to be some effect of eutrophication, the continual removal of plant
material through grazing and/or cutting may prevent competition
for light and nutrients from being a strong determinant of
community composition. An increase in the proportion of grasses in
this community may simply reflect that many of the grasses found
are very generalist species (e.g. Agrostis capillaris, Festuca ovina) or
acid specialists (e.g. Deschampsia flexuosa, Molinia caerulea) that
benefit from a reduction in forb cover. The strong relationship
between forb richness and N deposition identified in the survey
(Stevens et al., 2010a) indicates that this is the strongest driver of
the changes in the proportional changes in richness.

The slight increase in bryophytes as a proportion of species
number is a surprising trend, although this relationship is very
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weak and may be a consequence of the decline in forb richness.
However, if the increase in bryophytes as a proportion of total
species richness is a genuine trend, this would support the theory
that competition for light is less important because in a short sward
where competition for light was intense, we would expect an
impoverished bryophyte flora (Peintinger and Bergamini, 2006)
and that bryophytes would form a small proportion of total rich-
ness. Total species richness of bryophytes declines slightly with
increasing N deposition but this is also not a strong trend (Stevens
et al., 2010a).

For all of the functional groups, the proportion of richness shows
weaker relationships with the oxidised and reduced components of
N deposition considered when they are separately. However, in all
cases the relationships between oxidised N deposition or reduced N
deposition and the proportion of species richness are similar. This
may be because they are correlated or because changes in species
composition are slow reflecting chronic deposition over many
years. The effects of recent changes in the ratio of reduced to oxi-
dised N in deposition may not yet be apparent in the vegetation
community. Although oxidised N and reduced N tend to have
different sources (oxidised from burning fossil fuels and reduced
from agricultural emissions) they are correlated within this data
set. This makes it difficult to separate their effects through statis-
tical means.

4.2. Soil chemistry

Stevens et al. (2004, 2006) reported a clear relationship between
N deposition and soil pH and consequent mobilisation of metals
within the soil (Stevens et al., 2009a) in the UK sites and, although
the relationship is still apparent in this larger European data set, it
is not as strong as in the UK alone (r2 ¼ 0.39, Stevens et al., 2006,
2010a). The relationship between N deposition and soil pH found
here supports evidence from other, smaller-scale surveys (e.g. Skiba
et al., 1989) and long-term monitoring studies (e.g. Blake et al.,
1999) that have demonstrated evidence for widespread soil acidi-
fication related to N deposition or acid deposition in weakly buff-
ered soils.

It is possible that the wide range of soil types and underlying
geology encompassed in the mainland European sites, together
with a greater range in grassland-management techniques meant
that trends in soil pH and aluminium concentration are not as clear
in the large-scale European transect compared to the UK survey.
Some of this variation is removed by looking at the Al:Ca ratio in the
topsoil, but this only shows a weak relationship with N deposition.
The availability of reactive aluminium in the soil is clearly related to
pH despite variations in soil type. This is consistent with the known
solubility of aluminium from experimental acidification of soils
(Ulrich, 1991; Tyler and Olsson, 2001).

The slightly stronger relationship between soil pH or metal
concentrations and total acid deposition (rather than N deposition
alone) indicates that soil acidification in Europe is still related to
either current or previous S deposition. However, because N and S
deposition are somewhat correlated it is difficult to determine their
relative contributions. This is also true when considering the rela-
tive contributions of the oxidised and reduced components of N
deposition, in this case, relationships do appear to be stronger with
oxidised deposition thanwith reduced. The relationship between N
deposition and soil pH has implications for the species composition
of the grasslands, which are reflected in the importance of soil pH
as a driver of species richness (Stevens et al., 2010a). Reduction in
pH and consequent mobilisation of metals could be changing the
species composition from species typical of intermediate pH to
acid-resistant species, especially considering that this habitat is

already at the lower end of pH tolerance for most of the species
typical of grasslands.

Given the variation in soil types and site conditions it is not
surprising to see a lack of clear relationships between N deposition
and soil nitrate and ammonium concentrations. In addition to soil
variability, both nitrate and ammonium are readily utilised by
plants and microbial communities, and nitrate is relatively mobile
in the soil. Mixed-effects models showed that for both nitrate and
ammonium concentration, climatic variables and altitude are
important variables. Given that microbial processing of N is sensi-
tive to climatic and seasonal variation and the direct impact these
have on the amount of readily available N, this relationship is not
surprising (Morecroft et al., 1992). A significant positive relation-
ship between N deposition and soil ammonium concentration was
observed for the UK alone (r2 ¼ 0.34; Stevens et al., 2006) adding
further support to the hypothesis that increased variability in the
soils, climate and site conditions in this larger study prevent trends
being readily identified.

Although there is a relationship between total soil N and N
deposition this is weak, and once one outlying point was removed
the relationship was no longer significant. Given that leaching
losses of N from these grasslands are likely to be quite low (Phoenix
et al., 2003) it is possible that yet again soil variability, and
particularly variation in soil organic matter content, is masking any
changes in soil total N. The soil N results from the European survey
are in agreement with results from the UK alone (r2 ¼ 0.08, Stevens
et al., 2006) although the relationship is stronger in the European
survey. Interestingly, C:N ratio increases with increasing N depo-
sition (Fig. 3). This means that rather than N increasing relative to
the amount of C asmight be expected through the addition of N, C is
actually increasing relative to N. Increased soil C in response to N
deposition has been reported in several studies in different habitats
(e.g. Knorr et al., 2005; de Vries et al., 2009). Increases in soil C
relative to soil N are possibly related to increased productivity
leading to increased litter and/or changes in the decomposition rate
of litter. Measurement of standing biomass, soil organic matter
dynamics and litter decomposition would confirm whether this is
the case in the acid grassland system investigated in this study. All
of the grasslands in this survey were managed for agriculture either
by cutting or grazing. This continual removal of plantmaterial make
it less likely that changes in productivity will impact the ecosystem.
Another possible explanation is reduced soil respiration leading to
C accumulation in the soil as has been observed in forest ecosys-
tems (e.g. Mo et al., 2007; Bowden et al., 2004; Burton et al., 2004).
The clear relationship with soil pH suggests that the effect is related
to acidification impacting on soil processes.

4.3. Plant-tissue chemistry

Many experimental studies have demonstrated relationships
between N addition and plant-tissue N content (e.g. Carroll et al.,
2003; Gordon et al., 2001; Leith et al., 1999,) but these are not
reflected in this gradient study. It is possible that short-term N
additions in experimental applications are not fully representative of
chronic N deposition leading to a different response from plants or
background variation in N availability may be masking this trend
across natural gradients. It is clear from the plant-tissue chemistry
results that responses are species-specificwhichmayalso account for
some of the different results observed. For A. capillaris there were no
significant relationships between N deposition and any of the tissue-
nutrient content measurements (N, C:N and N:P). R. squarrosus
showed slightly different results, with a significant relationships
observed between tissue N content and C:N ratio with N deposition,
but not for N:P ratio. In the UK alone the relationship between N
deposition and tissue N was not observed (Stevens et al., 2006).
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Results are generally in good agreement with Stevens et al. (2006). R.
squarrosus showed slightly different results, with a significant rela-
tionships observed between tissue N content and C:N ratio with N
deposition but this relationship is very weak and is unlikely to be
ecologically relevant. In the UK alone the relationship between N
deposition and tissue N was not observed (Stevens et al., 2006). This
suggests that although this was the strongest of the relationships
between tissue chemistry and N deposition recorded in this study, it
is not necessarily suitable for application as an indicator of N depo-
sition at a national scale. This conclusion is supported by an intensive
investigation of experimental N additions to a similar grassland
community who also found no relationship between N deposition
and R. squarrosus tissue N content (Arroniz-Crespo et al., 2008).

There are a number of potential reasons that strong relation-
ships between tissue-nutrient concentrations and N deposition are
not observed in this study. In this gradient study, there are many
different variables with the potential to affect tissue N content,
including climatic and management variations. The mixed-effects
models show that some of these variables are significantly related
to tissue N content. In a controlled experimental situation these
may be less apparent. The lack of relationship between N deposi-
tion and plant-nutrient concentrations may also relate to the
microbial processing of N in the soil resulting in different amounts
and forms of N being available to plants compared to that which is
deposited. The microbial processing of N varies on a small spatial
and temporal scale and is affected by a range of factors including
temperature, soil moisture, soil pH and soil carbon content as well
as N input (e.g. Riaz et al., 2008). Furthermore, the plants investi-
gated in this study may be using the additional N deposited from
the atmosphere for increased growth, as supported by optimal
partitioning theory, which suggests that plants equalize nutrient
exchange ratios in order to maximize the efficiency of resource use
(Bloom et al., 1985). The collection of productivity data would
confirm whether this is the case. An alternative possibility is that
these plants may be showing a very plastic response to N deposi-
tion, with tissue nutrients changing in response to very short-term
changes in N deposition levels (Dise and Gundersen, 2004). If this is
the case, small-scale spatial and temporal variations in deposition,
which are not accounted for in using a larger scale modelled N
deposition data, may have a role to play in the variability of the
results observed. Seasonal variation in resource allocation may also
play a role in the lack of relationships between tissue-nutrient
concentrations and N deposition. Relationships between tissue N
content and N deposition may not be apparent in above-ground
tissues year-round and there may be seasonal variability in tissue N
concentration which has not been eliminated in this study. An
alternative indicator to tissue-nutrient concentrations may be the
use of metabolic fingerprints or enzymes such as phosphomono-
esterase which have generated some interesting results from initial
studies (Arroniz-Crespo et al., 2008; Gidman et al., 2006; Hogan
et al., 2010).

5. Conclusion

Species composition of acid grasslands in Europe shows clear
relationships with N deposition. The proportion of species richness
that is made up of forb species is negatively associated with N
deposition whilst the proportion of grasses increases.

Soil chemistry results show no relationships between N depo-
sition and soil N (extractable nitrate, ammonium and total N), but
relationships between N deposition and soil pH and Al concentra-
tion can be observed. Soil C:N shows a positive relationship with N
deposition. This result has important implications for carbon
storage but further research is needed to determine themechanism
causing this increase.

The results of this survey demonstrate that tissue N concen-
trations of the three species investigated are not suitable for use as
indicators of N deposition. Some species may be more suitable, but
before they are recommended for use as an indicator of N deposi-
tion, their response to chronic N deposition should be investigated
outside of controlled experimental situations.

These results clearly show a correlation between atmospheric N
deposition and species composition and soil chemistry of European
grasslands at ambient levels of N deposition suggesting that
deposition levels need to be reduced to protect these grasslands.
The results show that changes occur at all levels of deposition found
within the region including impacts on vegetation community and
soil below the critical load for N deposition for this habitat. This
would suggest that achieving no damage to sensitive acid grass-
lands from N deposition is not a realistic goal and policy makers
should instead aim to minimise impacts on acid grasslands. The
results also show that even at high deposition impacts continue to
occur suggesting that further N additions to areas where the critical
load is currently exceeded could cause further damage.
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Abstract

Question: Which environmental variables affect floristic species composition

of acid grasslands in the Atlantic biogeographic region of Europe along a

gradient of atmospheric N deposition?

Location: Transect across the Atlantic biogeographic region of Europe includ-

ing Ireland, Great Britain, Isle of Man, France, Belgium, The Netherlands,

Germany, Norway, Denmark and Sweden.

Materials and Methods: In 153 acid grasslands we assessed plant and

bryophyte species composition, soil chemistry (pH, base cations, metals, nitrate

and ammonium concentrations, total C and N, and Olsen plant available

phosphorus), climatic variables, N deposition and S deposition. Ordination

and variation partitioning were used to determine the relative importance of

different drivers on the species composition of the studied grasslands.

Results: Climate, soil and deposition variables explained 24% of the total

variation in species composition. Variance partitioning showed that soil vari-

ables explained the most variation in the data set and that climate and

geographic variables accounted for slightly less variation. Deposition variables

(N and S deposition) explained 9.8% of the variation in the ordination. Species

positively associated with N deposition included Holcus mollis and Leontodon

hispidus. Species negatively associated with N deposition included Agrostis

curtisii, Leontodon autumnalis, Campanula rotundifolia and Hylocomium splendens.

Conclusion: Although secondary to climate gradients and soil biogeochemistry,

and not as strong as for species richness, the impact of N and S deposition on species

composition can be detected in acid grasslands, influencing community composi-

tion both directly and indirectly, presumably through soil-mediated effects.
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Introduction

The global nitrogen (N) cycle has been transformed by

human activities. The global creation of reactive N in-

creased by a factor of ten, from 15 to 156 Tg N yr�1

between 1860 and 1995 and by a further 31 to 187 Tg N

yr�1 between 1995 and 2005 (Galloway et al. 2008). With

continued growth of the world population and increasing

demand for food, pressures on the global N cycle are set to

increase. Excess reactive N in the atmosphere is deposited

to terrestrial and aquatic ecosystems as wet and dry

deposition. Atmospheric deposition of reactive N is con-

sidered a global threat to biodiversity (Sala et al 2000;

Phoenix et al. 2006). Levels of N deposition in Western

Europe are among the highest in the world (Galloway et

al. 2008), and although there have been small declines in

deposition in some regions in recent years (Fagerli & Aas

2008), deposition of N remains high in many areas and

critical loads are exceeded in many parts of Europe

(Galloway et al. 2008). Sulphur (S) deposition has also

increased steadily through the twentieth century, peaking

in the 1980s. Between 1880 and 1991 cumulative deposi-

tion of S reached 6000 kg S ha�1 in high emission areas

(Mylona 2002). Since then S deposition has fallen con-

siderably as a result of political initiatives in Europe. The

1985 Helsinki Protocol on the Reduction of Sulphur

Emissions or their Transboundary Fluxes and the 1994

Oslo Protocol on Further Reduction of Sulphur Emissions

have achieved a 60% reduction in S emissions in Europe

(1980–1997) (EMEP 1999).

N deposition has the potential to impact on grassland

plant community composition in a number of different

ways, resulting in changes in tissue nutrient stoichiome-

try and metabolism (e.g. Pitcairn et al. 1998; Gidman et al.

2006; Arroniz-Crespo et al. 2008), changes in species

composition (e.g. Mountford et al. 1993; Stevens et al.

2009b) and changes in species richness (e.g. Stevens et al.

2004; Clark & Tilman 2008; Duprè et al. 2010). There are

several ways in which N deposition can bring about these

changes.

Because N is the limiting nutrient in many terrestrial

ecosystems, the addition of N can increase primary pro-

ductivity resulting in increased competition for light and

other resources. This can lead to an increased dominance

of competitive species that are better able to take advan-

tage of the increased nutrients (Bobbink et al. 1998;

Hautier et al. 2009). N also has the potential to acidify

soils, through the deposition of nitric acid in precipitation,

oxidation of dry-deposited compounds and an increase in

plant uptake and N transformations in the soil. The

resultant reductions in soil pH can reduce the available

species pool and result in changes in species composition

(Schuster & Diekmann 2003; Tyler 2003). N deposition

can also result in increased susceptibility to insect herbiv-

ory (Brunsting & Heil 1985), increased incidence of

drought and frost stress (Caporn et al. 2000; Sheppard &

Leith 2002) and, at high air concentrations of nitrite,

nitrate and ammonium, can cause leaf damage and

growth reduction (Pearson & Stewart 1993), although

concentrations this high are generally only found in the

immediate vicinity of point sources.

The addition of N to semi-natural vegetation typically

results in an increase in competitive species (Wedin &

Tilman 1993; Wilson et al. 1995) or a reduction in acid

intolerant species (Stevens et al. 2010b). Results from

previous studies on acid grasslands have shown that

species richness declined in relation to N deposition over

both spatial gradients (Stevens et al. 2004; Maskell et al.

2010) and through time (Duprè et al. 2010). Changes in

species richness and composition in acid grasslands in the

UK have been associated with higher KCl-extractable

ammonium in the soil, lower pH (Stevens et al. 2006)

and higher aluminium and other metal availabilities in

soils (Stevens et al. 2009a).

Changes in species composition in relation to N deposi-

tion have previously been examined at local and national

scales in a range of habitats (e.g. Smart et al. 2003; Bennie

et al. 2006) as well as in experimental manipulations (e.g.

Mountford et al. 1993; Carroll et al. 2003). In this investi-

gation, we use a survey of 153 acid grasslands belonging to

the Violion caninae alliance (Schwickerath 1944) in ten

countries within the Atlantic biogeographic region of

Europe to investigate variation in species composition and

underlying explanatory variables. We examine the varia-

tion in species composition in a clearly defined community

type along a long N deposition gradient (total atmospheric

N deposition ranging from 2.4 to 43.5 kg �N �ha�1 � yr�1),

and aim to quantify the amount of variation in species

composition attributed to different explanatory variables

and specifically to deposition variables.

Methods

One hundred and fifty-three Violion caninae grasslands

were surveyed between 2002 and 2007 within the Atlan-

tic biogeographic zone of Europe (Fig. 1). The acidic

grasslands visited were selected in a stratified manner to

cover the range of atmospheric N deposition in Europe.

Grasslands in the vicinity of point sources of nitrogen (e.g.

large pig or poultry farms) were avoided. All of the grass-

lands were managed by grazing or cutting and none were

fertilized. To ensure consistent community selection

across the geographic gradient, a list of indicator or

dominant species of the community was drawn up that

had to be found on a site before the survey was carried
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out. Despite the large geographical range over which the

community was surveyed, there were no marked differ-

ences in the community between countries, as shown by

the relatively short DCA gradient (Fig. 2). At each site,

five randomly located 2 m� 2 m quadrats were surveyed

within a 1-ha area. Within each quadrat, all vascular

plants and bryophytes were identified to species level

and their cover estimated using the Domin scale (see Rich

et al. 2005). Areas within the grassland that belonged to

other plant communities (according to the dominant or

indicator species), those strongly affected by animals,

tracks and paths, or in the rain shadows of trees or hedges

were excluded from the survey. A description of the site

was made and data collected on latitude, longitude,

aspect, slope, extent of grassland, soil depth (to bedrock)

and surrounding vegetation.

Soil samples were collected from each quadrat. Topsoil

samples were taken at a depth of 0–10 cm below the litter

layer. Samples were taken from two opposing corners of

the quadrat, bulked to make one sample per quadrat and

kept cool during transit.

In the laboratory, soil samples were air dried and

ground to o 2 mm prior to analysis. For total carbon (C)

and N analysis, soils were ground to a fine powder. Soil pH

was determined using a pH probe in a 1:5 slurry of

soil:deionized water (Thomas 1996). Nitrate, ammonium

and metal concentrations were analysed using two

different methods. Sixty-eight samples from the UK col-

lected in 2002 and 2003 were leached with 1 M KCl

(MAFF 1986) and the resulting nitrate and ammonium

0 500 km

2.4 - 10.0

10.1 - 20.0

20.1 - 30.0

30.1 - 43.5

Deposition
Kg N ha–1 yr–1

NetherlandsNetherlands

DenmarkDenmark

BelgiumBelgium

France

GB

Ireland

Norway

Sweden

GermanyBelgium

Netherlands

Denmark

Fig. 1. Distribution of the 153 Violion caninae grasslands surveyed in the Altantic biogeographic region of Europe.

−0.5 2.5
−0.5

3.0

Fig. 2. DCA ordination of sites surveyed, coded according to country.

The gradient lengths for axes 1 and 2 are 2.73 and 2.27, respectively;

eigen values are 0.236 and 0.190.
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analysed using ion chromatography. Other samples were

shaken with 0.4 M NaCl and analysed using an auto-

analyser. For all samples, metal concentrations were

determined using an ICP-MS. A comparison between the

two methodologies demonstrated that results were com-

parable (not shown). Total C and N content of the soil and

plant material was analysed using a CN element analyser.

Plant available phosphorus was calculated in an Olsen

extraction (MAFF 1986). All samples were analysed with-

in 3 months of collection. Full details of soil analysis are

given in Stevens et al. (2010a).

Meteorological data for all sites were obtained from the

European Space Agency Monitoring Agriculture with

Remote Sensing (MARS) unit (MARS 2009); 10-year

averages (1996–2006) were calculated for each site for

mean annual potential evapotranspiration, mean mini-

mum daily temperature, mean maximum daily tempera-

ture and mean annual rainfall. Radiation index was

calculated based on latitude, aspect and slope (Oke 1987).

For each site, total N, reduced N, oxidized N and

sulphur (S) deposition data were modelled using the best

available deposition model. National models were used

for Germany (Gauger et al. 2002), the Netherlands (Van

Jaarsveld 1995; Asman & van Jaarsveld 2002; Van Jaars-

veld 2004) and the United Kingdom (Smith et al. 2000;

NEGTAP 2001). For all other countries, the European

Monitoring and Evaluation Programme (EMEP)-based

Integrated Deposition Model (IDEM) (Pieterse et al.

2007) was used. Comparisons between models revealed

that results were very similar for many areas where both

models were available. The exceptions were areas with

very variable altitude; for these areas, national models,

which have a smaller resolution than the EMEP model,

were used. For all of the models, deposition was calcu-

lated as a 3-year average (2000–2003).

For the five quadrats at each site, both mean Domin

scores (groupings of percentage cover) and constancy

values (frequency in the five quadrats) were tested and

gave very similar results, so constancy scores were se-

lected for the final analysis. Major gradients were ex-

plored using indirect gradient analysis with detrended

correspondence analysis (DCA) in CANOCO 4.5 (Biome-

tris, Wageningen, The Netherlands). Correlation coeffi-

cients between 19 environmental variables (latitude,

longitude, radiation index, inclination, management

type, mean daily maximum temperature, soil pH, soil

aluminium, calcium, magnesium and manganese con-

centrations, nitrate concentration, ammonium concen-

tration, Olsen phosphorus concentration, total C and N

content, C:N, total atmospheric N and S deposition) and

site scores of DCA axes were calculated. A log-transforma-

tion was applied to some variables to achieve normality.

For further analysis, highly intercorrelated variables

(r40.6) were removed (altitude, radiation index, tran-

spiration, mean daily minimum temperature, rainfall,

subsoil pH, iron concentration, nitrate concentration,

ammonium concentration and Olsen extractable phos-

phate). Latitude and temperature although highly corre-

lated were both retained due to their potential

importance as drivers of species composition on such a

large geographical scale. A correlation matrix is provided

in Appendix S1. To reduce the number of environmental

variables, those variables that were significantly corre-

lated with the DCA axes were selected using Minitab 15

(Minitab Inc., 2007, USA). Divalent base cations (calcium,

magnesium) and manganese were added together to

further reduce the number of variables (Kleinebecker et

al. 2008). Sulphur deposition and soil N were retained in

the analyses, as they were variables of particular interest

to this investigation, although they were correlated with

some other variables. These environmental variables

were used in a canonical correspondence analysis (CCA)

with forward selection and rare species down-weighted.

Variables that did not show a significant relationship in

the forward selection were removed. Variance partition-

ing was conducted by running a series of partial CCAs

using three groups of variables: deposition, soil and

climate and geographic variables (Table 1) to determine

the relative contributions of each group to the overall

variance (Borcard et al. 1992). CCA was performed using

CANOCO 4.5 (Biometris, Wageningen, The Netherlands).

Results

A total of 398 species were found in the 153 sites. The

species recorded most frequently in the data set were

Agrostis capillaris L. (150 sites), Luzula campestris (L.) DC.

(128 sites), Rhytidiadelphus squarrosus (Hedw.) Warnst

(124 sites), Potentilla erecta (L.) Räuschel (116 sites) and

Galium saxatile L. (113 sites). Grassland swards were

typically grass-dominated, with variable amounts of forb

and bryophyte cover. DCA (Fig. 2) showed good overlap

between the sites surveyed in different countries, but a

latitudinal gradient is apparent on axis 1. The DCA

ordination analyses showed relatively short gradient

lengths considering the large geographical variance in

the grasslands surveyed. The gradient length of axis 1

Table 1. Grouping of variables used in variance partitioning.

Group Variables

Deposition Total inorganic N deposition and S deposition

Soil Topsoil pH, exchangeable aluminium

concentration, exchangeable base cation

concentration, % C, %N and C:N ratio

Climate and

geographic location

Latitude, longitude and mean daily maximum

temperature
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was 2.73 and that of axis 2 was 2.27. The total inertia

in the DCA was 3.006. The sample scores of axis 1 of

the DCA analysis were significantly correlated with a

number of variables. Significant correlations with

an r value greater than 0.4 were observed for latitude,

management type, mean daily maximum temperature,

topsoil pH, aluminium concentration and C content. For

axis 2 of the DCA analysis, sample scores were signifi-

cantly and strongly correlated with base cation concen-

tration and soil C:N ratio. Sample scores on axis 3 were

significantly correlated with total N deposition and long-

itude (Table 2).

After excluding highly inter-correlated variables we

used 11 variables (Table 1) in the CCA. These variables

explained 24% of the total variation in the species

composition. Variance partitioning of the explained varia-

tion showed that soil variables (topsoil pH, log aluminium

concentration, log C content, log N content, C:N ratio)

were the group that explained the most variation in the

data set, accounting for 38.0% of the constrained total

inertia. Climate and geographic variables (latitude, long-

itude and mean daily maximum temperature) accounted

for 30.8% of the variation in the constrained total inertia.

A further 13.3% of the variation was accounted for by a

combination of these variables. Deposition variables (N

and S deposition) alone explained 9.8% of the variation

in the constrained total inertia, with a further 6.2%

overlap in explanatory power between deposition and

soil variables. The remaining 1.9% of the variation was

explained by overlap between the three variable groups

(Fig. 3).

CCA was also used to identify species positively and

negatively associated with N deposition. For this con-

strained ordination, N and S deposition were used as

environmental variables and all other variables were used

as co-variables. Figure 4 shows only those species that

occurred in more than 10% of sites. Species most strongly

Table 2. Correlation coefficients between DCA axis scores and environmental variables. Significant correlation coefficients are marked as: �Po 0.05,
��Po 0.01, ���Po 0.001.

Environmental Variable Axis 1 Axis 2 Axis 3

Latitude � 0.649��� 0.070 0.073

Longitude 0.294��� � 0.255��� 0.627���

Altitude (m asl) � 0.360��� 0.155 � 0.108

Log inclination (1) � 0.398��� 0.165� � 0.252��

Radiation index 0.328��� � 0.042 0.118

Mean monthly maximum temperature ( 1C) 0.663��� � 0.131 � 0.078

Mean monthly minimum temperature ( 1C) 0.468��� � 0.080 � 0.290���

Mean annual rainfall (mm) � 0.029 0.095 � 0.258��

Mean annual evapotranspiration (mm) � 0.604��� � 0.019 � 0.078

Topsoil pH 0.629��� 0.308��� � 0.190�

Log aluminium concentration (mg kg�1 � dry soil) � 0.446��� � 0.139 � 0.102

Log base cation concentration (mg kg�1 � dry soil) � 0.351��� 0.474��� � 0.381���

Log C (%) � 0.458��� 0.151 0.151

Log N (%) � 0.203� � 0.114 � 0.113

C:N � 0.301 � 0.447��� 0.166�

KCl extractable nitrate concentration (mg kg�1 � dry soil) � 0.368��� 0.397��� 0.179�

KCl extractable ammonium concentration (mg kg�1 �dry soil) � 0.196� � 0.129 � 0.011

Olsen extractable P concentration (mg kg�1 dry soil) 0.013 0.073 0.122

Management type (grazing or mowing) 0.551��� � 0.196� � 0.018

Total inorganic N deposition (kg N � ha�1 � yr�1) � 0.301��� � 0.293��� 0.464���

Total inorganic S deposition (kg S � ha�1 � yr�1) � 0.355��� � 0.104��� 0.006

Fig. 3. Amount of variation in species composition described by CCA

analysis that is explained by three groups of explanatory variables:

deposition (N deposition and S deposition), soil (topsoil pH, aluminium

concentration, base cation concentration, C content, N content and C:N

ratio) and climate and geographic location (latitude, longitude and mean

daily maximum temperature). Areas of circles in the Venn diagram show

approximately the percentage of variation explained relative to the total

variation explained by the full CCA model (24%).
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positively associated with N deposition in the ordination

diagram were Holcus mollis L., Leontodon hispidus L., Festuca

ovina sensu lato L., Nardus stricta L., Cerastium fontanum

Baumg. and Juncus effusus L. Species that were rarer

within the data set but showed a particularly strong

association with high N deposition were Senecio jacobaea

L. and Cynosurus cristatus L. Species most strongly nega-

tively associated with N deposition were Agrostis curtisii

Kerguélen, Viola riviniana Reichenb., Leontodon autumnalis

L., Campanula rotundifolia L. and Hylocomium splendens

(Hedw.) Br. Eur. Species that were rarer within the data

set but showed a particularly strong association with low

N deposition were Vaccinium vitis-idaea L. and Hypericum

pulchrum L.

Discussion

Climate and geographic variables explain almost a third of

species composition variation in our study. Further influ-

ence of climate may have been missed, as we did not

consider the hydrology and water-holding capacity of

each soil at each site. Given the large spatial gradient over

which this study has been conducted, the importance of

climate in influencing species composition is also of no

surprise. The variability in climatic factors across the

gradient is large, with mean daily minimum temperatures

ranging from � 0.6 1C to 10.2 1C and mean daily max-

imum temperatures ranging from 6.8 1C to 18.8 1C. Rain-

fall also varies considerably across the gradient, from

498 mm yr�1 to 1971 mm yr�1.

Atmospheric deposition alone explains 9.8% of the

variation in species composition in our data set. As shown

in Fig. 3, there is a strong influence of soil on the species

composition found along the gradient of atmospheric

deposition used in this study. We need to consider, how-

ever, that N and S deposition have the potential to acidify

soils, which presents problems in disentangling their

impacts on the vegetation community. Soil acidification

and consequent mobilization of metals and reduction in

base cation availability have been observed in this grass-

land community and related to N deposition (Stevens et

al. 2009a, 2010b), and changes in soil C:N have also been

related to N deposition (Stevens et al. in press). As the

proportion of variation that is jointly explained by deposi-

tion and soil is small, it is likely that the influence of

deposition on soils is not fully accounted for in the overlap

found here. This may be partly due to the large variability

in the soil textures and types encountered in this survey,

leading to differences in how the deposited N is processed

in the soil. As a consequence of the influence of N and S

deposition on soil chemistry, the variation explained by

deposition and the variation explained by soil cannot be

considered entirely independent. N and S deposition were

considered together in our analysis since they are highly

correlated (r = 0.45) in our data set, which presents

problems in disentangling their degree of influence on

the community composition.

The results for species composition found in this study

contrast with results obtained for species richness (Ste-

vens et al. 2010a). For species richness, geographic and

physical variables (location, climate and site characteris-

tics) explained very little of the variation (o1%),

whereas here climate and geographical variables explain

almost one-third of the variation. Species richness was

reduced by atmospheric deposition, most likely due to the

loss of rare species in the different regions. As a result, in

this study the compositional shift is not as evident, given

that the more dominant species remain the same. The vast

majority of the species found in this survey occurred

across the whole of the spatial extent of the survey, but

there were some notable exceptions, such as Agrostis

curtisii, which replaces A. capillaris as the dominant grass

in some sites in the west of France and the southwest of

England. The restricted distribution of A. curtisii is prob-

ably related to climatic and edaphic factors (Ivimey-Cook

1959). There were a number of other species which,

although not showing strongly restricted distribution in

our study area, were only found in this community in

some geographical areas or were at a much higher

abundance in some areas (e.g. Arnica montana L.).

1.0
−1.0

−0.8

−1.0

Agrostis curtisii
Campanula rotundifolia

Cerastium fontanum

Festuca ovina

Holcus mollisHylocomium splendens

Juncus effusus

Leontodon autumnalis

Leontodon hispidus
Nardus stricta

Stachys officinalis
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Fig. 4. CCA ordination diagram (axes 1 and 2) for all species with N and S

deposition as environmental variables and climate and soil variables used

as co-variables. Rare species are down-weighted. Species plotted

occurred in more than 10% of sites and species positively or negatively

associated with N deposition (assessed by their positions in the ordina-

tion diagram) are named.
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Species that were most strongly associated with low N

deposition tend to be forbs that are poor competitors and

are not tolerant of highly acidic soils. Viola riviniana is

described in Grime et al. (2007) as intermediate between

stress-tolerator and C-S-R strategist but, perhaps more

importantly, it is rarely found in the most acid soils. This

may also be true of Campanula rotundifolia, also intermedi-

ate between stress-tolerator and C-S-R, but again, rarely

found on strongly acid soils (Grime et al. 2007). C.

rotundifolia is also a poor competitor with vigorous grasses

(Sinker et al. 1991) so may not be competing well with

grass species that are encouraged by high N deposition.

Leontodon autumnalis is a species typical of intermediate

fertility but is also found commonly on weakly acid soils

rather than highly acid soils (Ellenberg et al. 1991; Hill et

al. 1999). The moss Hylocomium splendens has been shown

to decrease with N additions in several forest experiments.

Doses of 30 kg �N �ha�1 � yr�1 caused a strong decline of H.

splendens abundance in Sweden (Dirkse & Martakis 1992),

and a decline was also identified in coniferous forests in

southern Germany over a 20–40 year period. The latter

was attributed to sensitivity to acidification (Rodenkirch-

en 1992). Duprè et al. (2010) also identified a decline in H.

splendens in the UK from analysis of historic quadrat data

collected between 1960–1975 and from 1975–2003. The

limited distribution of Agrostis curtisii means that the

strong association with low N deposition for this species

should be interpreted with some caution; however, it is a

species very typical of infertile habitats (Ellenberg N score

of 1 in Hill et al. 1999).

Species most strongly associated with high N deposition

were Holcus mollis, Festuca ovina, Nardus stricta, Cerastium

fontanum, Leontodon hispidus and Juncus effusus. None of

these species are typical of fertile habitats but, given that

the vegetation community in which we were working is

characterized by extremely poor soils, this is what would

be expected. Both H. mollis and J. effusus tend towards

being competitive species and are both tolerant of very

acid soils, while C. fontanum is a more ruderal species

(Grime et al. 2007). An increase in graminoid species is

often associated with increased N deposition (Stevens et

al. 2009b; Duprè et al. 2010) and H. mollis increased in

relative frequency in Germany and the UK between

1939–1975 and 1975–2007. The association of L. hispidus

with high deposition is more surprising as this species is

not typical of highly acidic or nutrient-rich habitats

(Ellenberg et al. 1991; Hill et al. 1999) and requires

further investigation.

It is clear from this analysis that N deposition has the

potential to influence vegetation community composition

in acid grasslands, both directly and indirectly through

soil-mediated effects. Although secondary to climate gra-

dients and soil biogeochemistry, the impact of N and S

deposition on species composition can be detected, even

at a large spatial scale. These results have important

implications for conservation management, and suggest

that in order to maintain acid grasslands in good condition

we need to reduce N deposition or manage grasslands in a

way that mitigates its effects.
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Abstract There is a growing evidence base demonstrat-

ing that atmospheric nitrogen deposition presents a threat

to biodiversity and ecosystem function in acid grasslands in

Western Europe. Here, we report the findings of a work-

shop held for European policy makers to assess the per-

ceived importance of reactive nitrogen deposition for

grassland conservation, identify areas for policy develop-

ment in Europe and assess the potential for managing and

mitigating the impacts of nitrogen deposition. The impor-

tance of nitrogen as a pollutant is already recognized in

European legislation, but there is little emphasis in policy

on the evaluation of changes in biodiversity due to nitro-

gen. We assess the potential value of using typical species,

as defined in the European Union Habitats Directive, for

determining the impact of nitrogen deposition on acid

grasslands. Although some species could potentially be

used as indicators of nitrogen deposition, many of the

typical species do not respond strongly to nitrogen depo-

sition and are unlikely to be useful for identifying impact

on an individual site. We also discuss potential mitigation

measures and novel ways in which emissions from agri-

culture could be reduced.

Keywords Acid grasslands � Biodiversity � Convention

on long-range transboundary air pollution (CLRTAP) �
Nitrogen deposition � Species-rich Nardus grassland

Introduction

The natural global nitrogen (N) cycle has been transformed

by human activities as a consequence of agricultural
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intensification and fossil fuel combustion. Between 1860

and 1995 the global creation of reactive N (all forms of N

that are biologically or photochemically active) increased

from 15 to 156 Tg N year-1. Between 1995 and 2005, it

increased by a further 31–187 Tg N year-1 (Galloway and

others 2008). With continued growth of the world popu-

lation and increasing demand for food, pressures on the

global N cycle are set to increase (Tilman 1999).

Nitrogen oxides are mainly produced by fossil fuel

combustion in transport, power generation and industrial

processes whereas 90% of ammonia emissions come from

agricultural sources (mainly fertilizers and animal manure)

(Erisman and others 2008). Excess reactive N in the

atmosphere is deposited to terrestrial and aquatic ecosys-

tems as wet or dry deposition. Wet deposition occurs when

soluble N compounds are dissolved in rain and cloud

drops; dry deposition consists of gases and particles that

are deposited directly to surfaces. In Europe as a whole,

deposition of N showed a slight decline between 1980 and

2003 (Fagerli and Aas 2008), but in many areas, levels of

deposition remain above those that are known to have an

impact on semi-natural ecosystems. In other parts of the

world, such as developing nations and growing economies,

N deposition is increasing (Galloway and others 2008).

These changes are in contrast to sulfur (S) for which

emissions have been reduced by between 90 and 70% and

deposition has declined rapidly since the 1970s (Fowler

and others 2007).

Atmospheric N deposition can potentially have a wide

range of effects on semi-natural ecosystems including

direct toxicity, increased sensitivity to secondary stress,

acidification and eutrophication (Bobbink and others

2010). Acidification can be caused directly by acid depo-

sition (N and S), but also indirectly through leaching of

basic cations, soil microbial processes and plant uptake.

Increased soil acidity can result in an increased solubility

of metals and a reduced availability of nutrients (Tyler and

Olsson 2001). In Europe, plant species diversity tends to

decline with increasing soil acidity and so species com-

position and richness can be impacted (Johnston and others

1986; Falkengren-Grerup 1995; Stevens and others 2004).

Because N is the limiting nutrient in many semi-natural

terrestrial ecosystems, the addition of N also has the

potential to increase primary productivity. N deposition

may be less of a threat where phosphorus is the limiting

nutrient. For plant communities the consequence of this

increase in productivity can be a shift towards domination

by species with a high competitive ability under high

resource availability (e.g., Bobbink and others 1998;

Hautier and others 2009).

In acid grasslands (found on soils with a pH of around 5

or below regardless of N deposition status), the main

effects on plant communities are a loss of species richness

(Duprè and others 2010; Maskell and others 2010; Stevens

and others 2010a), especially forbs, an increase in the

prevalence of competitive species (e.g., Wilson and others

1995), and an increase in the prevalence of acid tolerant

species (e.g., Stevens and others 2010b) resulting in a

species composition which is not typical of this commu-

nity. These changes are a cause for concern because they

represent a loss of biodiversity across large areas of Wes-

tern Europe. Changes in plant tissue chemistry have also

been observed on the gradient of deposition (Gidman and

others 2006; Stevens and others 2011b).

Sala and others (2000) identified the five most important

determinants of changes in biodiversity on a global scale:

changes in land-use, increasing atmospheric CO2 concen-

tration, increasing N deposition and acid rain, climate

change, and biotic exchanges (introduction of exotic spe-

cies). They used a series of scenarios of predicted future

change to identify the relative effects of these drivers on

biodiversity by the year 2100. For global biodiversity,

land-use change was considered the greatest threat fol-

lowed by climate change and N deposition. The relative

importance of these drivers differed between habitats with

N deposition being among the top three drivers for eight

out of ten terrestrial biomes and the most important in

northern temperate forests.

The Millennium Ecosystem Assessment also identified

N and sulfur deposition together with fertilization as

amongst the most important threats to biodiversity (Mace

and others 2005). It concludes that N inputs are a threat to

biodiversity at the biome and species level.

Both of these global studies are concerned with the

assessment of threat to ecosystems at a global level,

whereas this paper is primarily concerned with a single

vegetation type (acid grassland) in Western Europe.

Semi-natural grasslands are an important component of

European agriculture, supporting extensive grazing and

providing hay. They also support a wide range of plant,

invertebrate and bird species. Acid grasslands are found

throughout Europe in both upland and lowland areas. They

were formerly widespread but, in some areas of Europe,

have been heavily impacted by land-use change and agri-

cultural abandonment (Ellenberg 1996). The habitat we

focus on is identified in the Conservation of Natural Hab-

itats and of Wild Fauna and Flora Directive (92/43/EEC)

(the ‘‘Habitats Directive’’) and is a subgroup of the Natura

2000 habitat ‘‘species-rich Nardus grassland’’.

Focusing on grassland systems in Western Europe,

particularly acid grasslands, this paper aims to assess the

perceived threat of N deposition to biodiversity by policy

makers, identify relevant policy drivers, assess the poten-

tial for EU Habitats Directive ‘typical species’ to be used

as indicators of N deposition and identify management

options for mitigating the effects of N deposition. We also
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identify outstanding policy-related questions that scientists

and policy makers need to address to effectively protect

biodiversity. To do this we report on the results of a

workshop held for policy makers concerned with N depo-

sition in Western Europe.

Perceived Importance of N Deposition as a Threat

to Biodiversity

In order to assess the perceived threat of N deposition on

biodiversity we asked participants at a workshop for policy

makers and others concerned with environmental policy

(with a focus on national or European conservation and

biodiversity policy) to give their opinions. Workshop par-

ticipants came from nine countries across Western Europe

(Denmark, France, Germany, Ireland, Netherlands, Nor-

way, Sweden, Switzerland, United Kingdom). The work-

shop presented results of the European Science Foundation

project ‘BEGIN—Biodiversity of European Grasslands—

Impacts of Nitrogen Deposition’ and was held in October

2009 in Barsac, Gironde, France. The workshop addressed

the following topics: identification of drivers of grassland

habitat change, the use of indicators in assessing impacts of

N deposition on grasslands and mitigation of impacts

through responsive management. In order to assess the

perceived importance of N deposition on grasslands we

asked stakeholders at the workshop to assess the relative

importance of ten drivers of biodiversity loss in grasslands

ranking them from the most important (score 10) to the

least important (score 1). Threats to the biodiversity of acid

grasslands may differ at the Western European scale from

those that we see at a global scale, so the possible drivers

that delegates considered were threats specific to grassland

biodiversity over the next 20 years. The candidate drivers

presented for consideration by the delegates were: atmo-

spheric N deposition, atmospheric sulfur deposition,

intensification of agriculture (including addition of inor-

ganic fertilizers), abandonment of management, fragmen-

tation of habitats, climate change, overgrazing, invasion by

exotic species, recreation and tourism pressures and soil

compaction. There was also an option to add further

drivers.

Abandonment of management was the category that was

most commonly rated as the greatest threat to biodiversity

(45% of delegates), followed by intensification of agri-

culture and atmospheric N deposition. These were rated as

the top three priorities for many of the delegates as can be

seen by examining the average scores (Fig. 1). Afforesta-

tion and building development were both identified as a

threat by one delegate each.

The high score allocated to N deposition reflects the

perceived threat that N deposition presents to biodiversity.

It also reflects the awareness policy makers have of the

problems that N deposition presents. However, that these

delegates participated in the workshop already indicated

that they were concerned about this issue and the impacts it

may be having in their countries. The results also reflect the

transboundary and widespread nature of the threat pre-

sented by N deposition (Fagerli and Aas 2008). Differences

in allocation of scores reflect personal opinion, but also

national priorities and policy. In a country such as the

Netherlands, where N deposition is well publicized and

levels of deposition are high but declining as a result of

successful introduction of abatement measures (Nether-

lands Environmental Assessment Agency 2005), we saw a

higher ranking than in a country like Ireland, where N

deposition is relatively low. In other parts of the world the

perceived importance of N deposition as a driver of species

change will vary depending on awareness and the per-

ceived importance of other issues. For example, in Eastern

Europe N deposition is high (Dentener and others 2006)

and is thought to be impacting vegetation community

composition (Hejcman and others 2009) but issues asso-

ciated with land use change and abandonment are more

likely to be considered of high priority (Sikor 2003).

Nitrogen Deposition in European Policy

The transboundary nature of N deposition and other air

pollutants means that European legislation and interna-

tional conventions are very important in dealing N emis-

sion and its impact on biodiversity. Key policy related to

air pollution includes the Convention on long-range

transboundary air pollution (CLRTAP), National Emission

Fig. 1 Average scores allocated by 18 delegates from Western

Europe to identify the most important drivers of grassland biodiver-

sity over the next 20 years. A high score was allocated to the greatest

threats
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Ceilings Directive (2001/81/EC), Large Combustion Plant

Directive (2000/80/EC), Ambient Air Quality Assessment

and Management Directive (96/62/EC) and Integrated

Pollution Prevention and Control Directive (91/61/EC and

2008/1/EC). However, although all the above directives are

concerned with reducing air pollution and setting limits for

N emissions, concentrations or deposition rates, many of

these pieces of legislation do not directly consider the

impact of the pollutants on semi-natural habitats. The

CLRTAP is the main exception to this generalization,

considering impacts on human health and environment.

Indeed, of the seven International Co-operative Pro-

grammes (ICPs) reporting to the Working Group on Effects

for the CLRTAP, five consider air pollution impacts on

biodiversity.

The 1999 Gothenburg Protocol to abate acidification,

eutrophication and ground-level ozone sets out an obliga-

tion to reduce emissions of sulfur, N and volatile organic

compounds and ambient concentrations of ozone below

specified levels. Parties are required to monitor emissions,

ambient concentrations and deposition and collect infor-

mation on the effects of these pollutants on human health,

terrestrial and aquatic ecosystems and materials. The

Gothenburg Protocol also sets out critical loads and levels

for air pollutants. A critical load is defined as ‘‘a quanti-

tative estimate of an exposure to one or more pollutants

below which significant harmful effects on specified sen-

sitive elements of the environment do not occur, according

to present knowledge’’ (ICP Modelling and Mapping 2004;

Nilsson and Grennfelt 1988). Empirical critical loads for N

deposition are set for a range of habitats (Achermann and

Bobbink 2003) and are based on expert knowledge and

research. They consider the impacts of N on indicators of

biodiversity, such as an increase in the dominance of

N-favored species, decreases in diversity and changes in

soil chemistry. Empirical critical loads are regularly

revised to take account of the most up-to-date scientific

knowledge. Exceedance of these critical loads can be

mapped and provide a tool for determining the potential

damage of N deposition.

Biodiversity policy is also important for assessing the

impact of N deposition. The UN Convention on Biological

Diversity (CBD) and the Ramsar Convention both have the

potential to protect habitats from the deleterious effects of

N deposition (see Bleeker and others 2011) and critical-

load exceedance for N deposition is used as one of the

indicators in ‘Streamlining European 2010 Biodiversity

Indicators’ (EEA 2007). Relevant European legislation

includes the Directive on the Conservation of Wild Birds

(2009/147/ES) and on the Habitats Directive. The Habitats

Directive requires member states to take measures to

ensure habitats and wild species are in a favorable con-

servation status.

Conservation Management Tools and Options

Detecting N Deposition Impacts Using

‘‘Typical Species’’ as Indicators

In order to fulfill the requirements of the Habitats Directive,

member states are required to undertake surveillance of the

conservation status of the natural habitats and species and to

produce a report every six years. A number of methods are

used to define ‘favorable status’ for each habitat, including

habitat range and area, and presence of typical species.

Typical species are those which can be considered good

indicators of favorable habitat quality, are sensitive to

changes in the condition of the habitat and are detectable by

non-destructive means (European Commission 2006).

Typical species are defined by each member state and are

species considered typical of the habitat. If these species

were suitable as indicators of N deposition impact they

would be very useful for conservation managers.

We undertook an analysis of acid grassland survey data

from Western Europe to determine whether Habitats

Directive typical species are suitable for use as indicators

of N deposition. Typical species were taken from the

Habitats Directive Article 17 database (EEA 2008). The

most appropriate habitat classification under the Habitats

Directive for the grasslands surveyed is ‘species-rich

Nardus grassland’ (habitat code 6230). Only four countries

submitted lists of typical species to the European Envi-

ronment Agency for species-rich Nardus grassland in the

Atlantic region: Netherlands, Ireland, France and Germany.

This gave a total of 55 typical species with some species

reported for more than one country (Table 1).

The data used in this analysis are from 153 species-rich

Nardus grasslands in ten countries (Belgium, Denmark,

France, Germany, Great Britain, Ireland, Isle of Man,

Netherlands, Norway and Sweden) (Stevens and others

2010a). The grasslands surveyed were selected to cover the

range of atmospheric N deposition in Western Europe and

to give a good range of sites at different latitudes and

longitudes for different deposition values. The grasslands

surveyed all belonged to the association Violion caninae

grassland. The definition of species-rich Nardus grassland

is slightly broader than the definition of the association

Violion caninae grassland (Schwickerath 1944), but Vio-

lion caninae can be considered a sub-type of the species-

rich Nardus grassland (Galvánek and Janák 2008; Krahulec

1985). Canonical correspondence analysis (CANOCO 4.5;

ter Braak and Smilauer 2002) was used to show the dis-

tribution of species in relation to N deposition. In this

ordination, N and sulfur (S) deposition were used as vari-

ables in the analysis whilst soil pH, aluminum concentra-

tion, base cation concentration, nitrogen content, carbon

content, C:N ratio, latitude, longitude and mean daily
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maximum temperature were used as co-variables. There

were no strong geographical trends in the data (Stevens and

others 2011a). For all of the sites, N deposition was

modeled using the best available deposition model.

National models were used for Germany (Gauger and

others 2002), the Netherlands (Asman and van Jaarsveld

2002; Van Jaarsveld 1995, 2004) and Great Britain

(NEGTAP 2001; Smith and others 2000). For all other

countries, the EMEP-based IDEM model (Pieterse and

others 2007) was used.

Many typical species did not occur in sufficient numbers

(more than 5% of sites) in our database to be included in

this ordination analysis. There are two potential reasons for

this. The first is that if a species is particularly common on

a regional level, but not at a broader level, they may make

an ideal typical species for a country, but our dataset may

not have sufficient sites within that region for it to appear in

our dataset at more than 5% of all sites. The second

potential reason that a typical species may not be found in

our dataset is that we have not covered the full range of

types of species-rich Nardus grassland as described in

Natura 2000. Nevertheless, these data can give us an

indication of how suitable a species may be for assessing

the impact of N deposition.

Figure 2 shows the position of the 55 selected Article 17

typical species within an ordination diagram of a canonical

correspondence analysis created using data gathered in the

above-mentioned European survey. Species to the right of

the ordination diagram at the top of the arrow are more

commonly found at high N deposition (based on their

occurrence and cover) within this dataset, those in the

center are neutral with regards to N deposition and those to

the left are more commonly found at lower N deposition. It

is those species on the left that are likely to be most suit-

able as indicators of low nitrogen deposition impact. As

can be seen from Fig. 2, typical species are scattered across

the ordination diagram, so using typical species lists from

the Netherlands, Ireland, France and Germany, this group

of species is not suitable as an indicator of N deposition

impact in this habitat. Analysis of each of these countries

individually and comparison with national lists showed a

similar scatter of typical species with respect to pollutant

Table 1 Typical species for dry acid grassland (habitat code 6230) in

the Atlantic region for countries that submitted data to the Habitats

Directive Article 17 database (EEA 2008)

Typical species Country

Achillea millefolium IE

Agrostis capillaris IE

Agrostis curtisii FR

Antennaria dioica DE

Anthoxanthum odoratum IE

Arnica montana DE

Avenula lodunensis FR

Botrychium lunaria DE

Carex arenaria FR

Carex ericetorum NL

Carex pallescens DE

Carex panicea DE

Carex pilulifera DE, IE

Chamaespartium sagittale DE

Dactylorhiza viridis NL

Danthonia decumbens FR, IE

Dianthus deltoides FR

Euphrasia stricta DE

Festuca filiformis (sub-species of F. ovina) DE, FR

Festuca ovina IE

Galium saxatile DE, FR, IE, NL

Gentiana pneumonanthe DE

Hypericum maculatum DE, IE

Hypochaeris radicata DE

Jasione montana FR

Juncus squarrosus DE, IE

Lathyrus linifolius (synonym of L. montanus) DE

Lathyrus montanus IE

Luzula campestris DE, FR

Luzula multiflora IE

Meum athamanticum DE

Narcissus bulbocodium FR

Nardus stricta DE, FR, IE, NL

Pedicularis sylvatica DE, FR, IE, NL

Platanthera bifolia DE, NL

Polygala serpyllifolia DE, FR, IE, NL

Polygala vulgaris DE, IE

Potentilla erecta DE, FR

Pseudarrhenatherum longifolium FR

Pseudorchis albida IE

Rhytidiadelphus squarrosus IE

Rumex acetosella FR

Sedum anglicum FR

Serapias lingua FR

Spiranthes spiralis NL

Stachys officinalis NL

Succisa pratensis IE

Table 1 continued

Typical species Country

Thymus pulegioides FR

Veronica officinalis DE

Viola canina DE, FR, IE

Viola lactea FR

Viola riviniana IE

Species in bold occurred within more than 5% of the acid grasslands

surveyed
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deposition (data not shown). There are some individual

species that may be suitable, most notably Agrostis curtisii

(typical species in France), Stachys officinalis (typical

species in the Netherlands) and Polygala serpyllifolia

(typical species in Ireland and Germany). All of these

species are relatively common across Western Europe

(although Agrostis curtisii has a restricted distribution in

the western warm oceanic regions) and so merit further

investigation of their potential as indicators of N deposition

in this particular region.

The presence or absence and abundance of most typical

species are not suitable indicators of N deposition at a

Western European scale, indeed, many of the species

selected as typical species are too common to be useful

indicators even at a national scale. Given the widespread

nature of this result in Western Europe it is likely that this

will be true throughout the whole of Europe. Alternative

species may provide more suitable indicators although

other measures such as Ellenberg N scores, species rich-

ness or grass:forb ratio may be more useful, particularly if

temporal changes in these measures could be assessed

(Duprè and others 2010; Stevens and others 2009).

Mitigation of Acidification and Eutrophication

Detecting the potential impacts of atmospheric N deposi-

tion is only the initial stage of dealing with the problem.

Once affected sites are identified, appropriate management

should be put in place to mitigate the effects of deposition.

There are a number of different options for the manage-

ment of grasslands to control the impact of N deposition.

These fall into two categories, measures to mitigate acid-

ification and measures to mitigate eutrophication.

The main method of mitigating soil acidification is

liming. Liming has a long history of use in agricultural

sciences, indeed the Park Grass Experiment at Rothamsted

Experimental Station in Hertfordshire, England com-

menced experimental lime addition in 1903 (Silvertown

and others 1994). Liming has been widely used to combat

acidification from atmospheric pollutants and nutrient

addition in many habitats, including grasslands (e.g., Blake

and others 1999; De Graaf and others 1998). Lime (usually

calcium carbonate) reduces soil acidity by exchange of

calcium or magnesium ions with hydrogen ions on soil

particles resulting in a higher soil pH. In a heathland-

catchment liming experiment, Dorland and others (2005b)

found liming resulted in higher soil pH, higher concen-

trations of base cations and a reduced Al:Ca ratio. Despite

this, there was only a small positive response by vegeta-

tion, but changes in species composition were observed

including the cessation of vigorous growth of some com-

petitive species and an increase in rarer species. The

addition of too much lime can damage plants and the

effects if liming can vary depending on the site history, soil

type, amount of N in the soil and the plant species present.

In areas fed by base-rich groundwater, raising water-tables

in the soil has also been used to combat acidification

(Roelofs and others 1996).

Where species composition is changing as a result of

eutrophication and consequent increases in productivity,

measures can be taken to reduce competition for light and

to remove nitrogen from the system. These could include

an increase in cutting frequency or grazing intensity. These

methods are commonly used in the restoration of grassland

from former agricultural land (Walker and others 2003)

and can change species composition, reducing the cover of

productive grasses promoted by the addition of N. Addi-

tional winter grazing to disturb the grassland turf is also an

option (Jones and Hayes 1999). The removal of biomass by

cutting and taking off the hay also removes N from the

system with the potential to reduce nutrient status of the

soil and reduce productivity in the long-term. However, the

rate of nutrient removal by this method is usually low

(Hejcman and others 2010), and so it may take some time

for a significant change to be detected (Olff and Bakker

1991). Burning also provides a means of biomass removal

and is traditionally used as a management tool in some

habitats (e.g., heathlands) but it is not commonly used in

grasslands and may not be well accepted by the general

public, because it produces greenhouse gases, particulate

Fig. 2 Ordination diagram of a canonical correspondence analysis

showing species from 153 Violion caninae grasslands in the Atlantic

biogeographic region of Europe. Filled circles show Habitats

Directive typical species for species-rich Nardus grassland and empty
circles show other species. The empty circles have not been

individually labelled for clarity; a full discussion of species associated

with high and low levels of N deposition is given in Stevens and

others (2011a). The arrows represent increasing total nitrogen

deposition rate (N) and increasing total sulfur deposition rate (S).

Eigen values for axis 1 and 2 are 0.097 and 0.276 respectively. The

total inertia of the analysis was 3.79
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pollution and other air pollutants, leaves large areas look-

ing unsightly and generates safety concerns. Another

method that has been tested experimentally for the removal

of reactive N from soils is the addition of carbon (C). C

addition in the form of sucrose, sawdust, starch or cellulose

increases the C:N ratio of soil and can induce microbial

communities to immobilize N in the soil, thus making it

inaccessible to plants (e.g., Eschen and others 2007; Török

and others 2000).

Turf stripping or cutting is the most dramatic method for

the removal of nutrients, but it also removes acidified surface

soil, and so can address both acidification and eutrophication

problems. Turf stripping has been used extensively in some

countries, especially the Netherlands, for the restoration of

heathland (De Graaf and others 1998; Dorland and others

2005a). Topsoil removal is an alternative method that has

been used for the restoration of grasslands (e.g., Buisson and

others 2006) but it presents similar problems to turf strip-

ping. Although turf stripping has undergone experimental

trials in grasslands (e.g., Jansen and Roelofs 1996; Pywell

and others 2002), it is an expensive form of management and

in addition to removing nutrients and acidified soil, it also

removes the soil seed bank and organic matter, as well as

reducing the water holding capacity of the soil (van den Berg

and others 2003a). The removal of the soil seed bank means

that if the local species pool is already depleted, appropriate

species may not be able to re-colonize and may need to be re-

introduced (Dorland and others 2004; van den Berg and

others 2003b). Dispersal into large cleared areas is usually

not sufficient for rapid colonization by target species, and

would require large source populations nearby. For peren-

nial species that do not produce large annual seed crops,

unassisted dispersal is likely to be quite limited (e.g., Soons

and others 2005). To facilitate re-colonization of cleared

areas, hay from target communities can be spread out to

supply seeds and improve micro-environmental conditions.

This has been successful in some situations (Poschlod and

Biewer 2005; Coiffait-Gombault and others 2010), but is

limited by the supply of hay from nearby source sites.

Many of these measures are unsuitable for application at

a landscape scale and it would only be appropriate to apply

them to sites of conservation importance or other targeted

areas. Currently it falls to landowners to mitigate against

the effects of N deposition. When conservation organiza-

tions are responsible for land management, such mitigation

may be possible albeit expensive, but in many cases the

land is owned by private individuals, so appropriate man-

agement needs to be promoted through agri-environment

schemes. Mitigation measures to reduce the effect of N

deposition are not currently incorporated into these

schemes in many parts of Europe, but some of the measures

described above are feasible at different scales. Farmers

need incentives to encourage appropriate management.

Payment based on results of management, such as an

increase in species richness or reduction in eutrophic spe-

cies, could increase motivation and help farmers to value

their land as a conservation resource but may reduce par-

ticipation in the scheme if farmers are concerned about the

probability of success.

Emission Management Options

Managing the effects of N deposition is frequently

expensive, impractical and in some cases can change the

landscape and the ecosystem dramatically. The only truly

effective and sustainable method to reduce the impact of N

is through the reduction of N emissions.

There are a number of potential methods that could be

used to reduce emissions of N. Emissions of N oxides from

industrial sources are already controlled within Europe to a

large extent through the legislation outlined above. How-

ever, this is not always the case world-wide. Options for

the control of reduced N emissions from agriculture have

poor uptake and oxidized N emissions from traffic and

transport are mainly mitigated through efforts to reduce

CO2 emissions.

In principle, the Habitats Directive provides protection

for designated areas of conservation importance. Under the

Directive, projects cannot be approved if they are assessed

to have an adverse effect on a Special Area of Conservation

(SAC) or Special Protection Area (SPA). However, this

decision can only be made if an appropriate review and

assessment is undertaken which, for many agricultural

activities resulting in increased nitrogen deposition to

nearby sites, is not the case. Legislative control of N

emissions from agriculture, and indeed measuring and

monitoring of emissions, provides many challenges due to

the diffuse nature of emissions and the cost of emission

reduction technology. Existing options for reducing N

emissions from agriculture include direct injection of fer-

tilizers and slurries, suitable storage of animal waste, uti-

lizing technologies to minimize fertilizer use and filtering

air before it leaves animal housing areas but all of these

options have the potential to incur additional cost which

may make them unattractive to farmers. Sutton and others

(2011) suggest that improving the nitrogen use efficiency

of crops through improving the genetic potential of crop

varieties, increasing the genetic potential of animals to

increase productivity, improving animal feed quality to

increase feed conversion efficiency and increasing the

efficiency of use of animal manures are key priorities to

reduce agricultural N losses in Europe.

Workshop delegates suggested a number of possible

options for reducing emissions. Diffuse nitrate pollution to

water is currently controlled in Europe through the Nitrates
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Directive (91/676/EEC,) which requires Member States to

identify areas where groundwater nitrate concentrations

exceed 50 mg l-1 or are at risk of doing so. These areas are

designated as Nitrate Vulnerable Zones (NVZs) and Mem-

ber States must establish ‘Action Programmes’ in order to

reduce and prevent further nitrate contamination. A similar

approach could be taken to N emissions to the atmosphere.

Slurry spreading is an agricultural activity, which is

currently managed for the protection of water quality, but

could additionally be managed for air quality. For example,

regulations in the UK (The Nitrate Pollution Prevention

Regulations 2008) currently prohibit application of farm-

yard manure to grassland in NVZs between the mid-Sep-

tember and mid-January, when biological uptake is lowest

and runoff is often high. If slurry spreading were also not

permitted during the hottest months of the year, this would

minimize ammonia volatilization.

Reduced meat production and the potential to educate the

public to reduce meat consumption is an effective way to

reduce ammonia emissions. World-wide meat consumption

increased dramatically between 1961 and 1994, and

although the rate of growth in per capita meat consumption

has now slowed in the developed world, this is because it had

already reached a very high level (Rosegrant and others

1999). Using incentives and education to reduce meat con-

sumption could have environmental and health benefits.

Initiatives such as ‘meat free Mondays’ (http://www.

supportmfm.org/), meat free days in schools (such as seen

in Ghent, Belgium), and government recommendations for

reduced consumption of meat (such as seen in Sweden)

are becoming increasingly popular and could reduce N

emissions. Attendees at the workshop signed the ‘Barsac

declaration’ (http://www.nine-esf.org/barsac-declaration)

to reduce meat consumption encourage the availability of

reduced meat portions.

Another suggestion proposed at the workshop was pro-

moting grass-fed animals over housed ones, which generate

higher ammonia emissions. The latter option has benefits

for consumer health (e.g., Daley and others 2010), animal

welfare and the management of the grasslands, since bio-

mass is removed by grazing, but means that emissions

cannot be managed by filtering N compounds from the air.

‘‘Green meat’’ (meat produced on high value grasslands)

provides a further benefit of ensuring that grasslands of

high value for nature conservation remain agriculturally

productive and economically viable. A further option is to

take measures to reduce population growth.

Policy Questions for Research

Results of study and personal observations have convinced

policy makers and scientists from a range of countries and

backgrounds at the workshop that N deposition is having

an impact on species-rich acid grasslands in the Atlantic

biogeographic region of Europe. However, there remain

some important questions that require attention from sci-

entists and policy makers in order for progress to be made

toward providing greater protection for sensitive habitats.

What Changes are of Conservation Concern?

The evidence, briefly summarized above, shows a wide

range of impacts on vegetation and soils, but there is a need

to determine which of these changes are of conservation

concern. For example, it may be that while changes in

chemistry of plant tissues on a gradient of N deposition

have the potential to provide an early warning of plant

stress (Gidman and others 2006), it is likely to be of less

concern in terms of the assessment and management of

sites of conservation importance than changes in commu-

nity structure and function. A reduction in plant species

richness or a change in community composition may be of

much greater concern, because it represents a loss of bio-

diversity. Of the changes that are considered of conserva-

tion concern in a particular habitat, it is necessary to

determine which of these changes are the most important

and which should trigger the need for action.

How Much Change is Necessary for it to be Considered

Significant?

Once important changes have been identified, the mag-

nitude of these changes needs to be considered. For

example, Stevens and others (2004), in a gradient survey

of acid grasslands in Great Britain, reported an average

reduction in species richness of one species for every

additional 2.5 kg N ha-1 year-1 and suggested that this

pattern was the result of long-term elevated N deposition.

Given a response curve such as this, it is up to scientists

and policy makers to determine ‘acceptable’ changes in

community composition or reductions in species abun-

dance or biodiversity before taking action. The depen-

dence of ecosystem services on species diversity is a

rapidly advancing research front (e.g., Engelhardt and

Ritchie 2001) and will inform the extent to which species

loss can be tolerated.

Addressing these questions will require close collabo-

ration between scientists and policy makers and will pro-

vide a future direction for nitrogen-deposition research.
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Abstract While the area of plantation forests continues to increase worldwide, their con-
tribution to the conservation of biodiversity is still controversial. There is a particular con-
cern on the central role played by natural habitat remnants embedded within the plantation
matrix in conserving species-rich insect communities. We surveyed butterXies in maritime
pine plantation landscapes in south-western France in 83 plots belonging to seven habitat
types (Wve successional stages of pine stands, native deciduous woodlands and herbaceous
Wrebreaks). The eVect of plot, habitat and landscape attributes on butterXy species richness,
community composition and individual species were analysed with a General Linear Model
(GLM), partial Canonical Correspondence Analysis (CCA) and the IndVal method. The
most important factors determining butterXy diversity and community composition were
the presence of semi-natural habitats (deciduous woodlands and Wrebreaks) at the land-
scape scale and the composition of understorey vegetation at the plot scale. Pure eVects of
plot variables explained the largest part of community variation (12.8%), but landscape fac-
tors explained an additional, independent part (6.7%). Firebreaks were characterized by a
higher species richness and both Wrebreaks and deciduous woodlands harboured species not
or rarely found in pine stands. Despite the forest-dominated landscape, typical forest butter-
Xies were rare and mainly found in the deciduous woodlands. Threatened species, such as
Coenonympha oedippus and Euphydryas aurinia, were found in pine stands and in Wre-
breaks, but were more abundant in the latter. In the studied plantation forest, the conserva-
tion of butterXies depends mainly on the preservation of semi-natural habitats, an adequate
understorey management and the maintenance of soil moisture levels.
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Introduction

Plantation forests with their intensive silvicultural management and simpliWed structure
and composition are often considered less valuable for biodiversity conservation than natu-
ral forests (Hartley 2002). Many, but not all studies comparing plantations to more natural
forests have indeed shown an impoverished Xora and fauna in plantations (Moore and
Allen 1999; Lindenmayer and Hobbs 2004; Carnus et al. 2006). However, forest manage-
ment in plantation forests is not incompatible with biodiversity conservation and possibili-
ties exist to enhance their biodiversity (Kerr 1999; Hartley 2002; Carey 2003; Carnus et al.
2006). Apart from providing a habitat, plantation forests can also have beneWcial eVects as
landscape matrix elements by increasing the connectivity of natural forest remnants (Aberg
et al. 1995) or by acting as a buVer to mitigate negative edge eVects for forest interior
species (Aune et al. 2005; Fischer et al. 2006). Biodiversity conservation in plantation
landscapes will however also depend on the presence of more natural habitat elements,
such as wetlands or late successional stages of remnant forest, within the plantation matrix
(Lindenmayer and Hobbs 2004; Fischer et al. 2006).

Conserving biodiversity in plantation forests implies the identiWcation of explanatory,
environmental factors that determine patterns of species occurrences. Since species respond
to environmental factors at diVerent, interacting scales (from the micro-habitat and habitat
to the landscape and regional scale) multi-scale approaches are required to analyse these
causal mechanisms (Wiens 1989; Cushman and McGarigal 2002). In this study we ana-
lysed the eVect of factors at both the local and landscape scale on butterXy diversity in pine
plantation landscapes. ButterXies were chosen because they are easy to identify in surveys
and include species with diVerent habitat preferences and dispersal capacities and show
therefore diVerent responses to habitat and landscape features (Dennis 1992; Thomas
1995). Moreover, a large number of butterXy species are declining at an alarming rate
through substantial parts of their European range and conservation measures are urgently
needed (Van Swaay and Warren 1999).

During their life cycle most butterXy species need complementary resources (hostplants
for larvae, nectar plants for adults, roosting-, resting- and overwintering-sites, favourable
micro-climatological conditions) resulting in very direct relationships with habitat character-
istics such as vegetation composition and management (Dennis et al. 2003). For many taxa,
including butterXies, habitat characteristics alone are often insuYcient to predict species pres-
ence or abundance and landscape characteristics can provide additional explanatory informa-
tion (Mazerolle and Villard 1999; Jeanneret et al. 2003a; Krauss et al. 2003; Bergman et al.
2004; Stefanescu et al. 2004). Many butterXy studies conducted at the landscape scale have
focussed on the eVect of patch size and isolation and have used the equilibrium theory of
island biogeography (Mac Arthur and Wilson 1967) or the metapopulation theory (Hanski
1999) to explain species richness or population dynamics, respectively (Thomas and Harrison
1992; Baguette et al. 2000; SteVan-Dewenter and Tscharntke 2000; Anthes et al. 2003). Both
theories assume clearly delimited habitats surrounded by uniformly unsuitable habitat (the
landscape matrix). However landscape matrices are not entirely hostile and the ‘mosaic con-
cept’ (Wiens 1995; Duelli 1997) can oVer an alternative to explain species richness. In this
concept species richness increases with the number of biotope types per unit area, the number
of patches, the edge length and the proportion of natural and semi-natural areas (Duelli 1997).
Many butterXy species are found along edges or use resources in diVerent vegetation types
(Dennis et al. 2006) thus supporting the mosaic concept. Positive eVect of patch density (PD)
on butterXy diversity has been demonstrated by Schneider and Fry (2001) and Debinski et al.
(2001). Dunning et al. (1992) described these eVects of landscape context in terms of land-
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scape complementation and supplementation, corresponding to the use of patches with non-
substitutable or substitutable resources, respectively. Landscape eVects found to be linked
with species diversity will also depend on the scale of the analysed landscape; shorter dis-
tances will be more related to landscape complementation/supplementation and mosaic con-
cepts (Weibull et al. 2000; Schneider and Fry 2001) and larger scales to metapopulation
functioning and habitat thresholds (Bergman et al. 2004).

The aim of this study was therefore to identify key factors at both the habitat and land-
scape level that drive butterXy diversity in plantation forests, and that can be used by forest
managers and landscape planners to maintain or restore butterXy diversity. We address the
following questions:

• Do habitat types in a pine plantation landscape diVer in butterXy species richness and
composition?

• What is the contribution of semi-natural and open habitats such as oak woodland rem-
nants and herbaceous Wrebreaks to butterXy diversity in pine plantation landscapes?

• What is the relative importance of understorey vegetation composition, habitat-type and
landscape attributes on butterXy community composition?

Methods

Study area and plot selection

The study was carried out in South West France in the ‘Landes de Gascogne’ (Fig. 1), a
region covering one million ha and dominated by plantations of native maritime pine
(Pinus pinaster). Silvicultural management of the pine stands is intensive, including soil
preparation and fertilization before seeding or planting, mechanical understorey removal
and four thinning operations within the 40–50 years rotation cycle (Trichet et al. 1999).
Deciduous woodlands are rare and found along rivers or as scattered patches of a few hect-
ares. They are generally dominated by Quercus robur, on dry sites by Q. pyrenaica and
along rivers by Alnus glutinosa and Q. robur. Open areas in the landscape are mainly repre-
sented by large maize Welds, pine clearcuts, Wrebreaks and powerlines.

The whole region is covered by nutrient poor, acid podzol soils with a pH of 3.5–5.5
(Trichet et al. 1999). DiVerences in soil moisture have an important eVect on the understo-
rey vegetation composition in forest stands: in wet conditions Molinia caerulea is dominant
with presence of Erica tetralix, intermediate conditions are characterized by dominance of
Pteridium aquilinum and Ulex europaeus and in dry condition Calluna vulgaris and Erica
cinerea dominate (Timbal and Maizeret 1998). Firebreaks and powerlines can have a
heathland vegetation as described above or a grassland vegetation, dominated by for exam-
ple Holcus lanatus or Anthoxanthum odoratum. Management of Wrebreaks and powerlines
is very diverse. In the studied region the usefulness of Wrebreaks in preventing forest Wres
is considered doubtful and only Wrebreaks that are classiWed in a Wre prevention scheme
are mown once a year in summer. Other, private Wrebreaks are mown less often (every
4–8 years) or are progressively transformed to pine plantations. Management of powerlines
is in general extensive (every 4–8 years) and aims at suppressing the regrowth of woody
species, but in some cases they are mown annually. Firebreaks and powerlines typically
have a width of about 15–100 m.

Within the ‘Landes de Gascogne’ two study sites were selected: Tagon (5,000 ha), situ-
ated 35 km southwest of Bordeaux and Solferino (10,500 ha), located 65 km to the south of
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Tagon (Fig. 1). Both sites are dominated by maritime pine plantations, present similar types
of soils, and include diVerent degrees of landscape fragmentation and heterogeneity. A total
of 83 plots were selected in the two sites (Fig. 1, Table 1) belonging to seven diVerent hab-
itat types. These seven habitat types were deWned a priori and represent the main land-use
types within the forested landscape as well as being habitat types of ecological relevance to
butterXies. Five of them were related to successional stages of maritime pine plantations:
herbaceous clearcuts, shrubby clearcuts, young pines (canopy height <7 m), mid-class
pines (canopy height 7–15 m) and older pines (canopy height >15 m). The two other habi-
tat types were deciduous woodlands (isolated patches or riparian forests) and Wrebreaks or
powerlines (hereafter called Wrebreaks). Plots with diVerent types of understorey vegetation
(humid, mesic and dry) were selected for each habitat type.

ButterXy sampling

ButterXies were recorded in the 83 plots using the line-transect method (Pollard and Yates
1993). In each plot a transect of eight sections of 50 m long was laid out and butterXies
were counted within 2.5 m on each side of the transect line and 5 m ahead of the recorder.
Species were identiWed by sight or caught and released for species diYcult to identify (e.g.
Thymelicus species). Each plot was visited four times between May 14th and September
4th 2004. Surveys were conducted between 10:00 and 18:00 h and only during appropriate

Fig. 1 Map of the two study sites in the south-west of France and location of the sampled plots within each
site. The polygon boundaries represent the edges of landscape elements such as pine stand edges or edges of
roads. Firebreaks are the very narrow polygons between some stands or along some roads and at the scale of
the Wgure cannot be separately indicated since they occupy only a small percentage of the total landscape
1 C
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weather conditions (temperature >20°C, cloudless or just a few clouds and wind force <5
Beaufort). The order of the plots and habitat types surveyed was randomized per visiting
period and visits to the two sites alternated. For data analysis the total number of individu-
als per species was pooled over the four visits and eight sections for each plot.

ButterXy species were classiWed as typical forest or non-forest species. Limits between
forest and non-forest species are not strict, but we deWned as forest species those species
whose adults and immature stages are more often found within forests than in open habitats
(Ebert and Rennwald 1991). We also attributed a European and national threat status to all

Table 1 Plot and landscape variables used in GLM and CCA analyses

Mean values are given per habitat type. Abbreviations for habitat types: FB Wrebreaks, PP1 herbaceous clear-
cuts, PP2 shrubby clearcuts, PP3 young pine stands (<7 m), PP4 mid-class pine stands (7–15 m), PP5 older
pine stands (>15 m), DW deciduous woodlands. Landscape variables were measured in a 50-hectare circle
(including the inventoried plot)

Acronym Description FB PP1 PP2 PP3 PP4 PP5 DW

12 plots 10 plots 10 plots 10 plots 11 plots 11 plots 19 plots

Plot variables
Nectar Log (number of 

Xowers +1)
7.8 6.0 6.9 6.8 5.4 6.1 3.5

%Soil % Bare soil 13.7 29.1 28.2 9.6 26.1 16.4 33.4
%Paqu % Pteridium aquilinum 1.5 12.5 3.0 17.2 7.3 16.8 20.2
%Mcae % Molinia caerulea 28.3 42.3 22.7 29.2 35.6 52.5 10.4
%Grass % Other grass species 40.0 14.7 10.4 20.9 8.3 8.9 19.7
%Dicots % Herbaceous 

dicotyledons
7.2 2.1 1.7 0.9 1.4 1.0 1.0

%Erica % Ericaceae <0.7 m 6.9 5.1 15.7 15.4 12.7 7.4 1.0
%Umin % Ulex minor <0.7 m 1.3 1.5 1.5 9.0 1.4 2.0 0.1
%Oth-her % Other plants 

herbaceous layer
1.5 1.4 3.8 1.8 4.0 1.1 14.8

%Ueur % Ulex europaeus >0.7 m 1.2 1.4 14.1 3.1 7.6 2.7 0.3
%Faln % Frangula alnus >0.7 m 0.8 3.0 6.9 3.9 7.5 5.0 1.1
%Esco % Erica scoparia >0.7 m 0.6 0.3 1.9 1.2 3.8 6.5 0.8
%Oth-shrub % Other shrubs >0.7 m 3.2 1.7 5.8 0.5 2.5 1.5 20.3
Moisture Soil moisture at 50 cm 

(classes 0–4)
1.7 2.2 1.4 1.7 1.5 1.8 1.3

Landscape variables
%FB % Firebreaks 7.2 1.1 1.9 2.2 3.2 2.0 2.1
%PP1 % Herbaceous clearcuts 1.7 27.0 3.1 2.1 1.7 4.4 6.4
%PP2 % Shrubby clearcuts 16.0 7.9 22.2 8.1 4.4 9.2 8.0
%PP3 % Young pine stands 

(<7 m)
26.8 11.1 15.6 33.2 10.0 18.2 14.6

%PP4 % Mid-class pine stands 
(7–15 m)

26.2 28.6 21.1 33.5 55.7 21.0 16.5

%PP5 % Older pine stands 
(>15 m)

10.6 17.4 27.8 14.0 13.9 32.1 17.6

%DW % Deciduous/mixed 
woodland

6.9 2.6 4.7 1.5 3.0 2.4 16.5

SHDI Shannon diversity index 1.6 1.4 1.5 1.4 1.2 1.5 1.6
SHEI Shannon eveness index 0.75 0.71 0.74 0.68 0.60 0.75 0.73
PRD Patch richness density 15.9 14.5 14.5 14.7 14.1 14.8 17.8
SHAPE SHAPE index 2.1 1.9 2.0 1.9 1.9 1.9 2.0
ED Edge density 

(edge length in m/ha)
229.3 180.5 203.1 193.3 184.9 193.2 224.8

PD Patch density 
(patches/100 ha)

56.0 41.8 49.3 46.9 40.7 44.5 57.0
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native species, excluding migrants such as Vanessa cardui (Van Swaay and Warren 1999).
For the European status we used the list of threatened species cited in the Red Data Book of
European ButterXies (Van Swaay and Warren 1999). In this Data Book the IUCN criteria,
which are based on population declines over a 10-year period, were adjusted to butterXy
data using a roughly equivalent distribution decline over a 25-year period. Species with a
decrease of at least 20% are classiWed as threatened, and depending on their total decrease
and present distribution classed as critically endangered, endangered or vulnerable. Species
with a decrease of 15–20% and a present distribution of <1% of Europe are also classiWed
as vulnerable. For the French national status we calculated the distribution trend by divid-
ing the number of departments where a species was not seen after 1980, but was present
before 1980, by the total number of departments where the species was ever seen (Lafranchis
2000). Species with a distribution decrease of at least 30% were classiWed as ‘nationally
threatened’, assuming that these species are vulnerable at a national scale. We used a less
severe threshold to compensate for the lack of data in several departments (Lafranchis
2000). ButterXy species are named in the text according to Karsholt and Razowski (1996).

Plot variables

We measured a set of potential explanatory variables at both the plot and landscape scale in
order to relate butterXy species richness and community composition to environment. At
the plot scale three types of variables were measured: Xower abundance, vegetation compo-
sition of the herbaceous and shrub layer and soil moisture (Table 1). Flower abundance was
measured to estimate the availability of nectar, the most common food source for adult but-
terXies in temperate areas (Shreeve 1992; Ebert and Rennwald 1991). Flower abundance
was estimated during each of the four butterXy surveys using the method described by
Clausen et al. (2001). Only plant species known to be used by butterXies as nectar plants
were noted (Ebert and Rennwald 1991; van Halder, personal observations). Flower abun-
dance was estimated per plant family or per species for abundant and easily identiWable
species. The number of Xower units was estimated in every section using the following
abundance classes: 1–25, 26–50, 51–100, 101–200, 201–400, 401–800 and 800–1,600
Xower units (Clausen et al. 2001). For data analysis the mid-values of each class were
summed over the eight sections, the four visits and the diVerent Xower species or families.
Total Xower abundance was log-transformed to reduce the eVect of outliers and because we
hypothesized a non-linear relation between butterXy and Xower abundance.

At the end of the Weld season understorey vegetation composition was recorded in a rep-
resentative section within each plot. The vegetation was divided into a herbaceous layer
(<0.7 m) and a shrub layer (0.7–7 m) and for each layer the % cover of the main vegetation
components was estimated as the relative foliage area projected on a horizontal plane.

Soil moisture was estimated once between May and July 2004 at two points in each plot
at a depth of 50 cm using a relative scale from 0 to 4, based on tactile and visual criteria.
We used this estimation method because it can be used on soil samples extracted with an
auger, a very easy and quick method, whereas measurements with a probe at 50 cm depth
would have needed to dig a soil proWle of at least 50 cm deep. We measured volumic soil
moisture using a Theta Probe type ML2x (Delta-T Devices Ltd., Cambridge, UK) with 12
replications per class to test the relationship between moisture estimates and measures.
There were signiWcant changes in measured soil moisture between our relative classes
(ANOVA, F = 78.4, P < 0.001). The scale from 0 to 4 corresponds to a mean soil moisture
of 4.0, 12.8, 19.6, 44.4 and 62.6%, respectively.
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Landscape variables

Land-use types in the two study sites were mapped in a GIS (Arcview 3.3, ESRI) using aer-
ial colour photos with a resolution of 50 cm as background layer. Photos dated from 2000
and 2002 for the Tagon and Solferino region, respectively, and patch attributes were veri-
Wed in the Weld. Twelve diVerent land-use types that could be identiWed on these aerial pho-
tos were mapped: the seven surveyed habitat types and Wve rarer land-use types:
hedgerows, meadows, crops, roads and urban areas. Landscape metrics were calculated
within circular buVers with a radius of 400 m (circa 50 ha), from the centre of the sampled
plots, using Fragstats 3.3 in raster version and a cell size of 2.5 m (McGarigal et al. 2002).
Since the surveyed patch is (partly) included in our buVer the calculated metrics represent a
combination of patch and landscape characteristics (Fahrig 2003). For most butterXy spe-
cies in temperate areas 400 m is considered a moderate dispersal distance (Maes and Van
Dyck 1999) and could therefore reveal ecologically relevant landscape relations. Larger
buVers were not analysed because overlap between buVers would increase collinearity of
data. Within each buVer the percentage cover of the seven main habitat types was calcu-
lated as well as several metrics reXecting landscape heterogeneity and fragmentation
(Table 1). We used the Shannon Diversity Index (SHDI), the Shannon Eveness Index
(SHEI) and the Patch Richness Density (PRD) as metrics of landscape heterogeneity and
the SHAPE index, the PD and Edge Density (ED) as metrics for landscape fragmentation
(McGarigal et al. 2002). Studies on birds, spiders and carabids in the same area have shown
an eVect of landscape composition and landscape structure (patch size, ED and SHDI) on
species composition and richness (Barbaro et al. 2005). Landscape eVects on butterXies
have been analysed in several studies showing an eVect of landscape composition (Schneider
and Fry 2001; Söderström et al. 2001; Jeanneret et al. 2003a; Stefanescu et al. 2004),
landscape fragmentation (Schneider and Fry 2001) and landscape heterogeneity (Weibull
et al. 2000; Jeanneret et al. 2003a; Krauss et al. 2003).

Data analysis

Analyses were performed at diVerent levels of biodiversity (species richness, single species
abundances and composition of species assemblages) using hierarchical sets of explanatory
variables: habitat type, plot variables and landscape variables. The eVect of habitat type on
number of species and total abundance of butterXies was tested by a one-way ANOVA, fol-
lowed by Tukey’s post hoc test. Total abundance of butterXies was log-transformed to
improve normality of residuals. Species richness was analysed with a general linear model
(GLM), using site, habitat and their interaction as categorical variables, and plot and land-
scape variables as continuous variables. Quadratic terms of plot and landscape variables were
added to examine the possibility of curvilinear relationships between explanatory variables
and species richness. We used a forward stepwise selection procedure (P < 0.05 for inclusion)
to build the model. The possible interaction between selected categorical and continuous vari-
ables was tested in a forward procedure with the selected variables and their interaction.

To identify species characteristic for a habitat type or a group of habitat types we used the
Indicator Value (IndVal) method (Dufrêne and Legendre 1997). Indicator species can be deWned
as species found mostly in a certain habitat type and present in the majority of sites of that
type. To incorporate these two criteria the IndVal index multiplies the relative abundance of a
species in a habitat (mean abundance in a habitat divided by the sum of mean abundances in
all habitats) with the frequency of occurrence in that habitat. The index is calculated for each
habitat and the IndVal of a species corresponds to the largest IndVal value observed over the
1 C
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diVerent habitats. The index is maximum (100%) when the individuals of a species are only
observed in one habitat type and in all sites of that habitat. The IndVal of a species can be cal-
culated for each level of a hierarchic site typology. The level where the species reaches its
maximum IndVal index can be considered as the ‘best’ clustering level for that species
(Dufrêne and Legendre 1997). This procedure distinguishes between generalist species
(maximum IndVal at a higher cluster level) and stenotopic species (maximum at lower levels).
In our Indval analysis we used a hierarchic site typology based on the habitat types we had
distinguished a priori. The clustering of groups in the hierarchy was based on their stand
structure similarity. The Wrst level groups all sites and permits identiWcation of species that
have higher IndVals for all samples than for any sample subset (generalist species). The second
level separates open habitats from forested habitats, in the next steps the open habitats are
separated in herbaceous and shrubby habitats, the forested habitats in pine stands and
deciduous woodlands and so on (see Fig. 3 for separations in further steps). This classiWcation
tests if species are characteristic for a speciWc clustering of predeWned habitat types. The
statistical signiWcance of the index was estimated at each level of the hierarchy by a random
reallocation procedure of plots among plot groups based on 999 permutations (Dufrêne and
Legendre 1997). Species present with <5 individuals were excluded from analysis.

Canonical Correspondence Analysis (CCA) was used to relate environmental variables
to species assemblages (Ter Braak 1986; Palmer 1993). CCA is an ordination technique for
multi-variate direct gradient analysis in which the ordination axes of a Correspondence
Analysis (CA) are constrained to be linear combinations of the environmental variables
(Ter Braak 1986). The % of variance in the species data set that is ‘explained’ by the envi-
ronmental variables can be calculated by dividing the inertia of the canonical axes by the
total inertia of the CA and this % represents an overall method of CCA Wt. We tested the
explanatory eVects of three sets of variables in separate CCA analyses: the seven habitat
types, the 14 plot variables and the 13 landscape variables (see Table 1). For each set sig-
niWcant variables were selected in a forward stepwise procedure based on the additional
variation explained by each variable (P < 0.05 for inclusion). Next, we combined the
selected variables in one CCA model and calculated the variation explained independently
and jointly by the diVerent sets of variables by performing several partial CCA analyses
(Borcard et al. 1992; Cushman and McGarigal 2002). In a partial CCA the pure eVect of a
variable or a group of variables is calculated after eliminating the variance due to other
variables (the covariables). The diVerent parts of the variation partitioning were calculated
following the formulas given by Cushman and McGarigal (2002). Finally, we determined
for each variable if it explained a signiWcant part of variation when the variables in the two
other subsets were used as covariables. SigniWcance of the additional eVect of each variable
during the forward selection procedure and of the diVerent (partial) CCA models was tested
with 999 Monte Carlo permutations. In CA and (partial) CCA rare species represented by
<5 individuals were omitted (Jongman et al. 1995). ANOVA and GLM were calculated
with STATISTICA 7.1, CA and (partial) CCA with CANOCO 4.5 software.

Results

Species richness and abundance of individual species

A total of 2,750 individuals belonging to 44 species were recorded in the 83 plots (see
Table 2). The number of species varied from 2 to 22 per plot and the number of individuals
from 2 to 154. Most abundant species, with more than 200 individuals, were in decreasing
1 C
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Table 2 List of butterXy species observed in the 83 plots, the total number of observed individuals per spe-
cies, the mean number of individuals per habitat type, their European and national threat status and their clas-
siWcation as a forest species

Species are ordered by their total abundance. Abbreviations for habitat types: FB Wrebreaks, PP1 herbaceous
clearcuts, PP2 shrubby clearcuts, PP3 young pine stands (<7 m), PP4 mid-class pine stands (7–15 m),
PP5 older pine stands (>15 m), DW deciduous woodlands. European threat status: CR critically endangered,
VU vulnerable, National threat status (in France): T threatened

Species Total 
abund-
ance

FB PP1 PP2 PP3 PP4 PP5 DW European 
threat
status

National 
threat
status

Forest 
species

Pyronia tithonus 469 11.5 1.4 2.2 9.7 6.7 5.6 3.3
Maniola jurtina 239 7.8 0.3 0.3 0.7 2.5 0.5 5.2
Coenonympha 

oedippus
236 5.3 5.5 2.2 3.6 0.6 4.5 0.2 CR T

Lycaena phlaeas 227 6.4 0.7 1.6 0.9 4.7 4.1 1.1
Minois dryas 218 4.8 3.9 3.6 3.6 1.7 2.6 0.1 T
Coenonympha 

pamphilus
217 5.8 3.1 4.5 3.5 0.8 1.6 0.5

Cupido argiades 202 11.3 1.7 1.5 2.8 0.1 0.5 0.1
Pararge aegeria 181 0.0 0.0 0.0 0.1 0.3 0.1 9.3 Forest
Euphydryas aurinia 118 7.2 0.7 0.2 0.6 0.1 0.5 0.6 VU
Gonepteryx rhamni 95 1.3 1.5 0.8 1.2 1.2 0.6 1.3 Forest
Hipparchia statilinus 79 3.2 0.3 1.2 0.3 0.3 1.7 0.1 T
Heteropterus morpheus 56 1.9 0.6 0.7 1.0 0.5 0.4 0.1 T
Aricia agestis 46 0.4 0.3 0.0 0.0 0.7 0.9 1.1
Ochlodes venata 46 0.2 0.2 0.1 1.0 0.5 1.2 0.6
Coenonympha arcania 45 0.0 0.1 0.0 0.7 0.6 0.9 1.1
Polyommatus icarus 43 2.7 0.0 0.3 0.1 0.1 0.2 0.2
Thymelicus lineola 37 2.8 0.0 0.0 0.1 0.0 0.0 0.2
Hipparchia semele 30 0.2 0.2 0.0 0.1 0.9 0.2 0.7 T
Melitaea cinxia 17 1.4 0.0 0.0 0.0 0.0 0.0 0.0
Colias croceus 16 1.2 0.0 0.2 0.0 0.0 0.0 0.0
Limenitis reducta 15 0.4 0.1 0.2 0.0 0.0 0.0 0.4 Forest
Boloria selene 12 0.8 0.0 0.0 0.0 0.0 0.0 0.2 T
Argynnis paphia 11 0.0 0.0 0.1 0.0 0.0 0.0 0.5 Forest
Lycaena alciphron 11 0.1 0.1 0.1 0.0 0.0 0.5 0.1
Brintesia circe 10 0.3 0.1 0.1 0.0 0.0 0.2 0.1
Thymelicus sylvestris 8 0.5 0.0 0.0 0.2 0.0 0.0 0.0
Callophrys rubi 7 0.2 0.0 0.1 0.2 0.2 0.0 0.0
Melitaea athalia 7 0.1 0.0 0.0 0.0 0.0 0.3 0.2
Pyrgus malvoides 7 0.5 0.1 0.0 0.0 0.0 0.0 0.0
Satyrium ilicis 7 0.1 0.0 0.1 0.1 0.0 0.4 0.0 Forest
Arethusana arethusa 5 0.3 0.0 0.0 0.1 0.0 0.0 0.0 T
Neozephyrus quercus 5 0.0 0.0 0.0 0.0 0.0 0.0 0.3 Forest
Pieris rapae 5 0.1 0.0 0.1 0.0 0.0 0.0 0.2
Lampides boeticus 4 0.1 0.2 0.0 0.1 0.0 0.0 0.0
Erynnis tages 3 0.2 0.0 0.0 0.0 0.0 0.0 0.1
Pieris napi 3 0.0 0.0 0.0 0.0 0.0 0.0 0.2
Vanessa atalanta 3 0.0 0.0 0.0 0.0 0.0 0.0 0.2
Boloria dia 2 0.2 0.0 0.0 0.0 0.0 0.0 0.0
Celastrina argiolus 2 0.0 0.0 0.0 0.0 0.1 0.0 0.1
Iphiclides podalirius 2 0.2 0.0 0.0 0.0 0.0 0.0 0.0
Lasiommata megera 1 0.0 0.0 0.0 0.0 0.0 0.0 0.1
Limenitis camilla 1 0.0 0.0 0.0 0.0 0.0 0.0 0.1 Forest
Pieris brassicae 1 0.0 0.0 0.0 0.0 0.0 0.0 0.1
Vanessa cardui 1 0.0 0.0 0.0 0.0 0.0 0.0 0.1
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order Pyronia tithonus, Maniola jurtina, Coenonympha oedippus, Lycaena phlaeas, Minois
dryas, C. pamphilus and Cupido argiades. Among the 44 recorded species seven can be
characterized as typical forest-species: Gonepteryx rhamni, Neozephyrus quercus, Satyrium
ilicis, Limenitis camilla, Limenitis reducta, Argynnis paphia and Pararge aegeria (Ebert
and Rennwald 1991). Only two of them (P. aegeria and G. rhamni) were relatively
abundant (181 and 95 individuals, respectively), for all others <15 individuals were
observed. Two species are listed as threatened in Europe: C. oedippus (critically endangered)
and Euphydryas aurinia (vulnerable) (Van Swaay and Warren 1999). With 236 and 118
individuals, respectively, these two species belong to the ten most common species
observed in this study. Seven species can be considered as nationally threatened:
Heteropterus morpheus, Boloria selene, Arethusana arethusa, Hipparchia statilinus,
Hipparchia semele, M. dryas and C. oedippus (Table 2).

The mean species richness was signiWcantly higher in the Wrebreaks than in all other
habitat types (ANOVA, N = 83, F = 5.32, P < 0.001, Fig. 2). The total abundance showed
the same pattern with a signiWcantly higher mean number of individuals in the Wrebreaks
[81.6 § 11.7 individuals/plot (mean § SE)] than in the other habitats (mean abundance
varying from 20.2 § 4.4 to 30.7 § 7.9; ANOVA, N = 83, F = 5.53 and P < 0.001). The
deciduous woodland patches had the highest mean richness of typical forest species
(Fig. 2), which was signiWcantly higher than that of the other habitat types (ANOVA,
N = 83, F = 4.37 and P < 0.001), with the exception of the Wrebreaks. The number of
threatened species was signiWcantly higher in the Wrebreaks than in the deciduous wood-
land patches (ANOVA, N = 83, F = 3.09, P = 0.009, Fig. 2), but did not diVer signiWcantly
from that in the pine stands. Forward selection of variables in GLM resulted in the selection
of both habitat and landscape variables that explained 47.1% of species richness variation
(F = 7.22, P < 0.001). The mean species richness per plot depended on the habitat type and
was positively correlated with the availability of nectar in the understorey vegetation of the
plot and the % cover of young pine stands (quadratic term) in the surrounding landscape
and negatively correlated with the % herbaceous clearcuts in the landscape. In a forward
selection procedure of these variables and the three interactions between habitat and the
continuous variables no interaction terms were selected.

Fig. 2 Mean species richness (§standard error) per habitat type of all butterXy species, forest species and
threatened species. Bars of the same colour sharing no letter are signiWcantly diVerent (Tukey test, P < 0.05).
Habitat types: FB Wrebreaks, PP1 herbaceous clearcuts, PP2 shrubby clearcuts, PP3 young pine stands, PP4
mid-class pine stands, PP5 older pine stands, DW deciduous woodlands
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Among the 33 species analysed 18 had a signiWcant IndVal index at one or several levels of
the typology and eight species had their maximum value at the Wrst level regrouping all plots
(Fig. 3). Three species had their maximum value in deciduous woodlands and ten species in
Wrebreaks. Three species were characteristic for open sites and two for forested sites, but no
species were characteristic for pine stands at lower levels of the hierarchic typology (Fig. 3).

Composition of species communities

The eigenvalues of the Wrst two axes of a CA on a 33 species £ 83 plots matrix, were,
respectively, 0.62 and 0.45; further axes had an eigenvalue of 0.29 or less (total inertia of
CA was 3.83). The Wrst axis separated the deciduous woodland plots from the other plots;
the second axis did not show a clear separation between the diVerent pine stands, clearcuts
and Wrebreaks (Fig. 4).

In the CCA with seven habitat types as environmental variables, three signiWcant vari-
ables were retained (Table 3), which explained together 17.4% of total CA inertia
(P = 0.001). The Wrst axis (eigenvalue 0.44) was correlated with the deciduous woodland
habitat; the second axis was mainly related to Wrebreaks and had an eigenvalue of only 0.16.

In the CCA with 14 plot variables as environmental variables, six signiWcant variables
(Table 3) were retained by the forward selection procedure, which explained 27.5% of total
variation (P = 0.001). The eigenvalues of the Wrst two axes were 0.45 and 0.33, respectively.

Fig. 3 Indicator species for the diVerent levels of the hierarchic site typology. Species are only mentioned at
the level where they have their maximum, signiWcant indicator value (indicator value between parentheses)
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The second axis opposed sites dominated by M. caerulea to sites with a high cover of her-
baceous dicotyledons and U. europaeus, and a higher nectar abundance.

Forward selection procedures of landscape variables in CCA resulted in the selection of
four signiWcant landscape variables (Table 3), which explained 18.0% of total variation
(P = 0.001). The Wrst two CCA axes had eigenvalues of 0.28 and 0.19. The Wrst axis was
correlated with the amount of deciduous woodlands in the landscape, the second axis
opposed landscapes with a high cover of Wrebreaks to landscapes with a high cover of
shrubby clearcuts.

Canonical Correspondence Analysis with these 13 selected variables combined
explained 41.7% of species variation (P = 0.001). Examination of the CCA plot (Fig. 5)
shows that the Wrst axis opposed forest species such as P. aegeria, A. paphia, N. quercus
and L. reducta which were associated with deciduous woodlands (DW and %DW) to spe-
cies found in pine stands and Wrebreaks (e.g. C. oedippus, M. dryas and C. argiades). Best
correlated with the second axis were the percentage cover of M. caerulea (%Mcae) in the
plot and the percentage shrubby clearcuts (%PP2) in the landscape on the positive side of
this axis and the percentage cover of herbaceous dicotyledons (%Dicots), of U. europaeus
(%Ueur), the Xower abundance (Nectar) and the percentage of Wrebreaks in the landscape
(%FB) on the negative side. The second axis is therefore mainly correlated with the vegeta-
tion composition in pine stands and Wrebreaks. Species such as C. oedippus, H. morpheus
and M. dryas were found in open pine stands and Wrebreaks with a high cover of M. caerulea
and located in landscapes with a high cover of clearcuts. Species at the opposite end of the

Fig. 4 Correspondence Analysis ordination of the 83 inventoried plots (axes 1 and 2). The position of the
name of each habitat type indicates the mean position of plots belonging to that habitat type. DiVerent symbols
indicate the position of the diVerent plot types. Plot types: FB Wrebreaks (white circles), PP1 herbaceous
clearcuts (white diamonds), PP2 shrubby clearcuts (black diamonds), PP3 young pine stands (white trian-
gles), PP4 mid-class pine stands (grey, inversed triangles), PP5 older pine stands (black triangles), DW
deciduous woodlands (black squares)
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second axis were more abundant in stands with U. europaeus or were found in plots
(mostly Wrebreaks) with higher % dicotyledons. The third axis (eigenvalue 0.21) opposed
the Wrebreaks (axis positively correlated with FB, %FB and ED) to the pine stands (corre-
lated with PP4, %Ueur). Positively associated with this axis were for example E. aurinia,
T. lineola and Melitaea cinxia.

The decomposition of the variation in independent and confounded eVects of the three
variable subsets is shown in Fig. 6. The pure eVects of plot variables, habitat-types and
landscape features accounted for 12.8, 5.1 and 6.7% of variation, respectively (all signiW-
cant P = 0.001). All variable subsets provided an independent, additional contribution to
the explained variation, but the independent eVect of plot variables was the most important.
Analysis of the independent eVect of each variable, after controlling for the variation
explained by the other two subsets, revealed a signiWcant eVect of most variables (Table 3).
Only the habitat type mid-class pines (PP4) and the landscape variable % shrubby clearcuts
(%PP2) were no longer signiWcant.

Discussion

Conserving biodiversity in plantation forests is becoming increasingly necessary because
the area of planted forests continues to increase worldwide. In Europe, for example, the
area of plantation forests augmented from 8.6 to 10.5 million hectares in the period of
1990–2005 (FAO 2007). One conservation option is to improve biodiversity within stands
by adapting stand management (Kerr 1999; Lindenmayer and Hobbs 2004). However,

Table 3 Selected variables per variable subset in order of selection during the stepwise selection procedure
in CCA, the additional variance explained by each variable at the time of inclusion, the % variance explained
by each variable subset and the % variation explained by each variable using the variables in the two other
subsets as covariables (partial CCA) and the associated probability (P)

ns Not signiWcant (P > 0.05)

Variable Additional % 
explained
in forward
selection

% Variation 
explained per 
variable set

% Explained 
when two other 
subsets used 
as covariables

P

Habitat type 17.4
DW (deciduous woodlands) 11.2 1.9 0.002
FB (Wrebreaks) 4.2 2.2 0.001
PP4 (mid-class pine stands) 1.9 1.0 ns
Plot variables 27.5
%Mcae (% Molinia caerulea) 9.3 5.1 0.001
%Oth-shrub (% other shrubs) 8.0 1.8 0.018
Nectar 4.0 1.9 0.007
%Ueur (% Ulex europaeus) 2.4 2.7 0.001
%Paqu (% Pteridium aquilinum) 2.1 2.1 0.006
%Dicots (% herbaceous 

dicotyledons)
1.7 2.5 0.002

Landscape variables 18.0
%DW (% deciduous/mixed 

woodlands)
6.8 2.4 0.003

%PP2 (% shrubby clearcuts) 5.1 1.0 ns
%FB (% Wrebreaks) 3.9 1.6 0.025
ED (edge density) 2.2 2.3 0.002
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large-scale intensive stand management may impede the presence of many species, and the
role of semi-natural habitat remnants within plantation landscapes may be essential (Lin-
denmayer and Hobbs 2004; Fischer et al. 2006).

Importance of semi-natural habitats in plantation landscapes

This study conWrms the importance of semi-natural habitats for butterXies in pine plantation
landscapes. Both herbaceous Wrebreaks and deciduous woodlands were characterized by
the presence of butterXy species not or rarely found in pine stands. Firebreaks were more
species-rich than the other habitat types and several butterXy species were almost exclu-
sively found in Wrebreaks (e.g. M. cinxia, P. icarus, T. lineola and E. aurinia). The higher
species richness of Wrebreaks might be largely attributable to their more diverse herbaceous
vegetation, providing a greater and more diverse Xower abundance (nectar) and hostplants

Fig. 5 Canonical Correspondence Analysis ordination biplot (axes 1 and 2) with plot, habitat and landscape
variables represented by arrows and butterXy species by diamonds. Names of butterXy species are indicated
only for species that are explained for more than 25% by the CCA. For legend of environmental variables see
Table 1. ButterXy species: Apap Argynnis paphia, Bcir Brintesia circe, Carc Coenonympha arcania, Carg
Cupido argiades, Ccro Colias croceus, Coed Coenonympha oedippus, Cpam Coenonympha pamphilus, Eaur
Euphydryas aurinia, Grha Gonepteryx rhamni, Hmor Heteropterus morpheus, Hsta Hipparchia statilinus,
Lphl Lycaena phlaeas, Lred Limenitis reducta, Mcin Melitaea cinxia, Mdry Minois dryas, Mjur Maniola jur-
tina, Nque Neozephyrus quercus, Paeg Pararge aegeria, Pica Polyommatus icarus, Pmal Pyrgus malvoides,
Prap Pieris rapae, Ptit Pyronia tithonus, Tlin Thymelicus lineola
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not or rarely found in forest stands, such as Plantago lanceolata and herbaceous Fabaceae.
Micro-climate and especially high insolation alone does not seem to explain diVerences in
butterXy richness since open areas such as clearcuts had a lower species richness than Wre-
breaks.

Deciduous woodlands were also characterized by the presence of several characteris-
tic species. P. aegeria was very typical for deciduous plots and together with A. paphia
and N. quercus formed a group of species associated with deciduous woodlands.
Although our study was performed in a well-forested region the number and abundance
of typical forest species was low and these species were mainly present in deciduous
woodland patches. This study conWrms thereby the fact that coniferous forests do not
represent a suitable habitat type for most forest butterXies (Ebert and Rennwald 1991).
Deciduous woodlands, on the contrary, provide hostplants for butterXy species feeding
on broadleaved trees (e.g. Quercus sp. for N. quercus), have a more diverse herbaceous
vegetation (with Viola sp. for A. paphia), oVer a more varied structure for mate Wnding
behaviour and probably provide more spatial variation in micro-climate than pine planta-
tions. These diVerences between deciduous woodlands and pine stands are due to their
diVerent tree composition but also to their diVerent management. Plantation stands are
typically characterized by a uniform and intensive management, whereas management of
deciduous woodlands is more variable in time and space allowing a greater structural
diversity.

Although the butterXy communities of pine stands seem to resemble to those of Wre-
breaks (Fig. 4), they harbour only half the number of species compared to Wrebreaks and no
characteristic species. Apparently butterXy communities of pine stands represent an impov-
erished version of Wrebreak communities. The diVerent successional stages of pine stands
show no clear diVerences in butterXy community composition but several species (e.g. C.
oedippus, M. dryas and O. venata) were less abundant in mid-class pines than in young and
older pine stands because of higher canopy cover.

Fig. 6 Decomposition of the variance in butterXy community structure explained by plot variables, habitat
type and landscape variables in independent and confounded eVects using several partial CCA’s. Parts A, B
and C represent the independent eVects of plot, habitat and landscape variables, respectively, parts D, E, F
and G indicate the joint eVects. SigniWcance levels are based on 999 Monte Carlo permutations:
***P = 0.001. The area of each circle is proportional to the variance explained by that group of variables. The
total variance explained by the three sets of variables is 41.7%
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Relative eVects of plot and landscape variables

Comparing the independent eVect of plot, habitat and landscape variables revealed clearly
the important eVect of understorey vegetation on butterXy communities. ButterXy species
show preferences for certain vegetation types and speciWc growing conditions of their
hostplants and it is therefore logical that local factors are the most important for this
taxonomic group (Thomas et al. 2001). The composition of understorey vegetation
explained diVerences in butterXy community structure that were not explained by habitat
type. The most important plot variable was the M. caerulea cover. This grass species dom-
inates in sites with a high soil moisture and the second axis of the CCA is explained by a
gradient in vegetation composition related to soil moisture. A group of species (C. oedippus,
H. morpheus and M. dryas) was positively associated with sites dominated by M. caerulea,
their main hostplant in the studied region. Cover by U. europaeus and by dicotyledons were
best correlated with the opposite side of the second axis. The U. europaeus cover is
however not directly related to the butterXy species (as hostplant or nectar plant) but
moderate cover by this shrub characterizes drier pine stands, with butterXy species such as
L. phlaeas and H. statilinus. Cover by dicotyledons, that may be nectar- or hostplants for
several species, was higher in herbaceous Wrebreaks than in other habitat types and was
associated with the presence of L. phlaeas, P. icarus, T. lineola, M. cinxia and C. croceus.

The proportion of explained variance in CCA is low, but this is a common feature in
multi-variate analysis of ecological communities (e.g. Jeanneret et al. 2003b; Titeux et al.
2004; Aviron et al. 2005; Schweiger et al. 2005). The aim of CCA is to identify important
environmental variables and even low percentages might be informative (Ter Braak 1986).
By introducing more environmental variables, the proportion of explained variance will
necessarily increase, but for a meaningful analysis the number of environmental variables
should not be more than c.10% of the number of plots (Lebreton et al. 1988). A part of the
unexplained variance in our study may be due to variables that were not measured, such as
intra-plot variation in vegetation composition and canopy cover, or diVerences in manage-
ment regimes.

Landscape attributes explained an independent part both in partial CCA analysis and in
GLM modelling, thereby conWrming that diVerent organization levels should be considered
when explaining species abundance patterns (Wiens 1989). In partial CCA the only signiW-
cant landscape composition variables were the percentage cover of deciduous woodlands
and Wrebreaks. Since the surveyed plot was included in the calculation of landscape met-
rics, this eVect of habitat amount can either be an eVect of habitat patch size or an eVect of
landscape supplementation, i.e. the use of several, similar patches within a landscape (Dun-
ning et al. 1992). Larger patches or more patches tend to supply a greater diversity of envi-
ronmental conditions and support more species. A positive eVect of woodland area within
1 km on butterXy diversity was also demonstrated by Shreeve and Mason (1980) and by
Baz and Garcia-Boyero (1995). Edge density explained also a signiWcant, independent part
of community variation. A high ED may be positive for species using herbaceous strips
along stand edges or for multi-habitat species (habitat complementation) (Duelli 1997). A
positive or negative eVect of increased ED and the associated fragmentation will however
also depend on the observed species and the studied landscape type. ButterXy species char-
acteristic for large woodlands are probably sensitive to fragmentation, but these species are
very rare or absent in our study area.

The relatively low percentage of variation explained by landscape variables (18.0%,
independent eVect 6.7%) can be due to several factors. Possible landscape eVects may be
masked by the important variation in plot types (diVerent stand types and understorey
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vegetation) compared to the variation in landscapes. To study landscape eVects more accu-
rately, we suggest the selection of the same plot type in a range of landscapes diVering in
composition and structure (Bergman et al. 2004). This may also permit to separate eVects
of landscape composition and fragmentation. Analysing the landscape at larger scales
might also reveal additional eVects. However, butterXy studies that examined the eVect of
diVerent buVer sizes show contradictory results (Weibull et al. 2000; Krauss et al. 2003;
Bergman et al. 2004). DiVerences in landscape types and their associated key factors may
be responsible for these contradictions. Finally, landscape analysis also depends on the
accuracy and choice of the patch typology. A patch typology based on a combination of
stand type and understorey vegetation might have better described diVerence in habitat
quality for the studied butterXy species. It would also have allowed the establishment of
species (or guild) speciWc habitat maps (Li and Wu 2004) and to reveal more or less iso-
lated habitat patches that do not appear in the current typology. Such a typology can how-
ever not be based exclusively on aerial photos.

The presence of threatened species

Threatened butterXy species, such as C. oedippus, M. dryas, H. morpheus and H. statilinus,
were observed both in pine stands and Wrebreaks, but they were more abundant in the latter.
Firebreaks can therefore function as an essential reservoir/source in the landscape.
Wahlberg et al. (2002) demonstrated in Finland that the continued presence of meadows
was necessary for the survival of E. aurinia, a species occurring both in meadows and in
clearcuts. Firebreaks may play the same role in our dynamic landscape. It seems however
likely that the large areas of pine stands play a role as alternative habitat and refugium for
species occurring both in Wrebreaks and pine stands, that they improve landscape connec-
tivity and that they buVer the semi-natural habitats (Aberg et al. 1995; Lindenmayer and
Franklin 2002; Lindenmayer and Hobbs 2004; Aune et al. 2005). The presence of threat-
ened butterXy species in a landscape dominated by pine plantations argues for their poten-
tial conservation value. The ‘Landes de Gascogne’ forest is characterized by oligotrophic
habitat conditions occurring over large areas; conditions that tend to disappear under
agricultural and urbanization pressure elsewhere. Typical butterXies of nutrient poor habi-
tats are therefore threatened in several European countries, but are still occurring regularly
in the studied region.

Nevertheless, this study does not show the possible negative eVects of pine plantations
on butterXy species present before the massive aVorestation carried out in the 1850s, when
the landscape was dominated by large, mainly wet heathlands. It seems likely that several
butterXy species might have seriously declined as a consequence of the huge habitat trans-
formation. Some of these species such as Maculinea alcon, Plebejus argus and P. idas are
very rare in the Landes de Gascogne forest and survive nowadays in isolated areas of heath-
land vegetation (military zones and some Wrebreaks). The nowadays relatively rich Wre-
breaks may thus represent an impoverished version of the original species pool of large
heathlands.

How to improve butterXy diversity in plantation forests

The enhancement of biodiversity within plantation forests should include measures to
promote woodland habitats for forest species, but should also include measures to retain
rare or specialist species of pre-planting habitats (Oxbrough et al. 2006). In the study area,
forest butterXies were mainly found in deciduous woodlands and their presence was
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correlated with the extent of these woodlands, suggesting that habitat thresholds may exist.
Bergman et al. (2004), for example, showed a sharp increase in occupancy probability for
several butterXy species when the cover of deciduous forest/semi-natural grassland was
higher than values between 2 to 12%. Our analyses do not provide an estimation of how
much deciduous woodland is needed to conserve characteristic species. Species such as A.
paphia and L. reducta were more abundant in larger deciduous woodlands, but these were
also the more varied and humid riparian forests so that the eVect of habitat quality and
quantity are diYcult to separate.

In our study area rare or threatened species were most abundant in Wrebreaks and the
conservation and management of open spaces can be considered as an important technique
of nature conservation within plantations (Gittings et al. 2006). In the Republic of Ireland,
for example, all grant-aided aVorestation should contain 5–10% open space (Gittings et al.
2006). Recommendations for an optimal width of Wrebreaks for butterXies are diYcult to
give, based on the results of our study. For the 12 surveyed Wrebreaks, with a width varying
from 15–90 m, no signiWcant relation between species richness and Wrebreak width could
be demonstrated. Oxbrough et al. (2006) showed for ground dwelling spiders that open
spaces of <15 m wide did not support an open spider fauna due to the inXuence of the tree
canopy. This suggests that Wrebreaks of 15 m may already be large enough to harbour a
fauna of open spaces. The minimal width depends also on the neighbourhood of the Wre-
break (e.g. bordered by a high-forest stand or by a road) and its orientation, which will
aVect the light conditions (Ferris and Carter 2000). The actual management of Wrebreaks in
the studied area is very variable (varying from annual mowing to about once every 8 years)
and this variation is partly responsible for their diverse butterXy composition. The vegeta-
tion diversity within Wrebreaks can be increased and the temporarily negative impact of
management reduced by a more varied management regime within Wrebreaks. For wide
forest rides Ferris and Carter (2000) recommend a system with three diVerent intervention
frequencies. Comparable systems could be used in Wrebreaks, creating a more natural forest
edge and by maintaining the largest part of the Wrebreak as herbaceous vegetation with a
varied structure and composition.

The fact that composition of understorey vegetation explained the largest part of but-
terXy community composition implies that management within pine stands (e.g. removal of
shrub layer, thinning, soil preparation before planting) and other habitats will directly aVect
butterXy diversity. In the Landes de Gascogne forest butterXy composition was most
strongly inXuenced by diVerences in vegetation composition related to soil humidity. Main-
taining existing humidity gradients and conserving the wet areas in the landscape are there-
fore decisive measures in conserving butterXy diversity in all habitat types, especially
because silvicultural and agricultural practices tend to decrease soil moisture. Within-stand
variation in canopy cover or understorey vegetation was not measured in this study, but
Weld observations showed that butterXies were more abundant in gaps or in parts of stands
with a lower canopy cover. Maintaining this variation within pine stands will therefore be
proWtable for butterXies. The positive eVect of more open pine stands on butterXy species
richness and composition has also been demonstrated in Pinus ponderosa (Waltz and Cov-
ington 2004) and Pinus edulis/Juniperus monosperma forests (Kleintjes et al. 2004). This
eVect was attributed to a higher light intensity (Waltz and Covington 2004) or to an
increase in understorey cover (Kleintjes et al. 2004). Field observations also suggested the
importance of variation in understorey vegetation composition. Most of the observed
butterXies depend on herbaceous plants as hostplants, but some use shrubs or trees. Stand
management trying to create a varied understorey vegetation dominated by herbs but with
presence of some shrubs or deciduous trees seems most beneWcial for butterXies. A more
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varied management of understorey vegetation (managing only one row out of two as
observed in some stands) will favour vegetation diversity.

Conclusion

Three factors appear to have an important eVect on butterXy richness and community com-
position in the studied pine plantation landscape: the presence of deciduous woodlands, the
presence of Wrebreaks and the variation in understorey vegetation, related to both soil mois-
ture and management practices. Explanatory factors measured at the local scale (plot vege-
tation and habitat type) explained the largest part of community variation, but landscape
factors explained an additional, independent part. This conWrms the importance of multi-
scale analyses to explain patterns of biodiversity. Our study demonstrates the importance of
interstitial habitats at the landscape level and shows that stand management can inXuence
butterXy diversity, mainly by maintaining a diverse herbaceous layer.
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