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Towards a better pesticide policy for the European Union

in the literature. It is indicated where further research may be necessary. In addition, suggestions for the establishment of a comprehensive and responsive database consisting of research findings obtained by a broad combination of (alternative) techniques for a more reliable knowledge on the environmental behavior of pesticides are provided.

Preview of this thesis

This thesis is divided into six chapters (Thesis outline Figure ).

Chapter 1 is a general introduction containing background information on the topics that chapters 2 to 5 are based upon. It introduces the pesticide benefit to humanity regarding its important role in modern agriculture, and its downside regarding adverse effects in the environment and for human health. It indicates that the environmental risk assessment procedure of pesticides needs improvements that may be achieved by reforms of the current pesticide policy, and states that especially the impact of pesticides on soil microorganisms important for ecosystem functioning is not sufficiently evaluated during the pesticide authorization process. Moreover, this chapter provides an overview of currently available methods able to evaluate potential pesticide impacts on soil microorganisms, including (i) quantitative and qualitative approaches in analytical chemistry to estimate the exposure of an ecosystem to pesticides and their transformation products (TPs), and (ii) International Standard Organization (ISO) approaches and 'under-development techniques' such as Illumina next-generation sequencing to study the response of soil microorganisms to pesticide exposure. Furthermore, this chapter presents the interest of using pesticide degradation-encoding genes as bioindicators sensitive to pesticide exposure. It explains the contribution of this thesis to a European Marie Curie project ('Love-to-Hate') and describes the main characteristics of the three chosen model pesticides chlorpyrifos (CHL), isoproturon (IPU) and tebuconazole (TCZ). Finally, the chapter provides the aim of this thesis and the research questions that were aimed to answer by this research.

Chapter 2 focuses on pesticide environmental risk assessment. It aims to support the ongoing debate of the society about weaknesses in the current pesticide legislation in Europe. The pesticide authorization process is thoroughly explained and weak points in the pesticide environmental risk assessment are identified. Furthermore, the chapter discusses possibilities for improving the robustness and reliability of the pre-and postregistration regulatory framework of pesticides.

Chapter 3 investigates the dissipation of CHL, IPU or TCZ in an agricultural soil (agricultural field in North Italy) and is subdivided into two parts. Chapter 3.1 aims to estimate the level and duration of the exposure of soil microorganisms to the three studied pesticides (applied at three different concentrations). Their dissipation and the Thesis outline formation and dissipation of their main TPs in soil are quantified, as evaluated in a microcosm and a field study. Moreover, the sorption of these molecules to soil is estimated from a batch study. As reference standards of potentially interesting TCZ TPs were not available, their formation, dissipation and soil sorption were not evaluated in this chapter. This lack induced the additional study presented in Chapter 3.2 describing a newly combined approach of (i) suspect screening for the identification of known and unknown (suspected) molecules without the imperative need of reference standards and (ii) molecular typology for the characterization of identified molecules. The development of this approach enabled the comprehensive identification and characterization of TCZ TPs in soil during the field study mentioned before.

After defining the pesticide exposure scenario via the research on the environmental dissipation of pesticides, the aim of Chapter 4 is the evaluation of the ecotoxicological impact of pesticides on soil microorganisms. In Chapter 4.1, the impact of a single application of the three pesticides on soil bacteria (lower tier pesticide exposure scenario) is evaluated in the microcosm and field studies described before. To achieve this aim, soil DNA was extracted and bacterial DNA (the hypervariable V3-V4 region of the 16S rDNA) was amplified and then analyzed by Illumina next-generation sequencing. In Chapter 4.2, the impact of the repeated application of CHL and TCZ (higher tier pesticide exposure scenario) on their mineralization pattern in soil, on soil buffering functions for other molecules, and on soil bacteria (the latter evaluated by Illumina next-generation sequencing) was assessed.

In Chapter 5, the possibility of using pesticide degradation-encoding genes as bioindicators for the pesticide degradation potential of a soil was tested by quantifying the abundance of pdmA and pdmB genes (involved in IPU degradation) as bioindicators for IPU degradation in two Central Eastern French soils in a microcosm and a field study.

Chapter 6 is a general discussion critically analyzing the findings of this thesis. It describes the feasible changes of the current pesticide policy that would be necessary to make the pesticide authorization process scientifically more reliable. Moreover, forces and weaknesses of the proposed changes are discussed. Furthermore, this chapter provides a critical review on the approaches and methods used in this thesis. The originality as well as weak points of both the experimental set-ups and applied methods are elaborated and improvement suggestions are presented. Moreover, the findings for each studied pesticide are separately discussed and compared to the knowledge found Thesis outline

Environmental pollution by anthropogenic compounds

The ambition of mankind to improve life quality has great benefits for humanity but has also strongly affected the environment for centuries. According to the Nobel Prize chemist Paul Crutzen, our planet has entered the Anthropocene, a new epoch that is dominated by intense human activities causing global environmental changes (Crutzen, 2002). Nowadays, an incredibly large variety of compounds of anthropogenic origin is present in the environment all over the world and threatens environmental quality and human health (Hutzinger, 2013;Lewis and Maslin, 2015). Among these compounds, pesticides are one of the few chemicals that are intentionally released at large scales into the environment (e.g. into agro-ecosystems to protect crops). As a result of their widespread use, pesticide residues are major environmental contaminants contributing to environmental pollution (Rathore and Nollet, 2012). This paradox has its origin in weighing up pesticide benefits against pesticide hazards.

Pesticides

Today, around 2.4 million tons of pesticides (active substances) are released into the environment worldwide each year (U.S. EPA, 2011), whereof 80 % are used in agriculture (Enserink et al., 2013). Agricultural ecosystems are particularly important for humanity, because they provide us with one of our basic needs: food. Since the early 1940s, pesticides emerged as a powerful tool to secure food yield and quality by protecting crops from various pests, and since then have been extensively used all over the planet (Rathore and Nollet, 2012;[START_REF] Singh | Pesticide chemistry and toxicology[END_REF]. They can be classified according to their target organisms with three majorly used groups: Insecticides used against insects, herbicides used for growth control of various weeds, and fungicides effective to control fungal diseases (Gilden et al., 2010), which account for 30 % (insecticides), 40 % (herbicides) and 10 % (fungicides) of the global pesticide market (Enserink et al., 2013).

Other possibilities to classify pesticides are based on their mode of action [START_REF] Mallory-Smith | Revised classification of herbicides by site of action for weed resistance management strategies[END_REF][START_REF] Maltby | Fungicide risk assessment for aquatic ecosystems: Importance of interspecific variation, toxic mode of action, and exposure regime[END_REF][START_REF] Sparks | IRAC: Mode of action classification and insecticide resistance management[END_REF] or their molecular characteristics (Servien et al., 2014). More than 500 different plant protection products (PPPs, containing the active substance(s) and other chemicals) are used worldwide in agriculture (Arias-Estevez et al., 2008). Figure 1.1 shows a world map illustrating the important pesticide use all over the globe between 2005 and 2009 (Enserink et al., 2013). Unfortunately, only a tiny part of sprayed pesticides ends up in its target organism, while the rest stays on crops and reaches the agricultural soil, from where it can contaminate surrounding environments such as rivers or groundwater, can enter the food chain and harm non-target organisms (Jeyaratnam, 1990;Malaja et al., 2013;Zhang et al., 2011). Thus, the behavior of pesticides in soil usually determines the extent of pollution [START_REF] Barriuso | Les pesticides et les polluants organiques des sols[END_REF]. The reduction of their environmental impact requires understanding of the processes to which they are exposed. Depending on their characteristics, pesticides can be rapidly degraded [START_REF] Yu | Rapid degradation of butachlor in wheat rhizosphere soil[END_REF] or be quite persistent in the environment (Edwards and Adams, 1970). They can sorb to agricultural soil (Baskaran et al., 2003) or be volatilized to the atmosphere or transported to water resources by run-off or leaching [START_REF] Lindahl | An indicator of pesticide leaching risk to groundwater[END_REF] (Figure 1.2). Moreover, pesticides tend to turn into transformation products (TPs) by abiotic or biotic transformation in the environment, which can imply greater hazards to non-target organisms than the parent molecule (Fenner et al., 2013). Soil microorganisms play an important role in the dissipation processes as they can contribute to the environmental biodegradation of pesticides, which can constitute a

Chapter 1 General introduction 20 nutrient and energy source to them (Copley, 2009). Extensive knowledge about these processes is crucial to predict potential risks for the environment and needs to be comprehensively involved in the environmental risk assessment of pesticides. [START_REF] Barriuso | Les pesticides et les polluants organiques des sols[END_REF].

Environmental risk assessment of pesticides

In the European Union (EU), a statutory pesticide authorization process is the prerequisite for the market permission of a pesticide. After the invention of a new pesticide, its behavior in the environment and its potential hazards for non-target organisms are investigated during an environmental risk assessment procedure at EU and national level prior to its authorization. Only active substances that are registered on the EU's list of approved active substances and subsequently authorized as PPPs by each EU Member State are released into the environment. Despite these efforts to minimize environmental risks, the safe use of pesticides appears to be one of the biggest challenges of sustainable agriculture, because pesticide residues remain one of the most widespread pollutant groups worldwide (Rathore and Nollet, 2012). The pesticide authorization process is heavily criticized by the society for being relatively inefficient and for compromising a non-precautionary principle [START_REF] O'reilly | Decision in case 12/2013/MDC on the practices of the European Commission regarding the authorisation and placing on the market of plant protection products (pesticides)[END_REF]. In this context, improvements of the current pesticide policy may be a good leverage, and are elaborated in an opinion paper (Chapter 2).

Especially the impact of pesticides on soil microorganisms is not sufficiently evaluated during the environmental risk assessment of pesticides. This may be due to the fact that the EU soil protection framework that was proposed to the European Commission (EC) more than 10 years ago ( Van-Camp et al., 2004) is still not implemented. Soil is a limited resource that provides a unique habitat for a large variety of organisms including soil microorganisms. One gram of soil can contain one billion of bacteria and one million of fungi that support a range of processes with impacts at the global scale (Blum, 2006;Bondeau et al., 2007;Graham et al., 2016). They contribute to ecosystem functions such as food supply, water quality, carbon cycling, climate regulation, and pollutant degradation (Haygarth and Ritz, 2009;Hillel, 2009), whose annual economic value is estimated to be around 1.3 trillion Euros (Pimentel et al., 1997). The European soil biodiversity expert group identified intensive agricultural use as one of the major pressures on soil organisms [START_REF] Gardi | An estimate of potential threats levels to soil biodiversity in EU[END_REF]Jeffery et al., 2010).

Although the preservation of agricultural soil quality was identified as one of the main objectives of the 21 st century (Jones et al., 2009;Lal, 2008;Lichtfouse et al., 2009), the soil protection framework is still not implemented as according directive.

Till today, the impact of pesticides on soil microorganisms is only slightly reviewed in the respective risk assessment documents, solely based on carbon and nitrogen mineralization tests in soil. These tests are not good indicators for the microbial toxicity of pesticides because these processes can be maintained regardless of significant toxic effects, as tolerant microbes can increase their population at the expense of sensitive microbes (Van Beelen and Doelman, 1997).

Recently, Martin-Laurent et al. (2013) proposed to revise the regulatory framework regarding the assessment of the toxicity of pesticides on soil microorganisms. Moreover, the European Food Safety Authority (EFSA) proposed new specific protection goals covering soil ecosystem services potentially affected by the use of pesticides (EFSA, 2010), and identified microorganisms as one of seven key drivers of soil ecosystem services (such as nutrient cycling, water purification, soil remediation, waste treatment, soil formation and retention, pest and disease regulation, genetic resources, education and inspiration, and food) to be protected. EFSA proposed specific protection goals to exclude (i) unacceptable effects on functions of microbial communities and (ii) a decrease of biodiversity. The conservation of microbial diversity in soil is important, as high diversity is thought to provide an ecological insurance with high tolerance to a range of environmental stress. Indeed, it was found that the functional operating range (FOR, i.e. the range of environmental conditions under which a community or ecosystem is able to maintain its functions) of microbial communities decreases when microbial diversity decreases [START_REF] Hallin | Soil functional operating range linked to microbial biodiversity and community composition using denitrifiers as model guild[END_REF]. This implies that a high soil microbial diversity ensures a more robust maintenance of ecosystem functions at extreme environmental conditions, while a lower diversity causes more limited ecosystem functions under extreme environmental conditions (Figure 1.3). Furthermore, after exposure to a stress, microbial communities have the capability to recover by resilience. The concept of ecological recovery is as an important issue in environmental science (Montoya et al., 2012) (Figure 1.4). This concept implies that an ecological metric (e.g. population size) may decrease in response to the exposure to a chemical pollutant (such as pesticide residues) above environmental thresholds and thus may not act within its normal operating range (NOR) anymore. After the decline of the exposure to a given stress (e.g. pesticide residue exposure), the ecological metric may return to its NOR (ecological recovery). EFSA has internalized this concept and recently suggested to consider the temporal and spatial ecological recovery of non-target organisms exposed to EUregulated stressors in environmental risk assessment frameworks (EFSA, 2016a).

However, these two new concepts (i.e. protection of soil ecosystem services and ecological recovery) have only been proposed by EFSA in two scientific opinions that

have not yet been fully implemented in the pesticide regulatory frameworks.

In this context, as underlined in a recent scientific opinion of EFSA addressing the state of the science on pesticide risk assessment on soil organisms (EFSA, 2016b), the development and implementation of comprehensive and robust methods for the evaluation of potential pesticide effects on soil microorganisms could contribute to the improvement of pesticide environmental risk assessments.

Available approaches for assessing pesticide impacts on soil microorganisms

Assessment of the exposure scenario of soil microorganisms to pesticides

The first step in the assessment of ecotoxicological impacts of pesticides on soil microorganisms is a profound knowledge about their dissipation to enable the estimation of the level and the duration of the exposure of the soil microorganisms to pesticides. In this context, the main abiotic and biotic processes responsible for pesticide dissipation have to be studied, such as (i) sorption of pesticides to soil components, (ii) abiotic degradation or transformation and biotic (metabolic or co-metabolic) degradation or transformation, and (iii) transfer to different parts of the environment by various means (run-off, leaching, volatilization).

It is recommended by the Organisation for Economic Co-operation and Development (OECD) to estimate the sorption behavior of a pesticide to soil by application of the standard batch equilibrium method (OECD-Guideline 106, 2000; Chapter 3.1). However, although it estimates the soil sorption affinity of pesticides, this technique has some drawbacks because it does not take into account the mobility of a pesticide. From this point of view, sorption studies carried out in undisturbed soil columns are more realistic [START_REF] Dagès | Seepage patterns of diuron in a ditch bed during a sequence of flood events[END_REF], notably because they take into account the rapid pesticide transport through soil macropores [START_REF] Pot | Impact of rainfall intensity on the transport of two herbicides in undisturbed grassed filter strip soil cores[END_REF].

To study the degradation of pesticides and their known TPs in soil, targeted analytical approaches able to quantify a known molecule can be used. One approach is radiorespirometry to monitor the evolution of 14 CO2 from a 14 C-labelled pesticide. This approach has the advantage of enabling the establishment of a mass balance of 14 Cresidues in soil ( 14 CO2, 14 C-extractable and 14 C-bound pesticide residues) and is usually used in the research for pesticide risk assessment studies. Other approaches such as high performance liquid chromatography with photodiode array detection (HPLC-PDA) (Chapter 3.1) or liquid chromatography tandem mass spectrometry (LC-MS/MS) are used depending on the molecule's features to quantify the disappearance of a given pesticide and the formation of TPs. However, from the regulatory point of view, only a limited number of molecules are defined as targets for analytical monitoring methods, so-defined 'ecotoxicologically relevant' pesticide TPs or TPs 'relevant for groundwater contamination' (EU-Regulation 1107/2009/EC; EU-Regulation 283/2013/EC; OECD-Guideline ENV/JM/ MONO (2007MONO ( )17, 2007)). Moreover, the quantification of TPs is only possible by using synthesized reference standards. For these reasons, most of the available studies focus on 'relevant' or already known and synthezised TPs and do not provide any information on other TPs possibly found in the environment.

The analytical techniques able to offer more comprehensive insights into the survey of pesticide TPs are high resolution mass spectrometry (MS) such as quadrupole time-of-flight MS (QTOF-MS) and Fourier transform MS (FT-MS), and nuclear magnetic resonance (NMR) spectroscopy (Ibanez et al., 2005), able to detect unknown molecules (for which reference standards are not available). These approaches are often used in forensics (Reitzel et al., 2012) or medicine (Zeng et al., 2013), where QTOF-MS is used for screening for new unknown molecules and NMR spectroscopy is used for the structural elucidation of a molecule. Although NMR spectroscopy is a powerful tool for the elucidation of molecular structures, it is less appropriate for the analysis of pesticide TPs in environmental samples due to its rather poor sensitivity that is generally three orders of magnitude lower than MS (Ibanez et al., 2005). QTOF-MS was shown to readily detect pesticide TPs by suspect screening of water samples with some limitations in the elucidation of their molecular structure [START_REF] Sancho | Potential of liquid chromatography/time-of-flight mass spectrometry for the determination of pesticides and transformation products in water[END_REF]. Given the high potential of this last approach to search for suspected molecules in environmental samples, it was tested on the detection of pesticide TPs in soil (Chapter 3.2).

By the application of these different approaches, the environmental fate of pesticides can be estimated and the scenario of exposure of soil microorganisms to pesticide residues can be determined.

Assessment of the ecotoxicological impact of pesticides on soil microorganisms

Having estimated the scenario of exposure of soil microorganisms to pesticides, the second step consists in estimating their ecotoxicological effects. Soil microorganisms such as bacteria may sensitively react (or not) to pesticide exposure, either by direct or by indirect effects (Imfeld and Vuilleumier, 2012). Microbial ecotoxicology, a multidisciplinary science interfacing microbial toxicology, microbial ecology and chemistry/physics investigates the potential effects caused by pollutant exposure (such as pesticide residues) on microorganisms (such as soil bacteria) in an ecosystem (such as agricultural soil) (Ghiglione et al., 2016) (Figure 1.5). The evaluation of pesticide impacts on soil microorganisms supporting ecosystem functions remains challenging because pesticide-induced processes in soil are highly complex, and experimental designs (microcosm vs. field study, varying applied pesticide doses etc.) and applied methods variate between different laboratories (Philippot et al., 2012) with the result that research findings often differ from one study to another. To counteract this bias, soil microbiologists and microbial ecologists have developed an impressive toolbox to study variations in the abundance, activity and diversity of soil microbial communities in response to the exposure to various stressors (Martin-Laurent et al., 2013) (Figure 1.6). Microbial ecology methods that are able to analyze those three components of a microbial community are under constant development. The Soil Biological Quality working group of the International Standard Organization (ISO/TC 190/SC4/WG4) with one of the main goals to counteract the loss of soil biodiversity [START_REF] Nortcliff | Standardisation of soil quality attributes[END_REF] defines internationally standardized (ISO) approaches with the potential to estimate the quality of soils by assessing the ecotoxicological impact of pollutants (such as pesticides) on soil microorganisms (Philippot et al., 2012). Currently available ISO methods assessing the abundance, the activity and/or the diversity of soil microorganisms are listed in Table 1.1. Martin-Laurent, 2013 andPhilippot et al., 2012).

The distribution of the number of standardized methods assessing the activity, the abundance and/or the diversity of soil microorganisms is not entirely equal, with seven methods targeting abundance, 16 methods targeting activity, and four methods targeting diversity. Another non-ISO method assessing the microbial activity is stable isotope probing (SIP), a technique allowing the characterization or identification of microbial populations actively involved in specific metabolic processes. Regarding approaches to assess the diversity of soil microbial communities, the ISO 29843-1 and -2 open the path for other standards such as approaches based on taxonomic and target ISO reference year method functional microarrays (Philippot et al., 2012) and ribosomal intergenic spacer analysis (RISA) and amplified ribosomal DNA restriction analysis (ARDRA). Although they have been intensively applied for two decades, these approaches were largely abandoned on the strength of next-generation sequencing methods.

Use of bioindicators to assess the exposure and potential degradation of pesticides

In response to repeated pesticide exposure, a fraction of the microbial community can adapt to this pressure and acquire the ability to use pesticides as an additional nutrient and/or energy source by the expression of catabolic pesticide degradation-encoding genes, leading to accelerated pesticide degradation (Topp, 2003).

It was recently proposed that the abundance of pesticide-degrading genes can be used as a proxy of the pesticide-degrading capability of soil microbial communities (Monard et al., 2013). Indeed, several studies carried out on a range of pesticides including atrazine, 2,4-dichlorophenoxyacetic acid (2,4-D) and diuron showed a positive correlation between the abundance of pesticide-degrading genes (atzA, tfdA and puhA, respectively) and the occurring pesticide degradation (Baelum et al., 2008;Martin-Laurent et al., 2003;Pesce et al., 2013). Monitoring of the pesticide-degrading genetic potential by targeting catabolic genes can not only be used as bioindicator for pesticide degradation but also as bioindicator for pesticide exposure in soil (Monard et al., 2013).

This approach is based on direct soil DNA extraction (ISO 11063, 2012) and gene detection by qPCR (ISO 17601, 2016) or functional gene microarrays (Fenner et al., 2013) and relies on the knowledge of the pesticide degradation pathway and in particular of gene sequences coding for the enzymes involved in it. Unfortunately, only a few pesticide degradation pathways have been discovered in sufficient details, wherefore large-scale applications of monitoring approaches based on genebioindicators are limited.

It is noteworthy that a deep understanding of degradation-encoding genes and notably their clear attribution to the biodegradation process is a prerequisite for reliable conclusions about pesticide exposure or degradation (Bouskill et al., 2007;DeBryn et al., 2007;Kazy et al., 2010;Ogunseitan et al., 2000;Peng et al., 2010). Several drawbacks can make it difficult to use gene-bioindicators for the prediction of pesticide degradation in soil. Indeed, two genes of 99 % similarity can catalyze two different reactions (e.g. the genes atzA and triA that are 99 % similar, but atzA catalyzes the transformation of atrazine while triA calatyzes the transformation of melamine) and may hardly be distinguished by qPCR, therefore potentially leading to an overestimation of pesticide degradation. Similarly, an overestimation of the pesticide degradation can occur if a targeted degrading enzyme is member of a large protein superfamily with various broad-spectrum specificity (Fenner et al., 2013). Moreover, genes with completely different sequences may encode for different enzymes catalyzing the same step in a pesticide degradation pathway, wherefore the quantification of only one of them (as the other may be unknown) can lead to an underestimation of the actual degradation. This was the case in a study by Monard et al. (2010) where the expression of an atrazinedegrading atzA gene in soil was not always detected when atrazine biodegradation occurred, which most likely resulted from the co-existence of trzN, atzB and atzC among the microbial community (Devers et al., 2007). In addition, abiotic pesticide degradation steps further contribute to the underestimation of the actual pesticide degradation or exposure, as it may be the case regarding the abiotic hydrolysis of the insecticide chlorpyrifos to its main degradation product 3,5,6-trichloro-2-pyridinol (Racke et al., 1996). On the top of that, the detection and quantification of pesticide-degrading genes in soil DNA targets the pesticide-degrading genetic potential and does not necessarily guarantee its expression as it may not only be present in active bacteria (Pietramellara et al., 2009;Prosser, 2002;Rocca et al., 2015;Wagner 1994). The quantification of mRNA transcribed from the catabolic gene in response to the presence of a pesticide may be a good option to specifically target active microorganisms involved in the degradation process (Kong and Nakatsu, 2010). Indeed, gene expression of a Dehalococcoides sp. strain CBDB1 was successfully used as a functional indicator for chlorobenzoate dehalogenation in contaminated soils [START_REF] Wagner | Transcription analysis of genes encoding homologues of reductive dehalogenases in "Dehalococcoides" sp. stain CBDB1 by using terminal restriction fragment length polymorphism and quantitative PCR[END_REF]. However, mRNAs are difficult to retrieve from complex environmental samples such as soil. Their 'life time' is very short making it difficult to interprete results at the level of microbial communities. For these reasons, the use of DNA remains the better alternative (Monard et al., 2013).

Despite these difficulties, the possibility to use the quantification of catabolic genes as a proxy of the pesticide degradation ability of soil microbial communities was tested by monitoring isoproturon (IPU) mineralization and pdmA and pdmB genes (involved in IPU degradation) in a microcosm and a field study (Chapter 5).

Usage of catabolic gene-bioindicators remains difficult to achieve but ideally it is a good completion to other techniques investigating the environmental fate of pesticides, such as measuring the mineralization of a pesticide (Piutti et al., 2002), determining pesticide concentrations in environmental samples (OECD-Guideline ENV/JM/ MONO (2007MONO ( )17, 2007)), or detecting new or unknown pesticide TPs (Chapter 3.2). Furthermore, microbial gene sequences coding for pollutant-degrading enzymes can also be used to design probes spotted to DNA microarrays, such as GeoChip 5.0, which contains around 170000 distinct probes covering around 400000 coding sequences (including atz genes involved in atrazine degradation) from around 1500 functional gene families involved in various microbial functions (Gao et al., 2014), to screen soil DNA or RNA for the presence (DNA) or expression (RNA) of microbial functional genes of interest. All of these techniques are under constant development and have their advantages and disadvantages. Their combination can help to obtain a more comprehensive understanding of the environmental fate and ecotoxicological effects of pesticides on soil microorganisms and supported ecosystem services in agroecosystems.

This thesis in the context of a European Marie Curie project

This thesis was part of the European Marie Curie project 'Love-to-Hate' (FP7-PEOPLE-2012-IAPP) funded by the EC (Grant Agreement number 324349) to shed light into the complex interactions between pesticides and soil microorganisms in order to test innovative methods to assess the ecotoxicological impact of pesticides on soil microorganisms. Within this project, pesticide effects on soil microorganisms are assessed from the yin and the yang point of view 1 . The yang side signifies the potential stimulation that pesticides may cause on microorganisms (leading to their adaptation), while the yin side represents their potential inhibition (leading to toxic effects) (Karpouzas et al., 2016) (Figure 1.7). The aim of the project was to establish standardized and novel methods for the assessment of the ecotoxicological impact of pesticides on soil microorganisms. With this purpose, the dissipation of three model pesticides in soil and their impact on soil microorganisms involved in ecosystem functions were investigated in a tiered lab-tofield approach. The three chosen pesticides were the organophosphate insecticide chlorpyrifos (CHL), the phenylurea herbicide isoproturon (IPU) and the triazole fungicide tebuconazole (TCZ) (Figures 1.8,1.9,1.10). These three pesticides are on the European market for quite some time (51 years (CHL), 41 years (IPU) and 28 years (TCZ)) and often detected in the environment worldwide (Börner et al., 2009;Hayes and Laws, 1991;Oerke et al., 1994). Their environmental risk assessment needs to be 1 In Chinese philosophy, the terms yin and yang signify two opposite yet related forces.

revised with up-to-date approaches to draw further conclusions on their potential ecotoxicological impact on soil microorganisms.

The studied pesticides

The organophosphate insecticide CHL (Figure 1.8) is one of the most extensively used moderately toxic insecticides with a broad spectrum of activity (Joseph and Zarate, 2015;[START_REF] Xu | Biodegradation of chlorpyrifos and 3,5,6-trichloro-2-pyridinol by a newly isolated Paracoccus sp. strain TRP[END_REF]. CHL has a high sorption affinity to soil and its degradation proceeds mainly via abiotic or biotic hydrolysis with DT50 values (time in which 50 % of the applied quantity have depleted) ranging from 10 to 120 days in soil (Racke, 1993).

CHL is known to generate (among others) the two TPs 3,5, and CHL-oxon (Figure 1.8) that have the potential to impact non-target organisms. For instance, the hydrolytic TP TCP was suggested to have antimicrobial properties preventing the proliferation of CHL-degrading microorganisms (Racke, 1993). The desulfuration product CHL-oxon was found to be more toxic than its parent molecule (Duirk and Collette, 2006). The ecotoxicological impact of CHL on soil microorganisms is not sufficiently studied in the current environmental risk assessment. Indeed, the nontoxicity of CHL on soil microorganisms reported in the review report of the EC solely relies on carbon and nitrogen mineralization tests (EC, 2005). The five available risk assessment documents established by the EFSA do not contain any information about potential effects of CHL on soil microorganisms (EFSA, 2011a;EFSA, 2011b;EFSA, 2012;EFSA, 2014a;EFSA, 2015a). Many other studies concluded that CHL had effects on soil microorganisms, evaluated throughout changes in microbial biomass, respiration, microbial or enzyme activity or microbial diversity (Chu et al., 2008;Dutta et al., 2010;Eisenhauer et al., 2009;Fang et al., 2009;Gilani et al., 2010;Gupta et al., 2013;Jastrzebska, 2011;Pozo et al., 1995;Srinivasulu and Rangaswamy, 2013;Wang et al., 2010). Interestingly, in several studies, CHL was found to exert short-term inhibitory effects on soil microorganisms in several studies that did not persist (Fang et al., 2009;Pozo et al., 1995), suggesting a possible ecological recovery of soil microbial communities. In addition, various bacterial and fungal soil populations able to degrade CHL have been isolated from soils in response to repeated exposure to CHL (Table 1.2).

Moreover, CHL pathways of biodegradation were described for several microorganisms, and several genes encoding for CHL-degrading enzymes have been identified, such as the mdp gene (methylparathion hydrolase gene) [START_REF] Yang | Cloning of mpd gene from a chlorpyrifos degrading bacterium and use of this strain in bioremediation of contaminated[END_REF][START_REF] Li | Isolation of a chlorpyrifos-degrading bacterium, Sphingomonas sp. strain Dsp-2, and cloning of the mpd gene[END_REF] and the opdA and opdE genes (organophosphate degradation genes) [START_REF] Yang | Evolution of an organophosphate degrading enzyme: a comparison of natural and directed evolution[END_REF][START_REF] Chino-Flores | Isolation of the opdE gene that encodes for a new hydrolase of Enterobacter sp. capable of degrading organophosphorus pesticides[END_REF] (Table 1.2).

The phenylurea herbicide IPU (Figure 1.9) is used for the control of annual grasses and broad-leaved weeds in weed and barley crops (Collings et al., 2013). As a result of its widespread use, IPU is frequently detected in surface and groundwater resources (Shark and Zullei-Seibert, 1995;Skark et al., 2004). IPU shows variable persistence in soil with DT50 values ranging from 3 to 200 days (Alletto et al., 2006). IPU degradation and its main TPs mono-desmethyl-IPU (MD-IPU), di-desmethyl-IPU (DD-IPU), 4-isopropyl-aniline (4-IA) and several hydroxylated compounds are pretty well known (Figure 1.9). Some TPs, in particular 4-IA, have been found to exert higher toxicities than their parent molecule (Alletto et al., 2006;Hussain et al., 2015;Tixier et al., 2002). The risks of IPU on soil microorganisms were interpreted as low in the risk assessment by the EFSA, as effects on carbon and nitrogen mineralization in soil were < 25 % (EFSA 2015b). Other studies concluded small to moderate (sometimes temporary) toxic effects of IPU on soil microorganisms, mostly based on decreasing microbial activity and biomass (Harden et al., 1993b;Kuriyal and Pandey, 1994;Perrin-Ganier et al., 2001;Schuster and Schröder, 1990;Tag-El-Din, 1982). It is noteworthy, that various studies observed an initial increase of soil respiration after IPU treatment (Harden et al., 1993;Perrin-Garnier et al., 2001;Schuster and Schröder, 1990). This was hypothesized to be due to a toxic effect of IPU on sensitive soil microorganisms that may have provided an additional easily degradable carbon source for the respiration of microorganisms resistant to IPU. As a result of repeated exposure to IPU, soil microorganisms were found to perform enhanced biodegradation of IPU. An important number of IPU-degrading microorganisms have been isolated and characterized (see Hussain et al., 2015 for a review). Interestingly, most of the known IPU-mineralizing bacterial isolates belong to the Sphingomonadaceae family [START_REF] Bending | In-field spatial variability in the degradation of the phenyl-urea herbicide isoproturon is the result of interactions between degradative Sphingomonas spp. and soil pH[END_REF]Hussain et al., 2011;Hussain et al., 2009;Sorensen et al., 2001;[START_REF] Sorensen | Growth in co-culture stimulates metabolism of the phenylurea herbicide isoproturon by Sphingomonas sp strain SRS2[END_REF][START_REF] Sun | Isolation and characterization of three Sphingobium sp. strains capable of degrading isoproturon and cloning of the catechol 1,2-dioxygenase gene from these strains[END_REF]. An overview of IPU-degrading bacterial and fungal strains is provided in Table 1.2. Recently, the pdmA and pdmB genes (N-demethylase) coding for two subunits of the enzyme catalyzing the first step of the IPU mineralization pathway were identified (Gu et al., 2013). In addition, the puhA and puhB genes initially found to be involved in diuron degradation in Arthrobacter globiformis D47 [START_REF] Turnbull | Degradation of substituted phenylurea herbicides by Arthrobacter globiformis strain D47 and characterization of a plasmid-associated hydrolase gene, puhA[END_REF] and in Mycobacterium bisbanense JK1 [START_REF] Khurana | Characterization of the phenylurea hydrolases A and B: founding members of a novel amidohydrolase subgroup[END_REF] were as well shown to degrade IPU (Table 1.2).

The triazole fungicide TCZ (Figure 1.10) is used to control the development of a range of fungal plant pathogens in various crops (D'Angelo et al., 2014;Keinath, 2015). It is rather persistent in soil with DT50 values ranging from 49 to 610 days (EFSA, 2014b;Strickland et al., 2014), and can reach surface and groundwater resources (Herrero-Hernandez et al., 2013;Sancez-Gonzales et al., 2013). The dissipation of TCZ in soil has been previously studied (Alvarez-Martin et al., 2016;Herrero-Hernandez et al., 2013;Potter et al., 2005;Strickland et al., 2004) but little is known regarding the existence, abundance and toxicity of potential TPs (Figure 1.10) in the environment (Obanda and Shupe, 2009;Potter et al., 2005;Strickland et al., 2004;White et al., 2010). The potential formation of various triazole TPs is particularly relevant from the ecotoxicological point of view, because they may be recalcitrant to biodegradation and they possibly interact with the hormone regulation network of non-target organisms by inhibition of the cytochrome P450-dependent conversion of lanosterol to ergosterol (Rieke et al., 2014;Shalini et al., 2011). As evaluated by the EFSA during the environmental risk assessment, TCZ was found to impact < 25 % of carbon and nitrogen mineralization in soil, which was interpreted as a low risk for soil microorganisms (EFSA, 2008;EFSA, 2014b;[START_REF] Efsa | The 2013 European Union report on pesticide residues iESA, 2013n food[END_REF]. Numerous other studies showed that TCZ has an impact on enzyme activities, microbial biomass and others, with strongest effects observed during the first month after exposure to this fungicide (Ferreira et al., 2009;Munoz-Leoz et al., 2011).

Following repeated exposure to TCZ, a few studies reported the isolation of bacterial and fungal strains able to transform TCZ (Obanda and Shupe, 2009;Sehnem et al., 2010;Wallance and Dickinson, 2006) (Table 1. [START_REF] Pyridinol | maleamic acid Singh and Walker[END_REF]. In contrast to the other two pesticides considered in this study, no microorganisms able to mineralize TCZ and no genes involved in TCZ degradation have yet been characterized.

This brief literature review on these three pesticides highlights that new findings on potential ecotoxicological effects of the pesticides on non-target organisms are ongoing although the pesticides are on the market for decades. Further ecotoxicological studies carried out by applying a range of methods allowing the estimation of ecotoxicological effects of the pesticides on soil microorganisms may provide more clarity. [START_REF] Chishti | Microbial degradation of chlorpyrifos in liquid media and soil[END_REF]Hussain et al., 2015). 
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An emerging need for changes in pesticide policy

According to the Nobel Prize chemist Paul Crutzen, our planet has entered the Anthropocene, a new epoch dominated by intense human activities causing global environmental changes (Crutzen, 2002). Although scientists still debate about recognizing the Anthropocene [START_REF] Zalasiewicz | Are we now living in the Anthropocene?[END_REF], they agree that the global dispersion of man-made chemicals is one of the key drivers of pollution and threatens environmental quality and human health (Hutzinger, 2013;Lewis and Maslin, 2015).

Among man-made chemicals, pesticides (Barbash, 2003;Looser et al., 2000;Smalling et al., 2013). As a consequence, our planet is permeated by these compounds, with unknown consequences for environmental quality and human health (Barbash, 2003). 2016).

In this context, we cannot but notice that the big debate around glyphosate approval review is a symptom of weaknesses in the current pesticide policy. In a recent review paper about the hidden and external costs of pesticide use connected to the current debate about pesticide benefits and adverse consequences, the authors concluded that the costs of pesticide use (such as human health costs) may have outreached its benefits and should be included for a more accurate evaluation of pesticide use and for regulatory purposes [START_REF] Bourguet | The hidden and external costs of pesticide use[END_REF].

Furthermore, organizations such as the Pesticide Action Network (PAN), with the specific remit to minimize negative effects of pesticides and replace the use of harmful pesticides by ecologically sound alternatives, have expressed their concern about the current pesticide policy [START_REF] Pan | Meet (chemical) agriculture. The world of backdoors, derogations, sneaky pathways and loopholes[END_REF]. As a consequence, a European ombudsman recently accused the Brussels commission to be too lenient in the authorization process of pesticides and requested its profound reform [START_REF] O'reilly | Decision in case 12/2013/MDC on the practices of the European Commission regarding the authorisation and placing on the market of plant protection products (pesticides)[END_REF]. In this no-win situation, it has become evident that the European pesticide policy needs to be substantially improved to minimize risks for environmental quality and human health.

What are the pros and cons of pesticides?

From an idealistic perspective, the easiest way to reduce or eliminate risks associated with pesticide application is to stop using them. But this is easier said than done because their application brings substantial direct benefits to humans by protecting crops from weeds, insects, and other pests. In a hypothetical scenario without any pesticide use in the USA, the expected crop yield losses were estimated to be 32 % for corn, 57 % for rice, and 24 % for wheat [START_REF] Knutson | Economic impacts of reduced pesticide use in the United States: Measurement of costs and benefits[END_REF]. Furthermore, crop prices were estimated to increase by 38 % for corn, 83 % for rice, and 6 % for wheat in such a scenario. In reality, however, the pesticide use increased approximately 50-fold in the 20th century to feed the rapidly growing human population (Rathore and Nollet, 2012).

This trend may even intensify in the next 50 years as the world population is expected to increase by almost 25 % according to United Nation statistics (UN, 2015). Less than 13 % of unused and fertile land areas are thought to remain on earth [START_REF] Leisinger | Weltbevölkerungswachstum und Vernichtung fruchtbarer Böden[END_REF], with an ensuing need to further intensify agricultural production, where pesticides can be seen as a key player against food shortage.

Despite the benefits of pesticides for humans, their residues pose serious threats to the environmental quality and human health. As a consequence, several persistent and hazardous pesticides massively used in the past have been banned. To get a clear view of the pesticide paradox, one must take a closer look at the downside of pesticidestheir environmental contamination and their potential toxicity to non-target organisms.

Regarding their environmental contamination, only a tiny part of the sprayed amount of pesticides reaches the target organism (weeds, insects, fungi, bacteria) (Zhang et al., 2011) (Malaja et al., 2013).

Regarding some examples of the potential toxicity of pesticides to non-target organisms, a number of new-generation insecticides (three neonicotinoids and fipronil)

was recently shown to have undesirable effects on honey bees among other insects (European Academies Science Advisory Council EASAC, 2015). This had previously been indicated by EFSA (EFSA, 2012a; EFSA, 2013a). There is growing evidence that the weakening or death of bees is caused by the combined effects of a number of stressors, among which neonicotinoids have raised concern in the last years [START_REF] Fairbrother | Risks of neonicotinoid insecticides to honeybees[END_REF]. Recently, EFSA published a new guidance document proposing new specific protection goals to conduct the risk assessment of PPPs on bees (EFSA, 2013b). In addition, as mandated by the EC (M-2015-0246), in the context of the revision of the approval of the active substances clothiandin, imidacloprid and thimethoxam applied as seed treatments and granules, EFSA launched a call for new scientific information to assess their risk to bees. The apiculture sector is particularly important for the EU because bees are key players in plant pollination, an essential ecosystem service, responsible for about 85 % of agricultural crop yields (German Beekeeping Organization, 2015). That is why the EU restricted the use of these insecticides and defined steps to improve the procedures for assessing the risks of active substances to bees. The French National Assembly very recently (March 2016) voted for an amendment banning neonicotinoids to preserve pollinators. In addition to the toxic effects of pesticides to the environment, human health can also be impaired. For instance, this was the case in the French West Indies where the extensive use and environmental accumulation of chlordecone was associated with increased frequency of prostate cancer (Multigner et al., 2010) and infantile delays in cognitive, visual, and motor development (Dallaire et al., 2012) in the local population exposed to chlordecone-based PPPs.

Although agroecology offers new paths for the development of ecologically sustainable food systems [START_REF] Gliessman | Agroecology: The ecology of sustainable food systems. 3 rd Edition[END_REF], it is hard to imagine the worldwide implementation of agriculture without pesticide use. To feed the growing world population, a number of innovations needs to be implemented to intensify agricultural production and simultaneously ensure environmental and human health protection. The safe use of pesticides appears as one of the biggest challenges of agricultural intensification. Within this context, improving pesticide policy may be a good leverage.

How does a new pesticide reach the market?

For the sake of constructive criticism and to have a chance of improving pesticide policy, a good understanding of the various steps of the pesticide authorization process is required. In the EU, only active substances registered on the EU's list of approved the identity of the active substance and its biological efficacy, (ii) its toxicology and metabolism in mammals, (iii) its metabolic pathway and its residues in plants, crops and livestock and the risk for consumers, (iv) its environmental fate and behavior in soil, water and air, (v) its ecotoxicological impact on several non-target soil and aquatic Are pesticide impacts on the environment and human health excluded?

Despite the substantial efforts of the relevant authorities to regulate the pesticide market, pesticides are still one of the most widespread pollutant groups worldwide (Hutzinger, 2013;Lewis and Maslin, 2015). Pesticide policy is heavily criticized for being relatively inefficient and for compromising the evolution of a non-precautionary principle (EEA, 2013). For example, a pesticide ban does not necessarily mean that the pesticide is totally off the market. Exceptional authorizations for special uses of banned pesticides have increased five-fold within four years (from 2006 to 2010) according to the [START_REF] Pan | Meet (chemical) agriculture. The world of backdoors, derogations, sneaky pathways and loopholes[END_REF]. With 74 banned pesticides getting exceptional authorization for special uses, France was nominated the 'European backdoor champion' in 2010 -followed by Greece (54), Portugal (31), and Germany (24). The most frequent argument of the authorities to explain this questionable procedure is the lack of equally efficient pesticides for the particular use. To stop this increasing trend, each special use has to be strictly considered on its merits.

The decision processes for the establishment of the threshold values for pesticide residues in food are also subject to criticism. As an example, the initial maximum residue level (MRL) of glyphosate in lentils was set by the Pesticide Unit of EFSA at the limit of analytical quantification and had no reference to toxicology. In 2011, following the frequent detection of glyphosate exceeding the MRL, it was increased 100-fold as the toxicological reference value was higher and therefore glyphosate residues were considered not to pose a public health concern (EFSA, 2012b). Instead of increasing the MRL, a better option may be solving the problem at its source by improving agronomical practices.

All Among other voices criticizing the current pesticide policy, the [START_REF] Pan | Meet (chemical) agriculture. The world of backdoors, derogations, sneaky pathways and loopholes[END_REF] wishes a constitutional change of the fundaments of pesticide risk assessment, notably because of the involvement of pesticide manufacturers in the first step of the decisionmaking process (Figure 2.2), when they can be seen as both judge and party. Although the multi-actor decision chain of pesticide authorization was originally designed to guarantee consensus about pesticide authorizations or bans, the procedure presently arouses suspicion because it is perceived as a potential source of conflict of interest.

Thus, pesticide manufacturers can appear suspect to the society who presumes that they produce biased risk assessment results and influence authorization decisions, although they actually operate within legal possibilities and duties. Changes in the fundamentals of the pesticide authorization processes appear as a possible way to protect pesticide manufacturers from suspicion by the society. In addition, the popularization of scientific knowledge could improve the acceptability of the pesticide authorization process by the society.

In On top of that, the post-authorization evaluation of pesticide impacts is weak. This is particularly the case for the description of pesticide degradation processes in soils: The lack of progress could be attributed to the absence of a soil protection framework, although such a framework has already been proposed to the EC ( Van-Camp et al., 2004). Although, the current regulation estimates possible risks based on the calculation of predicted environmental concentrations (PECs) and toxicity endpoints (according to FOCUS scenarios on water resources), it is still difficult to accurately predict the fate and the impact of pesticides in the environment on the long term (Fenner et al., 2013). The data required to conduct environmental risk assessment do not take into account all pesticide transformation processes or the environmental parameters that influence pesticide fate, as it is very difficult to perform risk assessment studies in all kinds of environments. For instance, pesticide degradation estimated according to the OECD-Guideline 307 (2002) impose testing in three soils which do not necessarily originate from the three different pedo-climatic zones (EU-Regulation 1107/2009/EC) for authorization, and may not be enough to predict pesticide transformation under a range of various situations found across Europe, particularly in the context of climate change.

Although the precautionary principle should be applied according to Article 8 of EU-Regulation 1107/2009/EC, several organizations such as the BUND and the PAN wonder whether it is done, as pesticides remain on the market for too long after new risks have emerged because the post-authorization decision process is slow [START_REF] Bund | Stellungnahme zum Gesetz zur Neuordnung des Pflanzenschutzrechtes[END_REF][START_REF] Pan | Meet (chemical) agriculture. The world of backdoors, derogations, sneaky pathways and loopholes[END_REF]. This point of view is shared by the European Environment Agency (EEA) that, on the basis of historical case studies, underlines that early warnings were ignored or side-lined until damage to health and the environment was inevitable (EEA, 2013). Moreover, these organizations criticize a lack of transparency in the decisionmaking processes and results because it impedes public research and causes suspicion.

Although, EFSA contributes to the transparency of pesticide authorization by releasing conclusions on peer review of risk assessment for each approved active substance, these documents are barely understandable for non-experts and often not sufficient for researchers who would need more details. This leads to delayed emergence of risks, and meanwhile the environment and our health may be endangered.

Confessions of risks after years of pesticide use are not uncommon

Pesticides typically undergo different life stages from their 'birth' (creation) to their 'death' (ban) (Figure 2.3). After its approval, an active substance enters the market in an authorized PPP, where it is meant to become a success story and thus allows the manufacturer to make a profit invested in the development of new products among others. Review of the active substance approval is undertaken not more than 10 years after the market introduction (or 15 years after the latest risk assessment) or can be requested by the EC at any time by considering information from post-authorization monitoring. Meanwhile, the PPP is sold and applied to control pests in crops worldwide.

As a result, pesticides can accumulate in the soil, diffuse to other environments, and come in contact with non-target organisms. Once in the environment, most active substances are transformed into a huge number of transformation products through various abiotic and biotic processes (just like throwing a Lego® brick construction to the ground where it disaggregates into pieces). The properties of the transformation products can greatly differ from those of the original active substance (Sinclair et al., 2010;Tixier et al., 2000). Transformation products are often more soluble than the parent compound, so that they more easily migrate to water bodies (Fenner et al., 2013).

Although the ecotoxicological impact of most transformation products is usually lower than that of the parent compound (Boxall et al., 2004), some of them may be more toxic (Fenner et al., 2013;[START_REF] Rochkind | Decomposition of chlorinated aromatic compounds[END_REF]. At the time of the initial authorization, information on all possible transformation products is not known. , 2015). Past experience showed that ecotoxicologically relevant transformation products typically emerged only 20 to 30 years after the market introduction of certain pesticides (Fenner et al., 2013). Examples are the late report of chloridazon (market introduction in 1964) transformation products in surface and ground water [START_REF] Buttiglieri | Environmental occurrence and degradation of the herbicide n-chloridazon[END_REF] and the delayed monitoring of tolylfluanid (market introduction in 1971) transformation products like N-nitroso-dimethylamine which is carcinogenic [START_REF] Schmidt | N,N-Dimethylsulfamide as precursor for N-nitrosodimethylamine (NDMA) formation upon ozonation and its fate during drinking water treatment[END_REF]. This pesticide lifespan, together with the continuous introduction of new products and the bans of old ones, have created a pesticide market which is under constant evolution. 

Improved pesticide policy is necessary and feasible

Pre-authorization changes

Pre-authorization changes may include (i) the reduction of the time lag between the market introduction of a new pesticide and the awareness of risks, (ii) the commitment of one authority regulating both active substances and PPPs, (iii) the assignment of environmental risk assessment studies to anonymous accredited subcontractors, (iv) redefining which transformation products are considered 'relevant', and (v) a limitation of the rapidly evolving pesticide market.

Due to the continuous and rapid changes of the pesticide market, manufacturers are one step ahead of public bodies, which stay behind because they are hindered by the current pesticide policy and shortage of financial resources. It is not unusual to have a 20 to 30 years time lag between the development of a new pesticide and the awareness demonstration of its harmfulness by academic studies. This is a long period of time during which the environment and human health are exposed to potential risks associated to these pesticides. To reduce this time lag, EFSA could release in real time information about the introduction of a new active substance in the registration process (and not at the time of its market introduction). This would enable a more contemporaneous initiation of private and public investigations. This way, it would be easier for public research to keep up with private research and be taken into account as early as the first authorization procedure, which would thus be potentially enriched by supplemental information.

Another fundamental issue for improving the risk assessment of the whole pesticide authorization process is the fact that decisions are not all taken by the same authority. Active substances are approved at the EU level, while PPPs are authorized at the national level of each EU Member State (Figure 2.1). This leads to responsibility issues, as described earlier for glyphosate: It was stated unlikely to be carcinogenic by EFSA (EFSA, 2015a), but its PPPs were considered as potentially genotoxic by the IARC (IARC, 2015). As an active substance is always applied in a formulation, splitting their risk assessment is not logical and leads to a poorly coordinated and weighed-down authorization process. This kind of issues would be solved if EFSA not only managed the risk assessment and approval process of active substances but also the authorization of their related PPPs. This goal may be difficult to achieve because each Member State relies on deputed institutions to fulfil the authorization process of PPPs on the national level, but EFSA could at least be the responsible authority for the collection and publication of conducted studies.

To improve the trustworthiness of the pesticide authorization process, instead of relying on data from the industry, EFSA could anonymously choose accredited subcontractors, not contractually related to the industry, who would perform the risk assessment investigations, on which the DAR (done by the RMS) is based. This would (i)

protect the industry from suspicion by the public since it would not be directly involved in the production and delivery of data used for preparing the DAR, (ii) avoid possible conflicts of interest between the industry and subcontractors (since EFSA would assign the investigations to the relevant subcontractor), and (iii) bring more credibility to the overall registration process which would be fully performed under the responsibility of EC authorities (from data production to data evaluation).

Compliance with the precautionary principle could be enhanced by improving other steps of the process such as the definition of the relevance of pesticide transformation products. At present, environmental risk assessment only considers active substances and transformation products classified as 'relevant' (EU-Regulation 283/2013/EC). Each active substance and its relevant transformation products are examined for their effects on non-target organisms and are included in postauthorization monitoring programs. Transformation products that are not classified as relevant are largely ignored. The criteria for classifying transformation products as relevant should not be solely based on their amounts in the environment, but also on their inherent toxicity. Environmental characteristics of pesticide transformation products including degradation half-lives in different environmental compartments, bioaccumulation factors, mobility in the environment and their inherent toxicity to various organisms could provide a reliable estimate of the potential of a compound to cause undesirable toxic effects to receiving ecosystems. Sustainable risk reduction of transformation products will only be achieved by using such environmental parameters as selection criteria. In silico classification methods such as TyPol (Servien et al., 2014) can be used to prioritize transformation products to be incorporated into the environmental risk assessment (Storck et al., 2016).

Alternative ways to reduce the risks associated with the rapidly evolving market of new pesticides could be to only allow the market introduction of new active substances with improved efficiency and better environmental profile than existing ones. The highly discussed 'cocktail effects' (i.e. combined effects of several pesticides on non-target organisms) (BUND, 2011) would probably not be solved this way, as several 100 of pesticides are still authorized and simultaneously applied. However, (i) a reduction in the number of exceptional authorizations for special uses of banned pesticides would decrease the chemical pressure exerted on the environment, (ii) the rapidly changing pesticide market would be stabilized and thus public research would be given time to provide additional information for post-authorization environmental risk assessment, and (iii) the list of molecules present in the environment and to be studied and monitored for post-authorization risk assessment would be shortened in the long term.

Post-authorization changes

Post-authorization changes may include (i) the implementation of the soil protection EU-Soil Framework Directive ( Van-Camp et al., 2004) to preserve soil ecosystem services, (ii) the transparency of studies influencing pesticide risk assessment, (iii) a standardization of the mode of data collection for monitoring studies, (iv) the application of an action plan to speed up the post-authorization response to newly identified risks, (v) the limitation of the number of exceptional authorizations for special uses of banned pesticides, and (vi) a legal ban for sales and exports of EU-banned pesticides to other continents.

To achieve a more sustainable post-authorization management, the proposed EU-Soil Framework Directive COM( 2006)232 ( Van-Camp et al., 2004) should be implemented. This directive was initially created to protect soil resources. The introduction of the EU-Water Framework Directive 2000/60/EC in 2000, which introduced fixed active substance thresholds in water resources, forced pesticide manufacturers to develop new classes of active substances that are effective at low doses, have a high affinity for the target organism, and show reduced dispersion in the environment [START_REF] Cessna | Persistence of the sulfonylurea herbicides thifensulfuronmethyl, ethametsulfuron-methyl, and metsulfuron-methyl in farm dugouts (ponds)[END_REF]. In a similar way, implementing the soil directive could put pressure on pesticide manufacturers and politicians to introduce chemicals and practices that will minimize undesirable impacts on environmental quality and human health. Furthermore, the mode of data collection for monitoring studies of pesticide residues should be standardized to make studies more representative. In addition, data regarding the levels of active substances in the environment (e.g. recreation lakes) should be made available to the public and managed by an EU authority in charge of collecting, standardizing and publishing the data in a fully accessible format, in the same manner as for pesticide residue monitoring in food.

Another important aspect is the implementation of an action plan to speed up the post-authorization response to newly identified risks. As an unfortunate matter of fact, science is not omniscient. Even for experts, it remains difficult to predict and anticipate potential risks that can be initially overlooked and only emerge after decades of pesticide use. Therefore, decision makers should (i) not rely on previous risk assessment documents implemented 10 to 20 years ago but employ a new risk assessment based on newly produced datasets and recent studies which guarantee an accurate risk assessment, (ii) take quick decisions on the temporal ban or use restriction of an active substance after its frequent or continuous detection in water resources at levels exceeding the threshold levels or when new potentially toxic transformation products have been detected.

Furthermore, measures should be enforced to limit the number of exceptional authorizations for special uses of banned pesticides to an absolute minimum. 

Epilogue

After this constructive criticism, facts currently remain as follows: policy makers are going to keep being confronted with questions about how to weigh the benefits of pesticides against their deleterious effects on environmental quality and human health.

Possibilities for improvements do exist to achieve a safer use of pesticides defining 'a new deal' between farmers, industry and society. In last year's movement against a powerful European chemical company that tests EU-banned pesticides in Hawaii, the Hawaiian politician Gary Hooser said: 'The only thing that can help us is regulating political decisions. And that can only be enforced by strong public awareness.' (Tageswoche Basel, 2015).

Conclusion

Chapter 2 provides an introduction into the pesticide paradox, as it describes the difficulty of responsible authorities to content in equal parts the high demand of food and the concerns about negative pesticide effects in the environment. Moreover, the chapter proposes a simplified and intelligible view of the myriad steps involved in the pesticide authorization process. The profound understanding of this process is a real challenge (for a non-expert), as publicly available information is hardly deducible and needs to be complemented by many other sources of information. This was also perceptible from the reviewers' comments on this opinion paper, as they provided divergent views on the details of this process. Once, I had managed to unlock the nebulosity of the pesticide authorization process, I was able to define its weaknesses potentially leading to pesticide-related environmental issues. Moreover, I suggested ways of improvements of the overall process.

To increase the potential that this opinion paper may contribute to the discussion on a better pesticide policy in the EU (or at least that it may contribute to a broader public knowledge about hidden pesticide effects in the environment), one perspective is the vulgarization of this opinion paper in outreach activities of the European Marie Curie 
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Knowledge on the environmental fate of pesticides is essential in order to characterize the scenario of exposure of organisms to pesticide residues. Indeed, studying the exposure scenario of pesticides in soil is a prerequisite to assess the ecotoxicological effects of pesticides on soil microorganisms. Therefore, the main processes involved in pesticide dissipation (i.e. degradation, sorption and transformation to TPs) were studied (Chapter 3).

Chapter 3.1 elaborates the fate of each of the three studied pesticides CHL, IPU or TCZ (applied at three different concentrations) and their main TPs in a lab-to-field experiment. Furthermore, their soil sorption affinities were measured in a batch study.

The physicochemical and environmental properties of pesticide TPs (formed by abiotic and biotic processes in the environment) can greatly differ from those of the original compound. Although most TPs have a lower ecotoxicity than the parent molecule, some of them are more soluble, so that they possess higher tendencies to migrate to water bodies and to be more bioavailable, resulting in potentially higher toxicities. Knowledge of the existence of TPs relevant for the environment is one of the biggest challenges to fully characterize the scenario of exposure of organisms to pesticide residues. With the aim to face this challenge, I investigated the interest of combining suspect screening to in silico molecular typology to track formed TCZ TPs in soil (Chapter 3.2). Past experiences have shown that TPs of relevant ecotoxicity typically emerged only 20 to 30 years after the market introduction of certain pesticides.

Thus, the development of comprehensive suspect screening methods to search for both

known and yet unknown TPs may be a step towards a broader knowledge of the existence of pesticide TPs. Moreover, even if the existence of TPs is already known, EUcoordinated environmental risk assessment only considers TPs classified as 'relevant' (i.e. representing at least 10 % of the initially applied amount of an active substance).

We proposed to use in silico molecular typology to categorize TPs according to their physicochemical properties. From this classification, their main environmental properties and consequently their potential environmental risk can be deduced towards a more precautionary classification of a TP to be 'relevant'.

pesticide showing a dose-dependent increase in its persistence in both laboratory and field studies. CHL dissipation showed a dose-dependent increase under laboratory conditions and an exact opposite trend in the field. TCZ was the most persistent pesticide under lab conditions showing a dose-dependent decrease in its dissipation, whereas in the field TCZ exhibited a biphasic dissipation pattern with extrapolated DT90s ranging from 198 to 603 days in the x1 and x2 dose rates, respectively. IPU was demethylated to mono-(MD-IPU) and di-desmethylisoproturon (DD-IPU) which dissipated following a similar pattern with the parent compound.

CHL was hydrolyzed to 3,5,6-trichloro-2-pyridinol (TCP) which dissipated showing a reverse dose-dependent pattern compared to CHL. Pesticides adsorption affinity increased in the order IPU<TCZ<CHL. IPU transformation products showed low affinity for soil adsorption, whereas TCP was weakly adsorbed compared to its parent compound. The temporal dissipation patterns of the pesticides and their transformation products will be used as exposure inputs for assessment of their soil microbial toxicity. 

Introduction

Pesticides still constitute an integral part of modern agriculture despite the environmental and health risks associated with their use [START_REF] Muñoz-Leoz | Tebuconazole application decreases soil microbial biomass and activity[END_REF].

Upon their application, either intentionally or unintentionally, they reach the soil environment which acts as a sink for their further distribution to other environmental compartments depending on their soil dissipation rates (Arias-Estévez et al., 2008).

Thus, good knowledge of the dissipation and metabolism of pesticides in soil is an essential part of risk assessment since it determines the scenario of exposure of the soil ecosystem. The level and the duration of exposure has to be known in order to assess the toxicity of pesticides to non-target soil organisms including microorganisms, which have been identified by the European Food Safety Agency as one of the specific protection goals (EFSA, 2010). Recently, Martin-Laurent et al. (2013), proposed a revision of the regulatory framework regarding the assessment of the soil microbial toxicity of pesticides. This involves the implementation of a tiered lab-to-field experimental approach where the dissipation and transformation of the studied pesticides (measure of exposure) coupled with standardized advanced biochemical and molecular methods (measure of toxicity) could provide a more robust estimation of the soil microbial toxicity of pesticides [START_REF] Karpouzas | A tiered assessment approach based on standardized methods to estimate the impact of nicosulfuron on the abundance and function of the soil microbial community[END_REF]. Within this framework, we studied the dissipation and the transformation of a range of dose rates of three model pesticides, isoproturon (IPU), tebuconazole (TCZ), and chlorpyrifos (CHL) which were chosen based on their widespread use in Europe.

IPU [3-(4-isopro-pylphenyl)-1,1-dimethylurea] is a phenylurea herbicide used for the control of annual grasses and broad-leaved weeds in spring and winter cereals (Collings et al., 2003). It shows variable persistence in soil with DT50 values varying from 3 to 200 days (Alletto et al., 2006). Its extensive use has resulted in its common detection in surface and groundwater resources (Skark and Zullei-Seibert, 1995;Skarket al., 2004).

Mono-desmethyl-isoproturon [3-(4-isopropylphenyl)-1-methylurea (MD- IPU), di-desmethyl-isoproturon [3-(4-phenyl)-urea] (DD-IPU), 4-isopropyl-aniline (4-IA)
and several hydroxylated compounds (Lehr et al., 1996;EFSA, 2015) have been identified as the most common transformation products of IPU in soil. Some of these have been found to exert higher toxicity than the parent compound (Hussain et al., 2015; Chapter 3.1 Dissipation and adsorption of isoproturon, tebuconazole, chlorpyrifos and their main transformation products under laboratory and field conditions
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TCZ [(RS

)-1-p-chlorophenyl-4,4-dimethyl-3-(1H-1,2,4-triazol-1-yl methyl)
pentan-3-ol] is a systemic triazole fungicide which is used for the control of a range of plant fungal pathogens in different crops including winter cereals (D'Angelo et al., 2014;Keinath, 2015). It is rather persistent in the soil environment with DT50s ranging from 49 to 610 days (Strickland et al., 2004;EFSA, 2014). Monitoring studies in agricultural areas where TCZ is used have verified its frequent presence in surface and groundwater systems (Herrero-Hernandez et al., 2013;Sanchez-Gonzalez et al., 2013). Although its dissipation and transformation in soil has been studied previously (Álvarez-Martín et al., 2016;Herrero-Hernandez et al., 2013;Potter et al., 2005;Strickland et al., 2004), little is known regarding the fate of its transformation products in the environment (Storck et al., 2016).

CHL [O,O-diethyl O-3,5,6-trichloro-2-pyridinyl phosphorothioate]
is one of the most extensively used organophosphate insecticides with a broad spectrum of activity (Joseph and Zarate, 2015). Its degradation in soil proceeds mainly via hydrolysis, abiotic and biotic, with DT50 values ranging from 10 to 120 days (Racke, 1993). Hydrolysis of CHL leads to the formation of 3,5,6-trichloro-2-pyridinol (TCP) which is known to have adverse effects on soil microbial activity and on the degradation of the parent compound (Racke et al., 1990). However, limited knowledge is available regarding the dissipation and adsorption of TCP in agricultural soils where CHL has been applied.

The main objectives of the present study were (i) to determine the dissipation of the three model-pesticides applied to soil at different dose rates under laboratory (x1, 

Material and methods

Pesticides

Analytical standards of IPU (99.9 %), MD-IPU (99.5 %), DD-IPU (99.0 %), TCZ (98.8 %), CHL (97 %), and TCP (99.0 %) were purchased by Dr. Ehrenstorfer, (Germany). The analytical standard of 4-IA (99.0 %) was purchased by Sigma-Aldrich (Germany). Commercial formulations of IPU (QUINTIL® 500SC), TCZ (FOLICUR 25SE)

and CHL (CARPOSAN 48EC), were provided by Phytorus, Bayer CropScience and ISAGRO, respectively.

Microcosm experiment

The used soil was collected in July 2013 from an agricultural field situated in North Italy (area of Mortizza, 45°05'20.8"N 9°45'59.4"E (Google Maps), Supplementary (2002), and mixed thoroughly to provide a single bulk soil sample. The soil was then partially air-dried, sieved to pass through a 2 mm mesh sieve and divided into ten subsamples (6 kg each). For each pesticide, three subsamples were treated with appropriate amounts of aqueous solutions of IPU, TCZ and CHL (prepared from their commercial formulations) aiming an application of x1, x2 and x10 the recommended dose rates (Supplementary Table 3.1.2). The final soil subsample received the same amount of water without pesticide to serve as non-treated control. After pesticide application, the soils were left to equilibrate for one hour and water was added to adjust moisture to 40 % of the water holding capacity. Soil samples were separated into 150 g subsamples which were placed in aerated plastic bags and incubated in the dark at 20 °C. Immediately after pesticide application and 3, 7, 14, 21, 35, 56, 70, 100 and 125 days after pesticide application, triplicate samples from each treatment were removed from the incubator and stored at -20 °C for pesticide analysis. the recommended dose). The highest dose rate was selected in compliance with the maximum pesticide application rate allowed to be used for experimental purposes in Italy. Pesticides were applied with a backpack sprayer at a spaying rate of 250 L/ha (exact dose rates are given in Supplementary Table 3.1.2). Four plots were not treated with pesticides to serve as untreated controls. Immediately after treatment and 3, 7, 14, 21, 35, 56, 70, 100 and 125 days after treatment, soil samples were collected from each plot to assess pesticide dissipation. Nine random samples collected from the top 10 cm of each plot were homogenized providing a composite sample per plot. Each sampling point was marked with a wooden stick to avoid sampling from the same point in the following sampling campaigns. All samples were stored at -20 °C until further analysis.

Soil adsorption of pesticides and their transformation products

The adsorption of the tested substances was determined using the standard batch equilibrium method according to the OECD-Guideline 106 (2000). Preliminary kinetic studies were employed to determine the most appropriate soil:solution ratios and equilibration times for all chemicals. Thus, the most appropriate soil:solution ratios to achieve 20 to 80 % adsorption of the studied chemicals were 1:10 for IPU, MD-IPU, and DD-IPU, 1:50 for 4-IA, 1:25 for TCZ, 1:200 for CHL, and 1:5 for TCP. Equilibrium was reached within 24 hours for all the tested substances except for CHL and TCP, for which equilibrium was reached at 12 hours. Stock solutions of each substance in acetone

(1 g/L) or methanol (4 g/L) (only for CHL due to its low water solubility) were prepared using analytical standards. Appropriate amounts of the stock solutions were dissolved in 0.01 M CaCl2 leading to the preparation of six solutions with pesticide concentrations ranging from 5 to 50 mg/L for IPU, 2 to 20 mg/L for TCZ, and 3 to 40 mg/L for CHL.

Regarding pesticide transformation products, a series of solutions with concentrations ranging from 1 to 10 mg/L were used. The range of concentrations used for each compound in the adsorption study was selected assuming (i) application of the recommended dose rate for each compound (Supplementary Table 3.1.2), (ii) soil bulk density of 1.3 g/mL and (iii) soil moisture content of 20 %. Regarding transformation products, the concentrations used were based on their amounts formed in the laboratory and field dissipation studies. In all cases, the content of the organic solvent in the final solution phase did not exceed 0.1 %. Triplicate soil samples (1 to 10 g) were mixed with 50 or 200 mL of each of the above solutions in screw-cupped vials and they were shaken overnight on an orbital shaker (200 rpm) at room temperature. When equilibrium was reached, samples were centrifuged at 2500 rpm for five minutes and the supernatant was collected, extracted and analyzed by HPLC with a photodiode array (HPLC-PDA) detector as described below. The adsorption of the model pesticides was also determined using commercial formulations instead of analytical standards, following the same procedure with the only difference that pesticides were directly dissolved in 0.01 M CaCl2 without the need for organic solvent addition.

Pesticide residue analysis

Extraction of pesticides and their transformation products from soil

All studied compounds, except 4-IA, were extracted from soil with the same procedure. Thus, sealed glass bottles (250 mL) containing 40 g of soil, 2 mL of 2 M ammonium acetate and 50 mL of acetone were placed on a bed-shaker operated at 210 rev/min for 30 min. The extract was passed through a glass-fiber filter (Whatman GF/F) on a Buchner funnel under vacuum. The soil was re-extracted with 50 mL of acetone and the two extracts were pooled and mixed with 200 mL of a 4 % solution of anhydrous sodium sulfate and 100 mL dichloromethane. The mixture was shaken for phase and a dichloromethane lower phase. The organic phase was collected while the aqueous phase was re-extracted twice with 50 mL of dichloromethane. The organic phase from all extraction steps was pooled and passed through a glass column containing 1 g of glass wool and 40 g of anhydrous sodium sulfate. The filtrates were collected in a round bottom flask and evaporated to dryness on a rotary evaporator at 40 °C. Pesticide residues were re-dissolved in 10 mL dichloromethane and brought to complete dryness under a stream of nitrogen gas. The final pesticide residues were redissolved in 1 mL of methanol: H2O + 0.01 % H3PO4 (70:30, v/v) and analyzed by HPLC-PDA.

4-IA was extracted from soil samples according to the protocol proposed by Fenoll et al.

(2012) with slight modifications. Briefly, 10 g of soil were extracted with 10 mL of acetonitrile:water (1:1, v/v) by 30 min sonication followed by a salting-out step of 2 g

NaCl. The tube was then vortexed for one minute and centrifuged for 10 minutes at 4500 rpm. An aliquot of the supernatant was analyzed by HPLC-PDA.

HPLC-PDA analyses

Analyses were performed in an ΗPLC 1100HP system, equipped with a UV/VIS PDA detector. A Gemini C18 ( 4 Analysis of 4-IA was achieved under isocratic elution conditions with a mobile phase composed of a 30:70 (v:v) mixture of (A) acetonitrile + methanol (1:1 by volume) acidified with acetic acid (0.01 vol%) and (B) 5 mM KH2PO4 acidified with acetic acid (0.01 vol%) (Jühler et al., 2001). Total analysis time was 30 min. The injection volume was 20 μL, the flow rate was 0.3 mL/min and the column temperature was set at 45 °C.

Detection of 4-IA was achieved at 240 nm.

Analytical method validation

Analysis of soil samples fortified at three levels (0.05, 1 and 10 mg/kg for pesticides, and 0.1, 0.5, 2.5 mg/kg for their transformation products) was employed to assess the efficiency of the extraction methods described above. Triplicate samples for each compound and concentration level were processed. The mean percentage recoveries for IPU, TCZ, and CHL were 86.7 %, 86.4 %, and 88.1 %, respectively (CV ≤ 15.3 %), while the recoveries for MD-IPU, DD-IPU, 4-IA, and TCP were 77.6 %, 70.1 %, 101.9 %, and 82.2 %, respectively (CV ≤ 15.3 %). The limit of detection was 0.5 μg/kg for IPU, TCZ, and DD-IPU, 0.75 μg/kg for MD-IPU, CHL, and TCP, and 10 μg/kg for 4-IA. The limit of quantification was 1.25 μg/kg for IPU, TCZ, and DD-IPU; 2.5 μg/kg for MD-IPU, CHL, and TCP, and 25 μg/kg for 4-IA.

Calculation of dissipation kinetic parameters

The four kinetic models proposed by the FOCUS working group on pesticide degradation kinetics [START_REF] Focus | Guidance document on estimating persistence and degradation kinetics from environmental fate studies on pesticides in EU registration[END_REF] were used to calculate pesticide dissipation kinetic parameters: the single first order kinetic model (SFO), and the biphasic models hockey stick (HS), first order multi-compartment model (FOMC) and double first order in parallel model (DFOP). The goodness of fit was assessed using the χ 2 test as well as visual inspection and the distribution of the residuals. In general, the biphasic kinetic models were used only in cases where the linear model (SFO) failed to acceptably describe (χ 2 > 15 %) pesticides dissipation. Regarding the dissipation kinetics of the transformation products, the guidelines of the FOCUS working group on pesticides degradation kinetics were followed [START_REF] Focus | Guidance document on estimating persistence and degradation kinetics from environmental fate studies on pesticides in EU registration[END_REF]. Briefly the DT50s of the transformation products produced either directly from the parent compound (i.e. MD-IPU, TCP) or through the transformation of a preceding metabolite (DD-IPU), were
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Chapter 3 Pesticide dissipation in agricultural soil 97 calculated using the following assumptions: (i) there was a flow of the parent compound to a sink (unidentified metabolites or bound residues), (ii) the dissipation of the parent compound and the transformation products followed first-order kinetics, and (iii) the initial concentration for all compounds was the one measured at time 0. The endpoints needed to be calculated were the initial amount (Pini), and the transformation rate constant of the parent compound (kP), the formation fraction (ff) and transformation rate constant for each transformation product (kM). Finally, the DT50 values for the transformation products were calculated by the following equation: DT50 (transformation product) = ln2 / kM. Parameters of the kinetic models and their standard errors were obtained by least square non-linear regression analysis using the statistical program R and the mkin package (version 09.40, 2015).

Results

Laboratory study

Dissipation and transformation of IPU

The dissipation patterns of IPU in all three dose rates were well described (χ 2 < 15 %) by the SFO kinetic model (Figure 3.1.2a, Supplementary Table 3.1.3) with estimated DT50 values increasing with the dose rate: 16.5, 18.2 and 25.7 days for the x1, x2 and x10 dose rates, respectively (Table 3.1.1). IPU dissipation proceeded via sequential demethylation to MD-IPU (Figure 3.1.3a), which constituted the major transformation product of IPU, and to DD-IPU, which was formed in lower amounts (Figure 3.1.3b). No residues of 4-IA were detected throughout the study. The formation of the two transformation products of IPU peaked between 14 to 21 days for all the different doses applied to the soil and dissipated thereafter. Their dissipation followed SFO kinetics with estimated DT50 values of 13.0, 14.5 and 15.0 days for MD-IPU, and 13.8, 12.0, and 22.5 days for DD-IPU in the samples treated with the x1, x2 and x10 dose rates, respectively (Table 3.1.1).
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Dissipation of TCZ

TCZ dissipation showed a biphasic pattern (Figure 3.1.2b) and it was best described by the FOMC model (Supplementary Table 3.1.3). The calculated DT50 values of TCZ showed an increasing trend with increasing dose rates: 60.7, 74.8 and 97.1 days in the soils treated with x1, x2 and x10 dose rates, respectively (Table 3.1.1).

Dissipation and transformation of CHL

The dissipation of CHL showed a biphasic pattern (Figure 3.1.2c). The FOMC model provided the best fit to the dissipation data (Supplementary Table 3.1.3) with DT50 values showing a decreasing trend with increasing dose rates; 52.6, 43.9 and 28.6 days in the x1, x2 and x10 dose rates (Table 3.1.1), respectively. CHL was transformed via hydrolysis to TCP whose formation reached a maximum between 56 to 100 days after application and dissipated thereafter (Figure 3.1.3c). Its dissipation was best described by the SFO model with DT50 values of 2.9, 2.2, and 17.7 days for the x1, x2 and x10 dose rates, respectively (Table 3.1.1). 

Field study

Weather data were collected during the field study (Supplementary Figure 3.1.2).

Eight intense precipitation events with daily mean precipitation > 10 mm and seven with mean daily precipitation > 5 mm occurred during the field study. The most important precipitation events occurred in the following periods: 3-11, 43-53, and 73-107 days after treatment. Temperature levels in soil and air ranged from -1 to 11 °C. The lowest temperatures were observed from 15 to 36 days (mean daily temperatures < 4 °C), whereas an increase in temperatures was observed from 94 days onwards (mean daily temperature > 6 °C). Solar radiation showed large fluctuations with no consistent pattern. Relative humidity and wind speed ranged from 60 to 100 % and 0.1 to over 2.5 m/sec, respectively.

Dissipation and transformation of IPU

In contrast to the laboratory microcosm experiment, IPU dissipation in the field showed a biphasic pattern characterized by an initial rapid dissipation phase lasting for two weeks and followed by a slow dissipation phase until the end of the experiment (Figure 3.1.4a). The HS model showed the best fit to the dissipation data (Supplementary Table 3.1.4) with calculated DT50s of 7.4, 10.4 and 12.8 days for the x1, x2, and x5 dose rates, respectively (Table 3.1.2). Similarly to the laboratory experiment, MD-IPU was the major transformation product while low amounts of DD-IPU were also detected (Figure 3.1.5a and 3.1.4b). MD-IPU concentrations peaked between 14 to 35 days compared to DD-IPU whose concentrations in soil peaked at 35 days. The transformation products of IPU did not persist and dissipated with SFO-obtained DT50s of 9.1, 27.1 and 39.4 days for MD-IPU, and 6.9, 14.1, and 18.9 days for DD-IPU in the plots treated with the x1, x2 and x5 dose rates, respectively.

Dissipation of TCZ

The field dissipation of TCZ showed a clear biphasic pattern with a drastic decline in its concentrations during the first 3 days, when the first precipitation event of 6.4 mm occurred, followed by a slow dissipation phase until the end of the experiment (Figure 3.1.4b). This dissipation pattern of TCZ was best described by the HS model (Supplementary Table 3.1.4) with DT50 values of 1.5, 2.3 and 2.5 days for the x1, x2 and x5 dose rates, respectively (Table 3.1.2). Extrapolated DT90 values of 198,603.4,186.7 days for the x1, x2 and x5 dose rates, respectively, showed a much longer persistence of TCZ (Table 3.1.2).

Dissipation and transformation of CHL

As observed for the two other pesticides, the dissipation of CHL in the field experiment was biphasic and it was best described by the HS model (Supplementary Table 3.1.4) with DT50s of 6.7, 33.9 and 119.6 days in the plots treated with the x1, x2 and x5 dose rates, respectively (Figure 3.1.4c, Table 3.1.2). In accordance with the results of the laboratory microcosm experiment, TCP was the only detected transformation product of CHL (Figure 3.1.5c). The dissipation of TCP for all dose rates was best described by the SFO model with estimated DT50 values of 52. 8, 49.1, and 17.4 days for the x1, x2 and x5 dose rates, respectively (Table 3.1.2). 

Soil adsorption of pesticides and their transformation products

The adsorption of pesticides and their transformation products were fitted to the Freundlich equation (R 2 > 0.96) which was used for the calculation of the adsorption coefficients Kf and Kfoc (Figure 3.1.6, Table 3.1.3). IPU, MD-IPU and DD-IPU showed a weak adsorption affinity in the tested soil with Kf values of 4.0, 4.43 and 4.17 mg 1-N L N kg -1 , respectively. On the contrary, 4-IA showed a higher adsorption affinity with a Kf value of 34.9 mg 1-N L N kg -1 . IPU adsorption affinity increased when its commercial formulation was used (Kf = 4.99 mg 1-N L N kg -1 ). TCZ was moderately adsorbed to soil components with Kf values of 21.9 and 30.1 mg 1-N L N kg -1 , for the active substance and the commercial formulation, respectively. CHL showed the highest adsorption affinity with Kf values of 195.2 and 211.4 mg 1-N L N kg -1 , for the active substance and the commercial formulation, respectively. In contrast, the hydrolysis product of CHL, TCP, showed the weakest adsorption affinity among all the tested substances (Kf = 1.55 mg 1-N L N kg -1 ). According to the classification system of isotherms introduced by Giles et al. 

Discussion

Estimation of the dissipation of pesticides in soil constitutes an integral part of pesticide environmental risk assessment required for the authorization and placement on the market of plant protection products. We investigated the dissipation and the transformation of three model pesticides following a lab-to-field experimental approach as a proxy of the scenario of soil exposure to pesticides and their main transformation products.

Dissipation and transformation of IPU

IPU showed the lowest persistence from the pesticides tested with DT50s which were within the range reported in the literature (6.5 to 40 days) (Walker et al., 2001; Chapter 3.1 Dissipation and adsorption of isoproturon, tebuconazole, chlorpyrifos and their main transformation products under laboratory and field conditions

Chapter 3 Pesticide dissipation in agricultural soil 105 Rodríguez-Cruz et al., 2006). A trend towards reduced DT50 values of IPU in the field compared to the corresponding DT50 values in the laboratory was observed. This is in line with previous studies for other pesticides (Laabs et al., 2000;Dolaptsoglou et al., 2009) and it is not surprising considering that in laboratory studies the contribution of other dissipation processes like volatilization, leaching or photolysis are impeded (volatilization) or eliminated (leaching and photolysis) compared to field studies where these processes may significantly contribute to pesticide loss (EEC, 2000).

IPU dissipation in soil proceeded via sequential demethylation to MD-IPU which was the main transformation product, and to DD-IPU which was a minor transformation product. This is in agreement with previous studies which showed that early stages of IPU transformation by soil microorganisms proceeds via successive demethylations (Sorensen et al., 2001), followed by cleavage of the urea side chain resulting in the transitory accumulation of 4-IA (Hussain et al.,2009) which was not detected in our study. 4-IA has been previously detected in liquid cultures of microorganisms degrading IPU (Johannesen et al., 2003;Sorensen and Aamand, 2001) but it has been rarely detected in soil studies (Muddet al., 1983). Our adsorption studies confirmed that 4-IA was strongly adsorbed onto soil colloids. Thus, it is probable that the transformation of IPU in our study led to the formation of 4-IA which became strongly bound to soil colloids and it was not available for extraction.

The demethylated transformation products of IPU were transitory and did not accumulate in soil. Their dissipation rates in both laboratory and field studies showed a decreasing trend with increasing dose rates in agreement with the dissipation behavior 

Dissipation of TCZ

TCZ showed a moderate to high persistence in the laboratory study. Its DT50 values (60.7-97.1 d) were within the range reported by previous laboratory studies (Strickland et al., 2004;Potter et al., 2005;[START_REF] Li | Enantioselectivity in tebuconazole and myclobutanil non-target toxicity and degradation in soils[END_REF]. However, they were Regarding the second slow dissipation phase of TCZ, it could be attributed to a strongly adsorbed fraction of the pesticide that could be less accessible to dissipation processes [START_REF] Muñoz-Leoz | Tebuconazole application decreases soil microbial biomass and activity[END_REF]Herrero-Hernández et al., 2011).

Previous studies have identified four main transformation products of TCZ: a lactone, a pentanoic acid, a triazolyl pinacoline, and a 5-keto derivative (Strickland et al., 2004;Potter et al., 2005). In contrast, regulatory documents suggest that 1,2,4-triazole is the most relevant metabolite of TCZ in soil, whereas the derivatives reported by Strickland et al. (2004) were only detected at trace amounts (EFSA, 2014). In the present study, no transformation products of TCZ were determined due to the lack of relevant analytical standards. However, a follow-up study combining suspect screening time-of-flight mass spectrometry with in silico molecular typology reported the presence of 22 empirical and 12 yet unknown transformation products of TCZ in the field experiment soil samples treated with x5 dose rate (Storck et al., 2016). Among them, some of the transformation products reported by Strickland et al. (2004) were found.

Dissipation and transformation of CHL

CHL showed a moderate persistence with DT50s within the range reported in the literature: 10 to 120 days in laboratory studies (Racke, 1993;Papadopoulou et al., 2016) and 0.6 to 121 days in field studies (Jin and Webster, 1997;[START_REF] Laabs | Fate of 14 C-labeled soybean and corn pesticides in tropical soils of Brazil under laboratory conditions[END_REF]. In the laboratory study, the persistence of CHL decreased with increasing dose rates (DT50s 28.6 to 52.6 days in the x10 and x1 dose rate, respectively) which is not in accordance with the general trend for increasing CHL persistence at increasing application rates (John and Saike, 2015) and to the opposite trend observed in the field experiment (DT50s 6.7 to 119.6 days in the x1 and x5 dose rate, respectively). The higher laboratory dissipation of CHL at increasing dose rates might be attributed to its high adsorption affinity (verified in our study) which at low dose rates in a static soil laboratory incubation system could be mostly adsorbed resulting in low bioavailability and longer persistence compared to the higher dose rates which might have saturated the soil adsorption sites and the remaining fraction of CHL is found dissolved in the soil solution phase where it was degraded by biotic and abiotic mechanisms. If we compare the persistence of CHL in the laboratory and in the field study at the two common dose rates x1 and x2, a faster field dissipation of CHL was evident, which is in agreement with the generally more rapid field dissipation of the other pesticides tested.

In both laboratory and field experiments, the dissipation of CHL proceeded via hydrolysis to TCP. Several previous studies have reported the vulnerability of CHL to hydrolysis in alkaline soils which is controlled by both abiotic and biotic processes (Racke et al., 1996;Singh et al., 2003). The accumulation of TCP upon hydrolysis of CHL in agricultural soils has been linked to the resistance of the parent compound to the phenomenon of enhanced biodegradation due to the antimicrobial characteristics of TCP (Racke, 1990). However, no accumulation of TCP was observed in our study and the TCP amounts formed were dissipated showing a contrasting dose-dependent pattern compared to the parent compound. In particular, the persistence of TCP in soil increased with increasing dose rates in the laboratory experiment, whereas the opposite trend was observed in the field experiment. Little is known regarding the dissipation rates of TCP and its fate upon CHL dissipation has been scarcely explored. In agreement with our findings, Baskaran et al. (2003) reported laboratory DT50 values of 42-49 days in topsoil and observed a contrasting dissipation behavior of TCP compared to its parent compound.

Adsorption of pesticides and their transformation products in soil

Based on the dissipation patterns of the pesticides and their transformation products in the laboratory and the field study, we determined the soil adsorption of the studied compounds and of their main transformation products for which little is known.

The three pesticides showed different soil adsorption affinity which increased in the following order IPU<TCZ<CHL. This is in accordance with the more hydrophobic character of CHL (log Kow 4.7) followed by TCZ (log Kow 3.7) and the more water soluble IPU (log Kow 2.5). The Kf values obtained were within the range reported in the literature for IPU (0.67-5 mg 1-N L N kg -1 ) [START_REF] Benoit | Isoproturon sorption and degradation in a soil from grassed buffer strip[END_REF]EFSA, 2015), TCZ (30-80 mg 1-N L N kg -1 ) (Čadková et al., 2013a; 2013b) and CHL (116-271 mg 1-N L N kg -1 ) (Gebremariam et al., 2013).

Based on the shape of the adsorption isotherms of the compounds studied we could obtain information on the adsorption mechanism. Thus the C-type isotherms of MD-IPU, DD-IPU, and TCP suggest a constant partition of these compounds between solution and substrate [START_REF] Giles | Studies in adsorption. Part XI. A system of classification of solution adsorption isotherms, and its use in diagnosis of adsorption mechanisms and in measurement of specific surface areas of solids[END_REF]. On the other hand, the L-shaped isotherms observed for all the other compounds suggest a high dependence of adsorption on the initial solution concentration of these compounds with higher adsorption observed at lower solute concentration (Teng and Hsieh, 1998).

In most cases adsorption studies are performed with the active substances although pesticides are applied in the field as commercial formulations which might exhibit a different adsorption behavior. All pesticides studied showed a higher soil adsorption affinity in the form of commercial formulations compared to the pure active substance. This is not surprising considering the presence of organic additives in the commercial formulations including dispersing or wetting agents and other surfactants that have the ability to decrease surface tension and facilitate the adsorption of pesticides onto soil mineral surfaces (Čadková et al., 2012). Previous studies have clearly demonstrated a positive effect of the commercial formulation on the adsorption of TCZ (Čadková et al., 2013a; 2013b) while no such studies are available regarding the other two pesticides.

IPU transformation products MD-IPU (Kf = 4.43 mg 1-N L N kg -1 ) and DD-IPU (Kf = 4.17 mg 1-N L N kg -1 ) showed an adsorption behavior similar to the parent compound (Kf = 4.00 mg 1-N L N kg -1 ). On the contrary, 4-IA (Kf = 34.9 mg 1-N L N kg -1 ) showed a substantially higher adsorption affinity than IPU, MD-IPU, and DD-IPU. Little is known about the adsorption behavior of IPU transformation products. Registration documents of IPU reported Kf values of 0.57-4.41 mg 1-N L N kg -1 for MD-IPU (EFSA, 2015), while studies by Johannesen et al. (2003) showed Kf values of 21.2 mg 1-N L N kg -1 for 4-IA. In contrast, no adsorption measurements are available for DD-IPU. Our adsorption data suggest that the demethylated transformation products of IPU are expected to be moderately mobile in soil similarly to the parent compound. In contrast to the high adsorption affinity of CHL, its hydrolysis product TCP exhibited low adsorption affinity (Kf = 1.55 mg 1-N L N kg -1 ). This is in line with previous studies by Baskaran et al. (2003) who reported that TCP was 100 times less adsorbed than the parent compound. Our findings suggest that the accumulation of TCP in the soil environment could induce a reciprocal risk for the contamination of groundwater resources and should deserve greater attention in future environmental fate studies and pesticide risk assessment. 

Conclusions

In the present study, we evaluated the soil dissipation and metabolism of three model pesticides, IPU, TCZ and CHL, following a tiered lab-to-field experimental approach. Overall, IPU was the least persistent chemical, showed an increasing persistence at increasing dose rates and was demethylated to MD-IPU and DD-IPU. The latter showed similar dissipation as the parent compound. TCZ was the most persistent chemical in the laboratory compared to the field where it dissipated more rapidly following a biphasic pattern. Finally, CHL showed a contrasting dose-dependent behavior in the laboratory and in the field study and it was hydrolyzed to TCP which was further dissipated. Soil adsorption affinity increased in the order IPU<TCZ<CHL. The transformation products of IPU showed similar adsorption affinity to the parent compound, while TCP exhibited lower adsorption affinity compared to CHL. Our results provide a comprehensive determination of the duration and the level of exposure of the soil to the studied pesticides and their main transformation products and they will be utilized for assessing their soil microbial toxicity in follow up studies.

of-flight (tandem) mass spectrometry, followed by structural proposition through a molecular structure correlation program. In silico molecular typology was then used to group TPs according to common molecular descriptors and to indirectly elucidate their environmental parameters by analogy to known pesticide compounds with similar molecular descriptors. This approach was evaluated via the identification of TPs of the triazole fungicide tebuconazole occurring in soil during a field dissipation study. Overall, 22 empirical and 12 yet unknown TPs were detected, and categorized into three groups with defined environmental properties. This approach combining suspect screening time-of-flight mass spectrometry with molecular typology could be extended to other organic pollutants and used to rationalize the choice of TPs to be investigated towards a more comprehensive environmental risk assessment scheme. 

Introduction

Pesticides are used in agriculture to ensure high crop yields and quality. This large group of xenobiotic compounds and their transformation products (TPs) have globally been identified as major contaminants of natural water resources (Hutzinger, 2013;Lewis and Maslin, 2015). 2015), with reciprocal impact on non-target organisms supporting key ecosystemic services [START_REF] Bozdogan | Assessment of total risk on non-target organisms in fungicide application for agricultural sustainability[END_REF]. The properties of TPs such as bioavailability, mobility and ecotoxicity can substantially differ from the parent compound (Sinclair et al., 2010;Tixier et al., 2000), and although their biological efficacy is usually lower (Boxall et al., 2004), they could be highly ecotoxicologically relevant (Fenner et al., 2013) emerges only 20 to 30 years after a given pesticide has first been marketed (Fenner et al., 2013). Currently used monitoring approaches for pinpointing ecotoxicologically relevant pesticide TPs are often restricted to water samples. They do not prevent the contamination of natural resources, and impose mitigation actions only after contamination has been reported. Novel approaches able to identify potential TPs and in silico assessment of their ecotoxicity and environmental contamination could offer a solution to this issue.

The knowledge gap about the existence or properties of pesticide TPs derived from abiotic and biotic processes in the environment may be the reason why relevant

TPs have been overlooked for so long. Conventional analytical methods focus on the monitoring of the so-defined 'ecotoxicologically relevant' pesticide TPs or TPs 'relevant for groundwater contamination' (OECD-Guideline ENV/JM/MONO(2007)17, 2007; EU-Regulation 1107/2009). Consequently, most studies focus on a limited number of molecules identified as targets through monitoring approaches and calibrated against reference standards. Therefore, they often provide only a partial view of the complex transformation patterns of pesticides in the environment. Thus, there is a need to develop an innovative approach by combining powerful analytical methods also detecting unknown TPs, with categorization methods based on the chemical features of TPs.

The analytical techniques suitable to detect unknown and suspected molecules in the absence of reference standards are high resolution mass spectrometry (MS), namely quadrupole time-of-flight MS (QTOF-MS) and Fourier transform MS (FT-MS), as well as nuclear magnetic resonance (NMR) spectroscopy (Ibanez et al., 2005). These techniques are often combined in forensics (Reizel et al., 2012) or medicine (Zeng et al., 2013),

where QTOF-MS is used for screening for new unknown molecules and then supplemented by NMR spectra for the structural elucidation of a compound. NMR spectroscopy is an effective method for confirming molecular structures, but it is less appropriate for analyzing TPs from environmental samples because of its rather poor sensitivity, generally three orders of magnitude lower than MS (Ibanez et al., 2005).

Categorization of unknown and suspected molecules can be achieved by in silico molecular typology that clusters potential TPs according to their properties (Servien et al., 2014). In this study, we present a new approach for the analysis of agricultural soil samples treated with a pesticide by combining high-resolution QTOF-MS with in silico molecular typology. Our approach provides the profiles and the molecular structures of unknown and suspected pesticide TPs in soil, using a compound library containing empirical (already known) and theoretical (yet unknown) TPs. It consists of three main steps: (i) construction of an in-house pesticide-specific TP library based on a literature survey and listing of suspect TPs, (ii) QTOF-MS analyses of soil extracts by non-target MS to screen TPs against this library, followed by target tandem MS using an ion inclusion list to propose their structure via accurate mass daughter ions and a molecular structure correlation (MSC) program, and (iii) categorization of detected TPs based on in silico analysis using molecular typology.

To demonstrate the potential of this novel approach, the transformation of the triazole fungicide tebuconazole (TCZ) was investigated in a field dissipation study. TCZ was chosen as a model compound because, although it has been on the market for quite some time (27 years) (Börner et al., 2009), there are still significant knowledge gaps regarding its environmental fate, its transformation in soil and the ecotoxicological impact of potential TPs (EFSA, 2014). The potential formation of various triazole TPs is particularly relevant, because they are recalcitrant to biodegradation, and they possibly interact with the hormone regulation network of non-target organisms by inhibiting the cytochrome P450-dependent conversion of lanosterol to ergosterol (Rieke et al., 2014;Shalini et al., 2011). The applied approach is of interest for improving future environmental fate studies to become more comprehensive, thus strengthening ERA.

Material and methods

Library setup of TCZ TPs

An in-house TCZ TP library was constructed based on a thorough literature review including research papers (cited in the results section entitled 'Empirical TCZ TPs') and data sets from the pesticide company on the transformation pattern of TCZ within various matrices. Literature search was performed via 'Web of Science' and 'Google' using search terms such as 'tebuconazole AND metabolite', 'tebuconazole AND 

TCZ field dissipation study

The field dissipation study was conducted on an agricultural field in North Italy (45°05'22.1"N 9°45'58.6"E) in fall/winter 2013/14. The soil was characterized as loamy sand (4.2 % clay, 13.5 % silt, 82.3 % sand) with a pH of 7.3 and an organic matter content of 4.5 %. The field had not been treated with pesticides for more than five years, and was cropped with winter wheat. A commercial formulation of TCZ (Folicur® SE, Bayer Garden) was applied on 6 m 2 plots at a dose of 2.5 kg TCZ per hectare (5 times the recommended dose) [START_REF] Bayer | Folicur® EW250 -directions for use[END_REF]. Soil samples were taken 0, [START_REF]1 Dissipation and adsorption of isoproturon, tebuconazole, chlorpyrifos and their main transformation products under laboratory and field conditions Chapter 3 Pesticide dissipation in agricultural soil[END_REF]7,21,35,56,70,105, and 125 days after pesticide application, following procedures described in the ISO standard for collection and handling of soil samples (ISO 10381-6, 2009). For each plot and sampling date, a composite soil sample was prepared from 10 sub-samples collected with a 5 cm diameter iron cylinder at a depth of 5 cm. Soil samples were manually homogenized, sieved (5 mm), and kept at -20°C until further processing. The field dissipation study was part of a larger study investigating field dissipation of three model pesticides including TCZ at various application doses (four plots were used for this study: two non-treated control plots and two TCZ plots (5 times the recommended dose)). TCZ field dissipation was monitored in soil extracts via high performance liquid chromatography coupled to a photodiode array detector (HPLC-PDA), and followed a biphasic pattern with a decline time 90 % (DT90) of 186.6 days, as calculated with the hockey-stick model (Papadopoulou et al., personal communication). TCZ and TP extraction from soil TCZ and its related TPs were extracted with acetone from 40 g of soil, as explained in Supplementary Data 3.2.1. The final residues were re-dissolved in 1 mL of 70 % methanol and 30 % ultrapure water containing 0.01 % of phosphoric acid, and used for chemical analysis. Extraction efficiency for TCZ was 86.36 % ± 0.45 %.

UHPLC-ESI-QTOF-MS analysis

In order to investigate TCZ TPs, samples were first analyzed by non-target UHPLC-ESI-QTOF mass spectrometry. TCZ TPs were primarily identified by screening the MS-only raw data against the TP library, using accurate mass, isotope spacing and isotope ratio for identification. A difference in accurate mass of 5 ppm, together with an isotopic pattern score higher than 85 % were used as cutoff values. Compounds that passed both thresholds, that had plausible chromatogram peak features, and that were not detected in the controls (non-treated soil samples), were chosen for further analysis by target UHPLC-ESI-QTOF tandem MS. For that purpose, the three most abundant precursor ions (generated during MS-only) and the retention time of each MS-only TP were exported to be included into a target list for tandem MS. Details are given in Supplementary Data 3.2.2. 

Molecular structure correlation

Elucidation

Results and discussion

Empirical TCZ TPs

The literature search revealed that studies reporting TCZ dissipation often ignored the occurrence of potential TPs and mainly followed targeted analytical approaches (Sehnem et al., 2010;[START_REF] Woo | Tebuconazole and propiconazole tolerance and possible degradation by Basidiomycetes: A wood-based bioassay[END_REF]. It is noteworthy that non-target approaches resulted in the detection of previously unknown TPs in studies looking at the degradation of TCZ in bacterial or fungal cultures (Obanda and Shupe, 2009), during photolysis (Calza et al., 2002), in field studies (Herrero-Hernandez et al., 2011;Potter et al., 2005), in microcosm studies (Strickland et al., 2004;White et al., 2010) and in fruit (Schermerhorn et al., 2005). Additional information was found in regulatory documents mainly citing unpublished or confidential studies reporting TPs in soil and crops, partially based on MS and NMR spectroscopy (EFSA, 2008;FAO, 1994; U.S. EPA, 1990).

Altogether, the literature search led to the construction of a library containing 47 empirical and 29 theoretical TCZ TPs (Supplementary Table 3.2.1), which was used for TCZ TP suspect screening in soil samples from the field dissipation study described above. 

Detection of TCZ TPs

The QTOF-MS analyses of soil extracts gained from the field dissipation study led to the detection of the parent compound TCZ, as well as 22 empirical and 12 yet unknown TPs, which were in the library. Among the 34 detected potential TPs, some of them had exactly the same mass and retention times. 12 TPs passed all identification steps, from non-target MS-only identification to target tandem MS and structure correlation. Three TPs passed only the first two steps (selected by tandem MS but not further identified through structural correlation), and 19 TPs were only detected by MS identification with plausible chromatogram features, but were not further selected by tandem MS due to method restrictions, or selection criteria, or molecular characteristics (e.g. low mass or high volatility). Table 3. Despite this weakness, the benefits of suspect screening coupled to MSC for elucidating molecular structures of TPs represent a powerful alternative when reference standards are not available. These benefits can be illustrated by the example of TPs 13 and 15, which are constitutional isomers. As they have the same molecular formula and mass, they were not discriminated by MS-only and tandem MS (Supplementary Figure 3.2.1), even using MS instruments with a higher resolution power. MSC correlated the product ions to the respective precursors for elucidation of their molecular structure (Supplementary Figure 3.2.2), and hence discriminated between these TPs without requiring any additional separation step or the use of reference standards. Furthermore, a significantly higher number of TPs can be considered in suspect screening compared to targeted approaches. This provides a more comprehensive picture of the transformation of one or more pesticides into TPs in the environment.

The pesticide dissipation study carried out at field scale was suitable for the purposes of our study. Our TCZ concentration was 5 times the recommended dose [START_REF] Bayer | Folicur® EW250 -directions for use[END_REF], and nine time points within 125 days after treatment provided for a comprehensive investigation of TP formation and decay patterns. Yet, detailed data on the temporal patterns were not established due to the absence of reference standards. As TCZ TPs were extracted from the top 5 cm layer of soil, only those TPs present in that soil layer were studied. TP properties can strongly deviate from those of the parent molecule [START_REF] Giacomazzi | Environmental impact of diuron transformation: a review[END_REF] and might be vulnerable to leaching, runoff or volatilization, although the parent molecule is considered as relatively immobile or non-volatile (EFSA, 2008;[START_REF] Horn | Suitability of small environmental chambers to test the emission of biocides from treated materials into the air[END_REF]. Thus, TPs that potentially dissipated from the top soil layer, that were not extractable via our extraction method or that were not listed in the TP library slipped through the net of this study. Moreover, TCZ and several of its TPs have two enantiomers or even possess more than one chiral center. This may be important for stereoselective ecotoxicity and dissipation (Wang et al., 2012), but was not considered in this study.

To complete our analytical approach and provide comprehensive information on the actual environmental fate of TPs, molecular typology can be applied to theoretically estimate the potential properties of TPs. This technique can be used to estimate the properties of TPs from any man-made substances present in the environment. 3.2.2). In the same manner, the TCZ TPs grouped in cluster 2 had molecular descriptor values similar to pesticides and TPs exhibiting (i) higher soil mobility than TCZ (median KOC = 217 L/kg), hence a moderate potential risk for groundwater contamination (McCall et al., 1980), (ii) a higher potential for volatilization losses (median Pvap = 0.098 mPa) than TCZ, (iii) lower persistence in soil (median DT50 = 20 days), and (iv) a lower potential for bioaccumulation (median BCF = 44). Finally, the TCZ TPs in cluster 3 were the most mobile ones (median KOC = 123 L/kg), suggesting a potentially higher risk for groundwater contamination. Furthermore, cluster 3 TPs exhibited the highest risk for volatilization losses (median Pvap = 1.600 mPa), suggesting a significant risk for long or short range atmospheric transfer. Their persistence in soil was assumed to be similar to that of cluster 2 (DT50 = 20 days), and lower than that of TCZ (cluster 1), and their potential for bioaccumulation was estimated to be lower (BCF = 1) as compared to cluster 1 (BCF = 78) and cluster 2 (BCF = 44) (Supplementary Table 3.2.2). These results are in agreement with previous observations showing that when EHOMO, MCIs, and MW decrease, sorption of organic compounds tends to decrease, and when , µ and MW increase, Pvap tends to decrease [START_REF] Mamy | Prediction of the fate of organic compounds in the environment from their molecular properties: A review[END_REF].

Overall, the in silico approach using TyPol suggests that 23 of the 34 TCZ TPs targeted in this study can be expected to have a similar environmental behavior as the parent compound. On the other hand, the remaining 11 TPs may be more mobile and volatile than TCZ, suggesting a higher risk for groundwater and air contamination.

However, their lower persistence and lower bioaccumulation potential than TCZ may counterbalance this risk. This combined method provides a first assessment of the environmental fate of theoretical TPs and allows a first identification of those of potential concern that need to be investigated in a refined risk assessment approach. If we consider TCZ as a case study, certain TPs from each cluster could be selected based on their molecular features (e.g. selecting between some constitutional isomers, ketoenol tautomers or others) and further considered for a refined ERA. To our knowledge, our approach is the first to combine (i) comprehensive screening of environmental samples (particularly soils) for suspected pesticide TPs, based on a library of empirical and theoretical TPs, (ii) detection of TPs without using reference standards, (iii) tentative proposal for their molecular structures without using NMR spectroscopy, and then (iv) categorization of TPs according to their physicochemical properties to assess their environmental behavior. The approach described in this study could be applied for refining pesticide risk assessment. It would enable regulators and agrochemical industries to identify potential pesticide TPs with relevant properties for further environmental and ecotoxicological assessment. Once the selected TPs are synthesized, it will be possible to confirm and quantify them, and thereby their fate. This way, environmental concentrations and the toxicity to The approach presented in Chapter 3.1 was able to quantify the fate of pesticides and their main known TPs (of which reference standards were available) in dissipation and sorption studies. This constitutes an important dataset to define the exposure scenario of soil microorganisms to pesticide residues.

In addition, the application of a new approach combining suspect screening to in silico molecular typology was found to be suitable to detect and categorize known as well as unknown TCZ TPs in soil (Chapter 3.2). One major force of this approach is that reference standards are not compulsory necessary (albeit preferable, as they are needed for the identity confirmation and quantification of detected transformation products), and thus a comprehensive inventory of existent TPs in a complex environmental matrix, such as agricultural soil, is enabled. In addition, in silico molecular typology allowed to categorize TPs according to their physicochemical properties and to estimate their environmental properties, which are key elements to be considered to deduce their ecotoxicity. This information may be used to choose potentially relevant TPs among the numerous TCZ TPs, which may be synthesized to assess their environmental fate and their ecotoxicological impact on soil microorganisms in order to verify the hypotheses resulting from the application of this combined approach.

Chapter 4

Ecotoxicological impact of pesticides on soil microorganisms 

Introduction

Soil is a limited and largely non-renewable resource providing a unique and complex habitat for a wide range of microorganisms supporting soil ecosystem functions contributing to complex processes with impacts at the global scale (Blum, 2006, Bondeau et al., 2007, Graham et al., 2016). For instance, soil microorganisms contribute to food supply, water quality, carbon cycling, and climate regulation (Haygarth and Ritz, 2009;Hillel, 2009). The annual economic value of soil-based ecosystem functions is estimated to be around 1.3 trillion Euros (Pimentel et al., 1997). In this context, the preservation of soil quality by sustainable agriculture was identified to be one of the greatest objectives of the 21 st century (Jones et al., 2009;Lal, 2008;Lichtfouse et al., 2009). To achieve this objective, the main pressures on soil organisms were weighted by the European soil biodiversity expert group, ranking human intensive exploitation on place one [START_REF] Gardi | An estimate of potential threats levels to soil biodiversity in EU[END_REF]Jeffery et al., 2010), to which pesticide effects may contribute. Pesticides are intentionally applied in conventional agriculture to protect crops from various pests. They can persist in soil from where they can be dispersed by different means leading to the contamination of surrounding environments (Barbash, 2003;Looser et al., 2000;Smalling et al., 2013) where they can harm non-target organisms [START_REF] Pimentel | Amounts of pesticides reaching target pests: Environmental impacts and ethics[END_REF]Zhang et al., 2011).

The evaluation of ecotoxicological effects of pesticides on soil microorganisms remains difficult, as research results and their complex interpretation often differ from one study to another. Effects of the organophosphate insecticide chlorpyrifos (CHL), the phenyl-urea herbicide isoproturon (IPU) and the triazole fungicide tebuconazole (TCZ)

are particularly interesting to study as these pesticides are on the market for 51 (CHL), 41 (IPU) and 28 (TCZ) years and thus they are widely present in the environment worldwide (Börner et al., 2009;Hayes and Laws, 1991;Oerke et al., 1994). However, in respective risk assessment documents, their impacts on soil microorganisms are only reviewed based on the sole estimation of their impact on carbon and nitrogen mineralization by soil microorganisms. For CHL, the review report of the European Commission concludes that CHL has no significant effects on carbon and nitrogen mineralization in soil (EC, 2005). The effects of IPU and TCZ on carbon and nitrogen mineralization in soil were < 25 % for both pesticides and were interpreted as a low risk for soil microorganisms (EFSA, 2008;EFSA, 2014b;EFSA, 2015a). However, carbon and Several studies have investigated the impact of CHL, IPU and TCZ on soil microorganisms more comprehensively throughout the analysis of the microbial biomass, diversity or activity in addition to carbon and nitrogen mineralization tests.

Studies on CHL effects were mostly performed in soil microcosms (Chu et al., 2008;Dutta et al., 2010;Fang et al., 2009;Gilani et al., 2010;Greaves and Shales, 1991;Jastrzebska, 2011;Pozo et al., 1995;Singh et al., 2002;Srinivasulu and Rangaswamy, 2013;Wang et al., 2010) and more rarely in field studies (Eisenhauer et al., 2009;Gupta et al., 2013). Most of these studies used CHL in a formulated PPP (Chu et al., 2008;Eisenhauer et al., 2009;Gilani et al., 2010;Gupta et al., 2013;Jastrzebska, 2011;Pozo et al., 1995;Singh et al., 2002;Srinivasulu and Rangaswamy, 2013) rather than as sole active substance (Dutta et al., 2010;Fang et al., 2009;Wang et al., 2010). One study concluded small, insignificant, or no CHL effects on soil microorganisms (Singh et al., 2002) confirming the conclusions of the risk assessment of regulatory authorities. Other studies reported effects of CHL on microbial biomass, respiration, enzyme activities, microbial diversity or activity in soil (Chu et al., 2008;Dutta et al., 2010;Eisenhauer et al., 2009;Fang et al., 2009;Gilani et al., 2010;Gupta et al., 2013;Jastrzebska, 2011;Pozo et al., 1995;Srinivasulu and Rangaswamy, 2013;Wang et al., 2010). It is noteworthy that several studies showed CHL exposure to cause short-term inhibitory effects within the first month after treatment, which were recovered in subsequent months, suggesting the potential recovery of soil microbial communities (Fang et al., 2009;Pozo et al., 1995).

Similarly, most of the studies evaluating the effects of IPU on soil microorganisms were performed in microcosms (Harden et al., 1993;Kuriyal and Pandey, 1994;Perrin-Ganier et al, 2001;Tag-El-Din, 1982) and only a few in field studies (Schuster and Schröder, 1990). These studies were mainly conducted using formulated PPPs (Harden et al., 1993;Kuriyal and Pandey, 1994;Schuster and Schröder, 1990;Tag-El-Din, 1982) and scarcely with the sole active substance (Perrin-Ganier et al., 2001). The studies concluded small to moderate (sometimes temporary) toxic effects of IPU to soil microbial biomass and activity. Interestingly, in response to IPU exposure, an initial increase in soil respiration was observed (Harden et al., 1993;Perrin-Ganier et al., 2001;Schuster and Schröder, 1990). It was hypothesized that this may be due to a toxic effect of IPU on sensitive soil microorganisms, which may have provided an additional easily degradable carbon source for the respiration of microorganisms resistant to IPU.

A number of studies evaluating the ecotoxicological impact of TCZ on soil microorganisms were performed in soil microcosms using the formulated PPP (Anuradha et al., 2016;Bending et al., 2007;Cycon et al., 2006) or the active substance (Ferreira et al., 2009;Munoz-Leoz et al., 2011;Wang et al., 2016). All studies concluded TCZ effects on soil microorganisms, observed by different means including the analysis of soil enzyme activities, microbial biomass, carbon and nitrogen mineralization, and others. In the same manner as for CHL and IPU, strongest TCZ effects were observed during the first month after treatment (Ferreira et al., 2009;Munoz-Leoz et al., 2011).

This recovery of soil microbial communities may be facilitated by the decrease of pesticide exposure due to its dissipation by abiotic and biotic processes (EFSA, 2016).

The aim of this study was to test the interest of 16S rDNA amplicon nextgeneration sequencing to assess the ecotoxicological impact of CHL, IPU or TCZ on the soil microbial diversity in a lab-to field approach with tiered pesticide exposure scenarios. For this purpose, we established a microcosm and a field experiment consisting in applying each of the three formulated pesticides at different doses (0x, 1x, 2x or 10x (microcosm study) and 0x, 1x, 2x or 5x (field study) the recommended dose).

The ecotoxicological impact of each pesticide on the diversity of the soil bacterial community was assessed during three months of pesticide exposure by next-generation sequencing of 16S rDNA amplicons (generated from soil DNA extracts). The dissipation of CHL, IPU or TCZ and their main transformation products during these pesticide exposure scenarios had previously been determined by Papadopoulou et al. (2016). To our best knowledge, this is the first time that the ecotoxicological impact of CHL, IPU and TCZ on the soil bacterial diversity is estimated by this approach. Immediately (0 days) and 7, 42, 56, and 100 days after pesticide application, soil was sampled and stored at -80 °C until DNA extraction.

In the field study, three replicates of 6 m 2 field plots were treated with 1x, 2x or 5x the recommended dose of each pesticide in November 2013. Three replicate control plots were treated with water. Soil samples were taken at 0, 14, 35, 70 and 105 days after treatment, following the same procedure as for the microcosm study (ISO 10381-6, 2009). Sampled soil was manually homogenized, sieved (2 mm) and kept at -80 °C until DNA extraction. cycles at 98 °C for 20 sec, 60 °C for 30 sec and 72 °C for 45 sec, followed by a final extension of 5 min at 72 °C. The size of the PCR products was visually checked with agarose gel electrophoresis using appropriate size markers. The PCR products were precipitated by polyethyleneglycol (20 % PEG, 2.5 M NaCl) [START_REF] Hartley | PEG precipitation for selective removal of small DNA fragments[END_REF] and resuspended in 15 μL water. Concentrations of the PCR products were determined with a Nanodrop Quawell UV-VIS spectrophotometer (Q5000). The PCR amplicons were then used as templates in a second-step PCR for further amplification and for addition of the multiplexing index-sequences to the overhang adapters. Amplicons were purified with AMPure XP beads and re-suspended in 30 μL water. Products were quantified using the Qubit dsDNA High-Sensitivity assay (Life Technologies), and an Agilent Bioanalyzer High-Sensitivity DNA chip (Agilent). Amplicons were pooled at equimolar concentrations and the library was quantified using a Qubit Fluorometer and dsDNA HS Assay kit (Life Technologies, CA, USA). Samples were pooled at equimolar concentrations for size-selection by Pippin-Prep (Sage Science), where a size range of 350 to 450 bp was extracted. Reaction negatives were included in the pool. Size-selected fragments were purified and quantified in the same manner as described above prior to sequencing. Sequencing was performed at IMGM SA on an Illumina MiSeq platform using 2x 300 bp paired-end read chemistry (Illumina).

Concerning the field study, first-step PCR amplifications were carried out in 50 μL reaction volumes containing 2.5 U of Accuzyme polymerase (Bioline), 0.2 μM of each primer, 1x AccuBuffer with 2 mM Mg 2+ , 0.5 mM of each dNTP, and 0.4 μg/μL of bovine serum albumin (BSA, Sigma) [START_REF] Kreader | Relief of amplification inhibition in PCR with bovine serum albumin or T4 gene 32 protein[END_REF]. The thermal cycling conditions were 95 °C for 5 min, followed by 35 cycles of 95 °C for 15 sec, 58 °C for 15 sec and 72 °C for 1 min, with a final extention of 72 °C for 5 min. DNA samples were brought to 0.5 ng/µL before adding 4 µL to the PCR reaction. The PCR products were visualized on a 1.5 % agarose gel in order to verify the correct size of amplicons (around 560 bp). Amplicon sizes of randomly selected samples were further analyzed by Bioanalyzer DNA 1000 chip (Agilent Technologies). The amplicons were cleaned-up with a Nucleospin gel and PCR clean-up kit (Macherey-Nagel) following the manufacturer's instructions. Subsequently, amplicon concentrations were determined with NanoDrop 2000c (Thermo Scientific).

For the addition of multiplexing index-sequences to the overhang adapters, a secondstep PCR was performed using a 384 libraries Nextera XT index kit v2 (Illumina).

Second-step PCR amplifications were carried out in 50 μL reaction volumes containing 1x Titanium Taq polymerase (Clontech), 1x Titanium Taq PCR buffer, 0.2 mM of each dNTP, 5 μL of each Nextera XT index primer using the TrutSeq Index Plate Fixture (Illumina). All cleaned-up amplicons from the first-step PCR were diluted to 10 ng/μL and added to the second-step PCR reaction mix at a final concentration of 1 ng/μL.

Thermal cycling conditions were 96 °C for 3 min, followed by 8 cycles of 95 °C for 30 sec, 55 °C for 30 sec and 72 °C for 30 sec, with a final extension of 72 °C for 5 min. Amplicon sizes (around 630 bp) of randomly selected sampled were then analyzed by Bioanalyzer DNA 1000 chip (Agilent Technologies). The libraries were cleaned-up before quantification using AMPure XP beads (Beckman-Coulter Genomics) following the 

Illumina sequencing data analysis

The raw data sequences of Illumina next-generation sequencing of the microcosms and the field study were analyzed in a similar manner. Reads were demultiplexed and converted to FASTQ format. For the microcosm study, Cutadapt 1.2.1 [START_REF] Martin | Cutadapt removes adapter sequences from high-throughput sequencing reads[END_REF] was used to trim Illumina adapter sequences from FASTQ files. Reads were trimmed if 3 bp or more of the 3' end of a read matched the adapter sequence.

Sickle version 1.200 [START_REF] Joshi | Sickle: A sliding-window, adaptive, quality-based trimming tool for FastQ files[END_REF] was used to trim reads based on quality: Any read with a quality score of < 20, or < 10 bp size after trimming were discarded. Pairedend reads were assembled, trimmed by length and further corrected using PandaSeq [START_REF] Masella | PANDAseq: paired-end assembler for Illumina sequences[END_REF]. For the field study, reads were quality-controlled and assembled using PEAR (Zhang and Sun, 2014). Unassembled reads and once-assembled reads outside the expected range were discarded. All subsequent analyses were conducted in QIIME 1.9.0 (Caporaso et al., 2010a). Sequences were clustered into operational taxonomic units (OTUs) using USEARCH (Edgar, 2010) by open-reference OTU picking.

Chimeras were detected and omitted using the program UCHIME [START_REF] Edgar | UCHIME improves sensitivity and speed of chimera detection[END_REF] with the QIIME-compatible version of the SILVA aligned version of the Gold database [START_REF] Quast | The SILVA ribosomal RNA gene database project: improved data processing and web-based tools[END_REF] for the microcosm study and with the Greengenes version of the Gold database for the field study. Taxonomy was assigned to representative sequences using the SILVA 111 release database [START_REF] Quast | The SILVA ribosomal RNA gene database project: improved data processing and web-based tools[END_REF] for the microcosm study and with the Greengenes 13.8 release for the field study. Representative sequences were aligned using the SILVA 111 core reference alignment using PyNAST (Caporaso et al., 2010b). In Several α-diversity indices, as well as indices depicting the population structure, were calculated with the QIIME pipeline (Caporaso et al., 2010a) based on the rarefied OTU table at a depth of 5000 sequences/sample for the microcosm and the field study (observed species, PD whole tree, chao1 and simpson reciprocal). The indices were compared using analyses of variances (ANOVAs) followed by the Tukey HSD test (p < 0.05). Potential phylum composition differences were visualized using a comparative bar chart. Phyla whose total relative abundances in all samples were < 0.05 % were excluded from the analysis. Principal coordinate analysis (PCoA) of weighted unifrac distance matrices was performed and plotted. ANOSIM analyses were performed to identify potentially significant differences at the community level between treatments of the same sampling day. Significantly variating OTUs were identified using the R package 'pamR'. ANOVA on OTUs were followed by the Bonferroni test grouping treatments per each OTU.

Results

Estimation of the impact of CHL, IPU or TCZ on α-diversity indices of the soil bacterial community

Analysis of the α-diversity indices 'observed species', 'PD whole tree', 'chao1' and 'simpson reciprocal' indicated that the soil bacterial diversity changed in response to time but not in response to pesticide exposure in both the microcosm and the field experiment (Table 4 Time effects in the field study were less marked than in the microcosm study (Table 4.1.2,Supplementary Figures 4.1.4 to 4.1.6). Similarly to the microcosm study, no significant differences between control (0x) and pesticide-treated (1x, 2x, 5x) soil microcosms were recorded within the same time point (with one exception: PD whole tree, control versus IPU 2x, 14 days), suggesting that none of the three pesticides significantly modified the α-diversity of the soil bacterial community. A more extensive analysis of the 16S rDNA amplicon sequences was performed by ANOSIMs (Supplementary Table 4 In the microcosm study, significant differences (p < 0.01) were only observed for CHL at 56 days (Supplementary Table 4.1.1, Supplementary Figure 4.1.7).

In the field study, only TCZ was found to significantly (p < 0.01) impact the soil bacterial composition at 35 days (Supplementary Table 4.1.1, Supplementary Figure 4.1.13).

Comparisons of the untreated samples of all time points of the microcosm and the field study revealed significant time effects for both the microcosm and the field study (Supplementary Figure 4.1.10 and 4.1.14, Supplementary Table 4.1.1), further confirming the findings of the α-diversity analysis.

Analysis of detected OTUs at species level by the R package 'pamR' was employed to find the OTUs responsible for the significant differences detected by ANOSIM.

In the microcosm study, eight OTUs were responsible for the differences between CHL-treated samples and untreated samples at 56 days: an unknown species of the (i)

genus Aeromicrobium, (ii) class Acidobacteria, (iii) genus Flexibacter, (iv) order Chloroacidobacterium, (v) order Sphingobacteriales, and three unknown species of the phylum Chloroflexi. (Supplementary Figure 4.1.15).

In the field study, two OTUs were found to be responsible for differences found by ANOSIM for TCZ-treated samples at 35 days: an unknown species of the (i) class

Acidobacteria and (ii) the order Acidimicrobiales (Supplementary Figure 4.1.16).

Discussion

The ecotoxicological impact of the three formulated pesticides CHL, IPU or TCZ applied at different doses in a lab-to-field experiment (0x, 1x, 2x or 10x (microcosms), or 0x, 1x, 2x or 5x (field) the agronomical doses) on the soil bacterial diversity was assessed by Illumina next-generation sequencing of 16S rDNA amplicons. To our knowledge, it was the first time that their effects on the soil bacterial diversity were assessed by this approach.

Time effects more distinctive in the microcosm study than in the field study

Diversity indices in control samples (not exposed to pesticide) significantly decreased with time in the microcosm study. This decrease in the bacterial diversity was less marked in the field study. This is in accordance with one of the most known drawbacks of long-term soil microcosm experiments causing changes in microbial abundance, composition, diversity and activity because of the lack of nutrient inputs [START_REF] Edwards | Use of soil microcosms in assessing the effect of pesticides on soil ecosystems[END_REF]. The ISO recommends not to incubate soil microcosms for more than one month to limit this drawback (ISO 10381-6, 2009). The changes in diversity observed in the controls of the field experiment are not expected to be due to a shortage in nutrients but most likely to pedoclimatic conditions (i.e. cold periods during winter).

Phylum analysis revealed Proteobacteria, Acidobacteria, Chloroflexi, Bacteroidetes, Actinobacteria and Gemmatimonadetes to dominate the total bacterial community in the microcosm and the field study, as also found in a range of other soils (Acosta-Martinez et al., 2008;Janssen, 2006;Merlin et al., 2015;Petric et al, 2011;Romdhane et al., 2016;Wessen et al., 2010). The abundance of these phyla remained relatively constant during the three months of the study in both the microcosm and the field experiments. The

PCoA and ANOSIM at species level confirmed the significant time effects in the microcosm and the field study.

Slight but significant transient pesticide effects on the soil bacterial composition

IPU exposure did not modify the bacterial diversity in both microcosms and field experiments. This is in agreement with the conclusions of EFSA (2015b) (who interpreted low impact of IPU on carbon and nitrogen mineralization as low risk for soil microorganisms) and with other studies reporting small to moderate (sometimes temporary) effects of IPU on soil microorganisms (mainly based on decreasing microbial activity and biomass) (Harden et al., 1993;Kuriyal and Pandey, 1994;[START_REF] Perrin-Ganier | [END_REF]Schuster and Schröder, 1990;Tag-El-Din, 1982).

Slight but significant differences between control and CHL-treated soils in PCoA and OTU abundances were observed after 56 days of exposure to CHL in the microcosm experiment. Interestingly, in soil treated with 10x the agronomical dose, one could observe the transient accumulation of the main transformation product of CHL [START_REF]1 Dissipation and adsorption of isoproturon, tebuconazole, chlorpyrifos and their main transformation products under laboratory and field conditions Chapter 3 Pesticide dissipation in agricultural soil[END_REF]5,6trichloropyridinol,TCP) during CHL dissipation (reaching its maximum at 56 days (1 mg/kg dwt soil), which disappeared thereafter (< 0.1 mg/kg dwt soil after 125 days) (Papadopoulou et al., 2016). In the field experiment, where CHL rapidly dissipated and TCP did not accumulate (< 0.1 mg/kg dwt soil), the bacterial composition was not significantly changed. One could therefore hypothesize that (i) changes in the bacterial composition in response to CHL exposure recorded at 56 days may not only be due to CHL (that had partially dissipated at 40 % of the initially applied dose at that time point) but also due to TCP exposure and that (ii) resilience resulting in the recovery of the bacterial composition may be attributed to the rapid dissipation of TCP and the constant dissipation of CHL. On one hand, the importance of TCP in the ecotoxicological impact of CHL has to be taken with care because it was not found to accumulate in soils treated with the 1x and 2x agronomical CHL doses (Papadopoulou et al., 2016). On the other hand, its contribution to changes in bacterial composition is supported by a number of studies indicating its toxicity towards (micro)organisms [START_REF] Caceres | Toxicity of chlorpyrifos and TCP alone and in combination to Daphnia carinata: the influence of microbial degradation in natural water[END_REF][START_REF] Feng | Isolation and characterization of a chlorinated-pyridinol-degrading bacterium[END_REF]. Although the review report of the European Commission (EC, 2005) and one other study (Singh et al., 2002) conclude CHL not to impact soil microorganisms, our study reports a slight but significant ecotoxicological effect of CHL on the soil bacterial composition in the microcosm experiment where CHL and TCP cannot dissipate away from the tested soil by transport processes (leaching, run-off, volatilization), as it can be the case in field experiments. The effect was transient and the bacterial community recovered as shown by the rapid resilience of the bacterial composition. The biological importance (as compared to other stresses such as extreme weather conditions) and the consequences of these modifications on the functions supported by the bacterial community remain unknown. Our findings are in the line of studies reporting that CHL impacts soil microorganisms in many ways (Chu et al., 2008;Dutta et al., 2010;Eisenhauer et al., 2009;Fang et al., 2009;Gilani et al., 2010;Gupta et al., 2013;Jastrzebska, 2011;Pozo et al., 1995;Srinivasulu and Rangaswamy, 2013;Wang et al., 2010).

Slight but significant differences between control and TCZ-treated soils were observed in PCoA and OTU abundance analyses after 35 days of exposure to TCZ in the field experiment. TCZ was rapidly dissipated in the field experiment (60 % dissipation after 35 days) (Papadopoulou et al., 2016). In addition, an important number and variety of TCZ transformation products have been detected but not quantified (due to the absence of appropriate reference standards) in the field soil samples (treated with the 5x agronomical dose) (Storck et al., 2016). As discussed before for CHL, observed changes in the bacterial composition may be attributed to the combined exposure to the parent compound and related transformation products. Keeping in mind that in silico typology led to their classification into different clusters characterized by different estimated environmental parameters (Storck et al., 2016), one could hypothesize that they may impact soil microorganisms to different extents. Especially triazole dead-end transformation products recalcitrant to biodegradation may possibly interact with the hormone regulation network of non-target organisms (Rieke et al., 2014;Shalini et al., 2011). Nevertheless, the bacterial composition was resilient suggesting the recovery of in soil), our study reports slight but significant and transient effect of TCZ on the bacterial composition in the field experiment. This is in agreement with previous studies reporting TCZ effects on soil microorganisms, evaluated by analysis of soil enzyme activities, microbial biomass, carbon and nitrogen mineralization, and others (Anuradha et al., 2016;Bending et al., 2007;Cycon et al., 2006;Ferreira et al., 2009;Munoz-Leoz et al., 2011;Wang et al., 2016).

Our study showed that small and transient changes in the diversity of the bacterial community can be detected for two (CHL and TCZ) of the three tested (Copley, 2009). Such adaptive responses to cope with the stress imposed by pesticides have already been described for a range of pesticides (Crouzet et al., 2010;Hussain et al., 2011, Weaver et al., 2007). Unfortunately, up to now it remains difficult to measure adaptation by sequencing methods because (i) the abundance of degraders in soil remains quite low (between 10 3 and 10 4 cells per g of soil) (Piutti et al., 2002) and may be unequally distributed at different scales (from a soil aggregate to the field) [START_REF] Pinheiro | The millimetre-scale distribution of 2,4-D and ist degraders drives the fate of 2,4-D at the soil core scale[END_REF] , (ii) the expression of pesticidedegrading genes is transient (Baelum et al., 2008;Martin-Laurent et al., 2003) and

(iii) the pesticide-degrading genetic potential may be exchanged by horizontal gene transfer (Devers et al., 2007).

In any cases, the interpretation of the biological significance of pesticide ecotoxicological impact remains difficult in the absence of data on the normal operating range for each studied bioindicator (such as bacterial diversity), making it challenging to define specific protection goals to protect ecosystem functions provided by soil microorganisms [START_REF] Bell | The contribution of species richness and composition to bacterial services[END_REF].

Introduction

Pesticides are extensively applied to protect crops from pests in conventional agriculture worldwide (Enserink et al., 2013). Besides their advantages, they can contaminate the environment (Hutzinger, 2013;Lewis and Maslin, 2015) and harm nontarget organisms (Jeyaratnam, 1990;Malaja et al., 2013), such as soil microorganisms catalyzing an important number of reactions in the environment that support soil ecosystem functions (Bondeau et al., 2007;EFSA, 2010;Graham et al., 2016). Microbial functions are supported by important processes with impacts at the global scale and contribute to food supply, climate regulation and water quality (Haygarth and Ritz, 2009;Hillel, 2009).

In this context, complex environmental risk assessment is performed during a pesticide authorization process to minimize potential risks for the environment (Storck et al., 2016a). Despite the complexity of such risk assessments, the impact of pesticides on soil microorganisms is not sufficiently assessed and solely relies on simple carbon and nitrogen mineralization tests in soil (although techniques to assess microbial biomass, diversity or abundance are available). These mineralization tests are weak indicators for the microbial toxicity of pesticides because carbon and nitrogen mineralization processes can remain unchanged regardless of toxic effects, if resistant microorganisms increase their activity or abundance in expense of sensitive microorganisms (Van Beelen and Doelman, 1997).

However, more advanced methods to study the impact of pesticides on soil microorganisms do exist. During the past two decades, microbial ecologists have developed an impressive tool box (including methods of classical microbiology, biochemistry, molecular biology and omics) allowing to study the abundance, diversity and activity of the microbial community in various environmental matrices [START_REF] Schloter | Indicators for evaluating soil quality[END_REF]. Among these methods, some have been standardized by the International Standard Organization (ISO) and are now available to private companies (Philippot et al., 2012). Recently, it was proposed to revise the risk assessment of pesticides on soil microorganisms by considering ISO-standardized and under-development microbiology methods (Martin-Laurent et al., 2013;Karpouzas et al., 2016). The effects of pesticides on soil microorganisms can be assessed from the yin and the yang point of view, where the yang side signifies the potential stimulation that pesticides may cause on microorganisms (leading to their adaptation), while the yin side represents their potential inhibition (leading to toxic effects) (Karpouzas et al., 2016). In response to repeated exposure to pesticides, their biodegradation can be accelerated in soils, as it has previously been observed for various pesticides including isoproturon (El-Sebai et al., 2004), atrazine (Piutti et al., 2002) or 2,4-dichlorophenoxyacetic acid (2,4-D) (Baelum et al., 2008). This phenomenon called enhanced biodegradation relies on the adaptation of soil microorganisms to use a pesticide as additional nutrient and/or energy source, providing degraders with a selective advantage favoring their emergence within the soil microbial community (Copley, 2009). Therefore, the appearance of enhanced biodegradation in a soil can be viewed not only as an indicator of pesticide exposure to microorganisms but also as an indicator of the resilience of a soil (contributing to decrease pesticide persitance in soil and therefore favoring microbial recovery). On the other hand, pesticide exposure can modify the activity of microorganisms with consequences on supported ecosystem services. Among them, water purification largely relies on soil buffering functions, the ability of a soil to capture or neutralize pollutants (such as pesticides) by sorption or by abiotic and biotic degradation, preventing their dispersion to surrounding environments like rivers, lakes or groundwater (Keesstra et al., 2012). Therefore, assessing the ecotoxicological impact of pesticides on soil buffering functions, using as a proxy the capacity of a soil to degrade a range of xenobiotic organic compounds relatively recalcitrant to biodegradation, may be of interest for the evaluation of potential pesticide effects on soil microorganisms. As there are some limitations in measuring microbial functions as proxy of ecosystem services, another option to assess the ecotoxicological impact of pesticides on soil microorganisms is to monitor the microbial diversity in response to pesticide exposure.

Although the link between microbial diversity and microbial functions remains a matter of debate among microbial ecologists, there is a general consensus on the fact that microbial diversity can be seen as a kind of ecological insurance preserving microbial functions and ecosystem services. Monitoring of shifts in the microbial diversity by nextgeneration sequencing of 16S rDNA amplicons of extracted soil DNA can be used as an alternative method to assess the response of soil microorganisms to pesticide exposure (Romdhane et al., 2016).

In order to test the interest of these alternative methods for the assessment of pesticide risks on soil microorganisms, we established a soil microcosm experiment Chapter 4.2 Impact of repeated treatments of the pesticides chlorpyrifos or tebuconazole on soil microorganisms using alternative methods

Chapter 4 Ecotoxicological impact of pesticides on soil microorganisms 210 using a worst case pesticide exposure scenario consisting in the repeated application of the organophosphate insecticide chlorpyrifos (CHL) or the triazole fungicide tebuconazole (TCZ) on soil microorganisms. These two pesticides have been chosen

because they are on the EU market for 51 (CHL) and 28 (TCZ) years and are present in agricultural environments worldwide. However, their impact on soil microorganisms is only slightly recorded in respective risk assessment documents, solely based on carbon and nitrogen mineralization in soil. CHL was concluded not to have any significant effects on carbon and nitrogen mineralization in soil (EC, 2005). TCZ effects on these processes were found to be < 25 % and interpreted as a low risk for microorganisms (EFSA, 2008;EFSA, 2014). Other studies investigating the impact of CHL or TCZ on soil microorganisms via the analysis of microbial abundance, diversity or activity concluded effects of CHL (Chu et al., 2008;Dutta et al., 2010;Eisenhauer et al., 2009;Fang et al., 2009;Gilani et al., 2010;Gupta et al., 2013;Jastrzebska, 2011;Pozo et al., 1995;Srinivasulu and Rangaswamy, 2013;Wang et al., 2010) or TCZ (Anuradha et al., 2016;Bending et al., 2007;Cycon et al., 2006;Ferreira et al., 2009;Munoz-Leoz et al., 2011;Wang et al., 2016) on soil microorganisms.

Aim of this study was to enrich post-authorization environmental risk assessment of CHL and TCZ by innovative research studying the impact of repeated CHL or TCZ treatments on soil microorganisms via the use of alternative methods such as the evaluation of pesticide degradation in soil, the assessment of soil buffering functions, and the analysis of the diversity of soil bacteria by Illumina next-generation sequencing.

Material and methods

Overview of the experimental procedure

The impact of repeated treatments of the pesticides CHL or TCZ on soil microorganisms was evaluated via (i) the mineralzation of each pesticide applied to the soil, (ii) the mineralization of a range of organic compounds (including several pesticides showing different levels of recalcitrance to biodegradation) as proxy of soil buffering functions, and (iii) the diversity of soil bacteria. For this purpose, soil mesocosms (four individual replicates per treatment) were repeatedly treated by CHL 

Soil sampling and soil properties

The soil used in this study originated from an agricultural field in North Italy (45°05'20.8"N 9°45'59.4"E, Google Maps). The soil was characterized as loamy sand (4.2 % clay, 13.5 % silt, 82.3 % sand) with an organic matter content of 4.5 %, a pH of 7.3 and a water holding capacity of 46.8 %. The field had not been treated with pesticides for more than five years. A composite soil sample of 15 kg was prepared from randomly located sub-samples collected with a 5 cm diameter iron cylinder at a depth of 5 cm in August 2015. The soil was sieved (5 mm) and kept for one week at 20 °C in the dark until the establishment of mesocosms.

Experimental set-up

A quantity of 36 individual mesocosms of 150 g soil dwt was prepared (four replicates per treatment and per sampling date) (Supplementary than the recommended agronomical dose (2 mg/kg soil dwt (CHL) or 0.6 mg/kg soil dwt (TCZ)). Both active substances were purchased from Sigma-Aldrich (99 % chemical purity). Due to their low water solubility, they were solved in methanol and applied to 7.5 g soil dwt sub-samples of the mesocosms (i.e. 5 % of the mesocosms' mass). The subsamples had been dried and ground for a better dispersion of the active substance. After evaporation of the methanol, the dried sub-samples spiked with the respective pesticide were re-added to the corresponding mesocosms. The water content was re-adjusted to 40 % of the water holding capacity. The mesocosms were kept at 20 °C in the dark at constant humidity throughout the whole experiment. Control mesocosms were treated in the same manner with methanol.

After 1, 2 and 3 months of incubation, the mesocosms were exploited (divided into sub-samples) for analyses (Supplementary Table 4.2.1). Microcosms of 20 g were established to measure the mineralization of the two applied pesticides (CHL or TCZ) and of the three other compounds (2,4-D, glyphosate and sodium acetate), and subsamples of 1 g were frozen for DNA extraction.

Mineralization of 14 C-labelled compounds in soil microcosms

The ability of the soil microbial community to mineralize CHL, TCZ, 2,4-D, glyphosate or sodium acetate was determined using 14 C-labelled compounds as described by [START_REF] El-Sebai | Spatial variability of isoproturon mineralizing activity within an agricultural field: geostatistical analysis of simple physicochemical and microbiological soil parameters[END_REF]. Four replicates of 20 g soil microcosms were treated with CHL or TCZ at 10x recommended agronomical doses following the same procedure as described before (methanol solutions applied on dried and ground 5 % soil mass of the 20 g microcosms), or with 2,4-D, glyphosate or sodium acetate (active substances) at doses of 1. 

Determination of extractable and bound 14 C-labelled residues in soil microcosms

For the quantification of remaining 14 C-labelled extractable residues, they were extracted from the soil microcosms as described by [START_REF] El-Sebai | Enhanced isoproturon mineralization in a clay silt loam agricultural soil[END_REF] at the end of the incubation (150 days). Briefly, the residues were extracted by 40 mL methanol at 20 °C for 15 h, the soil solutions were centrifuged at 20 °C and 6000 rpm for 10 min, 5 mL of the supernatant were mixed with 10 mL scintillation fluid and analyzed for their radioactivity content by liquid scintillation counting.

For the quantification of remaining 14 C-labelled bound residues, the soil pellets were dried at 20 °C and ground. An aliquot of 0.5 g was then combusted under O2 flow at 900 °C for 4 min using a Biological Oxidizer OX-500 (EG&G Instruments) and the radioactivity was measured by liquid scintillation counting. For each microcosm, a mass balance was established containing 14 CO2, 14 C-labelled extractable residues and 14 Clabelled bound residues, expressed as fraction of initially applied 14 C-labelled compound.

Molecular analysis of soil bacterial diversity

Soil DNA from 1 g soil samples was extracted according to the ISO 11063 method (2012) initially described by Martin-Laurent et al. (2001). The procedure involved three main steps: (i) microbial cell lysis by physical (bead beating) and chemical (sodium dodecyl sulfate at 60 °C for 10 min) actions, (ii) deproteination and (iii) DNA precipitation and washing. DNA concentrations were determined with a Thermo Fisher StepOnePlus thermocycler (Applied Biosystems) by using fluorescent dye of a Quant-iT™ PicoGreen® dsDNA assay kit (Invitrogen).

The hypervariable V3-V4 region of the 16S rDNA (464 base pairs) of the extracted soil DNA was amplified in two runs of a first-step PCR using primers 341f_iII

(5'-CCT ACG GGN GGC WGC AG-3') and 805r (5'-GAC TAC NVG GGT ATC TAA TCC-3').

The primers contained corresponding overhang adapters (forward adapter: AAT GAT ACG GCG ACC ACC GAG ATC TAC AC, reverse adapter: CAA GCA GAA GAC GGC ATA CGA GAT) needed to add multiplexing index-sequences in a second-step PCR. First-step PCRs were carried out in 15 μL reaction volumes containing 4.25 μL sterile water, 7.5 μL 2X

Phusion HF mastermix, 0.5 μL T4 gp32 (500 ng/μL), 0.375 μL of each primer (10 μM) and 2 μL of extracted DNA (1 ng/μL). The thermal cycling conditions of the first-step PCRs were 98 °C for 3 min, followed by 25 cycles of 98 °C for 30 s, 55 °C for 30 s and 72 °C for 30 s, with a final extention of 72 °C for 10 min.

The second-step PCR was performed using a 384 Nextera XT index kit (Illumina)

for the addition of multiplexing index-sequences. It was carried out in 30 μL reaction volumes containing 2.5 μL sterile water, 15 μL 2X Phusion HF mastermix, 0.5 μL T4 gp32

(500 ng/μL), 3 μL of each primer (10 μM) and 6 μL of the step-one PCR product. The thermal cycling conditions of the second-step PCR was 98 °C for 3 min, followed by 8 cycles of 98 °C for 30 s, 55 °C for 30 s and 72 °C for 30 s, with a final extention of 72 °C for 10 min.

Second-step PCR products were further prepared (amplicon library purification, PicoGreen® quantification and pooling) and sequenced (Illumina next-generation sequencing) by Microsynth (Switzerland).

Data analysis

Estimation and comparison of mineralization curve parameters

Obtained mineralization curves of 14 C-ring labelled CHL, 14 C-phenyl-ring-labelled 

Analysis of obtained sequences

Reads were de-multiplexed, converted to FASTQ and quality-controlled and assembled using PEAR (Zhang and Sun, 2014). Unassembled reads and once-assembled reads outside the expected range were discarded. All subsequent analyses were conducted in QIIME 1.9.0 (Caporaso et al., 2010). Sequences were clustered into operational taxonomic units (OTUs) using USEARCH (Edgar, 2010) by open-reference OTU picking. Chimeras were detected and omitted using the program UCHIME [START_REF] Edgar | UCHIME improves sensitivity and speed of chimera detection[END_REF] with the QIIME-compatible Greengenes version of the Gold database.

Taxonomy was assigned to representative sequences using the Greengenes 13.8 release.

In total, 3470820 sequences in 34 samples were analyzed using QIIME (two samples were not successfully sequenced and were discarded before the analysis).

Analysis was performed on all samples except for two of the four controls at 3 months, where sequencing was not successful. Several α-diversity indices were calculated with the QIIME pipeline (Caporaso et al., 2010) based on the rarefied OTU table at a depth of 22000 sequences/sample (observed species, PD whole tree, chao1

and simpson reciprocal). The indices were compared using ANOVA followed by the Tukey HSD test (p < 0.05) in XLstat. Potential phylum composition differences were investigated using a comparative bar chart. Phyla whose total relative abundances in all samples were < 0.05 % were excluded from the analysis. A Venn diagram was Principal coordinates analysis (PCoA) of OTU weighted unifrac distance matrices was performed and plotted with QIIME. Analyses of similarities (ANOSIM) were performed with QIIME to identify significant differences at the community level between treated and untreated samples of the same time point and between untreated samples of all time points. Significantly variating OTUs were identified using the R package 'pamR'.

ANOVA on each OTU were followed by the Tukey HSD test (p < 0.05) on four replicates with XLstat.

Results

Impact of repeated pesticide treatments on their mineralization in soil

Repeated treatments of CHL significantly enhanced the capacity of the soil to mineralize CHL (Figure 4.2.3) indicating the adaptation of CHL-degrading microorganisms. Mineralization curves completely differed in their shapes between untreated and treated samples and did not fit to the same model. Curve shapes of treated samples were exponential (i.e. followed first order kinetics), while curve shapes of untreated samples (controls) were rather linear (i.e. followed zero order kinetics)

with an important lag phase. In the control samples, the mineralized radioactivity ( 14 CO2) after 150 days (A150d) was significantly lower than in CHL-treated samples (Table 4.2 Chapter 4.2 Impact of repeated treatments of the pesticides chlorpyrifos or tebuconazole on soil microorganisms using alternative methods

Chapter 4 Ecotoxicological impact of pesticides on soil microorganisms 219 Table 4.2.1. Amount of 14 CO2 evolved from the 14 C-labelled pesticides ( 14 C-ring-labelled CHL or 14 Cphenyl-ring-labelled TCZ) after 150 days in % of initially applied radioactivity (A150d), and time needed to mineralize 25 % (CHL) or 5% (TCZ) of the initially applied radioactivity to 14 CO2 in days (t25% or t5%) in soil untreated (control) or repeatedly treated with pesticides (CHL or TCZ). Mineralization was monitored after 1, 2 and 3 months of incubation (i.e. one month after the 1 st , 2 nd and 3 rd pesticide treatment). ANOVA on four replicates were performed followed by the Tukey HSD test (p < 0.05). Significant differences are indicated by letters.

Impact of repeated pesticide treatments on soil buffering functions

CHL treatments slightly but significantly enhanced the degradation of 2,4-D and sodium acetate in soil at some time points, but had no impact on glyphosate degradation (Figure 4.2.4). 2,4-D mineralization curves had similar shapes but showed slight differences in A150d-values varying between 49 ± 1 % and 56 ± 2 % and t25%-values varying between 7 ± 0 days and 13 ± 1 days (Table 4.2.2). Significant differences (although slight) were obtained between the untreated and treated samples at 2 months and persisted at 3 months. A150d-and t25%-values at 2 months were 49 ± 1 % and (2,4-D and glyphosate) or 50 % (sodium acetate) of the initially applied radioactivity to 14 CO2 in days (t25% or t50%) in soil untreated (control) or repeatedly treated with pesticides (CHL or TCZ). Mineralization was monitored after 1, 2 and 3 months of incubation (i.e. one month after the 1 st , 2 nd and 3 rd pesticide treatment). ANOVA on four replicates were performed followed by the Tukey HSD test (p < 0.05). Significant differences are indicated by letters.
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Impact of repeated pesticide treatments on soil bacterial diversity

A first analysis of the bacterial composition in the soil microcoms revealed that it varied over the incubation time, regardless of pesticide treatment. Two of the four diversity indices ('PD whole tree' and 'simpson reciprocal') significantly increased in the untreated samples during the 3 months incubation (Table 4 while the number of shared genera was 486. As indicated by these analyses, the incubation time affected the abundances of some species (composition), but the overall diversity of the microflora at higher taxonomic levels remained largely constant. To exclude that time effects disturb the detection of pesticide effects, results of control samples were compared to those of pesticide-treated samples for each sampling time point. Unfortunately, two of the four untreated samples at 3 months were not successfully sequenced and thus were excluded from the analysis, leading to less robust statistics at 3 months.

Although CHL had no significant impact on the diversity indices ('observed species', 'PD whole tree', 'chao1' and 'simpson reciprocal') ( OTUs was found to be impacted by repeated exposure to CHL (Table 4.2.4,Supplementary Figure 4.2.7). CHL exposure was found to significantly decrease the abundance of six OTUs, among which one OTU was related to an unknown species of the genus Nitrospira and another one was related to an unknown species of the order Rhizobiales (class: Alphaproteobacteria). Contrariwise, the abundance of nine OTUs was significantly increased in response to CHL exposure, among which one OTU was related to an unknown species of the order Legionellales (class: Gammaproteobacteria) and another one was related to an unknown species of the genus Lysobacter (class: Gammaproteobacteria).

Similarly, repeated exposure to TCZ was found to modify the composition of soil bacteria. The observed modifications were slightly more pronounced than those caused by CHL and seemed to increase with the number of TCZ treatments (strongest effects were observed at 3 months). The diversity indices 'observed species', 'PD whole tree' and 'chao1' were not significantly impacted by TCZ treatments. However, after the 3 rd treatment (after 3 months of incubation) the 'simpson reciprocal' diversity index was significantly lower in soil samples exposed to TCZ than in the control samples (Table 4.2.3,Supplementary Figure 4.2.4). The 'simpson reciprocal' diversity index is the only index of the four used ones that considers the eveness in addition to the richness of obtained taxa, which may explain why only this diversity index was affected. In response to repeated exposure to TCZ, the soil bacterial composition at OTU level was modified as visualized by PCoA ordinations of OTU weighted unifrac matrices (Figure 4.2.5). This observation was confirmed by ANOSIM which approved TCZ effects to be significant at all time points (Supplementary Table 4.2.2). The TCZ effects seemed to increase with treatment repetitions (the most visible effect was obtained at 3 months). However, despite the increasing visual effect (Figure 4.2.5), the significance of the effect (obtained by ANOSIM) was lower at 3 months than at 2 months (Supplementary Table 4.2.2), which may be attributed to the lack of two controls at this time point. Supporting the visual assumption that the TCZ effect increased with time points (i.e. that it was higher at 3 months than at 2 months), comparison of the calculated values of the OTU weighted unifrac distance matrices led to the same conclusion. Furthermore, this finding matched with the diversity index results, where the 'simpson reciprocal' index was significantly decreased in TCZ-treated samples after the 3 rd treatment (i.e. after 3 months of incubation). The 'pamR' analysis led to the identification of 23 OTUs significantly impacted by repeated TCZ exposure (Table 4.2.4,Supplementary Figure 4.2.8). The abundance of 11 OTUs was significantly decreased in response to repeated exposure to TCZ, of which one OTU was related to an unknown species of the genus Nitrospira. In contrast, the abundance of 12 other OTUs was significantly higher in soil repeatedly exposed to TCZ than in control samples, of which one OTU was related to an unknown species of the genus Kaistobacter (order: Sphingomonadales, class:

Alphaproteobacteria), one OTU was related to an unknown species of the genus Lysobacter (class: Gammaproteobacteria), and three OTUs were related to unknown species of the family Saprospiraceae (phylum: Bacteroidetes). 

Discussion

In this paper, the impact of repeated pesticide treatments on soil microorganisms was studied via a range of methods that are not yet implemented in the pesticide risk assessment (regarding effects on soil microorganisms) of the authorization process [START_REF] Ec | List of candidates for substitution[END_REF]EFSA, 2008;EFSA, 2014). The impact of repeated CHL or TCZ treatments was assessed via (i) microbial adaptation to pesticide exposure resulting in enhanced biodegradation, (ii) soil buffering functions, and (iii) the bacterial diversity in soil.

Time effects

Analyses of the results obtained for the untreated control samples all along the experiment revealed that the time had no effect on the capability of soil microorganisms to mineralize CHL or TCZ-T, but affected their capability to mineralize the other tested compounds (TCZ-P, 2,4-D, glyphosate, sodium acetate), without revealing any trend. In addition, the composition of soil bacteria was shown to be influenced by time, as suggested by increasing diversity indices and significant ANOSIM of the PCoA. The bacterial community was dominated by the phyla Proteobacteria, Acidobacteria, Chloroflexi, Gemmatimonadetes, Bacteroidetes and Actinobacteria that had also been found to be dominant in a range of other soils (Acosta-Martinez et al., 2008;Janssen, 2006;Merlin et al., 2015;Petric et al, 2011;Romdhane et al., 2016;Wessen et al., 2010).

The abundances of these dominant phyla were not affected by time.

CHL effects

Repeated exposure to CHL had a clear effect on soil microorganisms. Indeed, the capability of soil microorganisms to mineralize CHL was significantly higher (almost twice higher after 150 days) and faster (25 % were mineralized around 85 days faster) in soil microcosms repeatedly treated with this insecticide as compared to untreated soil microcosms. This suggests that repeated CHL exposure led to the adaptation of the soil microbial community leading to enhanced biodegradation of CHL, because of the emergence of CHL-degrading microorganisms able to use CHL as an additional nutrient and/or energy source providing them with a selective advantage over other microorganisms (Copley, 2009). Adaptation of soil microorganisms resulting in enhanced biodegradation seems to be a common response to pesticide treatments, as it was also already reported for several other pesticides (Crouzet et al., 2010;De Andrea et al., 2003;Hussain et al., 2011;Vischetti et al., 2008;Weaver et al., 2007). Adaptation of microorganisms to pesticides leading to their enhanced biodegradation is an environmentally friendly process that decreases the persistence of pesticide residues in the soil and thereby limits their dispersion and ecotoxicological impact to non-target organisms (Topp, 2003). Mass balance results indicated that the extractable CHL fraction had decreased in soil microcosms repeatedly treated with CHL as compared to respective controls, where the extractable fraction was clearly higher. This further indicates that adaptation of soil microorganisms and the resulting enhanced CHL biodegradation led to the almost entire mineralization of bioavailable CHL. This is in accordance with the general reality that bioavailable compounds are easily metabolized by microorganisms [START_REF] Krell | Bioavailability of pollutants and chemotaxis[END_REF]. However, bound CHL residues that are hardly bioavailable and known to be persistent in soil [START_REF] Reid | Bioavailability of persistent organic pollutants in soils and sediments -a perspective on mechanisms, consequences and assessment[END_REF] were formed in lower amounts in repeatedly treated soil microcosms than in respective controls. Around 8 % of each CHL treatment was found to persist and accumulate as bound residues in the adapted soil microcosms, while around 21 % persisted in the non-adapted controls, representing a long-lasting source of contamination [START_REF] Barraclough | Bound residues: environmental solution or future problem?[END_REF].

Analysis of the soil buffering functions estimated by using as proxy the mineralization of three organic compounds (2,4-D, glyphosate or sodium acetate) revealed that all tested molecules were readily mineralized by soil microorganisms.

Mass balance results showed that extracted fractions of 2,4-D, glyphosate or sodium acetate in all samples (control, CHL and TCZ) were < 2 %, suggesting that the soil microorganisms were able to degrade all the bioavailable fraction of 2,4-D, glyphosate or sodium acetate. This conforms to several other studies describing them as degradable compounds in the environment [START_REF] Dick | Glyphosate-degrading isolates from environmental samples: occurrence and pathways of degradation[END_REF][START_REF] Ka | Genetic and phenotypic diversity of 2,4-dichlorophenoxyacetic acid (2,4-D)-degrading bacteria isolated from 2,4-D-treated field soils[END_REF][START_REF] Rueppel | Metabolism and degradation of glyphosate in soil and water[END_REF][START_REF] Sandmann | Enumeration of 2,4-D-degrading microorganisms in soils and crop plant rhizospheres using indicator media; high populations associated with sugarcane (Saccharum officinarum)[END_REF]. 2,4-D and sodium acetate mineralizations were slightly but significantly increased in response to repeated CHL exposure (for 2,4-D significant after 2 and 3 months of incubation and for sodium acetate significant after 1 month of incubation). This may be due to their degradation by soil microorganisms that were stimulated by repeated exposure to CHL. However, to draw meaningful conclusions about the impact of CHL on soil buffering functions, the mineralizations of a wider range of compounds need to be studied. Glyphosate degradation was not affected by CHL treatments, suggesting either that glyphosate-degrading microorganisms were not affected by CHL, or that the ability of glyphosate degradation was redundant enough among the soil microbial community to be impacted by repeated CHL exposure. In addition, this observation indicates that potential impacts of pesticides on the mineralization of various compounds are compound-specific making difficult their interpretation in terms of consequences on soil buffering functions from a general point of view.

In addition, CHL was found to affect the composition of bacteria in soil. Although the effects did not appear in diversity indices or as visual effects in the phyla composition, PCoA ordinations of OTU weighted unifrac distance matrices displayed significant effects of CHL treatments on soil bacteria at OTU level (15 OTUs were found to be affected). The abundance of six OTUs decreased in soil microcosms repeatedly exposed to CHL among which one OTU was related to an unknown species of the genus Nitrospira and and another one was related to an unknown species of the order Rhizobiales. Species of the genus Nitrospira are important key players in the biogeochemical nitrogen cycle that oxidize nitrite to nitrate (Altmann et al., 2003). This process is especially important in the global N2O greenhouse gas production (Ma et al., 2008;Philippot and Germon, 2005) or in aquatic ecosystems to counteract the accumulation of toxic nitrite concentrations (Hovanec et al., 1998). Species of the order Rhizobiales are likewise important for the environment, as some of them fix nitrogen and are symbiotic with leguminous plant roots making them important for soil fertility in agriculture (Gage, 2004). The presence of anthropogenic chemicals (such as pesticide residues) was found to generally reduce Rhizobium populations in soil (Slattery et al., 2001). Potential indirect effects of CHL on processes involved in the nitrogen cycle thus have to be further investigated. The abundance of nine OTUs significantly increased in response to CHL treatments, among which one OTU was related to an unknown species of the order Legionellales and another OTU was related to an unknown species of the genus Lysobacter. Species of the order Legionellales notably include famous human pathogens such as Legionella pneumophila causing Legionnaires' disease (Garrity et al., 2001). Thus, a potential impact of CHL on the abundance of human pathogenic species in soil may have an interest to be further studied to prevent consequences for the environment and human health. Species of the genus Lysobacter are known for their production of extracellular enzymes and antibiotics (Ahmed et al., 2003;Kimura et al., 1996;Von Tigerstrom, 1980). These features make Lysobacter an effective competitor against rival microorganisms (Vasilyeva et al., 2008) in the constant microbial war for nutrients in soil (Fontaine et al., 2003). Interestingly, it is possible that Lysobacter was in some ways indirectly strengthened by CHL exposure that potentially weakened a range of other soil bacteria getting weaker rivals for Lysobacter. It is not presumed that CHLdegrading species appeared as OTUs whose abundance significantly increased due to CHL treatments (if CHL was degraded by bacteria and not by fungi). First, the degradation may be a result of a relatively complex functional community of different species, as previously shown for atrazine (Devers et al., 2007). Second, the abundance of pesticide-degraders in soil usually remains quite low (around 10 3 to 10 4 cells per g of soil) (Piutti et al., 2003) making them undetectable within the microbial community dominated by populations averaging 10 8 cells per g of soil. This illustrates that possible changes in the abundance of rare species with big impacts in ecosystem functions (here: degradation of CHL residues) remain difficult to be detected by next-generation sequencing of 16S rDNA amplicons, suggesting that although powerful, this method is not yet appropriate to study the ecology of rare species (such as pesticide-degrading bacteria) in soil. Moreover, one could hypothesize that detectable changes in the composition of the microbial community may hide modifications of the rare biosphere, thereby conducting to misleadings in trying to link shifts in diversity to consequences on supported ecosystem functions.

In this study, the CHL dose repeatedly applied to the soil microcosms was 10 times higher than the recommended agronomical dose, therefore constituting a worst case scenario of exposure, which accords with a range ofother studies that concluded CHL to produce ecotoxicological effects on the soil microbial abundance, diversity or activity (Chu et al., 2008;Dutta et al., 2010;Eisenhauer et al., 2009;Fang et al., 2009;Gilani et al., 2010;Gupta et al., 2013;Jastrzebska, 2011;Pozo et al., 1995;Srinivasulu and Rangaswamy, 2013;Wang et al., 2010).

TCZ effects

Repeated exposure of the soil microbial community to TCZ did not induce enhanced TCZ mineralization. Mineralization of 14 C-triazole-ring-labelled TCZ was negligible (< 0.6 %). Mineralization of 14 C-phenyl-ring-labelled TCZ was low (around 10 %) in all samples (treated or untreated). This indicated that only the phenyl-ring of TCZ was slightly degraded by soil microorganisms while the triazole-ring remained largely untouched. This is in accordance with results of a study performed with the same soil (Storck et al., 2016b), where 34 TCZ transformation products were detected of which 31 had an intact triazole-ring. Only 3 transformation products had a cleaved, differentiated or degraded triazole-ring while 10 transformation products had a cleaved, differentiated or degraded phenyl-ring. However, detected transformation products

were not quantified in that study (due to the lack of available reference standards). Yet, this information would be needed for a more substantial comparison between the findings of this study and the findings of Storck et al. (2016b). This trend is further confirmed by other studies performed in (mostly soil) environments all over the world leading to the detection of around 50 TCZ transformation products in the environment.

The phenyl-ring is cleaved, differentiated or degraded in around 30 of them, while only 3 transformation products are known that have a cleaved, differentiated or degraded triazole-ring (see Storck et al., 2016b for a review). Mass balance results showed that large parts of the bioavailable TCZ residues fraction remained in the soil (extractable fractions made up around 50 %). Around 36 % remained in the soil as bound TCZ residues (non-extractable fraction). Moreover, this study suggested that around 90 % of applied TCZ (of each of the three treatments) may remain in the tested soil as the sum of TCZ and transformation products with intact phenyl-ring, while > 99 % may remain in the soil as sum of TCZ and transformation products with intact triazole ring.

Transformation products with intact triazole ring are particularly relevant as they are persistent and possibly interact with the hormone regulation network of non-target organisms by inhibiting the cytochrome P450-dependent conversion of lanosterol to ergosterol (Rieke et al., 2014;Shalini et al., 2011). Their accumulation in exposed soils due to the lack of microbes able to degrade them may thus be a potential threat to nontarget organisms.

Repeated exposure to TCZ was not found to modify the soil buffering functions assessed by the measurement of the mineralization of 2,4-D, glyphosate and sodium acetate, that were mineralized at 50 to 80 %. Amounts of < 2 % accounted to the bioavailable (extractable) fraction that remained in the soil after 150 days, indicating that easily available fractions were readily degraded. The rest remained as bound residues in the soil (non-extractable fraction). Contrariwise to CHL that induced slight but significant changes of tested soil buffering functions, TCZ did not affect the tested soil buffering functions, therefore indicating that effects on soil buffering functions are pesticide-dependent.

Although repeated exposure to TCZ neither induced microbial adaptation leading to its enhanced mineralization, nor affected the tested soil buffering functions, it was found to have clear effects on the composition of soil bacteria. Even though only one of the four diversity indices was significantly impacted by repeated exposure to TCZ treatments ('simpson reciprocal' index at 3 months) and no visual effects appeared in the phyla composition, PCoA ordinations of OTU weighted unifrac distance matrices clearly displayed the effects of repeated TCZ treatments at OTU level (23 OTUs were found to be affected). TCZ effects were significant at all sampling time points and even seemed to increase with treatment repetitions (although an increase could not be proven by ANOSIM, probably due to the lack of two controls at 3 months). Interestingly, among the 11 sensitive OTUs whose abundance significantly decreased in response to TCZ exposure, one OTU was related to an unknown species of the genus Nitrospira. It is noteworthy that the abundance of a similar OTU of this nitrite-oxidizing genus was also found to be decreased by CHL treatments in this study. This suggests that Nitrospira may be sensitive to the presence of various pesticides. If this hypothesis is correct, the common application of pesticide cocktails (mix of several pesticides) in conventional agriculture (Faasen, 1995) may even strengthen the negative effect on Nitrospira important in global nitrogen cycling (Altmann et al., 2003;Ma et al., 2008;Philippot and Germon, 2005). Contrariwise, the abundance of 12 OTUs was increased in response to TCZ exposure including one OTU related to an unknown species of the genus Kaistobacter, one OTU related to an unknown species of the genus Lysobacter, and three

OTUs related to unknown species of the family Saprospiraceae. The genus Kaistobacter belongs to the family of Sphingomonadaceae that is known for the ability of some species to degrade some aromatic compounds, including substituted phenyl-urea herbicides (e.g. Spingomonas sp. SRS2 (Sorensen et al., 2001), Sphingobium sp. YBL2 (Gu et al., 2013) or Sphingomonas sp. SH (Hussain et al., 2011)). It is thus not excluded that Kaistobacter may be involved in TCZ degradation, but this hypothesis has to be tested by further research. Compatibly to the enhancing effects of CHL on the abundance of the genus Lysobacter, the abundance of another OTU of this genus was also increased by TCZ treatments. This parallelism reinforces the hypothesis that Lysobacter (that is known for its features to effectively compete against rival microorganisms by using extracellular enzymes and antibiotics (Ahmed et al., 2003;Kimura et al., 1996;Von Tigerstrom, 1980)) may be indirectly strengthened by the application of pesticides such as CHL or TCZ potentially weakening rivals of Lysobacter. Moreover, this hypothesis is further supported, as the abundance of three OTUs related to unknown species of the family Saprospiraceae was increased by TCZ treatments. One species of this family (Saprospira grandis) is known for its ability to capture other microorganisms via the production of slime and to lyse them via the production of exotoxins and enzymes with the purpose of using the released nutrients (Lewin, 1997). In the same manner as for Lysobacter species, species of the family Saprospiraceae may be indirectly strengthened by the presence of microbial stress factors such as pesticides that may weaken potential victims of these predators. Further studies may be of interest to investigate if the pesticide effects on these species have a measurable effect on soil functions or if effects on some species may be buffered by others. Furthermore, species that were affected by pesticide treatments in this study may be used as indicator species for a screening/monitoring approach testing the ecotoxicity of pollutants such as pesticide residues in environmental soil samples.

TCZ was repeatedly applied to soil microcoms at 10 times the recommended agronomical dose in order to simulate a high pesticide exposure scenario and was found to affect soil microorganisms, which is in agreement with the other studies, where TCZ was found to impact soil microorganisms, as evaluated by microbial abundance, diversity or activity analyses (Anuradha et al., 2016;Bending et al., 2007;Cycon et al., 2006;Ferreira et al., 2009;Munoz-Leoz et al., 2011;Wang et al., 2016).

Conclusion

Aim of this study was to pesticide risk assessment with innovative research using alternative techniques to study the impact of pesticides on soil microorganisms. The findings of this study fit into the category of studies concluding pesticide impacts on soil microorganisms, and may be more comprehensive than risk assessment studies, where conclusions are based on broad indicators (carbon and nitrogen mineralization) that are weak indicators for the microbial toxicity of pesticides, as they are too global and thus impacts tend to remain undetected if they are buffered by functional redundancy.

The methods tested in this study to investigate pesticide impacts on the diversity and activity of soil microorganisms were found to be useful (within the limits of what is possible today) to detect ecotoxicological impacts of pesticides. An adaptation of degrading microorganisms to repeated treatments seemed to be sensitively detectable via measuring the mineralization of the applied pesticides. Quantification of the mineralization of other organic pollutants to estimate soil buffering functions seemed to be compound-specific and needs further development, notably by testing the mineralization of more compounds and by acquiring more data on different soil types to establish normal operating ranges of soil buffering capacities. In contrast, sequencing methods were concluded to be suitable for the detection of shifts in the bacterial composition in response to repeated pesticide exposure, but one could observe that changes in the rare species, notably those responsible for CHL mineralization, remained undetected. In addition, it remains open to which extent such detectable impacts on soil microorganisms can be related to potential effects on ecosystem functions. It is difficult to understand the functioning of all these complex processes and interactions, and that is why it is a real challenge to drive steady conclusions about the impact of any pesticide on non-target organisms in the environment.

Anyway, results of this study have the potential to enrich future postauthorization risk assessments of CHL (due in 2020) and TCZ (due in 2023) with additional information.

Conclusion

The aim of Chapter 4 was to test the employability of alternative techniques to investigate potential side effects of each of the three studied pesticides on soil microorganisms.

The lab-to-field experiment carried out to test the ecotoxicological impact of CHL, IPU or TCZ (applied once at three different concentrations simulating a lower tier exposure scenario) showed that CHL and TCZ slightly but significantly modified soil bacterial diversity, while IPU did not have a significant impact, as evaluated by Illumina next-generation sequencing of 16S rDNA amplicons (Chapter 4.1). These results are in accordance with data contained in the risk assessment conclusion documents of responsible authorities indicating that the risk of each of these three pesticides is low for soil microrganisms.

However, repeated exposure of soil microorganisms to CHL or TCZ (repeatedly applied at 10x agronomical doses in a microcosm study to simulate a higher tier exposure scenario) significantly modified the activity and diversity of soil microorganisms (Chapter 4.2).

Indeed, repeated exposure to CHL led to the adaptation of the microbial community resulting in the enhanced mineralization of CHL, as observed by cumulative kinetics of 14 CO2 evolved from 14 C-labelled CHL in radiorespirometric measurements. No adaptation resulting in enhanced biodegradation of 14 C-labelled TCZ was observed. As expected, radiorespirometry was found to be suitable to detect microbial adaptation to a pesticide resulting in enhanced biodegradation.

The evolution of soil buffering functions (measured by the ability of a soil to degrade molecules that are known to be degradable by a large or small range of microorganisms) was found to be pesticide-specific and less sensitively detectable, making it rather difficult to be interpreted. Much more work has to be carried out to acquire enough reference enabling a more robust interpretation.

In response to repeated pesticide exposure, Illumina next-generation sequencing of 16S rDNA amplicons allowed monitoring the evolution of the soil bacterial diversity.

One could conclude that metagenomics may be more suitable for the detection of large shifts in the soil bacterial composition, while small shifts of rare species remain undetected. Consequences on ecosystem functions remain to be determined.
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Foreword

Repeated exposure to pesticides can lead to the emergence of soil microbial populations able to use them as nutrient and/or energy sources for their growth. These populations harbor catabolic genes coding for enzymes that metabolize pesticides. The degrading microorganisms can be seen as environmentally friendly because they decrease the persistence of pesticides in soil. Moreover, pesticide-degrading microbes can be used in bioremediation techniques to depollute the environment. The detection and quantification of pesticide degradation-encoding genes by molecular approaches may therefore constitute an indicator of pesticide exposure and impact. Despite the promising advantages of using this approach, it remains challenging and needs to be studied by further research how reliable conclusions based on gene-bioindicator quantification can be drawn.

With the research of Chapter 5, I aimed to study the possibility to use the quantification of pesticide degradation-encoding genes as bioindicators for the pesticide-degrading ability of a soil. This work was carried out in a microcosm and a field study by monitoring (i) the abundance of pdm genes responsible for the first step of the bacterial IPU degradation pathway, and (ii) the IPU-mineralizing ability of the soil microbial community.
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Abstract

Despite their benefits, pesticides can persist in the environment where they can harm non-target organisms. Microbial degradation of pesticides can contribute to diminish their persistence and therefore to minimize their impact. The quantification of pesticide-degrading microorganisms by qPCR of catabolic genes may be used as bioindicator for the pesticidedegrading potential of a soil. To test this hypothesis, we quantified (i) the pdmA and pdmB genes involved in the first step of the bacterial degradation pathway of the phenyl-urea herbicide isoproturon (IPU), and (ii) and the plasmid pSH (harboring the pdmA and pdmB genes) of Sphingomonas sp. SH, an IPU-degrading strain, and compared the gene abundances to IPU mineralization in two French agricultural soils in a microcosm and a field study. In the microcosm experiment, the genes were quantified contemporary to IPU exposure, while the field soil was historically treated with IPU (> 6 months before soil sampling). The results showed that the abundance of pdmA and pdmB was not correlated to IPU mineralization observed in soil samples collected from the field experiment. In the microcosm experiment, we observed that 

Introduction

The use of pesticides is an efficient method to protect crops from various pests in agriculture worldwide. Despite this advantage, pesticides can be harmful to the environment and human health (Hutzinger, 2013;Lewis and Maslin, 2015). Only a tiny part of spayed pesticides ends up in the target organism while big parts reach the soil, from where they can spread to water bodies and impact non-target organisms (Barbash, 2003;Looser et al., 2000;Smalling et al., 2013;Zhang et al., 2011). To minimize these issues, soil organisms such as bacteria, that degrade pesticides by using their components as nutrient and/or energy source (Topp, 2003), can be employed by mankind to counteract environmental pollution (Monard et al., 2013). For example, assessing the presence or absence of pesticide-degrading bacteria (via the presence of pesticide-degrading genetic potential) in an agricultural soil may be useful to predict pesticide degradation in soil or to monitor pollution.

The development of molecular approaches able to detect and quantify genes that encode for pesticide-degrading enzymes has provided the possibility to assess the genetic potential of a soil to degrade a pesticide [START_REF] Martin-Laurent | Estimation of atrazine-degrading genetic potential and activity in three French agricultural soils[END_REF]. These approaches are based on direct soil DNA extraction (ISO 11063, 2012) and quantitative polymerase chain reaction (qPCR) (ISO 17601, 2016) or functional gene microarrays (Fenner et al., 2013) allowing the quantification or detection of pesticide-degrading genetic potential. Based on these techniques, the possibility to use catabolic genes as bioindicators for the pesticide-degrading genetic potential of soil microbial communities has been assessed for several herbicides (atrazine, 2,4-D and diuron), showing that the size of pesticide-degrading microbial populations was sensitive to pesticide exposure [START_REF] Baelum | Modeling of phenoxy acid herbicide mineralization and growth of microbial degraders in 15 soils monitored by quantitative real-time PCR of the functional tfdA gene[END_REF]Pesce et al., 2013;Piutti et al., 2002). In addition, Monard et al. (2013) found a correlation between atrazine degradation in soil and the expression of an atzD gene and concluded a high potential to use atzD to assess atrazine biodegradation performance in soils. From this point of view, monitoring of the pesticide-degrading genetic potential in the environment can indicate the exposure of an environment to a pesticide (indicator of impact) but also its biodegradation capacity (indicator of resilience). A prerequisite to use these gene-based techniques, however, is the knowledge of degrading genes and their clear attribution to the pesticide biodegradation process (Bouskill et al., 2007;DeBryn et al., 2007;Kazy et al., 2010; Chapter 5 Possibilities and limitations of using genes as bioindicators for potential pesticide degradation in soil -the case of pdm-encoded isoproturon degradation 255 Ogunseitan et al., 2000;Peng et al., 2010). The usability of pesticide-degrading genes as bioindicators to estimate pesticide exposure on soil microorganisms and to predict the pesticide degradation potential requires profound research to enable reliable conclusions, as each gene may have its own reaction behavior to the presence of a specific pesticide.

In this study, we focused on the quantification of isoproturon (IPU)-degrading pdmA and pdmB genes in two soils in Central Eastern France ('Biobed soil' of a biomixture and 'Epoisses soil' of an agricultural field) that were regularly exposed to this herbicide. The pdm genes code for two sub-units of the enzyme catalyzing the transformation of the substituted phenyl-urea herbicide IPU to mono-demethyl-IPU (MD-IPU) by N-demethylation. These genes have recently been discovered in an IPUdegrading Sphingobium sp. strain YBL2 isolated from an agricultural soil in China (GenBank accession number CP010958.1; Gu et al., 2013). They have also been found in an IPU-degrading Sphingomonas sp. strain SH isolated from the Epoisses soil in France (Hussain et al., 2011) and in an IPU-mineralizing Sphingomonas sp. strain SRS2 isolated from an agricultural soil in the United Kingdom (GenBank accession number LARW01000036.1; [START_REF] Nielsen | Draft genome sequence of isoproturon-mineralizing Sphingomonas sp. SRS2, isolated from an agricultural field in the United Kingdom[END_REF]. Interestingly, the nucleotidic sequences of the pdm genes in these three strains are 99 % similar. In Sphingomonas sp. strain SH, they are located in a transposon-like sequence in the plasmid pSH (GenBank accession number KU237244.1, unpublished data). In addition, the transposon-like sequence of 5295 bp of Sphingomonas sp. strain SH is 99 % similar to that of the Sphingobium sp.

strain YBL2.

The main aim of this study was not only to test the usability of the quantification of pdm genes as bioindicators for the IPU-mineralizing ability of soil microbial crucial for a solid correlation between the abundance of a gene involved in pesticide degradation and the actual capability of an agricultural soil to degrade a pesticide.

Therefore, two oppositional scenarios of IPU exposure were considered to distinguish the response of IPU-degrading communities to contemporary and historical exposure to this herbicide. In a first step (contemporary exposure scenario), we exposed the Biobed soil to IPU and monitored the contemporary responses (IPU mineralization and gene abundances) all along the incubation in microcosms. In a second step (historical exposure scenario), we collected soil of the Epoisses field over a 2.5 years period, when the last IPU treatment was 6 months, 1.5 years and 2.5 years ago and the soil had shown the ability to readily degrade IPU at any time [START_REF] Hussain | Mapping field spatial distribution patterns of isoproturon-mineralizing activity over a three-year winter wheat/rape seed/barley rotation[END_REF].

Material and methods

Experimental design

We based the experimental design on the lapse of time between IPU treatment and quantification of (i) degrading genes and (ii) IPU-mineralization in two oppositional scenarios of IPU exposure (contemporary or historical exposure) (Figure 5.2).

The quantification of degrading genes and IPU mineralization contemporary to IPU exposure was realized in microcosms of the biomixture soil (Biobed soil) collected from a biobed receiving pesticide effluents (including IPU) from an experimental farm.

The microcosms were treated with IPU and analyzed for their IPU-degrading genetic potential at five time points within 14 days after the treatment.

The quantification of degrading genes and IPU mineralization after historical IPU exposure was realized in the agricultural field soil (Epoisses soil) rotationally cropped with wheat / rapeseed / barley that had last been treated with IPU 6 months, 1.5 years and 2.5 years ago at the soil sampling time point.
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Soil characteristics and sampling

The biomixture soil of the biobed (Biobed soil) was prepared with soil collected determined by [START_REF] Hussain | Mapping field spatial distribution patterns of isoproturon-mineralizing activity over a three-year winter wheat/rape seed/barley rotation[END_REF].

Analysis of IPU mineralization in the soils

In the Biobed soil, IPU mineralization was measured in three independent samples of 20 g dwt). Each sample was treated with 2 mg/kg dwt soil IPU (99 % purity, Riedel-de-Haen) and 1.7 kBq of 14 C-ring-labelled IPU (99 % radiochemical purity, specific activity = 666000 kBq/mmol, International Isotopes Munich). Samples were incubated at a constant humidity of 80 % of the WHC in the dark. At regular intervals (0, [START_REF] Pyridinol | maleamic acid Singh and Walker[END_REF]4,6,8,10,12 and 14 days after treatment), 14 CO2 evolved from 14 C-ring-labelled IPU was trapped in 5 mL 0.2 M sodium hydroxide and was analyzed by liquid scintillation counting (LS 6500 Multi-Purpose Scintillation Counter, Beckman) using 10 mL scintillation liquid (ACII scintillation fluid, Amersham).

In the Epoisses soil, IPU mineralization was measured in the 36 soil samples collected from the field study each year. Each sample (40 g dwt) was treated with 1.5 mg/kg dwt soil IPU and 2 kBq of 14 C-ring-labelled IPU. The samples were incubated for 46 days and analyzed as described for the Biobed soil.

DNA extraction and quantification

DNA was directly extracted from 250 mg soil samples according to the ISO 11063 (2012) method initially described by Martin-Laurent et al. (2001). The procedure involved the 3 main steps (i) microbial cell lysis by physical (bead beating) and chemical (sodium dodecyl sulfate at high temperature) actions, (ii) deproteination and (iii) DNA precipitation and washing. We determined DNA concentrations with a Thermo Fisher

StepOnePlus thermocycler (Applied Biosystems) by using fluorescent dye of a Quant-iT™ PicoGreen® dsDNA assay kit (Invitrogen).
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Primer design

Two primer sets targeting the pdmA (pdmA_F: 5'-TGG-CAG-TTC-AGC-TAT-GAT-GC-3', pdmA_R: 5'-ATA-GTC-CCC-TTT-GCC-TTC-GT-3') and pdmB (pdmB_F: 5'-TTC-GAC-GAT-GTC-AGA-ACG-AG-3', pdmB_R: 5'-GTG-GTG-TGC-TTT-CAG-GGA-AT-3') genes coding for the first step of the IPU degradation pathway (Gu et al., 2013) were designed.

Another set of primers (targeting pdmA-down) was designed to target the transposonlike sequence (containing pdmA and pdmB) located on the plasmid pSH (position 36029 to 41475 bp) (Figure 5.3) of the IPU-degrading Sphingomonas sp. strain SH isolated from the Epoisses soil (Hussain et al., 2011). One of the primers (pdmA-down_F: Chapter 5 Possibilities and limitations of using genes as bioindicators for potential pesticide degradation in soil -the case of pdm-encoded isoproturon degradation 260

Quantification of 16S rDNA, pdmA, pdmB, pdmA-down and pSH sequences

Prior to the quantification of target genes, the absence of PCR inhibitors in the DNA extracts was verified by spiking a known amount of a pGEM-T Easy plasmid vector (Promega) to the samples or to pure water as a control. We quantified the plasmid by qPCR (ISO 17601, 2016) in a StepOnePlus qPCR machine (Applied Biosystems) using universal SP6 and T7 primers as described by [START_REF] Henry | Quantitative detection of the nosZ gene, encoding nitrous oxide reductase, and comparison of the abundances of 16S rRNA, narG, nirK, and nosZ genes in soils[END_REF].

As PCR amplification was not inhibited, the DNA samples could be used to perform qPCR of the target gene sequences. The abundance of the total bacterial community was measured by qPCR targeting the 16S rDNA using the universal bacterial primers 341_F (5'-CCT-ACG-GGA-GGC-AGC-AG-3') and 534_R (5'-ATT-ACC-GCG-GCT-GCT-GGC-A-3') as described by [START_REF] Lopez-Gutierrez | Quantification of a novel group of nitrate-reducing bacteria in the environment by real-time PCR[END_REF]. Calibration curves were established from previously cloned pdmA, pdmB, pdmA-down and pSH PCR products of the IPU-degrading Sphingomonas sp. strain SH (Hussain et al., 2011). Non-template controls were included in all qPCR assays.

Data analysis

IPU degradation parameters were determined as described by [START_REF] Hussain | Mapping field spatial distribution patterns of isoproturon-mineralizing activity over a three-year winter wheat/rape seed/barley rotation[END_REF]. We separately compared for each gene the quantities between all time points in the Biobed soil using ANOVAs followed by the Tukey HSD test (p < 0.05). In addition, one ANOVA was performed on the quantities of all genes at 7 days after IPU treatment. For the field samples collected at Epoisses, we separately compared for each gene, the quantities between all 3 years using ANOVAs followed by the Tukey HSD test (p < 0.05).
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Results and discussion

Microcosm study -Contemporary exposure to IPU

The microcosm study revealed that the Biobed soil contemporarily exposed to IPU was found to be readily able to mineralize IPU (Figure 5.4). Within 14 days, around 50 % of the initially applied 14 C-labelled IPU was transformed by microbial communities to 14 CO2. IPU-mineralization followed first order kinetics typical for biodegradation by soil microbial communities already adapted to pesticide application [START_REF] Soulas | Modelling of microbial degradation of pesticides in soils[END_REF].

The maximum IPU mineralization (A) was 53.6 ± 0.4 %, the maximum rate of mineralization (µm) was 12.8 ± 0.6 %/day, and the lag phase (λ) was 1.6 ± 0.0 days, according to the modified Gompertz growth model fitted to IPU-mineralization curves.

The short lag phase suggests that IPU-degrading populations were initially present in the Biobed soil. This is in agreement with the qPCR analyses on the IPUdegrading pdmA and pdmB genes that report these genes to be present at day 0 before IPU treatment (at around 22 sequences per 10 4 16S rDNA sequences). This initial presence of the genes indicating the initial presence of IPU-degraders can most likely be attributed to the frequent IPU treatments that the Biobed soil was exposed to, as it has previously been observed for various herbicides such as IPU (El Sebai et al., 2004), atrazine (Piutti et al., 2002) or 2,4-dichlorophenoxyacetic acid (2,4-D) (Baelum et al., 2008). The acceleration of the IPU mineralization during the exponential phase (between 2 and 7 days after IPU treatment) suggests that IPU-degraders may have become more abundant after 2 days of IPU exposure, indicating the presence of highly responsive IPU-degrading microbial populations in the Biobed soil. This assumption is in agreement with results of pdmA and pdmB qPCR analyses showing that the IPUdegrading genetic potential and the IPU-mineralizing activity concomitantly reached their maximum after 7 days of IPU exposure (Figure 5.4), as the relative abundance of the pdm sequences significantly increased one order of magnitude reaching its maximum after 7 days (pdmA = 262 ± 91 and pdmB = 201 ± 29 copy numbers/10 4 copy numbers of 16S rDNA). This growth trait of pesticide-degraders has already been observed for atrazine, for which the abundance (Martin-Laurent et al., 2003;Piutti et al., 2002) and expression (Monard et al., 2013) of the atrazine-degrading genetic potential were found to increase in response to atrazine exposure.
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Interestingly, already 14 days after IPU treatment, the relative abundance of pdmA and pdmB had decreased to its initial level (around 39 copy numbers/10 4 copy numbers of 16S rDNA) (Figure 5.4), suggesting that the abundance of IPU-degraders rapidly decreased when the amount of bioavailable IPU decreased. This is in agreement with previous studies showing that that the 2,4-D-, 2-methyl-4-chlorophenoxyacetic acid-(MCPA) (Baelum et al. 2008) and atrazine- (Martin-Laurent et al., 2003) degrading genetic potential rapidly decreased once the mineralization of the pesticides had ceased.

The most abundant genes at day 7 were pdmA and pdmB (both > 200 copy numbers/10 4 copy numbers of 16S rDNA). Their detection at similar abundances indicates that they are similarly organized in the microbial community of the Biobed soil. This was expected as they were found to code for the α-and β-subunit of the PDM AB oxygenase responsible for the N-demethylation of IPU (Gu et al., 2013). Moreover, pdmA and pdmB are associated with each other in the genomes of the three known IPUdegrading strains Sphingobium sp. strain YBL2 (Gu et al., 2013), Sphingomonas sp. strain SRS2 (Sorensen et al., 2001) and Sphingomonas sp. strain SH (Hussain et al., 2011), respectively isolated from soils in China, UK and France. Although the relative abundances of the pdmA-down (around 100 copy numbers/10 4 copy numbers of 16S rDNA) and pSH (around 60 copy numbers/10 4 copy numbers of 16S rDNA) gene sequences were significantly lower (p < 0.05) than those of pdmA and pdmB at day 7, they followed a similar temporal pattern with abundances transiently increasing in response to IPU exposure.

Indeed, the relative gene abundance of pdmA-down was lower before IPU treatment (around 10 copy numbers/10 4 copy numbers of 16S rDNA), increased to a maximum at day 7 (around 100 copy numbers/10 4 copy numbers of 16S rDNA) and decreased to around 19 copy numbers per 10 4 copy numbers of 16S rDNA 14 days after IPU treatment. This indicates that only a part of the IPU-degrading bacterial community (approximately 50 %) possesses the same genetic organization as the one of the three known IPU-mineralizing isolated bacterial strains. It further suggests that the pdmA and pdmB genes quantified in the Biobed soil may have the same genetic origin as those isolated strains from France, UK and China). This raises the question how such newly evolved degradation-encoding genes are dispersed all over the world [START_REF] De Souza | The atrazine catabolism genes atzABC are widespread and highly conserved[END_REF]. The detection of the pSH sequence a similar abundance to pdmA-down further indicates that the pdmA and pdmB-harboring transposon-like sequence may be located

Chapter 5 Possibilities and limitations of using genes as bioindicators for potential pesticide degradation in soil -the case of pdm-encoded isoproturon degradation 263 on the plasmid pSH in a part of the IPU-degrading community. However, as the relative abundances of pdmA-down and pSH were significantly lower than those of pdmA and pdmB at day 7, one could hypothesize that a fraction of the IPU-degrading community may harbor another pdmA and pdmB genetic organization remaining unknown. after the last IPU treatment [START_REF] Hussain | Mapping field spatial distribution patterns of isoproturon-mineralizing activity over a three-year winter wheat/rape seed/barley rotation[END_REF]. Analyses of IPU mineralization curves followed first order kinetics showing that the microbial community of the Epoisses soil with IPU treatment history was readily able to mineralize IPU. The parameters Chapter 5 Possibilities and limitations of using genes as bioindicators for potential pesticide degradation in soil -the case of pdm-encoded isoproturon degradation 264 estimated by fitting the mineralization curves to the Gompertz growth model (maximum IPU mineralization (A) = 38 ± 11 %, maximum rate of mineralization (µm) = 3 ± 2 %/day, and lag phase (λ) = 3 ± 2 days [START_REF] Hussain | Mapping field spatial distribution patterns of isoproturon-mineralizing activity over a three-year winter wheat/rape seed/barley rotation[END_REF]) were lower and more variable than those observed in the Biobed soil.

In addition, pdmB, pdmA-down and pSH gene sequences were quantified at lower amounts than in the Biobed soil (Figure 5.5) (pdmA is not shown because it was previously shown to give identical results to pdmB). Indeed, the three tested genes were successfully detected, although close to the limit of quantification of each qPCR assay.

Analogously to the results of the Biobed soil, the pdmB gene was the most abundant one (59 ± 74 copy numbers/10 6 16S rDNA copy numbers). However, the pdmB abundance in the Epoisses field soil historically exposed to IPU was not only two orders of magnitude lower than that quantified in the Biobed soil contemporarily exposed to IPU, but also much more variable. Part of this variability may be attributed to the spatial variability of the sampling spots as suggested by [START_REF] Hussain | Mapping field spatial distribution patterns of isoproturon-mineralizing activity over a three-year winter wheat/rape seed/barley rotation[END_REF], who observed that spatial variability of IPU mineralization observed in the field can be explained by soil humidity and pH.

The low IPU-degrading genetic potential recorded in the field of Epoisses can be explained by the tendency of IPU-degraders to rapidly decline in absence of IPU (as shown in the Biobed soil). This hypothesis is further reinforced by the fact that pdmB abundances (this study) and IPU mineralization activities [START_REF] Hussain | Mapping field spatial distribution patterns of isoproturon-mineralizing activity over a three-year winter wheat/rape seed/barley rotation[END_REF] measured in samples collected in year 2010 were significantly higher than that measured in years 2008 and 2009. As suggested by [START_REF] Hussain | Mapping field spatial distribution patterns of isoproturon-mineralizing activity over a three-year winter wheat/rape seed/barley rotation[END_REF], this effect may be attributed to the application of three herbicides that were applied to the field one month before soil sampling in 2010 soil sampling.

As observed in the Biobed soil, the relative abundances of pdmA-down (3 ± 8 copy numbers/10 6 16S rDNA copy numbers) and of pSH (7 ± 7 copy numbers/10 6 16S rDNA copy numbers) were significantly lower than that of pdmB (Figure 5.5). This difference was even more pronounced in the field of Epoisses than in the Biobed soil. It further confirmed that only a part of the IPU-mineralizing microbial community harboring pdmA and pdmB genes has the same transposable element as that of known IPUmineralizing isolated bacterial strains. As pdmA-down and pSH show similar abundances, one could hypothesize that the pdmA-and pdmB-harboring transposable element may be located on the plasmid pSH in the soil of Epoisses, which is in agreement
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with the isolation of Sphingomonas sp. strain SH from this field (Hussain et al., 2011).

Nevertheless, as suggested for the Biobed soil, these results contibute to the hypothesis that a fraction of the IPU-degrading community of the Epoisses soil may harbor another unknown pdmA and pdmB genetic organization. For each of the three quantified genes, no correlation between their relative abundance and IPU degradation parameters (A, µm and λ) could be observed regardless of the year (as shown in Figure 5.6 for the tentative correlation between the relative pdmB abundance and the maximum IPU mineralization (A)). This result is in agreement with Baelum at al. (2008) who reported no significant correlation between the gene abundances of tfdA (coding for an enzyme that degrades chlorophenoxy herbicides) and the mineralization rates of the two chlorophenoxy herbicides 2,4-D and MCPA. Similarly, [START_REF] Martin-Laurent | Estimation of atrazine-degrading genetic potential and activity in three French agricultural soils[END_REF] reported some discordances between the atrazinedegrading genetic potential (estimated by the quantification of atzA, atzB and atzC gene abundances) and atrazine degradation in soil.
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Conclusions and perspectives

The quantification of the IPU-degrading genetic potential was in agreement with the IPU mineralization in the Biobed soil contemporarily exposed to this herbicide. In this context, the IPU-degrading genetic potential was found to be highly sensitive to IPU exposure being transiently increased, reaching its maximum when the IPU mineralization rate was highest and then decreased to its initial value. This rapid decrease of the IPU-degrading genetic potential suggests that IPU-degraders may decline to a minimum in the absence of IPU. This may explain why the quantification of the IPU-degrading genetic potential was not found to be correlated to IPU mineralization in the Epoisses soil historically exposed to IPU. Indeed, in Epoisses soil samples, pdmB was quantified in rather low amounts while substantial IPU mineralization was recorded regardless of the year of sampling. This discrepancy may most likely be explained by the decrease of the IPU-degrading genetic potential in response to the long time period In addition, this study provides new insights in the ecology of the IPU-degrading microbial community by showing that the pdmA-and pdmB-harboring transposable element (described in Sphingobium sp. strain YBL2) of the plasmid pSH (described in Sphingomonas sp. strain SH) is not the sole genetic element involved and that other (yet unknown) genetic elements may also harbor pdmA and pdmB genes. This observation underlines the fact that quantification of pesticide-degrading genes as a proxy of the pesticide-degrading genetic potential also requires a deep knowledge on the genetic organization of a pesticide-degrading gene in order to define the good gene target to be monitored.

One could conclude that the quantification of the IPU-degrading genetic potential can be a good proxy of the IPU-mineralizing activity in case of contemporary exposure to this herbicide. However, it is a poor proxy of the IPU-mineralizing activity in case of historical exposure to IPU. To overcome this problem, one could suggest to quantify the IPU-degrading genetic potential in agricultural fields historically exposed to IPU in soil samples freshly exposed to IPU some days before DNA extraction.
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Conclusion

With the research of Chapter 5, I studied the interest of quantifying the IPUdegrading genetic potential as a proxy of IPU mineralization in soil.

Under the contemporary scenario of exposure to IPU, the IPU-degrading genetic potential measured in the Biobed soil was found to transiently increase during the IPU mineralization activity and to decrease when IPU mineralization was completed. By tracking a transposon-like sequence harboring the pdmA and pdmB genes (involved in IPU degradation) and the plasmid pSH, we proposed that the IPU-degrading genetic potential does not only consist of the known IPU-degrading genetic organization.

Under the historical scenario of exposure to IPU, the detection of IPU-degrading genetic potential was possible but remained rather low for all the samples collected over the three years during crop rotation. Contrariwise to the good correlation observed during contemporary exposure, the IPU-degrading genetic potential in the field with historical exposure to IPU did not show a correlation to the measured IPU mineralization.

This study suggests that IPU-degrading genetic potential needs to be newly stimulated and quantified contemporary to IPU exposure to successfully use the genetic potential to predict IPU mineralization in a soil historically exposed to IPU. From this point of view, it may constitute a sensitive bioindicator of IPU exposure and of microbial resilience to IPU.

the opinion paper was to improve the trustworthiness of the process by employing anonymously chosen subcontractors to perform the investigations on which the pesticide risk assessment is based (instead of relying on data from the pesticide industry as it is now). An argument against this possibility relies on the question who will pay the subcontractors. In order to avoid any conflicts of interest, subcontractors have to be paid by a third party but keeping it financed by the pesticide company. Furthermore, one may criticize the environmental orientation of the paper and argue that alternatives to the excessive use of pesticides are difficult to realize regarding the increasing demand of food on earth due to the important increase in the human population. However, in a globalized world where food and goods are exchanged all over, the food shortage in some regions of the world is more a problem of global food distribution and wasteful consumer habits than of global food production. A better organization would imply an optimization of the use of resources and thus a limitation of the efforts required to increase the production to comply with the growing world population. Moreover, an alternative to the excessive pesticide use may also be a restriction of the most harmful compounds and the expansion of a more sustainable pesticide use.

Critical review of used and developed techniques

My main aim was to propose and test new approaches to assess pesticide microbial ecotoxicology. To reach this objective, my research aimed to enhance the characterization of (i) the exposure scenario of soil microorganisms to pesticides and their TPs in soil and (ii) the consequences of pesticide exposure for the abundance, activity and diversity of soil microorganisms.

The purpose of Chapter 3 was to define the environmental exposure scenario of the three pesticides (CHL (insecticide), IPU (herbicide), or TCZ (fungicide)) applied to North-Italian agricultural soil in a microcosm and a field study. Given the fact that this PhD thesis rather focused on the usability and development of methods for pesticide environmental risk assessment, we made the choice to apply each pesticide alone and not mixed together (pesticide cocktail). Therefore, a potential 'cocktail effect' [START_REF] Relyea | A cocktail of contaminants: how mictures of pesticides at low concentrations affect aquatic communities[END_REF] on the environmental fate of the pesticides and on soil microorganisms was not assessed. One could notice that methods applied in my work to assess the fate and the impact of three separated pesticides can be likewise used to study effects of pesticide cocktails. The dissipation of the pesticides was monitored by the classical and commonly used HPLC-PDA method able to quantify the pesticides and their main known TPs extracted from a soil matrix; sorption of the pesticides and their main TPs was assessed using the standard batch equilibrium method (OECD-Guideline 106, 2000) (Chapter

3.1).

One of the originalities of the proposed approach is to consider lower and higher pesticide exposure scenarios (several applied pesticide concentrations) to study the environmental fate of the three pesticides. Another one is based on the use of PPPs to carry out the dissipation and sorption studies, and not only use active substances as recommended by EFSA to carry out environmental risk assessment. Indeed, in reality, active substances are always applied in formulated PPPs to the environment. Keeping in mind that several studies showed that the environmental risk of a PPP can be divergent from that of the active substance (EFSA, 2015a;IARC, 2015), splitting their risk assessment is not logical and one may be astonished that the environmental fate is only assessed for the active substance from the EU-regulatory point of view. To tackle this issue, the sorption study was performed with the active substance and the formulated PPP, which allowed the comparison of both. Moreover, pesticide degradation was assessed in a lab-to-field experiment by monitoring dynamics of known TPs. Studying the environmental fate of pesticides in field studies is important, as several abiotic (leaching, run-off, volatilization, photodegradation etc.) and biotic (plant-, animal-, or microorganism-interactions) processes can be considered that do not account to dissipation in soil microcosms.

One of the weaknesses of the work I have carried out is that all my pesticide dissipation experiments have been conducted on one soil type and not on a range of soils differing in their physicochemical properties sampled from all over the world.

However, even if one could expect that the use of various soils may have provided a stronger view of the fate and the microbial ecotoxicology of these three pesticides, having in mind that 'everything is everywhere but the environment selects' (O' Malley, 2008), one may hypothesize that observations obtained in a given soil provide general trends transposable to other soils by considering a range of modulation factors such as physicochemical parameters. One could recommend that environmental risk assessment of pesticides has to be carried out at least on three types of soils representative of the three EU climatic zones (Scandinavian, temperate and Mediterranean soil) identified in the pesticide policy. This recommendation was followed within the framework of the program of the European 'Love-to-Hate' project but is not part of my PhD. Another weakness of this work may be attributed to the method chosen to assess pesticide soil sorption. Although the sorption studies were carried out according to existing standards required by the regulation to estimate pesticide fate in soil (i.e. batch study according to OECD-Guideline 106, 2000), one could regret to not have assessed pesticide sorption to soil under a more realistic scenario. Indeed, pesticide transfer through non-disturbed soil columns [START_REF] Dagès | Seepage patterns of diuron in a ditch bed during a sequence of flood events[END_REF], that takes into account preferential flow of water through soil macropores, may have given another estimate of pesticide sorption to soil.

The exposure scenario of soil microorganisms to pesticides was assessed by quantifying pesticide residues and known TPs for which reference standards were already available (enabling their quantification). Although most TPs have a lower ecotoxicity than the parent molecule (Boxall et al., 2004), some of them may be more toxic and are often more soluble, so that they possess higher tendencies to be more bioavailable or more prone to migrate to water bodies (Fenner et al., 2013). Knowledge of the existence of TPs relevant for the environment is one of the biggest challenges in exposure scenario research. Past studies have shown that several pesticide TPs of relevant ecotoxicity typically emerged only 20 to 30 years after the pesticide's market introduction (Fenner et al., 2013). To tend to fill this gap of knowledge on TPs formed in soils, I established a combined approach of suspect screening (UHPLC-ESI-QTOF-MS), molecular structure correlation (MSC program) and in silico molecular typology (TyPol) (Chapter 3.2). This approach was tested for the detection of TCZ TPs, as the degradation pathway and the TPs of this pesticide were the least experienced of the three pesticides.

Moreover, triazole TPs possibly resulting from the transformation of TCZ are of particular importance, as they possibly interact with the hormone regulation network of non-target organisms (Rieke et al., 2014;Shalini et al., 2011).

The major force of this approach lies on the establishment of a library made of empirical and theoretical TPs. The richness of the library is the keystone for TP search in organic extracts of environmental samples. Another of the forces of this approach is that the availability of reference standards of each TP stored in the library is not compulsory (albeit preferable, as they are needed for the identity confirmation and quantification of detected TPs). The classification of detected TPs by TyPol (Servien et al., 2014) according to their estimated environmental parameters deduced from their physicochemical properties is a good possibility to identify important TPs to be synthesized to enable (i) their identity confirmation and quantification in environmental samples and (ii) the assessment of their risk to non-target organisms.

One of the major weaknesses of this suspect screening approach is that TPs cannot be quantified and their identity cannot be confirmed without the use of reference standards. In addition, the suspect screening approach can only detect extractable compounds that are contained in the compound library. Moreover, the used TyPol approach has not yet experimentally proven to deliver reliable and robust deductions about the potential environmental behavior of classified compounds. Despite these weaknesses, this combined approach represents a large step towards a more comprehensive description of pesticide TPs formed in soil. In specific respect to the case of TCZ, one weakness of the used approach concerns that although TCZ and several of its TPs are known to have two enantiomers or even more than one chiral center for a few of them (Wang et al., 2012), the consequences of the chirality on stereoselective ecotoxicity and dissipation have not been addressed in this thesis. To overcome this gap of knowledge, several trials using chiral separation columns are currently ongoing in the research team of Dr. Luigi Lucini (Catholic University of the Sacred Heart, Piacenza, Italy).

Aims of Chapter 4 were to test the usability of a range of methods for a better evaluation of potential pesticide impacts on soil microorganisms than it is actually done in pesticide risk assessments that solely rely on nitrogen and carbon mineralization tests (Martin-Laurent et al., 2013). One can recommend assessing the potential effects caused by pesticide exposure to soil microorganisms and their ecosystem functions via their microbial diversity, abundance and activity. This is in agreement with recent scientific opinions published by EFSA who proposed soil ecosystem services as subjects of specific protection goals in pesticide environmental risk assessments (EFSA, 2010) and functional microbial communities as entity to be protected (EFSA, 2016a). Within this context, I have tested different techniques on their ability to detect adverse pesticide effects on soil microorganisms.

One technique was the assessment of potential pesticide effects on the diversity of soil microorganisms using the PCR-based DNA Illumina next-generation sequencing approach relying on soil 16S rDNA amplicons of soil DNA extracts (ISO 11063, 2012) (Chapters 4.1 and 4.2). This DNA sequencing method is not yet standardized at the ISO level because of the lack of consensus on the most appropriate protocol to be used, which may be explained by its novelty as well as by its constant and rapid evolution inhibiting its standardization (Philippot et al., 2012). By the research of this thesis, the sequencing approach was found to be a suitable method for the detection of big shifts in the bacterial composition of a soil, whereas small shifts of rare species that may however have big impacts on ecosystem functions (such as accelerated pesticide degradation) were likely to remain undetected by this under-development approach.

For instance, the abundance of pesticide degraders in soil usually remains quite low (around 10 3 to 10 4 cells per g of soil) (Piutti et al., 2003) making it difficult to detect them 'diluted' within dominant microbial populations (around 10 8 cells per g of soil).

However, next-generation Illumina sequencing is one of the most sensitive sequencing techniques of today and thus remains the best alternative. A force of this research was that both the formulated PPP and the active substance were tested in microcosm and field studies at different doses (the smallest dose being the recommended agronomical dose) that were only once or repeatedly applied to the soil. Study results thus enabled a comprehensive conclusion on each pesticide. A weak point of this research may be that the sequencing technique only considered bacterial DNA. Pesticide impacts on fungi were thus excluded in the sequencing approach, although the technique could have been similarly performed on fungal DNA. The open question that remains after the detection of some pesticide effects on soil microorganisms is to which extent such impacts can be related to potential effects on soil ecosystem functions. This question is widely debated (Prosser, 2002), as it remains difficult to understand the functioning of all complex processes and interactions of microorganisms in soil. This is why it is a real challenge to drive reliable conclusions about the effect of any pollutant on non-target organisms in the environment.

Another technique evaluated in this thesis was the assessment of potential pesticide impacts on microbial activity in soil, evaluated via pesticide effects on soil buffering functions (Chapter 4.2). As a proxy for soil buffering functions, I tested the capability of soil microbial communities to degrade a range of three compounds (sodium acetate, 2,4-D or glyphosate) that are thought to be degradable by a large, a moderate, or a small diversity of soil microorganisms. Sodium acetate was chosen because it is recommended to be used as readily biodegradable control substrate in the modified
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Stürm test (OECD-Guideline 301, 1992). The herbicide 2,4-D was chosen because of its analogy to auxin (a natural phytohormone for plant growth), making it biodegradable by almost all soil microbial communities that are able to degrade auxin in the plant rhizosphere. It was the first herbicide for which accelerated biodegradation was reported [START_REF] Audus | The biological detoxication of 2,4-dichlorophenoxyacetic acid in soil[END_REF]. The herbicide glyphosate was chosen because it is commonly degraded in agricultural soil although it is currently under the spotlight of the society regarding the detection of its main degradate aminomethyl phosphonic acid (AMPA) in water resources [START_REF] Kolpin | Urban contributions of glyphosate and its degradate AMPA to streams in the United States[END_REF]. These three molecules possibly show different levels of degradation ease based on a potential functional redundancy following the trend: sodium acetate > 2,4-D > glyphosate. The degradation of these compounds in response to the exposure to two pesticides (CHL or TCZ) was found to be compoundspecific, as only one of the two tested pesticides had significant impacts in these soil buffering functions. This first trial to attempt an estimation of the pesticide impact on soil buffering functions of soil microbial communities was a source of new questions.

One question concerns the interpretation of the obtained results: Can we conclude that a given pesticide may have no impact on soil buffering functions, because it was not found to impact the degradation of the tested molecules? This would imply a non-compliance of the precautionary principle, as one cannot exclude that the capacity of soil microbial communities to degrade other pesticides may be impacted but ignored because not analyzed. To avoid this possible bias, it may be useful to re-think the choice of the molecules used in this test to cover a broader range of substrates (e.g. herbicides, fungicides and insecticides) using in silico typology to take into account their molecular and environmental characteristics.

In addition to the two discussed techniques rather assessing adverse pesticide effects on soil microorganisms (Illumina next-generation sequencing assessing microbial diversity, or analysis of soil buffering functions assessing microbial activity), a third approach was used to study the positive effect of pesticide treatments on soil microbes, which was based on the adaptation of pesticide-degrading microorganisms to pesticide exposure (Chapter 4.2). The adaptation of microorganisms to pesticides is a commonly observed phenomenon [START_REF] Sagarkar | s-triazine degrading bacterial isolate Arthrobacter sp. AK-YN10, a candidate for bioaugmentation of atrazine contaminated soil[END_REF] based on the ability of some microbes to use pesticides as additional nutrient and/or energy source giving pesticide degraders an important advantage over other microorganisms in the densely populated soil ecosystem (Copley, 2009). Here, an increasing ability of soil microorganisms to degrade a pesticide during repeated treatments signifies a (positive) pesticide effect. If adaptation and thus pesticide degradation is favored by repeated pesticide exposure, the exposure of pesticides to the environment is decreased and the accumulation of transformation products may be decreased. Adaptation is thus usually a desirable process although it may contribute to microbial diversity loss in soil. The approach used in this thesis to study such an adaptation of pesticide degraders to pesticide exposure consisted of the quantification of 14 CO2 generated from 14 C-labelled pesticides. It seemed to be a suitable approach, as it was able to sensitively detect an enhancement of pesticide mineralization due to microbial adaptation to repeated pesticide treatments.

The purpose of Chapter 5 was to test if the quantification of a pesticidedegrading genetic potential can be a relevant bioindicator for the prediction of the potential pesticide degradation in soil as it has been proposed by Pesce et al. (2013). To achieve this objective, I quantified the abundance of the IPU-degrading genetic potential by qPCR (ISO 17601, 2016) targeting pdmA and pdmB sequences (coding for the first Ndemethylation step in the bacterial IPU degradation pathway (Gu et al., 2013)) using as template soil DNA extracted either from an agricultural field regularly exposed to IPU or from an experimental soil (Biobed soil) receiving pesticide effluents (including IPU) from experimental farms. Our results showed that for the field experiment, the IPUdegrading genetic potential was not a good proxy of the measured IPU degrading potential. On the contrary, analyses carried out on the Biobed soil at different sampling times showed that (in response to IPU exposure) IPU-degrading genetic potential increased concomitantly with measured IPU mineralization. This is in agreement with previous studies done on different herbicides (atrazine, 2,4-D and diuron) showing that the size of the pesticide-degrading population increased in response to pesticide exposure (Baelum et al., 2008;Pesce et al., 2013;Piutti et al., 2002). Furthermore the findings of this thesis emphasized that the choice of the time point for soil sampling is crucial, as a correlation between the genetic potential and its resulting function is only achieved during the exponential phase of pesticide degradation. This may explain why quantification of IPU-degrading genetic potential was not a good proxy of the IPU microbial degradation in the field, where soil sampling time points were chosen after the IPU degradation was completed. The time-related variability of the abundance of a pesticide-degrading genetic potential is on one hand interesting because it is an indication for its sensitivity to pesticide exposure, but on the other hand it is a difficult to deal with its time versatility. This makes it challenging to use catabolic pesticide degradation-encoding genes as bioindicators to predict pesticide degradation because it is an intermitting process that only occurs in sufficient amounts directly after pesticide treatment. However, despite these discrepancies, this approach may be of high interest to monitor the efficiency of bioremediation techniques or as good completion to other methods that investigate pesticide mineralization (Piutti et al., 2002) or pesticide concentrations (OECD-Guideline ENV/JM/ MONO (2007MONO ( )17, 2007) ) in the environment.

Pesticide environmental behavior -the case of the three studied pesticides

The environmental dissipation and the ecotoxicological impact on soil microorganisms of the three pesticides CHL, IPU and TCZ has been studied in a North-Italian agricultural soil in order (i) to use, develop and evaluate methods for a better pesticide environmental risk assessment, and (ii) to enhance the post-authorization risk assessment of the three chosen pesticides with new findings.

To simulate a lower tier pesticide exposure scenario, CHL, IPU or TCZ were applied once (as formulated plant protection products) in a microcosm and a field study at three different doses (1x, 2x or 10x the agronomical dose (microcosms) or 1x, 2x or 5x the agronomical dose (field)). Their dissipation was assessed via quantification of the pesticides and their main TPs. Moreover, the detection of new TCZ TPs was achieved via a suspect screening approach. The ecotoxicological impact of the three pesticides on soil bacteria was assessed by Illumina next-generation sequencing of 16S rDNA amplicons generated from soil DNA extracts.

To simulate a higher tier pesticide exposure scenario, CHL or TCZ were repeatedly applied (as active substances) in a microcosm study at 10x agronomical doses. The impact of repeated CHL or TCZ treatments on their mineralization to CO2 was quantified. Furthermore, their effects on soil buffering functions (evaluated by monitoring the mineralization of other compounds) and on soil bacteria (evaluated by Illumina next-generation sequencing of 16S rDNA amplicons) was assessed as a proxy for their ecotoxicological impact on soil microorganisms.

In addition, the abundance of IPU-degrading bacteria was assessed in two Central Eastern French soils ('Biobed soil' and 'Epoisses soil') (i) via quantification of IPU mineralization to CO2 and (ii) via quantification (by qPCR) of IPU degradation-encoding genes.

CHL fate and impact in agricultural soil

Regarding the lower tier CHL exposure scenario, the dissipation of CHL (applied as formulated PPP) and its main TP TCP was quantified in the microcosm and the field study at three different doses. The sorption affinity of CHL (active substance or formulated PPP) and TCP was assessed in a sorption batch study (OECD-Guideline 106, 2000). In addition, the mineralization of 14 C-labelled CHL (active substance) to 14 CO2 was quantified in the higher tier CHL exposure scenario, where 10x CHL doses were repeatedly applied in the microcosm study.

CHL dissipation was biphasic in the microcosm and the field study (faster dissipation in the beginning) showing a moderate persistence with DT50-values varying between 28 to 120 days (depending on applied doses) that were within the range of DT50-values reported in the literature (Jin and Webster, 1997;[START_REF] Laabs | Fate of 14 C-labeled soybean and corn pesticides in tropical soils of Brazil under laboratory conditions[END_REF]Racke, 1993). CHL dissipation was found to be faster in the field study than in the microcosm study. Interestingly, CHL dissipation increased with increasing applied doses in the microcosm study, while the opposite trend was observed in the field study and generally in the literature (John and Shaike, 2015). This phenomenon may be attributed to the high sorption affinity of CHL (as found in this thesis). In static soil laboratory incubation systems such as microcosms, sorption may be one of the main processes explaining dissipation of CHL at low doses, resulting in its relatively low bioavailability but contributing to its higher persistence as bound residues. However, when applied at high doses, CHL may saturate soil sorption sites. Remaining non-sorbed CHL may be bioavailable and susceptible for transformation. In a field study, saturation of soil sorption sites is most likely not reached, wherefore we can observe the opposite trend.

CHL mineralization results further support this hypothesis, as repeated exposure to CHL increased the capability of the soil microflora to mineralize it to CO2. We assume that this increase is the result of the adaptation of a fraction of the soil microbial community to CHL that became more abundant and more active in response to repeated exposure.

This hypothesis is supported by several studies reporting microbial adaptation and increasing degradation in soil repeatedly exposed to various pesticides (De Andrea et al., 2003;[START_REF] Topp | Bioremediation of atrazine-contaminated soil[END_REF][START_REF] Udikovic-Kolic | Evaluation of atrazine-degrading capabilities in the environment[END_REF]Vischetti et al., 2008). Trials to purify CHL degraders from the soil by enrichment cultures led to the isolation of a consortium able to mineralize it, thereby indicating the existence of degraders in repeatedly exposed soil microcosms (data not shown). In both the microcosm and the field study, degradation of CHL appeared to happen via the transformation to its main transformation product TCP, which is consistent with other soil dissipation studies (Racke et al., 1996;Singh et al., 2003). The amount of generated TCP (present from the beginning) first increased to a maximum and then continuously decreased in the microcosm study (when treated at the 10x agronomical dose), while TCP amounts (present from the beginning) steadily decreased in the field study. A (temporary) accumulation of TCP in soil was assumed to typically occur due to the antimicrobial characteristics of TCP (Racke et al., 1990), supporting our findings of the microcosm study (only at the 10x dose). TCP has a low sorption affinity and a high water solubility (Baskaran et al., 2003), which may explain that TCP did not accumulate in the field study, where it could dissipate away from the sampled soil layer by leaching to groundwater or run-off to surface water. This hypothesis is further supported by the contemporary climatic data reporting a rain event at day 3 after CHL treatment, right before soil sample collections.

In accordance with its hydrophobic character, CHL showed a high soil sorption affinity in the batch study. The sorption affinity of CHL applied as active substance was lower than that of formulated CHL (contained in a plant protection product), which may be attributed to the presence of organic additives in formulations (including dispersing or wetting agents and other surfactants) that potentially increased the sorption of CHL to soil, as it was as well found for IPU and TCZ and in the literature (Cadkova et al., 2012). As expected, the TCP soil sorption affinity was found to be low, which is in accordance with other studies (Baskaran et al., 2003) reporting TCP soil sorption affinity to be 100 times lower than CHL soil sorption affinity. Consequently, TCP may reach water resources and should receive more profound attention in both environmental risk assessment and post-authorization monitoring studies.

The ecotoxicological impact of one-time CHL applications on soil bacteria was estimated in both the microcosm and the field soil exposed to CHL (applied in the lower tier scenario as PPP at three different doses), evaluated by Illumina next-generation sequencing using soil DNA extracts as template. The impact of repeated CHL treatments (applied in the higher tier scenario at 10x doses as active substance) on soil microorganisms was evaluated in microcosms via its mineralization in soil, via the mineralization of various other organic compounds as a proxy of soil buffering functions, and via the soil bacterial composition.

When applied only once, CHL had no clear impact on the soil bacterial diversity indices in both the microcosm and the field study. ANOSIM on PCoA revealed a slight but significant transient effect of CHL on the soil bacterial composition in the microcosm study. In addition, when repeatedly applied at 10x doses, CHL produced distinct effects on the soil microbial composition, as evaluated by 16S rDNA sequencing. This suggests that today available 'next-generation sequencing' methods may be suitable to detect large shifts of highly abundant species, while small shifts of rare species may be overshadowed by the dominant ones. Ongoing developments of sequencing facilities may rapidly increase the deepness of next-generation sequencing methods, which will give new insights on low abundant OTUs and thus facilitate the detection of pesticide effects on those. Although one could hypothesize that these methodologic issues can be overcome in the future, the ecological importance of the low abundant OTUs remains poorly understood for now [START_REF] Bracken | Realistic losses of rare species disproportionately impact higher trophic levels[END_REF][START_REF] Lynch | Ecology and exploration of the rare biosphere[END_REF].

According to the ecological insurance theory, keeping species diversity is the best way to keep the functionality of an ecosystem, wherein the rare species may be especially crucial [START_REF] Jain | The importance of rare species: a trait-based assessment of rare species contributions to functional diversity and possible ecosystem function in tall-grass prairies[END_REF]. Repeated CHL treatments doubled its mineralization by soil microorganisms. By using CHL as an additional nutrient and/or energy source, degrading microorganisms had a selective advantage over other microorganisms leading to their propagation (Copley, 2009). This kind of adaptation of soil microorganisms to repeated pesticide treatments is known to lead to accelerated biodegradation of pesticides and was previously observed in a number of soils repeatedly treated with various pesticides (Crouzet et al., 2010;De Andrea et al., 2003;Hussain et al., 2011;Vischetti et al., 2008;Weaver et al., 2007). However, soil buffering functions were not deeply affected in response to repeated CHL exposure (only 2,4-D and sodium acetate degradation were slightly increased). Although the CHL degradation pathway diverges from that of 2,4-D or sodium acetate, one cannot exclude that CHLdegrading microorganisms may also degrade these compounds. Search for 'multi-degraders' of various pollutants has often been aspired as a 'Holy Grail' by bioremediation researchers but was rarely achieved, wherefore this hypothesis has to be taken with care. In addition, respeated CHL exposure was found to have clear and significant effects on the soil bacterial composition. The abundance of six OTUs was significantly decreased in CHL-treated samples, while the abundance of nine OTUs was significantly increased. Among the sensitive species, two OTUs were affiliated with the genus Nitrospira or the order Rhizobiales. Species of the genus Nitrospira are important in ecosystem functioning as they are involved in the biogeochemical nitrogen cycle by oxidizing nitrite to nitrate (Altmann et al., 2003), a process especially important in global N2O greenhouse gas production (Ma et al., 2009;Philippot and Germon, 2005) or in aquatic ecosystems to counteract the accumulation of toxic nitrite concentrations (Hovanec et al., 1998). Moreover, one Nitrospira species has recently been found to perform complete nitrification from ammonia via nitrite to nitrate [START_REF] Daims | Complete nitrification by Nitrospira bacteria[END_REF].

Species of the order Rhizobiales are important key players for soil fertility in agriculture, as some of them (such as Rhizobium sp. or Bradyrhizobium sp.) fix nitrogen and are symbiotic with plant roots (Gage, 2004). The presence of anthropogenic chemicals was already found to reduce Rhizobium populations in soil (Slattery et al., 2001). Because of their importance for leguminous and other crops, Rhizobium species can be interesting bioindicators for the detection of potential pesticide threats to soil fertility. Among the species stimulated by CHL exposure, two OTUs were affiliated with the order Legionellales or the genus Lysobacter. Given the fact that several species of the order Legionellales are human pathogens such as Legionella pneumophila causing Legionnaires' disease (Garrity et al., 2001), their increase in response to CHL is undesirable. Species of the genus Lysobacter are known to produce extracellular enzymes and antibiotics (Ahmed et al., 2003;Kimura et al., 1996;Von Tigerstrom, 1980), a feature that makes Lysobacter a good competitor against rival microorganisms (Vasilyeva et al., 2008) in the microbial fight for nutrients in the overpopulated soil (Fontaine et al., 2003). Thus, an expansion of Lysobacter in response to CHL exposure (potentially caused by weakening effects on a range of its rival microorganisms) may have indirect effects on the soil microbial diversity. This hypothesis emphasizes the importance that indirect pesticide effects may have on sensitive species, potentially influencing the equilibrium of the soil ecosystem.

One can conclude that lower tier exposure experiments (showing slight but significant transient CHL effects on the soil bacterial composition) were in accordance with the risk assessment of the EC (EC, 2005) concluding CHL to have low risks on soil microorganisms (evaluated by carbon and nitrogen mineralization in soil) The higher tier repeated exposure experiments showed that CHL caused changes in microbial activity and diversity, which is in accordance with a range of other studies having the similar conclusions (Chu et al., 2008;Dutta et al., 2010;Eisenhauer et al., 2009;Fang et al., 2009;Gilani et al., 2010;Gupta et al., 2013;Jastrzebska, 2011;Pozo et al., 1995;Srinivasulu and Rangaswamy, 2013;Wang et al., 2010).

IPU behavior in agricultural soil

The dissipation of IPU (applied as formulated PPP at the three doses of the lower tier IPU exposure scenario) and its main TPs MD-IPU, DD-IPU and 4-IA was assessed in the microcosm and the field study. The sorption affinities of IPU (active substance or formulated PPP), MD-IPU, DD-IPU and 4-IA were assessed in the sorption batch study (OECD-Guideline 106, 2000).

IPU was rather lowly persistent in the soil. Its dissipation was found to be slightly faster in the field than in the microcosm study. It followed the SFO kinetic model in the microcosm study and a biphasic pattern (faster in the beginning) in the field study. The persistence of IPU in soil was found to increase with increasing applied doses.

Depending on the applied dose, DT50-values ranged between 16 and 25 days (microcosm study) or between 7 and 12 days (field study) (increasing with applied dose). They were within the range of values previously reported (Walker et al., 2001;Rodriguez-Cruz et al., 2016). Our findings are in accordance with a range of studies showing that the dissipation of pesticides in soil is often faster in field than in microcosm studies (Laabs et al., 2000;Dolaptsoglou et al., 2009). This may be explained by the concomitant occurrence of dissipation processes such as volatilization, photolysis, leaching or run-off contributing to pesticide dissipation in field studies (EEC, 2000). MD-IPU was found to be the most abundant TP, followed by DD-IPU, which was detected at lower amounts. A transitory increase in TP amounts was observed in both the microcosm and the field study. Especially in the field study, one could observe the sequential formation of IPU TPs, where the maximum amount of DD-IPU was found some days after the maximum amount of MD-IPU. This is in agreement with previous studies reporting the successive N-demethylations of IPU to MD-IPU and then to DD-IPU (Sorensen et al., 2001). The TP 4-IA was not detected in our studies. Although 4-IA is often detected in liquid cultures of IPU-degrading microorganisms (Johannesen et al., 2003;Sorensen and Aamand, 2001), it is rarely observed in soil (Mudd et al., 1983), potentially because of its strong sorption affinity to soil, potentially making it unavailable for extraction.

Supporting our findings on the dissipation of IPU and its TPs, IPU, MD-IPU and DD-IPU were found to have weak soil sorption affinities, potentially leading to their high bioavailability and rather low persistence. Moreover, IPU's low sorption affinity may explain its common detection in surface and groundwater resources (Skark and Zullei-Seibert, 1995;Skark et al., 2004). IPU applied as a formulated PPP showed a higher soil sorption affinity than IPU applied as active substance alone, which is congruent with the findings for CHL and TCZ and was as well found in the literature (Cadkova et al., 2012), and which can be explained by the enhancing effect that other organic additives may have on the sorption affinity.

The ecotoxicological impact of IPU (applied as formulated PPP at thee doses in the lower tier IPU exposure scenario) on non-target soil microorganisms was assessed in the microcosm and the field study (North-Italian soil). The impact of IPU on the soil bacterial diversity was assessed starting from soil DNA extracts used as template to generate 16S rDNA amplicons to be sequenced by Illumina next-generation sequencing.

In addition, the abundance of IPU degraders was quantified in soil microcosms ('Biobac soil') and on an agricultural field ('Epoisses soil') from Central Eastern France exposed to this herbicide by using qPCR targeting (i) the pdm genes encoding for IPUdegradation (Gu et al., 2013) and (ii) sequences specific for the pdm-harboring plasmid pSH of an IPU-degrading bacterial strain isolated from this soil (Hussain et al., 2011).

Regardless of the applied dose, a single application of (formulated) IPU to (North-Italian) microcosm or field soil did not affect the diversity of soil bacteria in both the microcosm and the field study. This finding is in agreement with the evaluation of the EFSA (2015b) who concluded that IPU only represents a low risk for soil microorganisms, based on the pesticide environmental risk assessment reporting small differences in carbon and nitrogen mineralization. In addition, this in agreement with a range of studies showing that IPU had only small to moderate (sometimes temporary) effects on soil microorganisms (evaluated by microbial activity and biomass) (Harden et al., 1993;Kuriyal and Pandey, 1994;Perrin-Ganier et al., 2001;Schuster and Schröder, 1990;Tag-El-Din, 1982). However, it has been clearly described in the literature that repeated application of IPU may lead to the selection and emergence of IPU-degrading populations [START_REF] Cullington | Rapid biodegradation of diuron and other phenylurea herbicides by a soil bacterium[END_REF]El Sebai et al., 20014). Within this context, I monitored the abundance of IPU-degraders by qPCR targeting pdm genes and a plasmid pSH harboring the pdm genes in Sphingomonas sp. SH, testing the hypothesis if IPU exposure may induce an increase of pdm-and pSH-harboring bacterial communities. Although the pdm genes and pSH were detected in DNA extracts of an experimental field (Epoisses soil of Central Eastern France) regularly exposed to IPU, no significant correlation between their abundance and IPU mineralization was observed. One may hypothesize that this was due to a relatively low abundance of IPU degraders in soil, as it has already been reported for other biodegradation genes (Piutti et al., 2003). This hypothesis was further supported by the experiment carried out in soil microcosms (Biobed soil of Central Eastern France repeatedly exposed to IPU and other pesticides), where an IPU treatment induced an increasing abundance of IPU degraders in soil, reaching its maximum during the exponential phase of IPU mineralization. This observation suggests that, although IPU exposure did not modify the diversity of the bacterial community (as estimated by Illumina next-generation sequencing in the North-Italian microcosm and field soil), IPU can lead to the emergence of degraders which may be present in too low amounts to be identified by next-generation sequencing. Having this in mind, one cannot exclude that IPU exposure may induce changes in the soil bacterial composition that remained undetected by the sequencing approach because of its relatively limited deepness.

TCZ behavior in agricultural soil

In the same manner as for the two other pesticides, the dissipation of TCZ (applied as formulated PPP at three doses in the lower tier TCZ exposure scenario) was monitored in the microcosm and the field study. As reference standards of the potentially most interesting TCZ TPs are not commercially available, they were not quantified. Nonetheless, I searched for known and new TCZ TPs by suspect screening of soil sample extracts from the field plots treated with the 5x agronomical dose. In addition, the mineralization of repeatedly applied TCZ (active substance, 10x doses) to
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CO2 was quantified in the microcosm study of the higher tier TCZ exposure scenario. The sorption affinity of TCZ (active substance or formulated plant protection product) was assessed in a sorption batch study (OECD-Guideline 106, 2000).

TCZ was found to be rather persistent in the soil of both the microcosm and the field experiment, showing a biphasic dissipation pattern. However, the microcosm and field study differed from each other, as they did not fit to the same dissipation model. In accordance with previous studies (Munoz-Leoz et al., 2011;Wang et al., 2016), the persistence of TCZ increased with increasing applied doses in both studies. As commonly found in previous studies (Herrero-Hernandez et al., 2011;Wang et al., 2015), TCZ was more persistent in the microcosm than in the field study. DT50-values of TCZ ranged between 60 and 97 days in the microcosm study, which is in the range of DT50-values found in the literature (Strickland et al., 2004;EFSA, 2014). In contrast, they were much lower (1 to 3 days) in the field study, where around 70 % of applied TCZ dissipated during the first days. This drastic dissipation may be explained by the occurrence of a rain precipitation during this period of time, which may have contributed to (i) TCZ leaching towards groundwater or to soil layers below the studied 10 cm topsoil layer or to (ii) TCZ transport to surface water by run-off. This hypothesis is strengthened by the frequent detection of TCZ in surface and groundwater (Herrero-Hernandez et al., 2013;Sancez-Gonzales et al., 2013). In addition, the drastic dissipation of TCZ during the first days is very unlikely to be fully attributed to TCZ degradation, as its persistence was much higher in the microcosm study, where microbial biodegradation is supposed to constitute the main dissipation process. This argument was further supported by the very weak TCZ mineralization observed in soil microcosms of the same soil (i.e. 10 % of applied TCZ mineralized to CO2 within 150 days of incubation). Herrero-Hernandez et al. (2011) proposed that the rapid formation of bound TCZ residues can be the cause of its rapid dissipation in a field study.

However, regarding its rather low to moderate soil sorption affinity (EFSA, 2014), this hypothesis seems not very robust. The rapid initial concentration decline (of around 70 %) of TCZ was followed by a slow dissipation phase until the end of the experiment,

where TCZ loss was found to be limited, suggesting a much higher persistence of TCZ than assumed by exclusively considering DT50-values. For this reason, DT90-values may be a more accurate measure of TCZ persistence in soil, which were modeled to be between 200 and 600 days in the field study. This secondary persistence of TCZ further confirms that the initial fast TCZ dissipation may not fully be attributed to TCZ degradation. It may be attributed to a strongly sorbed TCZ fraction that potentially was less accessible to the dissipation process (Munoz-Leoz et al., 2011;Herrero-Hernandez et al., 2011). This hypothesis is supported by the mass balance of TCZ in the mineralization study, where > 20 % of applied 14 C-labelled-TCZ were found to remain as (probably non-bioavailable) bound TCZ residues in the soil.

TCZ sorption affinity to soil was found to be moderate, which is in agreement to other studies (Cadkova et al., 2013). By comparing TCZ applied as active substance or as formulated PPP, one can observe that the formulated pesticide showed a higher soil sorption affinity than the active substance, which was already observed for CHL and IPU and in the literature (Cadkova et al., 2012) and which may be explained by the organic additives present in the formulated pesticides, potentially favoring its sorption affinity to soil.

The suspect screening study searching for 47 empirical and 29 theoretical TCZ TPs in the soil of the field study led to the detection of 22 known and 12 new TCZ TPs.

These 34 TPs were detected with different levels of identification confidence. Among them, some have exactly the same mass and retention times. 12 TPs passed all steps of identification confidence, from non-target MS-only identification to target tandem MS and structure correlation. However, all detected TPs remain inferred until confirmed by the retention times and fragmentation patterns of pure reference standards that, in most cases, are not commercially available and expensive to synthesize. The lack of reference standards was also the reason why detailed quantifying data on the temporal patterns of detected TPs could not be established. It is noteworthy that 31 of the 34 detected TPs had an intact triazole-ring, while only three TPs had a cleaved, differentiated or degraded triazole-ring. These findings were somehow in accordance with the mineralization study, where less than 1 % of TCZ ( 14 C-labelled on the triazole-ring) was mineralized to CO2 after 150 days. TPs with intact triazole-ring may be relevant, as they are not only persistent and but also possibly impair the hormone regulation network of non-target organisms by inhibiting the cytochrome P450-dependent conversion of lanosterol to ergosterol (Rieke et al., 2014;Shalini et al., 2011). The 34 TPs were categorized into three groups of different estimated environmental behaviors. 23 TPs are estimated to have a similar behavior in the environment as their parent compound TCZ, while 11 TPs may be more mobile and volatile than TCZ, suggesting a higher risk for groundwater and air contamination (FOCUS, 2008;McCall et al., 1980). However, their estimated lower persistence and bioaccumulation potential than TCZ may counterbalance this risk. In order to verify the accuracy of this in silico classification approach, some TPs of each cluster should be synthesized to enable their quantification in environmental samples and to investigate their actual impact on non-target organisms. This data should then be included in future environmental risk assessments of TCZ.

The ecotoxicological impact of TCZ (one-time applied as formulated PPP at three doses in a microcosm and a field study (lower tier exposure), or repeatedly applied as active substance at the 10x agronomical dose in microcosms (higher tier exposure)) on non-target soil microorganisms was assessed via (i) the soil bacterial diversity by Illumina next-generation sequencing of 16S rDNA amplicons generated from soil DNA extracts and (ii) the potential of the soil to mineralize TCZ and other molecules (as a proxy of soil buffering functions).

Lower tier TCZ exposure was found to have slight but significant transient effects on the soil bacterial composition in the field study. However, repeated exposure to TCZ (applied at 10x doses) significantly modified the diversity of soil bacteria. It has to be noticed that the significance of shifts in bacterial communities remains a subject of discussion, in particular when lowly abundant OTUs are implied. Repeated exposure to TCZ significantly modified the bacterial diversity at all time points (evaluated by ANOSIM on PCoA ordinations of OTU weighted unifrac matrices) and even seemed to increase with treatment repetitions. Repeated exposure to TCZ led to an increased abundance of 11 OTUs and to a decreased abundance of 12 OTUs. One of the decreased OTUs was a species of the nitrite-oxidizing genus Nitrospira (important in global nitrogen cycling (Altmann et al., 2003;Ma et al., 2008;Philippot and Germon, 2005))

that was also found to be decreased by CHL exposure. These two observations suggest that Nitrospira may be sensitive to various pesticides. If this is the case, the common application of a range of different pesticides in agriculture all along a cropping cycle (Faasen, 1995) may be deleterious to Nitrospira abundance. This hypothesis has to be investigated on a range of pesticides. Five of the increased OTUs were affiliated to species of the genus Kaistobacter, the genus Lysobacter and three species of the family Saprospiraceae. The Kaistobacter genus belongs to the family of Sphingomonadaceae that is known to comprise several species able to degrade some aromatic compounds [START_REF] Balkwill | The prokaryotes. A handbook of the biology of bacteria. Volume 7 -Proteobacteria: Delta and epsilon subclasses. Deeply rooting bacteria. Sphingomonas and related genera[END_REF], such as Sphingomonas sp. SRS2 (Sorensen et al., 2001) or Sphingomonas sp. SH3 (Hussain et al., 2011) able to degrade IPU. Thus, it is not impossible that Kaistobacter may be involved in TCZ degradation, although this hypothesis needs to be proven by further research. As observed for repeated CHL exposure, TCZ caused an increased abundance of Lysobacter (known for its features to effectively compete against rival microorganisms by using extracellular enzymes and antibiotics (Ahmed et al., 2003;Kimura et al., 1996;Von Tigerstrom, 1980)). It thus reinforces the hypothesis that Lysobacter profited from a potential weakening effect of these pesticides on rival microorganisms. Moreover, this hypothesis is supported by the increasing effects that TCZ was found to have on three species of the family Saprospiraceae, as one species of this family (Saprospira grandis) is known for its ability to capture other microorganisms by the production of slime and to lyse them by the production of exotoxins and enzymes with the purpose of using released nutrients (Lewin, 1997). Similarly to the strengthening effects on Lysobacter, species of this family may thus have been indirectly strengthened by the weakening effects that TCZ may have had on potential victims of these predators. These observations open the discussion on the interest of analyzing the bacterial diversity as a network of interactions, and also of performing risk assessment at multi-trophic levels in order to take into account pesticide effects on the microbial loop.

One could conclude that at the lower tier scenario of exposure, TCZ ecotoxicological impacts on the soil bacterial diversity may be low, which is in accordance with results of TCZ's risk assessments by the responsible authorities (EFSA, 2008;EFSA, 2014) indicating a low risk of TCZ on soil microorganisms (evaluated via carbon and nitrogen mineralization). At the higher tier scenario of exposure, TCZ was found to significantly modify the soil bacterial diversity in accordance with a range of previous studies evaluating the impact of this fungicide on soil microorganisms by various means (microbial biomass, diversity, activity or community analyses) (Anuradha et al., 2016;Bending et al., 2007;Cycon et al., 2006;Ferreira et al., 2009;Munoz-Leoz et al., 2011;Wang et al., 2016).

Combination of approved and new methods for a more reliable pesticide environmental risk assessment

My PhD thesis was part of the European project 'Love-to-Hate' aiming a better understanding of the ecotoxicological impact of pesticides on soil microorganisms. This subject is of primary interest as emphasized by the recent scientific opinions published by EFSA identifying soil microorganisms as specific protection goals to be protected (EFSA, 2010) by considering the concept of ecological recovery (EFSA, 2016a) and proposing a list of possible microbial indicators to be implemented in the environmental risk assessment of PPPs (EFSA, 2016b). My thesis concerned several aspects of pesticide microbial ecotoxicology as a potential input to pesticide environmental risk assessments. Within this framework, (i) I described weaknesses of the pesticide authorization process and proposed possible ways of improvements and (ii) I tested a number of the available techniques to estimate the pesticide exposure scenario and the ecotoxicological impact of pesticides on soil microorganisms (evaluated via the bacterial diversity and the microbial degradation activity as proxy of soil buffering functions).

The general idea of the project was to carry out a comprehensive study to assess the impact of pesticides on soil microorganisms (i) using a lower and a higher tier pesticide exposure scenario, and (ii) applying a broad combination of chemical, biochemical and molecular techniques. The aim was to characterize the scenario of pesticide exposure on soil microorganisms and its potential consequences on the abundance, activity and diversity of microbial communities. This broad approach consists of two principal steps (Figure 6.1). The first step (determination of the pesticide exposure scenario) consists in the identification of pesticide TPs in the treated soil (by suspect screening), followed by their classification according to their estimated environmental risk (by TyPol). Based on this, one could recommend the synthesis of potentially relevant TPs to further confirm their identity, to quantify their abundance, and to assess their ecotoxicological impact in the soil. This way, a comprehensive and more reliable scenario of exposure of soil microorganisms to pesticide residues could be established. The second step (determination of the pesticide ecotoxicity scenario) consists in the evaluation of the ecotoxicological impact of pesticide residues on soil microorganisms by a combination of techniques able to assess the activity (e.g. pesticide mineralization, soil buffering functions or enzyme activity), the abundance (e.g. qPCR targeting bioindicator genes or indicator species) and the diversity (e.g. next-generation DNA sequencing) of soil microorganisms.

Although the studies of this project have been carried out on one single soil, they generated a huge amount of data, raising the question on how to organize, update, analyze and share these data. Similar questions emerged through the opinion paper (Chapter 2) on how to make publicly available data of pesticide environmental risk assessments and additional studies. In today's digital era, one possibility may be to engage the construction of publicly available databases collecting data from (i) pesticide environmental risk assessment studies produced by the pesticide companies (pre- 

Conclusion and perspectives

The results of this thesis may enrich future post-authorization risk assessments of CHL (due in 2020), IPU (due in 2017), and TCZ (due in 2023) with additional robust information. Future research perspectives may be the identification of new CHL and IPU TPs and the synthesis of detected TPs of all three pesticides for their identity confirmation, their quantification in the environment and to assess their impact on nontarget organisms. Furthermore, as TCZ and some of its TPs have two enantiomers or even possess more than one chiral center, it may be of interest to test if TCZ biodegradation and ecotoxicity may be stereoselective. Moreover, the potential ecotoxicological impact of IPU on soil microorganisms may be investigated in a higher tier IPU exposure scenario by techniques evaluated in this PhD (as done for CHL and TCZ). The unexplored spot of this study was the potential pesticide impact on fungal communities which should be assessed as well, in particular arbuscular mycorrhiza that have been suggested to be monitored within the frame of specific protection goals by EFSA (EFSA, 2016b). Another perspective may be the isolation and characterization of CHL degraders from the repeatedly treated soil, as they could be useful for the bioremediation of CHL-polluted environments. Last but not least, it may be investigated if impacted genera (Nitrospira, Rhizobium, Lysobacter and Saprospira) have the potential to act as indicator genera for screening or monitoring purposes testing the ecotoxicity of organic pesticides of various groups in agricultural soils of various geographical zones.

The findings of this thesis open a new door for the enhancement of environmental risk assessment of PPPs to soil microorganisms. From this point of view, they may have the potential to improve the current pesticide environmental risk assessment. Suggestions for the improvement of the current pesticide policy are provided and several alternative approaches were tested, developed and evaluated.

Moreover, to increase the possibility that this thesis may contribute to the establishment of a more reliable pesticide authorization process (or -to fix more realistic aims -that this thesis may contribute to a broader public knowledge about hidden pesticide effects in the environment), one perspective is the vulgarization of parts of this thesis in science outreach activities.

French summary (Résumé français)

Les pesticides sont principalement appliqués sur les sols cultivés dans l'agriculture pour 
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Figure 1 . 2 .

 12 Figure 1.2. Main abiotic and biotic processes involved in pesticide dissipation in the environment (modified from[START_REF] Barriuso | Les pesticides et les polluants organiques des sols[END_REF].
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 14 Figure 1.4. Presentation of the ecological recovery of an ecological metric (e.g. population size) after exposure to a pollutant (e.g. pesticide residues) above the effect threshold (modified from EFSA, 2016a).
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 15 Figure 1.5. Microbial ecotoxicology, a multidisciplinary science combining microbial toxicology, microbial ecology and chemistry/physics to understand and describe the complex interactions between pollutants, microorganisms and the ecosystem (modified from Ghiglione et al., 2016).
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 16 Figure 1.6. Conceptual presentation of the ecotoxicological impact caused by pesticides on the abundance, activity and diversity of the soil microbial community and possible consequences on supported ecosystem functions.
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 17 Figure 1.7. Illustration of the main research aim of the European Marie Curie 'Love-to-Hate' project: Establishment and development of innovative methods to better assess the ecotoxicological impact of pesticides on soil microorganisms.
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 18 Figure 1.8. Molecular structures of CHL and its known environmental TPs. References for each molecule are given in the reference section.
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 19 Figure 1.9. Molecular structures of IPU and its known environmental TPs. References for each molecule are given in the reference section.

Figure 1 . 10 .

 110 Figure 1.10. Molecular structures of TCZ and its known environmental TPs. References for each molecule are given in the reference section.
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 2225 The major purpose of this thesis was to support pesticide environmental risk assessment by (i) the application and development of methods of analytical chemistry to study the environmental fate of pesticides in soil, (ii) the application and development of novel methods of molecular biology and microbiology to assess the ecotoxicological impact of pesticides on soil microorganisms, and (iii) the application of catabolic genebioindicators to predict the ability of soil microbial communities to degrade a pesticide.This study focuses on the three chosen pesticides and their TPs. Lower tier pesticide exposure scenarios were carried out in a microcosm and a field study in agricultural soil of North Italy (45°05'20.8"N 9°45'59.4"E, Google Maps) at three different pesticide application levels (1x, 2x or 10x agronomical doses in the microcosm study, and 1x, 2x or 5x doses in the field study). The three pesticides and their main TPs were quantified in dissipation studies to estimate the level and duration of exposure to soil microorganisms. For each pesticide and its main TPs, soil sorption affinities were estimated in a batch study. In addition, known and unknown (suspected) TPs of TCZ were searched and classified in soil extracts by an approach developed during my PhD combining suspect screening and in silico molecular typology. The ecotoxicological impact of each of the three pesticides (of the lower tier exposure scenario) on the soil bacterial diversity was estimated by a metagenomics approach (Illumina nextgeneration sequencing of 16S rDNA amplicons generated from soil DNA extracts). A higher tier pesticide exposure scenario was realized in microcosms repeatedly treated with CHL or TCZ (at 10x agronomical doses). Their impact on the soil microbial activity was estimated via the mineralization of CHL and TCZ and various other organic compounds (as a proxy for soil buffering functions). The impact on the soil bacterial diversity was estimated via Illumina next-generation sequencing.In addition, the interest of using the quantification of a pesticide-degrading genetic potential as an indicator for pesticide exposure and impact was assessed by monitoring the abundance of pdm gene sequences and the mineralization of IPU in soils sampled from two agricultural fields in Central Eastern France, regularly exposed to IPU and other pesticides.By the work described in this thesis, the following research questions were aimed to answer:  How is the pesticide authorization process established, and what are the possible ways of improvement for a better environmental risk assessment of pesticides? To what extent do the three studied pesticides CHL, IPU, and TCZ and their main TPs TCP (CHL), and MD-IPU and DD-IPU (IPU) dissipate in soil (degradation and sorption) in a lab-to-field experiment? (Chapter 3.1) Can suspect screening be used to search for known and new TCZ TPs in soil of a field study? What is the interest of an in silico classification approach to deduce environmental parameters of new TCZ TPs? (Chapter 3.To what extent does each of the three pesticides impact soil bacterial diversity in a lab-to-field experiment, evaluated by Illumina next-generation sequencing of 16S rDNA amplicons? (Chapter 4.1) To what extent does repeated exposure to CHL and TCZ induce shifts in soil bacterial activity and diversity, evaluated via soil buffering functions and Illumina nextgeneration sequencing? (Chapter 4.How can the quantification of IPU-degrading genetic potential be applied as a bioindicator for the estimation of the IPU biodegradation potential of a soil? To which extent were the tested and developed techniques of this thesis suitable to improve the pesticide environmental risk assessment for soil microorganisms?

  -3-(1,2,4-triazol-1-yl)propanoic acid Schermerhorn et al., 2005 2-(1,2,4-triazol-1-yl)ethanimine Schermerhorn et al., 2005 1H-1,

Chapter 2

 2 opinion paper of Chapter 2 presents ways how the environmental risk assessment of the pesticide authorization process in the EU could be improved. I wrote it after I had faced several difficulties to get access to detailed information on the environmental risk assessment data provided by the pesticide companies within the authorization process of pesticides. Indeed, during my search on how study results were obtained (regarding certain details), I came across non-transparency impeding the setting-up of my own research. During my search on the existence and the ecotoxicological impact of transformation products (TPs) of each of the three pesticides considered in my PhD, I realized and then questioned that not all known pesticide TPs are included in environmental risk assessment studies. Moreover, understanding that the methods used for evaluating the ecotoxicological impact of pesticides on soil microorganisms are not sufficient to study potential effects, made me assume that methods evaluating impacts in other areas out of my specific expertise may as well exhibit weaknesses. These discoveries motivated me to go deeper into understanding the functioning of the whole pesticide authorization procedure. Based on this critical analysis, I started to develop ideas on how the process could be enhanced for a more sustainable use of pesticides. Towards a better pesticide policy for the European Union 56AbstractThis opinion article aims to foster the debate about pesticide legislation in the European Union (EU). Numerous formerly authorized and widely used pesticides are now banned in the EU because unexpected and unacceptable risks emerged after their initial introduction to the market. Throughout this time lapse, environmental quality and human health have been threatened by the use of these compounds. These hazards could have been prevented by a more responsive pesticide regulatory framework. This article provides detailed insights into the pros and cons of pesticides, and points out weaknesses of the current pesticide environmental risk assessment procedures. Possibilities for improving the robustness and reliability of the pesticide regulatory framework are discussed.
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 21 Figure 2.1. Graphical abstract of Chapter 2.

  active substances and subsequently authorized as PPPs by each EU Member State are released into the environment (Figure 2.2). The authorization is granted only if proposed uses are not expected (or known) to have harmful effects on environmental, animal, or human health. The procedures and requirements concerning the placement of PPPs on the market are specified in the EU-Regulation 1107/2009/EC, which repeals Council Directives 79/117/EEC and 91/414/EEC. After the submission of a dossier by a pesticide company, the first step of the authorization process is the production of an initial draft assessment report (DAR) by an EU-designated RMS. The RMS can modify and amend, and concludes on the risk assessment provided by the pesticide company, evaluating in the light of uniform principles of EU-Regulation 546/2011/EC. The DAR concludes on the different information provided by the pesticide company including (i)

(

  ANSES) in France or the National Institute of Investigation, Agrarian Technology and Alimentation (INIA) in Spain. The final decision is then taken by national governments based on the proposal of risk managers. National authorities may also impose risk mitigation measures and monitoring after authorization of a PPP.
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 22 Figure 2.2. Schematic presentation of the stepwise process of pesticide authorization in the EU.
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 23 Figure 2.3. Presentation of a typical pesticide life cycle.
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 3 Figure 3.1.1. Graphical abstract of Chapter 3.1.
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 3 x2 and x10 the recommended dose rate) and field conditions (x1, x2 and x5 the recommended dose rate), (ii) to follow the dynamics of formation and dissipation of the main transformation products of the model pesticides and (iii) to determine the soil adsorption affinity of the model pesticides and their main transformation products. This will provide a thorough view of the soil persistence of the studied pesticides and their transformation products which defines the scenario of exposure of non-target soil organisms to be taken into account to estimate potential toxicity risks in follow up studies. Chapter 3.1 Dissipation and adsorption of isoproturon, tebuconazole, chlorpyrifos and their main transformation products under laboratory and field conditions Chapter Pesticide dissipation in agricultural soil 92

Figure 3 .

 3 Figure 3.1.1), which was also used for the execution of the field experiment described below. The physicochemical characteristics of the soil are shown in Supplementary Table 3.1.1. The field site did not have a recent history of treatment with IPU, TCZ, and CHL. Topsoil samples (0-10 cm depth) were collected from the field site following the W non-systematic pattern of sampling, according to the ISO 10381-1 and -2 guidelines
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 313 Dissipation and adsorption of isoproturon, tebuconazole, chlorpyrifos and their main transformation products under laboratory and field conditions Chapter Pesticide dissipation in agricultural soil 93Field experimentA field experiment was conducted on the same field site as described above (Supplementary Figure3.1.1). The field site had been cultivated with winter cereals for the last five years. A randomized complete block design was established with four replicate plots (4 m × 15 m) for each combination of pesticide x dose rate. A 2 m wide buffer zone between plots was maintained to minimize possible cross-contamination between treatments. On the 7 th November 2013, the field was seeded with a mixture of cereals (60% Hordeum vulgare L., 25% Triticum spp., and 15% Triticosecale sp.) and a weather station was installed in the field site to collect daily weather data (rain precipitation (mm), mean daily air and soil temperature (°C), solar radiation (W/m 2 ), relative humidity and wind speed (m/sec)). On the 12 th November 2013, the pesticides IPU, TCZ and CHL were applied to the established plots at three dose rates (x1, x2 and x5
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  x 2.0mm ID) (SecurityGuard Cartridges) pre-column, connected to a Gemini 3 μm-C18 column 110A (150 mm x 2mm i.d.) (Phenomenex, Cheshire, UK) was used for separation of the studied pesticides. The injection volume was 20 μL, the flow rate of the mobile phase was 0.3 mL/min and the column temperature was set at 25 °C. Separation of compounds was achieved following a gradient elution program of a mobile phase composed of (A) acetonitrile and (B) H2O acidified with ortho-phosphoric acid (0.01% by volume). At the time of injection, the solvent composition was 30 % A and 70 % B. This was maintained for 5 min increased linearly to 80 % A and 20 % B until 15 min where it was maintained until 32 min. The mobile phase was then reverted to its initial composition (30 % A and 70 % B) until 35 min, followed by a further stabilization period of 3 min. Detection was achieved at 240 nm for IPU, MD-IPU, and DD-IPU, at 220 nm for TCZ, and at 230 nm for CHL and TCP. Pesticides were quantified by the external standard method using calibration curves obtained by the injection of matrix-matched standard solutions. Matrix-matched standard solutions were prepared by diluting the methanolic working solutions of each of the studied compounds in blank soil extract.
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 312 Figure 3.1.2. The laboratory dissipation of (a) IPU, (b) TCZ and (c) CHL in soil samples treated with x1, x2, or x10 the recommended dose of each of these compounds. Each value is the mean of three replicates ± standard deviation.
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 3133 Figure 3.1.3. The formation and dissipation patterns of the transformation products of IPU ((a) MD-IPU and (b) DD-IPU) and of CHL((c) TCP) in the soil samples treated with x1, x2, or x10 the recommended dose of the pesticide in the laboratory. Each value is the mean of three replicates ± the standard deviation.
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 314312 Figure 3.1.4. The field dissipation of (a) IPU, (b) TCZ and (c) CHL in soil samples treated with x1, x2, or x5 the recommended dose of each of these compounds. Each value is the mean of three replicates ± standard deviation.
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 315 Figure 3.1.5. The formation and dissipation patterns of the transformation products of IPU ((a) MD-IPU and (b) DD-IPU) and of CHL((c) TCP) in the soil samples treated with x1, x2, or x5 the recommended dose of the pesticide in the field. Each value is the mean of three replicates ± the standard deviation.

(

  1960), MD-IPU, DD-IPU, and TCP gave a C-type isotherm compared to the rest of the compounds studied which gave L-shaped isotherms.

Figure 3 .Table 3 . 1 . 3 .

 3313 Figure 3.1.6. Adsorption isotherms of (a) IPU, (b) TCZ and (c) CHL, prepared with the use of the active substance or the commercial formulation, and (d) their main transformation products MD-IPU, DD-IPU, 4-IA and TCP.

  of the parent compound. No previous studies have investigated the dissipation kinetics of MD-IPU and DD-IPU and their DT50s at both laboratory and field scale. The only data available are from the registration documents of IPU which reported laboratory DT50 values of 10.5-100.5 d for MD-IPU and 38.4-78.1 d for DD-IPU (EFSA, 2015), which is in agreement with our findings.
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 31 Dissipation and adsorption of isoproturon, tebuconazole, chlorpyrifos and their main transformation products under laboratory and field conditions Chapter 3 Pesticide dissipation in agricultural soil 106significantly lower than the DT50s reported in the registration documents where 14 Clabelled TCZ was used (DT50 > one year)(EFSA, 2014). DT50 values measured under laboratory conditions indicated a trend for increasing persistence with increasing dose rate, in accordance with previous laboratory studies ([START_REF] Muñoz-Leoz | Tebuconazole application decreases soil microbial biomass and activity[END_REF] Wang et al., 2016).TCZ showed a limited persistence in the field with DT50 values of 1.5-2.5 days for the different dose rates. Previous field studies have also showed a lower persistence of TCZ in the field compared to the laboratory(Herrero-Hernández et al., 2011; Wang et al., 2015). Despite that, the DT50s obtained for TCZ in the field study are at the lower part of the range of DT50 values reported in the literature which vary from 5.8-6.5 d (temperature 15-30 °C) (Wang et al., 2015) to 91.6 days (average temperature 10.5 °C) (EFSA, 2014). The reduced field persistence of TCZ observed in our study was the result of a biphasic dissipation pattern which was composed of a very rapid dissipation phase within the first three days (70 % dissipation) followed by a slow dissipation phase thereafter where limited loss of TCZ occurred. A more realistic measure of the soil exposure to TCZ would be given by the DT90 values which ranged from 198-603.4 days in agreement with the DT90-values reported for the field dissipation of TCZ (115-304 days) (EFSA, 2014). The rapid decline of TCZ observed in the field study during the first 3 days after application could not be attributed to a rapid degradation of TCZ as it is indicated by the moderate to high persistence of the compound in the laboratory where degradation, biotic or abiotic, constitutes the main dissipation process. Rapid formation of bound residues or movement of the pesticide below the top 10 cm of the soil have been proposed by Herrero-Hernandez et al. (2011) as possible reasons to explain the initial rapid field dissipation of TCZ. The rapid formation of bound residues of TCZ is not fully supported by the moderate soil adsorption affinity of TCZ and previous regulatory studies which reported the formation of only 19.5 % of soil bound residues after 30 d (EFSA, 2014). Significant losses of TCZ due to photolysis or volatilization are not expected considering its soil photostability and low volatility (EFSA, 2014). A precipitation event occurred at day 3 (Supplementary Figure 3.1.2), right before the collection of the soil samples, might have facilitated the vertical leaching of a large fraction of TCZ residues below the top 10 cm which was the soil layer sampled.
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 3 Figure 3.2.1. Graphical abstract of Chapter 3.2.

Chapter 3 . 2

 32 Identification and characterization of tebuconazole transformation products in soil by combining suspect screening and molecular typology Chapter 3 Pesticide dissipation in agricultural soil 124

Chapter 3 . 2

 32 Identification and characterization of tebuconazole transformation products in soil by combining suspect screening and molecular typology Chapter 3 Pesticide dissipation in agricultural soil 126

  of the molecular structure of the compounds detected by tandem MS was obtained through an MSC program (Agilent Mass Hunter Molecular Structure Correlator B.05.00). The program correlated accurate mass daughter ions for a compound of interest with the molecular structures available in the in-house custom library by using a 'systematic bond-breaking' approach, as described by[START_REF] Hill | Automated assignment of high-resolution collisionally activated dissociation mass spectra using a systematic bond disconnection approach[END_REF]. Briefly, an overall correlation score was generated by taking into account the individual scores from each daughter ion, the mass accuracy of these fragments, and the overall percentage of ion intensities being plausibly explained with substructures. Chapter 3.2 Identification and characterization of tebuconazole transformation products in soil by combining suspect screening and molecular typology Chapter 3 Pesticide dissipation in agricultural soil 127 Molecular typology for categorizing TCZ TPs TCZ and its TPs were categorized using the molecular typology approach 'TyPol' (Typology of Pollutants) proposed by Servien et al. (2014), which clusters molecules based on the use of molecular descriptors and of environmental parameters. The environmental parameters of TCZ TPs are unknown, so clustering was only done using a set of 40 molecular descriptors. After clustering, TyPol was used to estimate the environmental parameters (vapor pressure, dissipation half-life, sorption coefficient and bioconcentration factor) of TCZ TP clusters by analogy to reference compounds whose environmental parameters are known. Details about the procedure are given in Supplementary Data 3.2.3.
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 323 2.1 summarizes the characteristics of all our TCZ TPs. It reports the compound name, molecular structure, mass, reference if empirical, and retention time of each TP. Moreover, the time points when the TCZ TPs were detected are provided (expressed in days after the TCZ treatment was applied), together with information regarding the confidence of identification. TPs are coded according to their level of identification confidence (a: detected by MS-only; a,b: detected by MS and selected by tandem MS; a,b,c: detected by MS, selected by tandem MS and identified by MSC). According to Schymanski et al. (2014), level 'a' (MS-only detection) could be assigned to 'level 4 -identification confidence by unequivocal molecular formula'; level 'a,b' (selection by tandem MS) to 'level 3 -tentative candidateidentification confidence by structure, substituent and class'; level 'a,b,c' (structure proposition by MSC) to 'level 2,b -probable structure -identification confidence by diagnostic evidence'. The molecular formulas of the compounds that were only detected by non-target MS but were not further selected by target tandem MS are rather unlikely to be false positives, as they (i) were not detected in the controls, (ii) have plausible chromatogram features and isotopic patterns, and (iii) do not differ in retention time between replicates and different time points. However, their molecular structure remains tentative because those compounds were not selected by tandem MS, and molecular structure elucidation by MSC is only possible based on the detected product ions produced during tandem MS. The non-selection of those compounds by target tandem MS could be attributed either to peak saturation at high concentrations (as occurred with the parent molecule TCZ when injected at high volumes), high sensitivity Chapter 3.2 Identification and characterization of tebuconazole transformation products in soil by combining suspect screening and molecular typology Chapter 3 Pesticide dissipation in agricultural soil 129 of compounds present at low concentrations, too low masses of the product ions, or high volatility of the precursor. Indeed, electron spray ionization (ESI) conditions and the chosen collision energies have to be efficient enough to produce precursor and product ions while avoiding fragmenting the precursor into too small product ions, as the minimum m/z value was chosen to be 60 due to noise exclusion. Regarding low m/z values, the putative low-molecular-weight TPs undetected by the non-target MS-only screening -e.g. the well-known triazole fungicide TP 1-H-1,2,4-triazole (TP 63) (EFSA, 2008; FAO, 1994; Schermerhorn et al., 2005; U.S. EPA, 1990) -may be considered as false negatives: they may not have been efficiently ionized by ESI due to their volatility at the high temperature of the ion source. Nevertheless, a compound detected by MSonly and selected by target tandem MS, but whose molecular structure could not be proposed by MSC, might be correct in its molecular formula but its molecular structure might not be in the TP library. Additionally, the poor correlation for low-molecularweight TPs might be affected by the formation of product ions, which were below the m/z threshold and thus were missing for MSC. Strictly speaking, all the molecules detected by our approach still remain inferred until confirmed by the retention times and fragmentation patterns of pure reference standards that are not presently available on the market in most cases. Identification and characterization of tebuconazole transformation products in soil by combining suspect screening and molecular typology Chapter 3 Pesticide dissipation in agricultural soil 130 Table 3.2.1. TCZ TPs detected in this study by suspect screening analysis. Reference to the degree of confidence on identification (a: detected by MS; b: selected by target tandem MS; c: proposed molecular structure by MSC). The name, structure, mass and reference if empirical of each TP are provided. The time points when a TP was detected and the cluster into which it was categorized are given. Blue boxes group TPs with the same mass. by combining suspect screening and molecular typology Chapter Pesticide dissipation in agricultural soil 133
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 323 Identification and characterization of tebuconazole transformation products in soil by combining suspect screening and molecular typology Chapter Pesticide dissipation in agricultural soil 134Categorization of TCZ TPsTCZ and its 34 TPs were categorized into three different clusters using TyPol (

  This means that TPs classified into the same cluster as their parent molecule TCZ (including newly detected and yet unknown TPs) may have a similar behavior as TCZ in the environment. TPs clustered away from TCZ may have different environmental fates and ecotoxicological impacts than TCZ. This can be a true issue if their formation is ignored and thus only TCZ and known TPs are quantified and monitored in the environment. To evaluate these hypotheses, TyPol was applied for a second time to categorize 116 various well-known pesticides and 19 TPs available from the TyPol database, with an analysis of both molecular descriptors and their known environmental parameters (half-life in soil (DT50), sorption coefficient (KOC), vapor pressure (Pvap), and bioconcentration factor (BCF)). The compounds formed six clusters, and median values of the molecular descriptors for each cluster were obtained (an example is given for KOC in Supplementary Table
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 23 Supplementary Figure 3.2.3 and Supplementary Table
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 3 .2.4). In order to obtain a preliminary idea of the potential environmental behavior of TCZ TPs, their molecular descriptors were compared to the median values of the six clusters formed by clustering the 116 pesticides and 19 TPs. When the molecular descriptors of the well-known compounds of one cluster were highly similar to those of a TCZ TP cluster, it was assumed that environmental parameters could be in a similar range. The TPs in the same cluster as their parent compound TCZ (cluster 1) overlapped with a cluster of pesticides characterized by (i) low Pvap (median Pvap = 0.026 mPa), indicating low volatility from soil and plants and thus a low risk for short or long range Chapter 3.2 Identification and characterization of tebuconazole transformation products in soil by combining suspect screening and molecular typology Chapter Pesticide dissipation in agricultural soil 135 transfer through the atmosphere (FOCUS, 2008), (ii) low mobility through soil (median KOC = 825 L/kg) suggesting a low risk for groundwater contamination (McCall et al., 2014), (iii) low persistence in soil (median DT50 = 37 days), and (iv) low potential for bioaccumulation (median BCF = 78) (Supplementary Table
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 322 Figure 3.2.2. Categorization of TCZ and its 34 TPs into three clusters according to their molecular descriptors on the two main components of the PLS regression (PLS 1 and PLS 2), and their estimated environmental parameters. Clusters are represented by different color codes. Each TP has its respective number. The inserted graph is an enlargement of a part of cluster 1.
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 32333223 Identification and characterization of tebuconazole transformation products in soil by combining suspect screening and molecular typology Chapter Pesticide dissipation in agricultural soil 137 ecosystems and human health will be assessed, providing a refined and comprehensive risk assessment of a given pesticide. Supplementary Data 3.2.1. TCZ and TP extraction from soil samples. Soil samples (40 g) were extracted twice with 50 mL of acetone and 2 mL of 2 M ammonium acetate for 30 minutes under shaking. The liquid phase was decanted through a glass fiber filter (Whatman GF/F) on a Buchner funnel stand under vacuum into a cone-shaped separator funnel containing 200 mL of 2 M sodium sulfate and 100 mL of dichloromethane. The separator funnel was shaken for 10 min. The dichloromethane phase was removed and the aqueous phase was extracted two more times with 50 mL of dichloromethane. The dichloromethane phases from the repeated extraction cycles were then combined and loaded onto a glass column packed with 1 g of Chapter 3.2 Identification and characterization of tebuconazole transformation products in soil by combining suspect screening and molecular typology Chapter Pesticide dissipation in agricultural soil 144 glass wool and 40 g of anhydrous sodium sulfate. The eluent was subsequently collected into an evaporation balloon and evaporated to complete dryness on a rotary evaporator under vacuum at 40 °C. The residues of TCZ were re-suspended in 10 mL of dichloromethane and re-evaporated to complete dryness under a stream of ultrapure nitrogen gas. TCZ residues were finally dissolved in 1 mL of 70 % methanol and 30 % ultrapure water containing 0.01 % of phosphoric acid and were used for chromatographic analysis as described below. UHPLC-ESI-QTOF-tandem MS analysis. Samples were first analyzed by non-target MS-only. The screening was carried out on a hybrid quadrupole-time-of-flight mass spectrometer coupled to a UHPLC chromatographic system (UHPLC/Q-TOF). The instrument was run in the positive scan mode and operated to acquire MS-only spectra. A 1290 UHPLC chromatographic system, equipped with a binary pump and a Dual Electrospray Jet Stream ionization system, and coupled to a G6550 mass spectrometer (Agilent technologies Santa Clara, CA, USA) was used. UHPLC separation was performed at a flow rate of 0.3 mL/min at 35 °C, using ultrapure water and methanol as solvents. The solvent program consisted of 50 % of water and 50 % of methanol for 8 min, then a first gradient was applied to increase methanol to 70 % in 2 min, and a second one to reach 95 % of methanol in 3 min. The injection volume was 7 µL, and reverse phase separation was carried out on an Agilent Zorbax Eclipse-plus column (75 x 2.1 mm i.d., 1.8 μm). ESI was operated at 14 L/min gas flow, 250 °C gas temperature, 11 L/min sheath gas flow, 300 °C sheath gas temperature, 45 psig nebulizing, 300 V nozzle voltage, 3500 V capillary voltage, and 200 V fragmentor. MS was performed with an m/z range of 60 to 1000, with a scan rate of 1 spectrum/sec and a relative threshold of 0.01 %. Raw data gained from the time-of-flight analyzer were processed using MassHunter Qualitative Analysis B.06 software program (Agilent Technologies). A first identification of TCZ TPs was achieved by screening the raw chromatogram data against the TP library (Agilent MassHunter PCDL Manager B.04 software program), using a find-by-formula algorithm. Identification was done taking into account monoisotopic accurate mass (with a threshold of 5 ppm from the nominal), isotope spacing and ratio to gain an overall identification score. Compounds with scores higher than 85 % and plausible chromatogram shapes were chosen for further analysis by target UHPLC-ESI-QTOF-tandem MS. Detected TP precursor ions were included into by combining suspect screening and molecular typology Chapter Pesticide dissipation in agricultural soil 145the list for targeted tandem MS, which was performed at low, middle and high collision energies (10, 20 and 40 V, respectively). Chromatography conditions, ESI and MS parameters were the same as for MS analysis, except that acquisition was done in MS/MS mode.ConclusionChapter 3 provides a set of data describing the main processes involved in the fate of the three studied pesticides in soil of a North-Italian agricultural field. It provides a profound evaluation of the exposure scenario of soil microorganisms to residues of the three tested pesticides. As these three pesticides are still in use in Europe, the results may enrich their future post-authorization risk assessments that are due in 2017 (IPU), 2020 (CHL) and 2023 (TCZ).
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 4 Ecotoxicological impact of pesticides on soil microorganisms 160 Being involved in complex processes with impacts at the global scale, microorganisms are key players in a range of soil ecosystem services such as primary production, climate regulation and water purification. Agricultural practices, including the application of pesticides, have been identified as a major threat to soil ecosystem functioning. Indeed, a range of studies have shown that exposure of non-target organisms such as soil microorganisms to pesticides can cause ecotoxicological effects, with unknown consequences for soil functioning on the long term. Knowledge of ecotoxicological effects of pesticides on soil microorganisms is thus crucial to approach more sustainable agricultural practices.At EU-level, the current evaluation of ecotoxicological pesticide effects on soil microorganisms solely relies on global carbon and nitrogen mineralization tests that are are weak indicators for the microbial toxicity of a pesticide (as potential effects tend to remain undetected). Therefore, there is a need to develop and implement innovative methods to evaluate the ecotoxicological risk of pesticides on microorganisms supporting soil ecosystem functions.With the research of Chapter 4, I aimed to test up-to-date metagenomic methods and alternative radiorespirometric techniques to monitor the ecotoxicological impact of each of the three model pesticides on the diversity and activity of soil microorganisms.In Chapter 4.1, the ecotoxicological effects of CHL, IPU or TCZ (applied once at doses simulating a lower tier exposure scenario) on the diversity of the soil bacterial community were assessed by Illumina next-generation sequencing of 16S rDNA amplicons produced from DNA extracts of soil samples of the lab-to-field experiment (described in Chapter 3). In Chapter 4.2, the potential effect of repeated pesticide treatments (CHL or TCZ at 10x agronomical doses simulating a higher tier exposure scenario) on soil microorganisms was investigated. I studied the evolution of (i) the ability of the soil microbial community to mineralize the applied pesticide, (ii) the capacity of soil microbial communities to mineralize various other organic compounds as a proxy of soil buffering functions, and (iii) the diversity of the soil bacterial community by Illumina next-generation sequencing of 16S rDNA amplicons.
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 1 Lab-to-field evaluation of the ecotoxicological impact of three pesticides on the soil bacterial diversity by Illumina next-Manuscript in preparation for publication.
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 41 Lab-to-field evaluation of the ecotoxicological impact of three pesticides on the soil bacterial diversity by Illumina next-generation sequencing Chapter 4 Ecotoxicological impact of pesticides on soil microorganisms 164AbstractPesticides are intentionally applied to agricultural fields for crop protection. They can harm non-target organisms such as soil microorganisms involved in important ecosystem functions with impacts at the global scale. During the pesticide authorization process, the ecotoxicological impact of pesticides on soil microorganisms is only estimated using carbon and nitrogen mineralization tests, despite the availability of more extensive approaches analyzing the abundance, activity or diversity of soil microorganisms. In this study, we evaluate the possible interest of using 16S rDNA next-generation sequencing to estimate the impact of either the organophosphate insecticide chlorpyrifos (CHL), the phenyl-urea herbicide isoproturon (IPU) or the triazole fungicide tebuconazole (TCZ) on the diversity and composition of the soil bacterial community. To our knowledge, it is the first time that this metagenomic approach is applied to assess the impact of the three pesticides in a lab-to-field experimental design. The bacterial diversity and composition were found to vary over time and (as expected), this trend was more marked in the microcosm than in the field study. Only slight but significant transient effects of CHL or TCZ were observed in the microcosm and the field study, respectively. IPU was not found to significantly modify the soil bacterial diversity or composition. Our results are in accordance with EFSA conclusions indicating that these three pesticides may have a low risk towards soil microorganisms.

Figure 4 .

 4 Figure 4.1.1. Graphical abstract of Chapter 4.1.
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 414 Lab-to-field evaluation of the ecotoxicological impact of three pesticides on the soil bacterial diversity by Illumina next-generation sequencing Chapter Ecotoxicological impact of pesticides on soil microorganisms 167 nitrogen mineralization tests are global indicators which have been criticized for their use to estimate the microbial toxicity of pesticides because these processes can be maintained regardless of significant toxic effects, as resistant microbes can increase their population at the expense of sensitive microbes, due to the redundancy of microorganisms contributing to carbon and nitrogen mineralization functions within the soil microbial community(Van Beelen and Doelman, 1997). Moreover, another source of criticism relies on the fact that pesticide risk assessment for approval at EU level is based on the sole active substance, and not on the formulated plant protection products (PPPs) (containing the active substance and other chemicals), which are broadly used in agriculture and can be more toxic than the active substance alone (EFSA, 2015b).
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 414 Lab-to-field evaluation of the ecotoxicological impact of three pesticides on the soil bacterial diversity by Illumina next-generation sequencing Chapter Ecotoxicological impact of pesticides on soil microorganisms 169Material and methodsMicrocosm and field studyThe studied site was an agricultural field situated in North Italy (45°05'20.8"N 9°45'59.4"E, Google Maps), an area intensively exploited by agriculture where winter cereal is a representative crop. The soil was characterized as loamy sand (4.2 % clay, 13.5 % silt, 82.2 % sand) with an organic carbon content of 1.5 %, a microbial biomass of 160.2 mg C/kg soil dwt and a pH of 7.5. The field had not been treated with the studied pesticides for more than five years.For the microcosm study, topsoil samples (10 cm depth) were taken following procedures described by the International Standardization Organization (ISO) for collection and handling of soil samples(ISO 10381-6, 2009) in July 2013. The soil was manually homogenized, partially air-dried, sieved (2 mm) and stored at 4 °C for approximately one week before the final application of the pesticides. For each pesticide and dose, three replicates were treated with an aqueous solution of CHL, IPU or TCZ (prepared from their commercial formulations Carposan® (CHL), Quintil® (IPU) and Folicur® (TCZ)) at 1x, 2x or 10x the recommended dose (2.0 (CHL), 1.9 (IPU) and 0.6 (TCZ) mg/kg soil dwt). Three control sub-samples were treated with water. The water content of all subsamples was adjusted to 40 % of the water holding capacity (WHC = 46.8 wt%), which was kept constant throughout the whole study. 150 g subsamples were placed in aerated plastic bags and incubated in the dark at 20 °C.
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 414 Lab-to-field evaluation of the ecotoxicological impact of three pesticides on the soil bacterial diversity by Illumina next-generation sequencing Chapter Ecotoxicological impact of pesticides on soil microorganisms 170DNA extractionDNA was extracted and isolated from 300 mg soil samples following the ISO 11063 procedure (2012), derived from the method described byMartin-Laurent et al. (2001). The procedure involved three principal steps: (i) microbial cell lysis by physical (bead beating) and chemical (sodium dodecyl sulfate) actions, (ii) deproteination by precipitation and (iii) DNA precipitation, washing and purification. Illumina next-generation sequencing 150 microcosm and 150 field study DNA samples (5 time points x (3 controls + 3 pesticides x 3 doses x 3 replicates) = 150) were analyzed using an amplicon Illumina next-generation sequencing approach. In a first-step PCR, fusion primers U341F (5'-CCTACGGGRSGCAGCAG-3') and 805R (5'-GTGCCAGCMGCCGCGGTAA-3') (Klindworth et al., 2012) were used to amplify the hypervariable V3-V4 region of the bacterial 16S rDNA (around 460 bp). Primer sequences contained corresponding overhang adapters (forward adapter: TCGTCGGCAGCGTCAGATGTGTATAAGAGACAG, reverse adapter: GTCTCGTGGGCTCGGAGATGTGTATAAGAGACAG) needed to add multiplexing indexsequences in a second-step PCR. Concerning the microcosm study, each PCR reaction was carried out in a volume of 25 μL containing 1 μL of template DNA, 5 μL Kapa 5x High-Fidelity Hot Start Buffer, 0.3 μL of each primer (25 μM), 0.75 μL dNTPs (10mM), High-Fidelity DNA Kapa polymerase (1 unit/μL) and 17.15 μL water. PCR reactions were performed using a PTC-200 thermocycler (MJ Research Inc., USA). Cycling conditions were 5 min at 95 °C, 30
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 414 Lab-to-field evaluation of the ecotoxicological impact of three pesticides on the soil bacterial diversity by Illumina next-generation sequencing Chapter Ecotoxicological impact of pesticides on soil microorganisms 172 manufacturer's instructions. Amplicon concentrations were then fluorometrically measured with Qubit (Invitrogen) and converted to nM, assuming an average library size of 630 bp: Amplicon concentration in ng/µL x (660 g/mol x 630 bp) x 10 6 = amplicon concentration in nM. Libraries with amplicon concentrations >40 nM were first diluted to 40 nM and then all samples were brought to 4 nM. For pooling of the libraries, 2 µL of each sample were brought together and denatured with 0.2 N NaOH and diluted to 4 pM in hybridization buffer HT1, following the Illumina manufacturer's instructions. The pooled amplicon library was then combined with a PhiX control library (Illumina) before the Illumina Miseq run (2x 301 bp) was performed.
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Figure 4 . 1 . 2 .

 412 Figure 4.1.2. Microcosm study -Relative abundance (%) of bacterial phyla identified in the untreated (control) and treated (CHL, IPU or TCZ at 10x dose) soil samples at different sampling time points (0, 7, 42, 56 and 100 days after treatment). Each color represents a phylum. 16S rDNA sequences that could not be assigned to a phylum are grouped as 'unassigned'.
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Figure 4 . 1 . 3 .

 413 Figure 4.1.3. Field study -Relative abundance (%) of bacterial phyla identified in the untreated (control) and treated (CHL, IPU or TCZ at 5x dose) soil samples at different sampling time points (0, 14, 35, 70 and 105 days after treatment). Each color represents a phylum. Bacterial phyla, whose abundance sum of all samples was < 0.05 % are grouped as 'others'. 16S rDNA sequences that could not be assigned to a phylum are grouped as 'unassigned'.
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 414 Lab-to-field evaluation of the ecotoxicological impact of three pesticides on the soil bacterial diversity by Illumina next-generation sequencing Chapter Ecotoxicological impact of pesticides on soil microorganisms 181 the bacterial community. Although the evaluations of EFSA (2008; 2014) concluded that TCZ has low risks on soil microorganisms (based on carbon and nitrogen mineralization

  pesticides by 16S rDNA amplicon next-generation sequencing. Contrariwise toRomdhane et al. (2016) reporting big shifts in the bacterial diversity exposed to the natural triketone herbicide, only slight modifications were observed in our study. This may be due to the fact that, contrary to natural triketone for which the target (4hydroxyphenylpyruvate dioxygenase, HPPD) is present in non-target organisms including soil microorganisms, the targets of the three studied pesticides are (to our best knowledge) not found in soil bacteria (IPU targets photosystem I, CHL blocks acetylcholine neurotransmission, and TCZ blocks sterol 14α-demethylase and impedes any additional modes of action on sterol biosynthesis). For this reason, no direct effects of the three tested pesticides on soil bacteria were expected. Nonetheless, transformation products of each of the three tested pesticides that are known for their toxicity (namely 4-isopropyl-aniline (4-IA) for IPU, TCP for CHL, and triazole transformation products for TCZ) may directly impact soil microorganisms. In addition, indirect effects of the three pesticides can be expected notably for TCZ because of close interactions between fungal and bacterial species in soil. Despite the new insights offered by next-generation sequencing of 16S rDNA amplicons to assess pesticide effects on the soil bacterial diversity, bioindicators specifically responding to pesticide exposure may represent an alternative. For instance, the adaptation of soil microorganisms to pesticides leading to enhanced pesticide degradation in soil may constitute a bioindicator for exposure
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 424 Impact of repeated treatments of the pesticides chlorpyrifos or tebuconazole on soil microorganisms using alternative methods Chapter Ecotoxicological impact of pesticides on soil microorganisms 211 or TCZ once per month (Figure 4.2.2). Soil was sampled once per month to (i) measure the mineralization of the applied pesticides (CHL or TCZ, as proxy of enhanced biodegradation) and of three other compounds (2,4-D, glyphosate and sodium acetate, as proxy of soil buffering functions), and (ii) extract soil DNA used to generate 16S rDNA amplicons to be analysed by next-generation sequencing (as proxy of bacterial diversity).

Figure 4 . 2 . 2 .

 422 Figure 4.2.2. Flow chart of the experimental procedure.

4

 4 Figure 4.2.1).All microcosms were kept at 40 % of the water holding capacity in the dark for 150 days in a closed jar containing a 5 mL sodium hydroxide trap (Supplementary Figure4.2.2). Generated 14 CO2 evolved from the respective 14 C-labelled compound was trapped in the sodium hydroxide solution and was quantified by liquid scintillation counting (LS 6500 Multi-Purpose Scintillation Counter, Beckman) using ACSII scintillation fluid (Amersham).
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 424 Impact of repeated treatments of the pesticides chlorpyrifos or tebuconazole on soil microorganisms using alternative methods Chapter Ecotoxicological impact of pesticides on soil microorganisms 216 established with the R package 'gplots' to indicate if time impacted the number of unique and shared genera between the different months (1 month, 2 months, 3 months).

  .1). A150d values in the controls varied between 45 ± 7 % (1 month), 53 ± 1 % (2 months) and 44 ± 9 % (3 months) of initially applied radioactivity ( 14 C-ring-labelled CHL). In comparison, treated and repeatedly treated soil samples exhibited significantly higher A150d-values of 86 ± 1 % (1 month), 80 ± 2 % (2 months) and 87 ± 1 % (3 months). Values of the time that was needed to mineralize 25 % of CHL (t25%) showed a similar trend. The 25 % mark was reached much faster in repeatedly treated samples than in untreated samples. T25%-values in treated samples were 9 ± 3 days (1 month), 2 ± 1 days (2 months) and 1 ±0 days (3 months) and significantly varied from those of untreated samples being 91 ± 7 days (1 month), 76 ± 4 days (2 months) and

Figure 4 . 2 . 3 .

 423 Figure 4.2.3. Kinetics of 14 CO2 evolution from 14 C-labelled pesticides and mass balance of 14 C-labelled residues (mineralized, extractable and non-extractable fraction) in soil untreated (control) or repeatedly treated with pesticides (CHL or TCZ). Mineralization of 14 C-labelled CHL or 14 C-labelled TCZ was monitored after 1, 2 and 3 months of incubation (i.e. one month after the 1 st , 2 nd and 3 rd pesticide treatment). Initial radioactivity was applied to soil as 14 C-ring-labelled CHL, as 14 C-phenyl-ring-labelled TCZ (TCZ-P) or as 14 C-triazole-ring-labelled TCZ (TCZ-T). Mass balance fractions represent the radioactivity mineralized during 150 days ( 14 CO2), the radioactivity extracted by methanol (extractable residues), and the radioactivity released during soil combustion (non-extractable residues). Error bars represent standard errors between four replicates.
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 423 Diversity indices of the soil bacterial community repeatedly exposed to CHL or TCZ (at 10x agronomical doses) or untreated (control). Diversity indices are 'observed species', 'PD whole tree', 'chao1' and 'simpson reciprocal'. ANOVA of each diversity index were followed by the Tukey HSD test (p < 0.05). Significant differences are indicated by letters.Chapter 4.2 Impact of repeated treatments of the pesticides chlorpyrifos or tebuconazole on soil microorganisms using alternative methods Chapter 4 Ecotoxicological impact of pesticides on soil microorganisms 226
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 425 Figure 4.2.5. PCoA ordinations of OTU weighted unifrac distance matrices for soil microcosms repeatedly exposed to CHL or TCZ or untreated (control). Replicates of the same treatment per month (1 st , 2 nd or 3 rd pesticide treatment) are represented in the same colors.
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pdmA

  and pdmB abundances concomitantly increased with the IPU-mineralizing activity, reaching their maximum at the highest IPU mineralization rate. The abundance of the plasmid pSH behaved similarly but at lower levels indicating that the IPU-degrading soil bacterial community possibly comprises other populations harboring the pdm genes on different genetic structures that remain unknown. As the IPU-degrading genetic potential increased in response to IPU exposure and rapidly decreased with time, we concluded the time point for soil sampling and DNA extraction to be crucial for the use of gene-bioindicators.
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 51 Figure 5.1. Graphical abstract of Chapter 5.

5

 5 communities, but also to assess the ecological importance of the pdm-harboring transposon-like sequence of the plasmid pSH within the IPU-degrading bacterial communities of the Biobed soil and the Epoisses soil. Within this context, we measured the mineralization of 14 C-labelled IPU to 14 CO2 and the abundance of (i) the pdmA and pdmB gene sequences, (ii) a pdmA-down sequence specific for the pdm-harboring transposon-like sequence (targeting the pdmA gene and a sequence downstream of pdmA), and (iii) a pSH sequence located on the plasmid pSH, outside of the transposonlike sequence in the Biobed and the Epoisses soil. Our experimental set-up was based on the hypothesis that the time point of soil sampling for DNA extraction may be especially Chapter Possibilities and limitations of using genes as bioindicators for potential pesticide degradation in soil -the case of pdm-encoded isoproturon degradation 256

Figure 5 . 2 .

 52 Figure 5.2. The timeline-based experimental design of the microcosm study (Biobac soil, contemporary exposure to IPU) and the field study (Epoisses soil, historical exposure to IPU).

5

 5 at the experimental farm of INRA Epoisses (Bretenière, 47°14'25.6"N 5°06'12.4"E, Google Maps) and was frequently treated with various pesticides. The biomixture is a silty clay loam soil and contains 36.7 % clay, 43.6 % silt and 19.7 % sand. It has an organic matter content of 10.2 % and a pH of 7.0. We sampled the Biobac soil in June 2015, sieved it (5 mm) and stored it at 4°C until use. Before starting the experiment, it was humidified to 80 % of its water-holding capacity (WHC = 70.19 %) and incubated at 20 °C in the dark. At day 0, IPU (99 % purity, Riedel-de-Haen) was applied at 2 mg/kg dwt to soil the microcosms. Samples were collected at 0 days before IPU treatment and at 2, 4, 6, 8, 10, 12 and 14 days after IPU treatment and immediately frozen at -20°C until DNA extraction. The Epoisses soil was sampled from the field of the experimental farm of INRA in April 2008, 2009 and 2010 (36 topsoil samples of 20 cm depth each year). Each sample was divided into three parts (i) to freeze the samples at -20 °C until DNA extraction, (ii)to analyze IPU mineralization of each sample and (iii) to sieve (5 mm) and characterize them as described by[START_REF] Hussain | Mapping field spatial distribution patterns of isoproturon-mineralizing activity over a three-year winter wheat/rape seed/barley rotation[END_REF]. The soil is a silty clay soil (47.7 % clay, 46.0 % silt, 8.1 % sand) with an organic matter content of 3.6 % and a pH of 7.7(Hussain et al., 2011). It had been rotationally cultivated with winter wheat / rapeseed / barley Chapter Possibilities and limitations of using genes as bioindicators for potential pesticide degradation in soil -the case of pdm-encoded isoproturon degradation 258 and had been periodically treated with pesticides for more than 10 years. During the 2.5 years of sampling (2008 -2010), the soil was treated with IPU (October 2007), glyphosate (August 2008), napropamide, dimethachlor and clomazone (August 2009) and mefenpyr-dimethyl, iodosulfuron-methyl sodium and mesosulfuronmethyl (March 2010). IPU degradation parameters in the soil such as the maximum IPU mineralization (A) [%], the maximum rate of mineralization (µm) [%/d] or the lag phase (λ) [d] were

  5'-ACG-AAG-GCA-AAG-GGG-ACT-AT-3') is anchored on the pdmA sequence (position 38479 bp) and the other (pdmA-down_R: 5'-AAA-GCG-TCT-TTG-GTC-GAG-AA-3') is located on the sequence downstream of the pdmA gene (position 38260 bp). Another primer set (targeting pSH) was designed to target a sequence on the plasmid pSH (without considering pdm genes) located at 8596 to 8792 bp on pSH (pSH_F: 5'-GGC-TTG-GGT-ACG-CTA-TGA-AA-3', pSH_R: 5'-CGT-TCA-GGA-CTG-CCG-TAA-AG-3').

Figure 5 . 3 .

 53 Figure 5.3. Locations of the primer sets used in this study on the plasmid pSH. The sequences targeted by the different primer pairs (pdmA, pdmB, pdmA-down and pSH) are indicated in red. The transposon-like sequence (surrounded by tnpX) harboring the pdmA and pdmB genes is presented in grey.

  The IPU-degrading genetic potential was monitored by qPCR on pdmA or pdmB. The abundances of the transposonlike sequence and of the plasmid pSH were respectively quantified by qPCR on pdmAdown or pSH. The qPCRs were done in 15 µL reaction volumes containing SYBR Green PCR Master Mix (Absolute QPCR SYBR Green Rox, ABgene), 100 ng of T4 gp 32 (Qbiogene), 2 µM of appropriate primers and 0.4 ng of template DNA. The qPCR conditions were 95 °C for 15 min for enzyme activation, followed by 35 cycles of denaturation at 95 °C for 15 sec, primer annealing at 60 °C for 30 sec and extension at 72 °C for 30 sec. Data acquisition was performed at 80 °C. After amplification, melting curves were obtained by increasing the temperature from 80 to 95 °C (+0.5 °C/sec).
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 54 Figure 5.4. Mineralization of 14 C-ring-labelled IPU [% of initially applied amount] and relative gene abundance of pdmA, pdmB, pdmA-down and pSH to 16S rDNA abundance [copy number/10 4 copy numbers of 16S rDNA] measured in the Biobed soil microcosms contemporarily exposed to IPU. ANOVAs were followed by the Tukey HSD test (p < 0.05) separately grouping all time points per gene. Significant differences are indicated by letters.

Field study -

 study Historical exposure to IPUSoil samples of the agricultural field at Epoisses that had historically been exposed to IPU were collected 6 months(2008), 1.5 years (2009) and 2.5 years (2010) 
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 55 Figure 5.5. Relative gene abundance of pdm, pdmA-down and pSH [copy number/10 6 copy numbers of 16S rDNA] measured in the Epoisses soil historically exposed to IPU.
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 56 Figure 5.6. Tentative of correlation between the relative abundance of pdmB [copy number/10 6 copy numbers of 16S rDNA] and the maximum IPU mineralization (A) [%] of all tested years (2008, 2009 and 2010).

Chapter 5

 5 without IPU exposure(6 months (2008), 1.5 years (2009) and 2.5 years (2010)), Possibilities and limitations of using genes as bioindicators for potential pesticide degradation in soil -the case of pdm-encoded isoproturon degradation 267emphasizing the importance of the soil sampling time point for gene-bioindicator quantification. Referring to the short-lived response of the IPU-degrading genetic potential to contemporary IPU exposure (Biobed soil), one could suggest that it would have been better to estimate the abundance of the IPU-degrading genetic potential in the Epoisses soil historically exposed to IPU directly after having it newly exposed to IPU for a few days under controlled conditions.

  authorization studies), (ii) environmental monitoring data produced by a range of national agencies, and (iii) research results of post-authorization studies. Suggestions for the establishment of such a comprehensive and responsive database consisting of comprehensive research findings are visualized in Figure 6.1. The existence of such a database would simplify public research and enable the deep insight into collected monitoring data. Furthermore, a legal obligation to consider all public research and monitoring data in (post-)authorization pesticide environmental risk assessment should be established at EU-level.

Figure 6 . 1 .

 61 Figure 6.1. Suggestions for the improvement of pesticide environmental risk assessment: Acquisition of data by combining chemical, biochemical and molecular techniques and subsequent collection and publication of obtained knowledge.

  protéger les cultures. Seule une infime partie des pesticides pulvérisés atteint les organismes cibles, tandis que la plus grande partie reste sur couvert végétal ou dans le sol d'où il peut se disperser dans les milieux environnants et nuire aux organismes non-cibles. Pour réduire au minimum les dommages environnementaux causés par les pesticides, leur devenir dans l'environnement et l'impact potentiel sur les organismes non-cibles sont évalués dans une procédure d'évaluation des risques environnementaux par des autorités de l'UE avant leur autorisation et l'introduction sur le marché. Le processus d'approbation des pesticides est critiqué car il remet en cause le principe de précaution, étant donné que de nombreux pesticides autorisés auparavant sont maintenant interdits en raison de l'émergence tardive des problèmes environnementaux après des années d'utilisation. En particulier, la formation de produits de transformation des pesticides et l'impact écotoxicologique de résidus des pesticides sur les microorganismes du sol supportant de nombreuses fonctions de l'écosystème ne sont pas suffisamment pris en compte au cours du processus d'évaluation des risques environnementaux des pesticides.Dans ce contexte, ma thèse visait à évaluer les risques environnementaux des pesticides par l'application et le développement de méthodes innovantes de la chimie analytique et de la biologie moléculaire pour étudier la dissipation (dégradation / sorption / transformation) des pesticides dans le sol et l'impact écotoxicologique qu'ils causent sur les microorganismes du sol. Les trois pesticides chlorpyrifos (CHL), isoproturon (IPU) ou tebuconazole (TCZ) ont été choisis pour les tester à différents niveaux d'exposition dans des dispositifs expérimentaux allant du laboratoire-au-champ. Un résultat marquant de ma thèse est le développement d'une approche combinant le criblage ciblé et le typage moléculaire pour détecter et classifier des nouveaux produits de transformation du TCZ dans le sol et d'estimer leurs paramètres environnementaux. En outre, mes expérimentations ont partiellement confirmé les études d'évaluation du risque, montrant pour le scénario d'exposition le plus bas un impact faible mais significatif de l'exposition à CHL et TCZ sur la composition bactérienne du sol, estimée par le séquençage de nouvelle génération d'amplicons du gène de l'ARNr16S (et aucun impact du IPU). Toutefois, pour le scénario d'exposition le plus élevé, l'exposition à CHL et TCZ a induit des changements importants de l'activité microbienne (évaluée par la minéralisation des pesticides comme proxy de la fonction de filtration du sol) et la diversité bactérienne (évaluée par le séquençage de nouvelle génération d'amplicons du gène de l'ARNr 16S).Les résultats acquis au cours de ma thèse pourront enrichir l'évaluation des risques à posteriori qui sera conduite dans le cadre de la révision de l'autorisation du CHL (attendue en 2020), de l'IPU (attendue en 2017) et du TCZ (attendue 2023). En outre, mes recherches ouvrent de nouvelles perspectives pour l'évaluation de l'impact écotoxicologique des pesticides sur les microorganismes qui soutiennent des fonctions écosystémiques du sol.Everything began in a Master's lecture of Environmental Microbiology byProfessor Hans-Curt Flemming at the University of Duisburg-Essen (Germany) in 2012, where he taught us about the various processes of bioremediation and the approach to use microorganisms to counteract environmental pollution. As I was interested in environmental pollution topics since I was little, the ideas of this lecture fascinated me and I decided to do an internship in a research group dealing with the transformation, biodegradation and environmental impact of pollutants. After reading some of his publications, I sent an internship application to my future supervisor Dr. Fabrice Martin-Laurent without imagining the amazing adventure I was about to face. After a great internship in his research group in Dijon (France) in 2012, I decided to come back and started my PhD studies in his laboratory in 2013.So the first person I want to thank are you Fabrice, for giving me the great opportunity of doing my PhD under your supervision, for being willing to give advice at any time, for your knowledge, ideas, guidance and good mood, but also for giving me space to develop, to gain autonomy and to realize my ideas. You are not only a great supervisor but also a motivating and reassuring friend. The second wave of thanks goes to my supervisors of my six months stay within the research teams at Aeiforia srl. and at the Catholic University of the Sacred Heart in Piacenza (Italy) -Dr. Federico Ferrari, Dr. Luigi Lucini and Professor Marco Trevisan. Federico, many thanks for your heartwarming contribution to my very pleasant stay in Piacenza, patiently translating Italian during my first weeks, advising me which wines to buy in the supermarket (when I realized that you knew ALL of them), supplying warm boots in my mini shoe size (to keep my feet warm while sampling frozen field soil), and helping me to realize my idea of discovering new pesticide transformation products by introducing me to Luigi.Luigi, 1000 thanks for all your time, knowledge and motivation! Although you were not implied in the project from the beginning, you passionately jumped into the idea of discovering new pesticide transformation products and spent hours to teach me how to use the UHPLC-ESI-QTOF-MS/MS (already the name…). Fortunately, green ice tea and chocolate were a good currency to pay for all your time and advice.
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 52 Figure 5.2. The timeline-based experimental design of the microcosm study (Biobac soil, contemporary exposure to IPU) and the field study (Epoisses soil, historical exposure to IPU).
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 53 Figure 5.3. Locations of the primer sets used in this study on the plasmid pSH. The sequences targeted by the different primer pairs (pdmA, pdmB, pdmA-down and pSH) are indicated in red. The transposon-like sequence (surrounded by tnpX) harboring the pdmA and pdmB genes is presented in grey.
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 54 Figure 5.4. Mineralization of 14 C-ring-labelled IPU [% of initially applied amount] and relative gene abundance of pdmA, pdmB, pdmA-down and pSH to 16S rDNA abundance [copy number/10 4 copy numbers of 16S rDNA] measured in the Biobed soil microcosms contemporarily exposed to IPU. ANOVAs were followed by the Tukey HSD test (p < 0.05) separately grouping all time points per gene. Significant differences are indicated by letters.
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 55 Figure 5.5. Relative gene abundance of pdm, pdmA-down and pSH [copy number/10 6 copy numbers of 16S rDNA] measured in the Epoisses soil historically exposed to IPU.
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 5661 Figure 5.6. Tentative of correlation between the relative abundance of pdmB [copy number/10 6 copy numbers of 16S rDNA] and the maximum IPU mineralization (A) [%] of all tested years (2008, 2009 and 2010).

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  

Table 1 .

 1 1. Available ISO methods in soil microbiology (modified from

  . The ISO 11063 for soil DNA extraction provided a solid basis for the development of ISO 17601 for the quantification of microbial groups by quantitative polymerase chain reaction (qPCR). In addition, ISO 11063 offers the basement for employing new high-throughput sequencing technologies such as Illumina next-generation sequencing of rDNA amplicons to study the diversity of

	soil microorganisms (Chapter 4.1; Chapter 4.2). In the past, other techniques based on
	the amplification of rDNA have been applied to assess the soil microbial diversity, such
	as clone libraries (cloning of PCR products and then sequencing of individual gene
	fragments) or fingerprinting approaches including denaturing and temperate gradient
	gel electrophoresis (DGGE and TGGE) (intermediate resolution techniques able to
	separate PCR product mixtures similar in length but different in base pair composition)

Table 1 . 2 .

 12 List of bacterial and fungal strains and genes coding for degradation enzymes that are involved in the biodegradation of CHL, IPU or TCZ (modified from

  2 are one of the few chemical groups that are intentionally released into the environment (mainly to protect crops from pest infestations).

Approximately 2.4 million tons of active substances are released into the environment worldwide each year (U.S. EPA, 2011), and Europe is the world's largest pesticide consumer

(Enserink et al., 2013)

. Today, the pesticide market is dominated by a limited number of large agrochemical companies (Bayer CropScience/Monsanto, BASF, Syngenta/ChemChina, Dow AgroSciences, and DuPont) which cover approximately 80 % of the pesticide market worldwide

(Rathore and Nollet, 2012)

. Three of these large companies (Bayer CropScience/Monsanto, BASF, and Syngenta/ChemChina) are based in Europe and thus contribute to the development of the European economy.

Although authorization is only granted if unacceptable effects of an active substance on the environment are excluded (according to article 4 of EU-Regulation 1107/2009/EC), the application of PPPs containing this active substance at large scales can have undesirable consequences for the environment that have to be reported by the holder of the authorization to the Rapporteur Member State (RMS) (according to article 56 of 1107/2009/EC). Indeed, pesticide may persist in soils for years, and can gradually disperse through different routes over long distances, leading to contamination of nondirectly exposed environments such as water resources, the deep sea, or mountain peak regions

  For instance, the International Agency for Research on Cancer (IARC) recently reported that glyphosate-based PPPs (initially known under the trademark Roundup® and intensively used for decades (Bundesinstitut für Risikobewertung BfR, 2015)) were

	genotoxic (caused DNA mutations) and probably carcinogenic (involved in causing
	cancer) to humans (IARC, 2015). A global debate ensued about the unacceptable
	weaknesses of pesticide policy. During the ongoing peer review of glyphosate, the
	European Commission (EC) gave a mandate to the European Food Safety Authority
	(EFSA) to consider the findings by the IARC reporting the potential carcinogenicity of
	glyphosate PPPs (EFSA, 2015a). Based on this re-evaluation, EFSA concluded that the
	active substance glyphosate (used in non-selective herbicides for weed control) was

unlikely to be genotoxic or to pose a carcinogenic threat to humans. Consequently, it was not proposed for classification as carcinogenic under EU regulation. However, EFSA admitted that this distinction between active substance and PPPs mainly explains the contradictory conclusions of IARC and EFSA. For this reason, it was proposed that the toxicity of these PPPs should be re-assessed at Member State level before granting authorization at national level

(EFSA, 2015a)

. Very recently, the joint FAO/WHO meeting on pesticide residues concluded that glyphosate and glyphosate-based PPPs were not associated with genotoxic effects in the majority of studies conducted on mammals (Summary report from the May 2016 Joint FAO/WHO Meeting on Pesticide Residues,

  while the rest ends up in the soil or on the crops from where the pesticides can diffuse to other environmental sectors or enter the food chain. For Potentially harmful compounds, as yet unknown or not yet classified as 'relevant', were not included in this study. In the future, new methods in analytical chemistry could enable more comprehensive investigations(Storck et al., 2016). An amount of 42 % of the samples contained pesticide residues below the established threshold values, 3 %

	exceeded those threshold values, while 27 % of the samples were contaminated with
	more than one active substance (multiple residues) (EFSA, 2015b). The percentages of
	positive pesticide detections are usually much higher when only conventionally
	produced fruit and vegetables are studied (The Chemical and Veterinary Investigation
	Office Stuttgart, 2013a,b). Therefore, these highly contaminated crops may have been
	overshadowed by other crops in the recent EFSA report that tested all kinds of food. An

instance, EFSA recently published a report on pesticide residues detected in food samples collected from the 27 EU Member States, plus Iceland and Norway: 55 % of the samples were free of quantifiable target analytes -but one should keep in mind that only known compounds previously classified as 'relevant' were monitored. example for unintended environmental contamination with pesticides is a study of the EU Member States that monitored pesticide residues in surface and ground water systems within the EU-Water Framework Directive 2000/60/EC: Around half of the European surface water systems are contaminated by pesticide residue levels that may pose a risk to non-target organisms

  organisms, including soil microorganisms and (vi) any relevant information found in the literature, if available (EU-Regulation 283/2013/EC; EU-Regulation 284/2013/EC). The data presented in the DAR results from studies carried out by the pesticide producer or assigned subcontractor companies. The second step is the peer review of the RMS's dossier, including the risk assessment, which is coordinated by the Pesticides Unit of EFSA. In the third step, the Pesticides Unit of EFSA produces a conclusion report. Risk managers of the Standing Committee on Plants,Animals, Food and Feed (SCOPAFF) 

	report of the PPP, then the other Member States can comment on the first evaluation.
	Examples for national institutions in charge of evaluating registration reports of PPPs
	are the National Agency of Sanitary Security of Alimentation, Environment and Work
	the approval can be requested by the EC at any time if risk concerns emerge (according
	to article 21 of 1107/2009). The review of an approval should not exceed 15 years. In
	the same manner as for the initial approval, the review of the approval starts with the
	designation of an RMS by the EC in charge of providing a renewed assessment report
	(RAR) taking into consideration data resulting from post-authorization monitoring
	within the EU-Air Framework Directive 2008/50/EC and the EU-Water Framework
	Directive 2000/60/EC and literature search. The RAR is then subjected to the same
	procedure as the DAR (EU-Regulation 283/2013/EC; EU-Regulation 284/2013/EC).
	Finally, risk managers of each EU Member State separately take the final decision at the
	national level of granting or not granting authorization to use an EU-authorized active
	substance in a PPP without EFSA being involved (step 5). For example, in Germany the
	DAR is reviewed by the Federal Office of Consumer Protection and Food Safety (BVL) in
	collaboration with the Julius Kühn Institute (JKI), the Federal Environment Agency
	(UBA) and the Federal Institute for Risk Assessment (BfR), who decide on authorization
	of a PPP at a national scale (Federal Institute for Risk Assessment, 2015). EU-Regulation
	1107/2009/EC introduced for the first time the division of Europe into three
	geographical zones according to pedo-climatic criteria (i.e. Scandinavian, temperate, and
	Mediterranean zones proposed in Annex I) to harmonize and speed up the regulatory
	process in different Member States. Within the same zone, the peer review procedure on
	PPPs is similar to that of active substances. First, the RMS evaluates the registration

analyze the EFSA's conclusions, and decide whether or not to register the compound on the EU's list of approved active substances (step 4). The first approval of an active substance must not exceed 10 years (15 years for low-risk substances), but review of

  Chapter 3.2 Identification and characterization of tebuconazole transformation products in soil by combining suspect screening and molecular typology Chapter 3 Pesticide dissipation in agricultural soil 125 transformation product', 'tebuconazole AND degradation'. The resulting library was composed of 47 empirical (already detected in at least one study) and 29 theoretical TPs. Theoretical TPs were created based on expert knowledge taking into account common reaction processes in organic chemistry and biochemistry likely leading to probable molecules. The TCZ TP library contains the name, molecular formula, molecular structure and mass of each molecule (Supplementary Table3.2.1). Initial pretests of chemical analysis were carried out on a subset of soil samples randomly chosen from the field study to search for TCZ TPs. Retention times of TPs proposed via MSC were then added to the library as an additional parameter for identification purposes in MS screening.

Table 3

 3 .2.1; Figure 3.2.2) according to their molecular descriptors including molecular weight, number of atoms, dipole moment, polarizability or total energy (Supplementary

Table 3 .

 3 2.2). TCZ and 23 of its TPs were categorized into cluster 1. They exhibited the highest simple and valence molecular connectivity indices (MCIs), energy of the highest occupied molecular orbital (EHOMO), molecular weight (MW), surface (S), polarizability (), number of atoms, and the lowest total energy (Etot). Cluster 2 was composed of seven TPs that were characterized by the highest dipole moment (µ), energy of the lowest unoccupied molecular orbital (ELUMO) and the lowest number of chlorine atoms.The last four TPs were grouped in cluster 3. They were characterized by the lowest MCIs, EHOMO, MW, S and , but by the highest Etot.

Table 4

 4 Lab-to-field evaluation of the ecotoxicological impact of three pesticides on the soil bacterial diversity by Illumina next-generation sequencing

		.1.1. Microcosm study -Bacterial α-diversity indices at various time points (0, 7, 42, 56 and 100
	days after treatment) in soil exposed to each of the three studied pesticides (CHL, IPU or TCZ) applied at
	different doses (0x, 1x, 2x or 10x). Diversity indices of the bacterial community are 'observed species', 'PD
	whole tree', 'chao1' and 'simpson reciprocal'. For each diversity index, ANOVAs followed by the Tukey
	HSD test, (p < 0.05) were done by grouping (for each tested pesticide) the five sampling time points and
	the four pesticide doses. Significant differences are indicated by letters.				
					observed species					PD whole tree		
			0d	7d	42d	56d	100d	0d	7d	42d	56d	100d
		0x	2619 a ± 57	2425 ab ± 27	2365 bc ± 28	2191 bc ± 31	2188 c ± 43	227 a ± 5	211 ab ± 2	212 abc ± 2	191 bc ± 2	198 c ± 5
	CHL	1x 2x	2577 a ± 77 2581 a ± 60	2327 ab ± 11 2447 ab ± 24	2268 bc ± 40 2282 bc ± 19	2301 bc ± 47 2283 bc ± 34	2139 c ± 21 2131 c ± 29	228 a ± 2 223 a ± 7	214 ab ± 8 213 ab ± 5	210 abc ± 2 202 abc ± 2	206 bc ± 5 205 bc ± 2	188 c ± 2 191 c ± 5
		10x 2539 a ± 91	2380 ab ± 20	2360 bc ± 35	2187 bc ± 37	2157 c ± 17	224 a ± 2	214 ab ± 9	204 abc ± 5	196 bc ± 5	193 c ± 2
		0x	2619 a ± 57	2425 ab ± 27	2365 bc ± 28	2191 bc ± 31	2188 c ± 43	227 a ± 5	211 ab ± 2	212 ab ± 2	191 c ± 2	198 bc ± 5
	IPU	1x 2x 2406 a ± 241 2663 a ± 41	2398 ab ± 92 2322 ab ± 67	2386 bc ± 35 2272 bc ± 30	2251 bc ± 15 2237 bc ± 24	2200 c ± 60 2166 c ± 13	230 a ± 7 205 a ± 23	212 ab ± 12 204 ab ± 8	216 ab ± 4 204 ab ± 3	198 c ± 1 192 c ± 2	195 bc ± 6 193 bc ± 2
		10x 2584 a ± 115	2448 ab ± 23	2353 bc ± 25	2184 bc ± 35	2148 c ± 18	223 a ± 9	217 ab ± 2	212 ab ± 3	191 c ± 3	198 bc ± 2
		0x	2619 a ± 57	2425 ab ± 27	2365 bc ± 28	2191 c ± 31	2188 c ± 43	227 a ± 5	211 ab ± 2	212 bc ± 2	191 c ± 2	198 c ± 5
	TCZ	1x 2x	2630 a ± 23 2575 a ± 77	2444 ab ± 77 2403 ab ± 35	2323 bc ± 21 2249 bc ± 24	2100 c ± 26 2226 c ± 25	2134 c ± 32 2172 c ± 26	216 a ± 11 222 a ± 6	202 ab ± 4 216 ab ± 2	202 bc ± 5 202 bc ± 2	185 c ± 4 191 c ± 2	191 c ± 3 196 c ± 1
		10x 2624 a ± 15	2412 ab ± 89	2305 bc ± 60	2279 c ± 38	2118 c ± 50	219 a ± 5	210 ab ± 4	210 bc ± 3	201 c ± 5	187 c ± 6
					chao1				simpson reciprocal	
			0d	7d	42d	56d	100d	0d	7d	42d	56d	100d
		0x 6727 a ± 483	6516 a ± 173	6310 a ± 173	5987 a ± 139	6319 a ± 416	774 a ± 13	421 b ± 16	440 b ± 14	259 b ± 14	299 b ± 28
	CHL	1x 6590 a ± 528 2x 6241 a ± 414	5910 a ± 189 6559 a ± 201	6206 a ± 337 5873 a ± 188	7053 a ± 486 6793 a ± 183	5847 a ± 144 5761 a ± 209	731 a ± 34 758 a ± 37	430 b ± 31 537 b ± 12	329 b ± 23 420 b ± 9	382 b ± 22 427 b ± 18	351 b ± 12 357 b ± 16
		10x 6401 a ± 249	6039 a ± 266	6673 a ± 273	5838 a ± 408	5771 a ± 165 589 a ± 147	475 b ± 30	354 b ± 19	367 b ± 9	336 b ± 11
		0x 6727 a ± 483	6516 a ± 173	6310 a ± 173	5987 a ± 139	6319 a ± 416	774 a ± 13	421 b ± 16	440 b ± 14	259 b ± 14	299 b ± 28
	IPU	1x 6909 a ± 359 2x 5830 a ± 1346 5745 a ± 513 6317 a ± 608	6570 a ± 355 5703 a ± 360	6213 a ± 161 6174 a ± 207	5974 a ± 313 5714 a ± 147	817 a ± 29 680 a ± 21	439 b ± 16 423 b ± 11	411 b ± 35 434 b ± 13	349 b ± 74 379 b ± 19	346 b ± 35 380 b ± 16
		10x 6606 a ± 753	5745 a ± 513	6458 a ± 251	5938 a ± 210	6129 a ± 197	701 a ± 53	457 b ± 16	452 b ± 13	335 b ± 14	337 b ± 10
		0x 6727 a ± 483 6516 ab ± 173 6310 ab ± 173 5987 ab ± 139 6319 b ± 416	774 a ± 13	421 b ± 16	440 b ± 14	259 b ± 14	299 b ± 28
	TCZ	1x 6995 a ± 179 6257 ab ± 275 6029 ab ± 115 5448 ab ± 152 6082 b ± 154 2x 6535 a ± 610 6317 ab ± 234 5681 ab ± 269 6289 ab ± 198 5898 b ± 150	787 a ± 29 680 a ± 93	540 b ± 93 447 b ± 22	425 b ± 29 377 b ± 10	309 b ± 8 345 b ± 14	345 b ± 12 357 b ± 11
		10x 6956 a ± 176 6221 ab ± 610 6302 ab ± 386 6815 ab ± 330 5721 b ± 273	742 a ± 29	507 b ± 22	407 b ± 23	386 b ± 15	343 b ± 18
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Table 4 .

 4 1.2. Field study -Bacterial α-diversity indices at various time points (0, 14, 35, 70 and 105 days after treatment) in soil exposed to each of the three studied pesticides (CHL, IPU or TCZ) applied at different doses (0x, 1x, 2x or 5x). Diversity indices of the bacterial community are 'observed species', 'PD whole tree', 'chao1' and 'simpson reciprocal'. For each diversity index, ANOVAs followed by the Tukey HSD test, (p < 0.05) were done by grouping (for each tested pesticide) the five sampling time points and the four pesticide doses. Significant differences are indicated by letters.

Estimation of the impact of CHL, IPU or TCZ on the β-diversity of the soil bacterial community

  Lab-to-field evaluation of the ecotoxicological impact of three pesticides on the soil bacterial diversity by Illumina next-generation sequencing

	Chapter 4.1									
				observed species					PD whole tree		
			0d	14d	35d	70d	105d	0d	14d	35d	70d	105d
		0x 1823 abc ± 82	2224 a ± 273 1997 abc ± 109 1735 abc ± 151 1862 abc ± 81 137 abc ± 5	180 a ± 24	154 abc ± 8	133 bc ± 10	143 abc ± 3
	CHL	1x 2x	1655 bc ± 82 1561 c ± 95	1924 abc ± 55 2123 ab ± 136 1913 abc ± 68 1926 abc ± 59 1875 abc ± 69 1866 abc ± 91 1789 abc ± 38 1851 abc ± 20	128 bc ± 6 121 c ± 6	146 abc ± 2 144 abc ± 4	160 ab ± 11 139 abc ± 3	148 abc ± 5 138 abc ± 3	148 abc ± 5 140 abc ± 1
		5x 1872 abc ± 21	1983 abc ± 93	2067 abc ± 27	1662 bc ± 83	1711 abc ± 61 141 abc ± 2	150 abc ± 7	155 abc ± 3	131 bc ± 5	132 bc ± 5
		0x	1823 ab ± 82	2224 a ± 273 1997 ab ± 109 1735 ab ± 151 1862 ab ± 81	137 ab ± 5	180 a ± 24	154 ab ± 8	133 ab ± 10	143 ab ± 3
	IPU	1x 2x	1564 b ± 82 1916 ab ± 11	1839 ab ± 19 1755 ab ± 136 1785 ab ± 137 1794 ab ± 104 1907 ab ± 11 1974 ab ± 104 1888 ab ± 70 1843 ab ± 93	122 b ± 5 147 ab ± 2	141 ab ± 2 132 b ± 9	150 ab ± 7 139 ab ± 8	148 ab ± 4 142 ab ± 6	141 ab ± 3 144 ab ± 1
		5x 1890 ab ± 117 1797 ab ± 110	1828 ab ± 84	1935 ab ± 75	1890 ab ± 67	143 ab ± 8	135 ab ± 7	142 ab ± 4	150 ab ± 5	142 ab ± 3
		0x	1823 a ± 82	2224 a ± 273	1997 a ± 109	1735 a ± 151	1862 a ± 81	137 ab ± 5	180 a ± 24	154 ab ± 8	133 b ± 10	143 ab ± 3
	TCZ	1x 2x	1871 a ± 71 2044 a ± 26	1931 a ± 107 1963 a ± 41	1840 a ± 98 1935 a ± 124	1870 a ± 41 1885 a ± 49	1894 a ± 18 1889 a ± 52	145 ab ± 5 156 ab ± 1	144 ab ± 7 148 ab ± 2	144 ab ± 7 151 ab ± 9	143 ab ± 3 145 ab ± 2	142 ab ± 1 143 ab ± 2
		5x	1816 a ± 9	1869 a ± 53	1924 a ± 84	1807 a ± 67	1780 a ± 12	135 b ± 2	142 ab ± 3	147 ab ± 6	141 ab ± 3	136 b ± 3
					chao1				simpson reciprocal	
			0d	14d	35d	70d	105d	0d	14d	35d	70d	105d
		0x 2887 ab ± 193	4227 a ± 865 3374 ab ± 481 2787 ab ± 386 2907 ab ± 132 687 abc ± 52	774 a ± 60 731 abc ± 44	489 c ± 51	668 abc ± 49
	CHL	1x 2475 b ± 161 3180 ab ± 122 3878 ab ± 586 3257 ab ± 279 3026 ab ± 134 568 abc ± 31 680 abc ± 28 670 abc ± 55 506 bc ± 46 754 ab ± 45 2x 2356 b ± 143 2941 ab ± 196 2912 ab ± 257 2837 ab ± 86 2939 ab ± 62 547 abc ± 62 606 abc ± 34 611 abc ± 23 516 abc ± 23 661 abc ± 47
		5x 3203 ab ± 146 3448 ab ± 306	3646 ab ± 78	2626 ab ± 163 2680 ab ± 115 542 abc ± 47 524 abc ± 7 650 abc ± 46 549 abc ± 52 589 abc ± 15
		0x 2887 ab ± 193	4227 a ± 865 3374 ab ± 481 2787 ab ± 386 2907 ab ± 132 687 ab ± 52	774 a ± 60	731 ab ± 44 489 ab ± 51 668 ab ± 49
	IPU	1x 2323 b ± 174 2x 3145 ab ± 169 2854 ab ± 346 2818 ab ± 345 2762 ab ± 222 3180 ab ± 114 607 ab ± 56 529 ab ± 50 636 ab ± 33 656 ab ± 26 615 ab ± 17 2976 ab ± 76 3405 ab ± 382 3056 ab ± 228 3033 ab ± 99 542 ab ± 43 640 ab ± 29 644 ab ± 50 592 ab ± 53 645 ab ± 41
		5x 3088 ab ± 291 2934 ab ± 266 2924 ab ± 214 3175 ab ± 172 3170 ab ± 216 672 ab ± 56 585 ab ± 90 630 ab ± 40 669 ab ± 45	624 ab ± 9
		0x 2887 ab ± 193	4227 a ± 865	3374 a ± 481	2787 a ± 386	2907 a ± 132	687 a ± 52	774 a ± 60	731 a ± 44	489 a ± 51	668 a ± 49
	TCZ	1x 3027 ab ± 129 2x 3482 ab ± 95	3133 a ± 301 3350 a ± 200	3069 a ± 333 3170 a ± 382	2979 a ± 112 3074 a ± 164	3054 a ± 90 3088 a ± 128	700 a ± 85 722 a ± 22	628 a ± 60 667 a ± 32	591 a ± 21 691 a ± 28	621 a ± 45 697 a ± 48	633 a ± 35 638 a ± 37
		5x	3000 ab ± 36	2975 a ± 115	3175 a ± 237	2780 a ± 190	2802 a ± 38	601 a ± 63	671 a ± 42	619 a ± 36	611 a ± 17	580 a ± 25
			Examination of bacterial phyla showed that neither the applied pesticide nor the
	time affected the distribution entirety of the most abundant bacterial phyla in the soil
	(Figures 4.1.2 and 4.1.3).								
			The six most abundant phyla in the microcosm and the field experiments were
	Proteobacteria, Acidobacteria, Chloroflexi, Bacteroidetes, Actinobacteria and
	Gemmatimonadetes that represented around 85 % of all phyla. This configuration was
	not affected by time and remained constant.					
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Table 4

 4 

.2.1). The mesocosms were kept at 40 % of the water holding capacity and treated by CHL or TCZ (active substances) or not (controls) once per month at a dose that was 10 times higher Chapter 4.2 Impact of repeated treatments of the pesticides chlorpyrifos or tebuconazole on soil microorganisms using alternative methods Chapter 4 Ecotoxicological impact of pesticides on soil microorganisms 212

  Chapter 4.2 Impact of repeated treatments of the pesticides chlorpyrifos or tebuconazole on soil microorganisms using alternative methodsChapter 4 Ecotoxicological impact of pesticides on soil microorganisms 215TCZ were not modeled as the mineralization for all curves was very low (< 0.6 % after 150 days). CHL curves of soil repeatedly treated with this insecticide were fitted to a hyperbola double rectangular model with four parameters (y=ax/(b+x)+cx/(d+x)). CHL curves of untreated soil were fitted to a sigmoidal Gompertz model with three

	parameters (y=ae^(-e^(-x(x-x0)/b))). TCZ (phenyl-ring-labelled) curves were fitted to a
	hyperbola single rectangular II model with three parameters (y=ax/(b+x)+cx). 2,4-D,
	glyphosate and sodium acetate curves were fitted to a hyperbola double rectangular
	model with four parameters (y=ax/(b+x)+cx/(d+x)). The variable y signifies the
	mineralized percentage of initially applied radioactivity in function of the variable x
	signifying the time in days. Analyses of variances (ANOVA) on (i) the radioactivity that
	was mineralized after 150 days ( 14 CO2) in % of initially applied radioactivity (A150d) and
	on (ii) t5%, t25% or t50% were performed on four replicates followed by the Tukey HSD test
	(p < 0.05) with XLstat.
	TCZ, 14 C-ring-labelled 2,4-D, 14 C-labelled glyphosate and 14 C-labelled sodium acetate
	under the influence of pesticide treatment (CHL or TCZ) or untreated (control) were

modeled with SigmaPlot or R to calculate the time (in days) that was needed to mineralize 5 % (TCZ), 25 % (CHL, 2,4-D, glyphosate) or 50 % (sodium acetate) of initially applied radioactivity to 14 CO2 (t5%, t25%, t50%). Curves of 14 C-triazole-ring-labelled

Table 4 .2.2.

 4 Amount of 14 CO2 evolved from 14 C-labelled compounds ( 14 C-ring-labelled 2,4-D, 14 C-labelled glyphosate or 14 C-labelled sodium acetate) after 150 days in % of initially applied radioactivity (A150d), and time needed to mineralize 25 %

Table 4

 4 

	.2.3, Supplementary

weaker than that of 2 months, leaving the open question if the presence of four controls (instead of two controls) may have impacted the anlysis. OTUs that were impacted by repeated exposure to CHL were identified using the R package 'pamR'. A number of 15 Chapter 4.2 Impact of repeated treatments of the pesticides chlorpyrifos or tebuconazole on soil microorganisms using alternative methods Chapter 4 Ecotoxicological impact of pesticides on soil microorganisms 224

The word 'pesticide' implies both, the 'active substance' (i.e. the molecule with pesticidal effects) and the 'plant protection product' (PPP, i.e. the commercial formulation containing the active substance and other chemicals). When distinction is necessary, the according designation 'active substance' or 'PPP' is used.
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Supplementary Table 3.1.1. The physicochemical characteristics of the soil used in the study.

Chapter 3.1 Dissipation and adsorption of isoproturon, tebuconazole, chlorpyrifos and their main transformation products under laboratory and field conditions

Chapter 3 Pesticide dissipation in agricultural soil 112 Supplementary Table 3.1.2. Dose levels (mg/kg soil dwt) of the model pesticides used in the laboratory and in the field study. The expected pesticide concentrations in soil were calculated based on the assumption of a soil bulk density of 1.3 kg/L, diffusion of pesticide residues to a soil depth of 5 cm for IPU and TCZ, and to 10 cm for CHL (soil incorporated).

Supplementary Table 3.1.3. Soil dissipation kinetics of IPU, TCZ, and CHL in the laboratory experiment. 

Supplementary material

Supplementary Table 3.2.1. TCZ TP library containing TCZ and 76 TPs (47 empirical TPs and 29 theoretical TPs). TPs with the same mass are indicated by blue boxes.

Supplementary Data 3.2.3. Typology for categorizing TCZ TPs.

The organic compound clustering methodology 'TyPol' (Typology of Pollutants) (Servien et al., 2014) was used to categorize TPs. As no environmental parameters such as sorption coefficient, or degradation half-life were available for most of the compounds identified in our study, the typology was initially solely based on structural molecular descriptors such as the number of atoms in the molecule, molecular surface, dipole moment, or energy of the orbitals. For TCZ and each TP, 40 molecular descriptors were calculated using several software programs (ChemOffice Ultra 12.0, Dragon 5.5) and added to the TyPol database. TyPol clustering is based on partial least square regression (PLS) analysis. PLS regression is used to find the multidimensional directions of the maximum observable variables space and presents individuals as plots with two axis components. After PLS analysis, a hierarchical clustering algorithm was used to categorize TCZ TPs by grouping similar compounds into one cluster. The final number of clusters was chosen by comparing heights in the dendrogram, a statistical map resuming Ward clustering. The number of clusters was selected by plotting the heights of the dendrogram's node and looking for a break. The results showed that the best choice (i.e. creating a number of clusters that minimized intra-variability and maximized intervariability) was to classify the compounds into three clusters. The molecular descriptors of TCZ TPs were then compared to those of 116 pesticides and 19 TPs for which environmental parameters such as sorption coefficient or degradation half-life are already known. These comparisons allowed us to propose a hypothetical environmental behavior for TCZ TPs according to their position in the three clusters. increase in CHL mineralization was proportional to the number of CHL treatments (Figure 4.2.3). The incubation time had no significant impact on CHL mineralization, as observed by comparison between the untreated samples of all months (Table 4.2.1).

Complementary information to the mineralization data was obtained via a mass balance summing up (in % of initially applied 14 C-labelled CHL) the mineralized fraction (A150d), the extractable fraction (bioavailable residues) and the non-extractable fraction (bound residues) (Figure 4.2.3). The overall mass balance yield was > 90 % for all samples. Both the extractable and the non-extractable fraction were lower in the repeatedly treated samples of all months (extractable: 2 ± 1 %, non-extractable: 8 ± 2 %) than in the control samples (extractable: 17 ± 7 %, non-extractable: 21 ± 4 %), reflecting the higher mineralization of CHL in treated samples. Almost no extractable CHL residues remained in CHL-treated soil.

Contrariwise, repeated TCZ treatments of did not induce any changes in the capacity of the soil to degrade TCZ (Figure 4.2.3). 14 C-triazole-ring-labelled TCZ (TCZ-T)

was almost not mineralized at all (A150d-values remaining < 0.6 %). A few % of 14 Cphenyl-ring-labelled TCZ (TCZ-P) was initially mineralized and then not anymore. Its mineralization remained very low and showed a slight but significant decrease in treated samples in comparison to untreated samples at 2 and 3 months. A150d-values of TCZ-P remained low varying between 8 ± 0 % and 11 ± 1 % (Table 4.2.1). T5%-values varied between 31 ± 1 days and 69 ± 1 days. Although, the incubation time was found to have a significant effect on TCZ-P at 2 months (Table 4. A150d-and t25%-values at 3 months were 52 ± 1 % and 10 ± 0 days in untreated samples and 56 ± 2 % and 8 ± 1 days in treated samples. Regarding glyphosate mineralization in soil, no treatment effect trend was found (Figure 4.2.4). A150d-values varied between 60 ± 1 % and 64 ± 1 % (Table 4.2.2). T25%-values varied between 6 ± 0 days and 9 ± 1 days. CHL treatments significantly enhanced sodium acetate mineralization in soil at 1 month, where both the untreated (A150d = 70 ± 1 %) and the CHL-treated samples (A150d = 75 ± 1 %) exhibited A150d-values that were higher than in all other samples (A150d-values varying between 59 ± 2 % and 63 ± 1 %). Complementary data was obtained by the mass balance (Supplementary Figure 3 TCZ treatments had no effect on the soil buffering function for none of the three tested compounds (Figure 4.2.4). A150d-values varied between 49 ± 1 % and 55 ± 2 % for 2,4-D mineralization curves, between 61 ± 0 % and 64 ± 0 % for glyphosate, and between 59 ± 2 % and 70 ± 1 % for sodium acetate ( human resources and funding that are spent by the pesticide companies to comply with the pesticide policy, the overall pesticide authorization process is heavily criticized for being relatively inefficient and for compromising the evolution of a non-precautionary principle (EEA, 2013). As consequences of their extensive use worldwide, pesticide residues persist in agricultural soils from where they may be transported to non-directly exposed environments and where they may impact non-target organisms (Barbash, 2003;Dallaire et al., 2012;Looser et al., 2000;Multigner et al., 2010;Smalling et al., 2013). For instance, several new-generation insecticides were recently shown to have undesirable effects on honey bees among other insects (European Academies Science Advisory Council EASAC, 2015). Furthermore, also human health was shown to be impaired by exposure to pesticides. For instance, this was the case in the French West Indies where the pesticide chlordecone was associated to an increased frequency of prostate cancer and infantile delays in local exposed populations (Dallaire et al., 2012;Multigner et al., 2012). Improvement of the current pesticide policy can be a good leverage to tackle some of these environmental issues. Within this context, I aimed to understand the different steps of the complex pesticide authorization process to identify possible ways of improvement -notably by conducting a more reliable pesticide risk assessment during the pre-and post-authorization processes (Chapter 2).

One major achievement of the opinion paper is the proposal of a simplified and intelligible view of the myriad steps involved in the pesticide authorization process.

Indeed, it is a real challenge (for a non-expert) to obtain a clear view of the authorization process, as publicly available information is hardly deducible and needs to be complemented by many different sources of information. This was also perceptible from the reviewers' comments on the opinion paper publication, which provided divergent views on this process (concerning details such as which authority is finally responsible for what). Another achievement is the identification of some weaknesses in the pesticide authorization process and the proposal of possible ways of improvement. Moreover, although the paper is an opinion paper, it was built on facts based on the current regulation.

Among possible pre-authorization improvements, one could cite (i) the reduction of the time lag between the market introduction of a new pesticide and the awareness of risks by enabling the contemporaneous initiation of private and public investigations, (ii) the commitment of only one authority regulating both active substances and PPPs, (iii) the assignment of environmental risk assessment studies to anonymous accredited subcontractors to avoid any kind of conflicts of interest, (iv) a limitation of the rapid evolution of the pesticide market by restricting new pesticide authorizations to those with an improved efficiency and environmental footprint than existing ones, (v) the redefinition of the criteria to qualify a pesticide transformation product as 'relevant' and

(vi) the use of new methods to estimate the effect of pesticides on the diversity, abundance and activity of microbial communities supporting soil ecosystem services.

The last two mentioned ideas were chosen and tackled by the research of this thesis.

On the other hand, possible post-authorization improvements include (i) the immediate release of studies influencing environmental risk assessment to ease public follow-up research, (ii) a standardization of the data collection for monitoring studies to One may criticize the proposed ways of improvement of being difficult to be realized, as this would imply drastic changes causing a deep increase in human resources and funding to be invested prior to the market introduction of pesticides.

These changes (if applied) would implicate an entire re-thinking of the economic model of the pesticide business and consequently of agriculture, based on a 'new deal' established between the society, the pesticide companies and the farmers to protect ecosystem services provided by our vulnerable planet earth. One of the propositions of Summary Summary

English summary

Pesticides are mainly applied to cultivable soils in agriculture to protect crops from various pests. Only a tiny part of sprayed pesticides ends up in their target organisms, while the rest persists on plants or in soil from where it can disperse to surrounding environments and harm non-target organisms. To minimize environmental damage caused by pesticides, their environmental fate and potential impact on non-target organisms is evaluated in an environmental risk assessment procedure by EU-authorities before their authorization and introduction to the market. The pesticide approval process is criticized for compromising a nonprecautionary principle, as numerous formerly used pesticides are now banned due to the late emergence of environmental issues after years of their usage. Especially the formation of pesticide transformation products and the ecotoxicological impact of pesticide residues on soil microorganisms supporting numerous ecosystem functions are not sufficiently evaluated during the environmental risk assessment process.

Within this context, my PhD aimed to support pesticide environmental risk assessment by the application and development of innovative methods of analytical chemistry and molecular biology to study the environmental dissipation (degradation / sorption / transformation) of pesticides in soil and their ecotoxicological impact on soil microorganisms.

The three pesticides chlorpyrifos (CHL), isoproturon (IPU) or tebuconazole (TCZ) were chosen to establish lower tier and higher tier pesticide exposure scenarios in lab-to-field experimental designs.

A research highlight of my PhD is the development of a combined approach of suspect screening and molecular typology to detect and classify new TCZ transformation products in soil and to estimate their environmental parameters. Moreover, findings of my PhD partly confirmed risk assessment studies, as the lower tier pesticide exposure scenario suggested a low but significant impact of CHL and TCZ (and no impact of IPU) on the soil bacterial composition, estimated by next-generation sequencing of 16S rDNA amplicons. However, in the higher tier pesticide exposure scenario, CHL and TCZ were found to induce significant changes in the microbial activity (evaluated via pesticide mineralization as a proxy for soil buffering functions)

and the bacterial diversity (evaluated via next-generation sequencing of 16S rDNA amplicons). Martin-Laurent, 2013 andPhilippot et al., 2012).

The results of my

Table 1.2. List of bacterial and fungal strains and genes coding for degradation enzymes that are involved in the biodegradation of CHL, IPU or TCZ (modified from [START_REF] Chishti | Microbial degradation of chlorpyrifos in liquid media and soil[END_REF]Hussain et al., 2015).

Chapter 3.1 Table 3.1.1. The dissipation parameters of IPU, TCZ, CHL and their main transformation products in soil in the laboratory experiment. Dissipation kinetic parameters were calculated with the single first order (SFO) kinetic model or with the biphasic first order multi compartment (FMOC) model. List of tables and median values of KOC. The list of compounds in each cluster is indicated in Table 3.2.4. The comparison of these median molecular descriptor values to those of TCZ and its TPs (Supplementary Table 3.2.2) showed that cluster 1 can be assimilated to Pesticide-cluster 4, cluster 2 to Pesticide-cluster 5, and cluster 3 to Pesticide-cluster 1.

Supplementary Table 3 Field study -Bacterial α-diversity indices at various time points (0, 14, 35, 70 and 105 days after treatment) in soil exposed to each of the three studied pesticides (CHL, IPU or TCZ) applied at different doses (0x, 1x, 2x or 5x). Diversity indices of the bacterial community are 'observed species', 'PD whole tree', 'chao1' and 'simpson reciprocal'. For each diversity index, ANOVAs followed by the Tukey HSD test, (p < 0.05) were done by grouping (for each tested pesticide) the five sampling time points and the four pesticide doses. Significant differences are indicated by letters.

Supplementary Table 4.1.1. Microcosm and field study -ANOSIM of the PCoA ordinations of OTU weighted unifrac distance matrices for untreated (control) and treated (CHL, IPU or TCZ at 1x, 2x or 10x (microcosms) or 1x, 2x or 5x (field) doses) soil samples at different time points (0, 7, 42, 56 and 100 days (microcosms) or 0, 14, 35, 70 and 105 days (field)). Significant differences between groups are indicated by p < 0.01.

Chapter 4.2

Table 4.2.1. Amount of 14 CO2 evolved from the 14 C-labelled pesticides ( 14 C-ring-labelled CHL or 14 C-phenyl-ring-labelled TCZ) after 150 days in % of initially applied radioactivity (A150d), and time needed to mineralize 25 % (CHL) or 5% (TCZ) of the initially applied radioactivity to 14 CO2 in days (t25% or t5%) in soil untreated (control) or repeatedly treated with pesticides (CHL or TCZ). Mineralization was monitored after 1, 2 and 3 months of incubation (i.e. one month after the 1 st , 2 nd and 3 rd pesticide treatment). ANOVA on four replicates were performed followed by the Tukey HSD test (p < 0.05). Significant differences are indicated by letters.

Table 4.2.2. Amount of 14 CO2 evolved from 14 C-labelled compounds ( 14 Cring-labelled 2,4-D, 14 C-labelled glyphosate or 14 C-labelled sodium acetate) after 150 days in % of initially applied radioactivity (A150d), and time needed to mineralize 25 % (2,4-D and glyphosate) or 50 % (sodium acetate) of the initially applied radioactivity to 14 CO2 in days (t25% or t50%) in soil untreated (control) or repeatedly treated with pesticides (CHL or TCZ). Mineralization was monitored after 1, 2 and 3 months of incubation (i.e. one month after the 1 st , 2 nd and 3 rd pesticide treatment). ANOVA on four replicates were performed followed by the Tukey HSD test List of tables (p < 0.05). Significant differences are indicated by letters. 
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Thesis outline Figure . Graphic presentation of the thesis outline.

Chapter 1 Main abiotic and biotic processes involved in pesticide dissipation in the environment (modified from [START_REF] Barriuso | Les pesticides et les polluants organiques des sols[END_REF]. List of figures List of figures phyla identified in the untreated (control) and treated (CHL, IPU or TCZ at 10x dose) soil samples at different sampling time points (0, 7, 42, 56 and 100 days after treatment). Each color represents a phylum. 16S rDNA sequences that could not be assigned to a phylum are grouped as 'unassigned'. 3. Kinetics of 14 CO2 evolution from 14 C-labelled pesticides and mass balance of 14 C-labelled residues (mineralized, extractable and nonextractable fraction) in soil untreated (control) or repeatedly treated with pesticides (CHL or TCZ). Mineralization of 14 C-labelled CHL or 14 Clabelled TCZ was monitored after 1, 2 and 3 months of incubation (i.e. one month after the 1 st , 2 nd and 3 rd pesticide treatment). Initial radioactivity was applied to soil as 14 C-ring-labelled CHL, as 14 C-phenyl-ring-labelled TCZ (TCZ-P) or as 14 C-triazole-ring-labelled TCZ (TCZ-T). Mass balance fractions represent the radioactivity mineralized during 150 days ( 14 CO2), the radioactivity extracted by methanol (extractable residues), and the radioactivity released during soil combustion (non-extractable residues).

Error bars represent standard errors between four replicates. ANOVA for each taxon were followed by the Tukey HSD test (p < 0.05). Significant differences are indicated by letters.

Chapter 5